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ABSTRACT

Investigations of Altered Aquatic Ecosystems: Biomonitoring, Disease, and Conservation
by
Kevin Bryce Lunde
Doctor of Philosophy in Environmental Science, Policy, and Management
University of California, Berkeley

Professor Vincent H. Resh, Chair

Changes to hydrology, water chemistry, physical habitat, and the landscape surrounding
aquatic ecosystems can have profound effects on their biological communities, potentially
reducing important ecosystem services and functions provided to wildlife and humans. In this
dissertation, | examine how environmental variables, human activities, and management
practices have affected stream and wetland biota throughout Northern California.

The parasitic trematode Ribeiroia ondatrae has been shown to cause limb malformations
in amphibian species through laboratory studies, but these small-scale experiments lacked
important ecological co-factors that could alter parasite transmission rates and host susceptibility.
Therefore, | conducted a multi-year, nested experiment at Hog Lake in Mendocino County to test
host responses to Ribeiroia infection. The addition of Ribeiroia-infected snails to half of Hog
Lake caused an increase in severe limb malformations in Pacific chorus frogs (Pseudacris
regilla) and monitoring at different spatial scales revealed unique dose-response relationships
because of ecological interactions and environmental co-factors. To determine if the parasite
might contribute to population declines, | monitored juvenile and adult P. regilla at Hog Lake
and a second wetland for four years. The consistently low (< 5%) malformation prevalence in
adult frogs despite a generally high malformation prevalence (30-50%) in juvenile frogs
confirmed that malformed amphibians do not survive to adulthood, indirect evidence that
Ribeiroia may cause population declines. Multi-year surveys at 17 Northern California wetlands
showed a strong dose-response relationship among the parasite and P. regilla malformation
levels, providing evidence that Ribeiroia is an important cause of limb malformations in this
region.

Effective conservation of wetland species depends on understanding how anthropogenic
stress, natural environmental variables, and management activities affect biological communities.
To identify which of these explanatory variables were most influential and determine the
conservation value of created wetlands, | sampled amphibians and insects from a total of 49
stormwater ponds, stockponds, and natural ponds in Northern California. Overall, landscape
variables (i.e., percent urban and natural, number of ponds within 1 km, and elevation) were
associated with differences in macroinvertebrate community structure, but specific conductance
and percent littoral vegetation present were important co-factors. Compared to natural ponds,
stockponds supported the most similar invertebrate assemblages and greater amphibian species
richness. Light cattle-grazing of areas surrounding natural ponds and stockponds was associated



with increased amphibian richness, whereas the addition of exotic fishes was associated with
mild differences in invertebrate populations. This research showed that stockponds are
conservation resources for amphibians and invertebrates but that proper management is
necessary to maximize this potential.

To objectively quantify the ambient condition of wetlands, ecologists use the plants and
animals found in aquatic habitats as biological indicators. Because no biological indicator has
been developed for wetlands in California, | designed an index of biotic integrity (IBI) to
determine the ecological condition of the wetland based on macroinvertebrate community
structure. Eight metrics that showed significant responses to urbanization, had adequate range,
and lacked redundancy with each other were incorporated into the IBI. The IBI was successfully
validated and showed no bias along natural gradients (e.g., ecoregion, elevation, and
precipitation), except that non-perennial and perennial ponds did support slightly different
communities, indicating that the IBI is applicable across this region.

Although biomonitoring data have been successfully used to quantity the ecological
condition of perennial streams in many regions of California, no analysis tool (e.g., IBI) has been
developed for the San Francisco Bay Area, a region which contains a large proportion of non-
perennial streams. To identify least-disturbed reference sites in a highly urban region and
examine how inter-site and temporal variability affect bioassessment data, | analyzed a large
(> 400 sites) stream bioassessment dataset. | found that using geographic information system
(GIS) watershed analysis and local physical habitat data were both necessary to identify least-
disturbed reference sites. Among reference sites, the macroinvertebrate assemblages of perennial
streams were different from non-perennial streams, a result which demonstrates the need for
separate I1BIs for these two habitat types. Interannual variability was moderate across 2000 to
2007, with index scores ranging from 10-15 out of 100 points, but some sites showed extreme
variation of more than 50 points.

In summary, this dissertation shows that effective management of wetlands and streams
can be accomplished with the use of biomonitoring data to infer ecological condition and that
stockponds are valuable conservation resources when properly managed.
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INTRODUCTION

INVESTIGATIONS OF ALTERED AQUATIC ECOSYSTEMS: BIOMONITORING, DISEASE, AND
CONSERVATION



Investigation of altered aquatic ecosystems: biomonitoring, disease, and conservation

Freshwater ecosystems provide vital services to humans valued at over $6 trillion and
support high biological diversity (Costanza et al., 1997; Jackson et al., 2001). However, these
systems are under severe stress (Brinson and Malvarez, 2002; Dudgeon et al., 2006). Rivers,
lakes and wetlands provide invaluable resources to people including food, drinking water,
recreation opportunities, energy, and transportation. However, these services can be, and are
often, negatively affected by each of these uses and other human activities. For example,
urbanization may reduce water quality and alter the hydrologic regime (Paul and Meyer, 2001).
Agricultural practices can result in pesticide and nutrient runoff leading to toxic conditions or
eutrophication (Kemp et al., 2005; Smith et al., 1999b; Solomon et al., 1996). Overexploitation
(i.e. overharvesting species) can have direct consequences on vertebrate populations, especially
fishes (e.g., Hilborn et al., 2003). Deliberate and accidental introductions of species can lead to
complex ecosystems shifts in aquatic habitats, resulting in already stressed ecosystems being
more likely to have successful invaders (Koehn 2004). Flow modifications to running waters
(e.g., dams, water withdrawals, impervious watersheds) lead to changes in flow magnitude,
frequency, timing, duration, and rate of change that affect both aquatic and riparian species, as
well as habitat conditions (Poff et al., 1997). Although freshwater ecosystems (e.g., rivers, lakes,
wetlands) only occupy less than 1% of the world’s surface, they support over 25% of the global
vertebrate biodiversity and 6% of total biodiversity (Gleick, 1996). Yet extinction rates in
freshwater systems are higher than in all other habitats (Sala et al., 2000), which underscores the
need to better understand aquatic species and their stressors.

Rivers, lakes, and wetlands have been severely degraded in California, similar to other
regions with a mediterranean climate (Gasith and Resh, 1999). Because of the strong wet and dry
season dynamics in California’s mediterranean climate, dams have been constructed on most of
the large rivers to prevent flooding and provide water for agriculture and domestic use in the dry
season (Carle, 2009). Moreover, a large proportion of alpine lakes have been impacted by the
stocking of invasive fish across the national forest and national park lands (\VVredenburg, 2004).
Even in protected areas, the drifting of agro-chemicals can move more than 100 km and pollute
lakes and wetlands (Davidson et al., 2002). In addition, nearly 90% of historic wetlands have
been drained and filled in California (Dahl, 1990).

Biomonitoring is used worldwide to assess the ecological condition of streams and rivers
based on the presence or abundance of aquatic organisms. With this approach, government
agencies, citizen groups, and research institutions can determine the cumulative effect of
multiple stressors (e.g., urbanization, agriculture, logging, hydropower operations) on ecological
condition by developing responsive indicators based on aquatic biological communities (Karr,
1999; Resh, 2007; Resh and Rosenberg, 1989). Of the potential organism assemblages used for
assessments in aquatic habitats (e.g., diatoms, benthic macroinvertebrates, zooplankton, and fish
(Hellawell, 1986)), benthic macroinvertebrates (e.g., insects, crustaceans and snails) are the most
widely used to assess stream condition because they are ubiquitous, diverse, and species have
unique responses to specific stressors (Resh, 2008).

Biological monitoring has been successfully used to evaluate ecological integrity within a
broad array of aquatic ecosystems and is an important component of programs that have
previously focused on physical or chemical assessments (Resh, 2007; Yoder and Rankin, 1998).
Biomonitoring is effective because aquatic organisms are cumulative indicators of overall
environmental conditions, responding not only to pollutants but to changes in physical habitat



conditions, which are difficult to assess with traditional chemical and toxicity monitoring tools
(e.g., Rosenberg and Resh, 1993). Programs to detect ecological impacts to streams and rivers
that utilize biomonitoring methods have become well established world-wide (Barbour et al.,
1999; Hering et al., 2004; Resh, 2007; Smith et al., 1999a). A common approach has been to
develop multimetric indicators commonly referred to as an index of biotic integrity (IBI)
(Barbour et al., 1999; Carter et al., 2006; Karr and Chu, 1999). These indicators, although only
looking at a single assemblage, are considered overall indicators for the ecological condition of
the habitat.

Another threat to biodiversity in aquatic habitats is disease. Novel and re-emerging
wildlife diseases have increased over the past decade (Daszak et al., 2000). The growing
interactions between humans and wildlife increase the chance that pathogens also can infect
human populations. Furthermore, wildlife diseases can take a significant toll on aquatic species.
For example, chytrid fungus (Batrachochytrium dendrobatidis) has caused extinctions and
declines in amphibians species around the world, including in the Sierra Nevada mountain range
of California (Skerratt et al., 2007; Wake and Vredenburg, 2008). Anthropogenic activities can
play a significant role in altering the abundance and distribution of aquatic diseases (Daszak et
al., 2000). For example, chronic stress to aquatic ecosystems (e.g., poor water quality) can
facilitate the success of ecological invaders including pathogens (e.g., viruses, bacteria,
trematodes) or reduce immune response to prevent morbidity or mortality.

In this dissertation, | explore disease dynamics of a multi-host parasite (Ribeiroia
ondatrae) that can cause severe limb malformations among frog and salamander hosts (Fig. 1).
Populations of the parasitic trematode Ribeiroia ondatrae (hereafter Ribeiroia) can be altered
through nutrient enrichment and eutrophication, which increase snail populations and parasite
output from infected snails, and from landscape-scale factors such as wetland loss that
concentrates the three required hosts to the same water body (Johnson et al., 2007; Johnson and
Lunde, 2005). Chapters 1 and 2 focus host-parasite dynamics of Ribeiroia, which causes extra,
missing, and misshapen limbs in frogs, toads, and salamanders (Johnson et al., 2010). Aquatic
ecology can be a useful tool to determine the biological condition of rivers, lakes, and wetlands
based on the abundance or composition of resident taxa (e.g., macroinvertebrates). Chapters 3
and 4 describe research using biomonitoring data in ponds and wetlands in Northern California,
while Chapter 5 describes the process of identifying reference sites using a large stream
biomonitoring dataset in Northern California.

Chapter 1 describes how to study malformed frogs and the trematode Ribeiroia. The
chapter makes a number of important contributions to the literature on this topic. In particular, it
defines an expected or “normal” abnormality prevalence in any given population, and describes
statistical tests and sample sizes needed to demonstrate that a population has above baseline
levels. This chapter describes how to determine if a given agent (parasite or other) is causing a
high prevalence of limb malformations within a population by using epidemiological approaches.
It proposes using indicator amphibians that are both common and abundant over wide
geographic areas to help compare malformation hotspots across states and ecoregions in order to
prioritize problem wetlands or regions. In addition, it describes appropriate amphibian and snail
field-based sampling techniques as well as laboratory methods to quantify and identify Ribeiroia
in both snail and amphibian hosts.

Chapter 2 describes a multi-scale study to document how host-parasite interactions within
the Ribeiroia-snail-amphibian model vary as a function of temporal and spatial scale. The first
objective of this chapter was to document the relationship between Ribeiroia infection and
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amphibian malformations from 17 wetlands in northern California and to evaluate the variability
in this relationship to assist in contextualizing experimental results. The second objective was to
experimentally test the influence of Ribeiroia infection on amphibian malformations and
mortality within field settings by manipulating parasite levels at the ecosystem scale (1600 m?),
and to examine how experimental venue affects parasite-host dynamics. | conducted the large-
scale manipulation of Ribeiroia parasite levels by adding over 500 infected snails to one half of a
wetland that | previously divided into two halves with an impermeable barrier. | used the other
half wetland as an experimental control unit. The third objective was to examine the
conservation implications of parasite infection on amphibian hosts by comparing malformation
prevalence between juveniles from one year and returning adults from the following year. This
chapter makes a number of important contributions because it was the first study to test if
Ribeiroia could cause severe limb malformations in an experimental field setting. It was also the
first to nest a replicated cage study within the larger ecosystem manipulation and compare
parasite pathology across spatial scales. Lastly, the chapter validates the use of fine mesh cages
as a field-method to test if parasite infection is a suspected cause. The spatial monitoring data
also contribute to our knowledge about background rates of limb abnormalities in populations
where Ribeiroia is absent.

Chapter 3 is a natural history-based study describing the biological communities of both
macroinvertebrates and amphibians observed at 49 stormwater ponds, stockponds, and natural
ponds throughout Northern California. A main objective of this chapter was to evaluate the
conservation value of constructed ponds (i.e., stormwater ponds and stockponds) and understand
if created wetlands can potentially help offset losses in biodiversity from historic wetland loss,
and if so, what conditions at those ponds encourage a biological community similar to natural
ponds. A second objective was to determine important environmental variables that affect
macroinvertebrate community structure and amphibian richness. Third, the chapter examines
how two important uses of ponds, cattle grazing and fish stocking, affect resident
macroinvertebrate and amphibian populations.

Chapter 4 uses the dataset generated from the previous chapter to develop an index of
biotic integrity (IB1) based on the macroinvertebrate community found in created and natural
ponds. Although some states within the U.S. have developed biological indicators for wetlands
and ponds, no such tools have been developed in California. This chapter proposes a
standardized protocol for sampling macroinvertebrates in depressional wetlands, which was
needed because sampling methods vary between bioassessment programs in other regions. The
main objective of this chapter was to determine if a biomonitoring approach could be used to
evaluate the condition of wetlands based on macroinvertebrate populations. Therefore, |
classified sites as reference-quality based on low levels of urbanization and then examined
metrics (univariate descriptors of the biological community) from the literature that have been
associated with anthropogenic stress in other regions. Metrics that were responsive to stress, and
that had adequate range and lacked redundancy with other metrics were combined into a
multimetric IBI. To demonstrate the ability of the IBI to work in new wetlands, | tested if the I1BI
could discriminate between reference and impacted sites in the validation dataset, which
included 14 of the original 49 sites sampled that were not used to create the IBI. The accuracy,
bias, and precision of the IBI was tested across environmental gradients to examine it’s
applicability in the region. Lastly, | compare the macroinvertebrate IBI against amphibian
species richness at these same ponds to examine how a macroinvertebrate assemblage represents
the wetland as an overall indicator. This chapter resulted in the development of an 1BI that may
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be used the State Water Resources Control Board as an intensive indicator for depressional
wetlands. The collection methods and IBI are being tested in Southern California to examine
how applicable it might be in that region.

Chapter 5 describes the process of identifying reference sites using a large stream-based
biomonitoring dataset in Northern California. The data were collected by stormwater agencies,
state agencies, and non profit groups between 2000 and 2007 at over 400 locations. The purpose
of this study was to examine how reference-selection methods and inter-site variability between
reference sites and interannual variability could influence interpretations of stream
macroinvertebrate biomonitoring data. The first objective was to determine what process and
data were necessary to select high-quality reference sites in this region with widespread urban
development. Second, I sought to quantify the extent of inter-site variability in the reference
pool, and to determine whether this variability could be reduced by grouping sites into classes of
similar stream types (e.g., hydroperiod). Third, | wanted to determine if the interannual
variability of macroinvertebrate communities could significantly affect IBI scores and, if so, to
determine if the sources of interannual variability were associated with disturbance or common
environmental gradients. This chapter provides important results that will be used by the state of
California State Water Resources Control Board as it develops biological objectives for
bioassessment data from perennial streams. This study also contributes to a small set of studies
that compare the biological communities in perennial and non-perennial streams.

In summary, my dissertation research incorporates applied aquatic ecology through the
use of bioassessment to document the condition of streams and wetlands, and the use of
traditional aquatic ecology to study of malformed amphibians caused by a multi-host parasite.
Although limnology and aquatic ecology have a long history, the research has traditionally
focused on natural or “pristine” habitats as places to examine how species interact with each
other and their environments. However, | argue that few aquatic ecosystems in the world are
unaltered, and what we need is more information on how impacted, degraded, and created
aquatic ecosystems function. Thus, | have intentionally studied streams and ponds in highly
disturbed areas to document relationships between anthropogenic stress and resident biota, to
examine how management of these resources affects community structure, and to describe how
we can use biota as indicators of particular stressors. The dissertation contributes to a new and
growing body of literature on “novel” ecosystems, which focus on understanding the ecology of
altered and created habitats (Hobbs et al., 2006). A greater understanding of the interplay
between aquatic species and their novel environments can lead to improved conservation of this
vital resource.
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Fig. 1. Photographs of frogs, toads, and salamanders with limb malformations caused by
Ribeiroia ondatrae.
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CHAPTER 1

A PRACTICAL GUIDE FOR THE STUDY OF MALFORMED AMPHIBIANS AND THEIR CAUSES



A practical guide for the study of malformed amphibians and their causes

Abstract

Reports of severely malformed amphibians in the 1990s prompted researchers to examine
the causes and extent of the issue. However, disparities in survey methods and a shortage of
baseline data have hindered standardization among investigations, including inconsistencies in
identifying “affected” or “hotspot” sites where malformation prevalence is elevated. Here, I
review field-based surveys and experimental approaches used over the last decade to address this
complex ecological issue. I offer specific recommendations regarding amphibian-sampling
techniques, including methods to capture and examine amphibians, with the aim of enhancing
the accessibility of this topic to scientists, students, and educators of diverse backgrounds. A
quantitative evaluation of USFWS amphibian abnormality surveys suggests that the typical
amphibian population has an abnormality prevalence of 3.3% (95% CI: 3.0-3.6%). Using a
statistically-based framework, I therefore suggest that sites with malformation frequencies
significantly > 5% should be conservatively considered ‘higher-than baseline’ whereas sites with
> 10% abnormal individuals should be considered ‘hotspots’. Based on established approaches
from epidemiology, I provide recommendations regarding methods to identify proximate
causes(s) of abnormalities with a focus on using ‘multiple lines of evidence’, including large-
scale field surveys, comparisons of malformation ‘signatures’ between field and laboratory
studies, and the use of manipulative experiments at multiple spatial scales. As an example, I
describe methods to examine the causal influence of infection by the trematode parasite —
Ribeiroia ondatrae — including quantifying presence and abundance within amphibian and snail
host populations with adequate power of detection. I conclude by identifying priority research
questions with the goal of stimulating additional information to evaluate the causes and
consequences of amphibian malformations.

Key words: abnormalities, amphibian decline, anuran, deformities, disease ecology, educational
outreach, etiology, field methods, Ribeiroia, teratology



INTRODUCTION

In August of 1958, Dr. Royal Bruce Brunson, a biologist at Montana State University,
made an alarming discovery: a pond with large numbers of severely deformed Pacific Chorus
Frogs (Pseudacris regilla) in Montana. Approximately 20% of emerging frogs exhibited severely
malformed limbs, including extra limbs, missing limbs, and a variety of twisted and otherwise
misshapen limbs (Hebard and Brunson, 1963). Dr. Brunson again noted high frequencies of
malformed Chorus Frogs at this pond in 1959, 1960, 1961, and 1964 (R. Brunson 1999, personal
communication), while others found deformities at the same site through the 1970s and into the
1990s (Miller, 1975; Anderson, 1977; J. Werner, personal communication). Given the rise of
nuclear power, some feared such deformities were caused by radiation whereas others suggested
pesticides used for mosquito control. However, no evidence was available to support these
hypotheses. Investigators generally assumed that, while remarkable, the phenomenon was an
isolated or at least very rare occurrence (e.g., Hebard and Brunson, 1963), such that real cause
would remain unknown for many years to come.

Four decades later, discoveries that multiple wetlands across the United States had large
numbers malformed amphibians clearly demonstrated that this phenomenon was neither isolated
nor rare (Sessions and Ruth, 1990; Helgen et al., 1998; Johnson et al., 1999; Kaiser, 1999a,b;
Converse et al., 2000; Hoppe, 2000; Souder, 2000; Johnson et al., 2002; Kiesecker, 2002; Eaton-
Poole et al., 2003; Johnson et al., 2003; Lannoo et al., 2003; McCallum and Trauth, 2003;
Vandenlangenberg et al., 2003; Hoppe, 2005; NARCAM, 2010). These reports often
documented populations in which greater than 10% and even up to 95% of amphibians suffered
from severe limb malformations. Malformations primarily affected the limbs of recently emerged
individuals, typically from lentic habitats such as ponds and lakes. Particularly troubling was
evidence from museum-based and historical studies suggesting that, over the last several
decades, malformations in amphibians have become more widespread, more severe, and often
affect a higher proportion of individuals in a population than observed historically (Gray, 2000;
Hoppe, 2000; Johnson et al., 2003; Johnson and Lunde, 2005).

Research conducted by academic groups as well as local, state and federal agencies has
identified important causes of amphibian malformations. Although dozens of agents can
potentially induce amphibian malformations in laboratory settings (reviewed by Ouellet, 2000;
Stopper et al., 2002), four factors emerged as the most likely candidates to explain contemporary
observations of limb abnormalities in wild populations: (1) pesticides, (2) UV-B radiation, (3)
injury from predators, and (4) parasites (see reviews by Blaustein and Johnson, 2003; Sessions,
2003; Ankley et al., 2004; Johnson et al., 2010). Substantial progress has been made in
understanding the role of these four causes in causing limb malformations in North American
amphibians. Research conducted by the EPA, for example, argued against UV-B as a cause of
deformities because elevated exposure resulted in bilaterally symmetric malformations, which
are rare in natural populations (Ankley et al., 2004). Research on contaminants such as pesticides
has suggested a linkage between abnormality levels and land use (e.g., Ouellet et al., 1997;
Kiesecker, 2002; Taylor et al., 2005; Reeves et al., 2008; Reeves et al., 2010), yet no particular
pesticide or chemical has been identified as a direct cause. Efforts are underway to identify
potential compounds using field and laboratory experiments (e.g., Bridges et al., 2004). A series
of recent studies have further revealed that aquatic predators can cause amphibian limb
abnormalities, including missing and shortened limb abnormalities in Oregon, the Northeast, and
Alaska (Ballengée and Sessions, 2009; Bowerman et al., 2010; Reeves et al., 2010).



One of the most well-studied recent causes of amphibian malformations is infection by
the digenetic trematode, Ribeiroia ondatrae. Experimental exposures involving field-based
levels of Ribeiroia infection cause skin webbings, bony triangles, partially- and
completely-missing limbs, extra limbs, and otherwise abnormal limbs in frogs, toads, and
salamanders (Johnson et al., 1999, 2001, 2006, 2008; Sessions et al., 1999; Kiesecker, 2002,
Stopper et al., 2002, Schotthoefer et al., 2003). Ribeiroia infection has been linked to both
contemporary and historical accounts of ‘mass malformations’ in naturally occurring amphibian
populations, including Dr. Brunson’s long-enigmatic Jette Pond in Montana (Kiesecker, 2002;
Lannoo et al., 2003; Johnson et al., 2002, 2003, 2006; Sutherland, 2005; Johnson and Hartson,
2009). However, infection by this parasite cannot explain all types of malformations, nor is it
present at all sites with large numbers of malformed amphibians. For example, Ribeiroia was not
present at several sites with high levels of missing legged frogs in Minnesota (Lannoo et al.,
2003; Lannoo, 2008), nor at any sites with malformations in Alaska (Reeves et al., 2008; Reeves
et al., 2010). In addition to Ribeiroia, other parasites have been suggested or shown to cause
morphological abnormalities in amphibians, including monogeneans (Rajakaruna et al., 2008),
parasitic arthropods (Murphy, 1965; Kupferberg et al., 2009) and viruses (Ouellet, 2000).

Although our understanding of the amphibian malformation issue has progressed
considerably over the past decade, a number of factors still hinder scientific advancement. First,
field sampling methods differ substantially among research groups, preventing standardized
comparisons across studies. Second, there have been few methodologically oriented papers that
discuss approaches to sampling amphibians, and no paper to date has attempted to evaluate what
lessons can be learned from various approaches or recommend overall guidelines for conducting
large-scale malformation surveys. Third, field surveys have suffered from a lack of information
regarding the expected baseline levels for malformation prevalence, limiting the ability of
researchers to classify and identify which wetlands or regions are exhibiting unusual levels of
abnormalities. Finally, there has been little discussion regarding what data are necessary to
determine the causative agent(s) at sites with a large percentage of malformed amphibians or
how to collect and analyze such data.

The purpose of this article is to provide background on amphibian malformations,
critically examine survey methods and approaches to analysis to improve the detection of
malformation types and rates in the field, and review the causes of malformations and
consequences for amphibian decline. In particular, I describe the statistical tools necessary to
classify sites with a higher than expected prevalence of abnormalities and discuss issues
regarding sample size and site selection. I further discuss what data are required to evaluate the
influence of potential causes by drawing upon example models from disease ecology and
epidemiology. I outline field and laboratory protocols to examine populations of amphibians and
snails for Ribeiroia parasites. Lastly, I discuss the need for integrated research to investigate
malformation co-factors of and how malformations might contribute to amphibian declines. It is
our hope that such information will allow researchers to better communicate with each other,
facilitate broad scale meta-analyses, and investigate the issue in a rigorous and scientifically
defensible manner.

I. APRACTICAL GUIDE FOR FIELD SURVEYS OF MALFORMED AMPHIBIANS

Two major goals of this section are to make the study of amphibian malformations more
accessible to scientists of diverse backgrounds and to develop more consistent methods by



offering recommendations on how to sample amphibians and analyze the resulting data. To this
end, I have synthesized information on field protocols and statistical techniques to establish an
informed methodology for studying malformations and encourage new research to answer many
pressing questions. Fundamental to this discussion is consistent use of terminology, which is
based on Meteyer (2000), Johnson et al. (2001b), and USFWS (2008). In this paper, I use the
term “abnormality” to refer to any deviation from normal morphology, independent of whether
its origin was developmental or acquired after proper development (i.e., injury). I use
“malformation” to refer to a deviation from normal morphology resulting from improper
development, which might be due to teratogens, genetic anomalies, or developmental errors.

Amphibian populations with a high prevalence of limb abnormalities have also been
reported historically and currently in regions beyond North America, including Eurasia (Rostand,
1949; Woitkewitsch, 1959; Dubois, 1979; Henle, 1981; Borkin and Pikulik, 1986; Veith and
Viertel, 1993; Van Gelder and Strijbosch, 1995, Bohl, 1997), India (Gurushankara et al., 2007),
Japan (Meyer-Rochow and Asashima, 1998), Bermuda (Bacon et al., 2006), and Australia (Tyler
1998; Spolyarich et al., 2011). Although, the methods, taxa, and wetland types discussed in this
paper are designed to be most applicable for surveys in North America, the lessons and study
goals apply to researchers in temperate and tropical regions.

How to Select Study Sites

Most malformation reports involve amphibian species with larvae that develop in ponds,
streams, or lakes (Johnson et al., 2010). Wetlands reported to support the largest populations of
malformed frogs tend to be small, lentic (still-water) habitats that are either anthropogenic in
origin or heavily altered by human activity. For example, cattle ponds and farm ponds are
common malformation hotspots in the western and midwestern USA, respectively (Johnson et
al., 2002; Lannoo et al., 2003). As of 1999, amphibian abnormalities had been documented in 44
states (Kaiser, 1999b), suggesting malformation surveys are warranted in any region, state, or
locality. Moreover, amphibian abnormalities have been documented in 71 species and the most
commonly affected groups are frogs and toads (Lannoo, 2008).

Because of the diversity of sites and species involved, the sampling design used to
include sites (e.g., wetlands, streams, ponds) in a malformation survey can influence what
conclusions may be derived from the data. The majority of initial deformed frog surveys targeted
wetlands with recent or historical reports of malformations (Sessions and Ruth, 1990; Gardiner
and Hoppe, 1999; Johnson et al., 2002). Such targeted designs are likely to encounter a large
number of sites with high levels of malformations and are thus useful to identify agents causing
malformations, to determine which amphibian species are most susceptible to malformations and
which malformation types are most common, or to examine the effects of malformations on
amphibian population dynamics. Surveys targeting malformation sites can also incorporate a
case-control design by pairing targeted sites to nearby wetlands with no known history of
malformations (e.g., Johnson et al., 2002; Vandenlangenberg et al., 2003). Such a survey design
allows for a comparison between malformation prevalence and levels of suspected causative
agents between the two types of sites. A third type of survey design involves using a
probabilistic design, in which sample sites are drawn from a larger, previously identified pool of
suitable sites (Olsen and Peck, 2008). This design can be used to determine associations between
malformations and factors such as ecoregion or land use (e.g., Schoff et al., 2003; Reeves et al.,
2008). This same survey design can also be used to provide baseline data for future surveys to
determine whether malformation levels are increasing over time. One weakness of a probabilistic




design is that some selected wetlands may not support amphibians, and a large number of
wetlands must be surveyed if only a small proportion are expected to have significant numbers of
amphibian with malformations.

Which Species and Life Stage to Examine

Whether malformations are detected at a given wetland can be strongly influenced by
what amphibian life stage and species are sampled. Abnormalities are most common in late stage
larval- and recently metamorphosed amphibians, but nearly absent in adult populations (Johnson
et al., 2010). It has been suggested that this difference results from reduced survivorship among
the malformed metamorphic frogs, possibly from increased predation or inability to capture prey
(Goodman and Johnson, in press). Therefore, among anurans (frogs and toads), targeted
sampling at the metamorphic stage (just prior to or recently after metamorphosis) is optimal
because: 1) it allows researchers to non-lethally inspect large sample sizes in the field and 2) all
skeletal features have developed by metamorphosis, such that any external malformations will be
visible. In contrast, inspection of abnormalities among anuran larvae is most reliably performed
with a stereo dissection microscope, which requires either anesthetizing or euthanizing large
number of individuals for transportation to a laboratory facility. Although field inspections of
late-stage larvae (i.e., after Gosner (1960) stage 42) may be feasible for large species, this
approach is likely to underreport small and early-stage abnormalities among small anurans.
Furthermore, lab-held animals should not generally be returned to field sites without careful
examination for pathogens acquired in captivity. If the target species is a salamander or newt,
sampling near-metamorphic individuals is optimal because the limbs and digits have fully
developed and capture success tends to be high. Adult amphibians should not be targeted for
malformation surveys because: 1) they rarely exhibit malformations above baseline levels, even
when 50% of the cohort’s metamorphic frogs are malformed (See Dissertation Chapter 2); 2) the
present location of an adult may not represent their natal pond or stream; and 3) collection of this
life stage is likely to have the greatest impact on the amphibian populations.

Although field surveys may be designed to sample multiple species of amphibians per
wetland, to facilitate comparisons among study sites and geographic regions, researchers can use
a “focal amphibian species” or genus that is likely to be present across the range of a given
monitoring program and is known to be affected with malformations. The focal species should
be common, have a large geographic range, and be abundant when present. In the western United
States, the Pacific Chorus Frog (Pseudacris regilla) fits these criteria (Rorabaugh and Lannoo,
2005). In addition, owing to their small size, P. regilla are easy to catch by hand, regardless of
abnormality status, which limits sampling bias. In the midwestern and northeastern United
States, the northern Leopard Frog (Lithobates pipiens) is an ideal focal species in light of its
large geographic range, which includes a third of the United States as well as southern Canada
(Rorabaugh, 2005). Monitoring of these focal taxa when present allows researchers to make
valid statistical comparisons of malformation prevalence among sites and among studies. It is
important to stress, however, that the suggestion to include a focal species is not an argument to
study only these species. Certainly, studies are needed to document malformations among rarer
species and those in decline.

How and When to Sample for Amphibian Malformations
The best methods for capturing amphibians depend on the species and life history stage
of interest. Larval amphibians can be sampled using active sweeps with a dip net as documented




in sampling guides (Heyer et al., 1994; Olson et al., 1997; Dodd, 2010). For metamorphic
anurans, I recommend using species-specific, fixed time-transects, while recording the area
covered and the estimated percentage capture efficiency to allow for density estimates and
comparisons among observers. Toad metamorphs are often easily captured by hand while
searching around the wetland shoreline or among cracks in the drying soil. Hylid and ranid frog
metamorphs can be captured by hand or with a dip net along the shoreline. Although most
species can be sampled during the day, some may be easier to capture at night with the aid of a
headlamp.

During each transect, captured animals of the same species can be stored in a moistened
Ziploc bag, plastic bucket, or pillow case. Care should be taken to ensure that animals do not
become overcrowded or overheated, which will depend on the species being collected, the
container size, and ambient temperatures. For small wetlands, all transects can be completed
prior to inspections such that no animal is sampled twice. Recapture of the same individual is
unlikely in larger wetlands (> 5 ha) where transects areas can be distributed along the shoreline.
If infection by chytrid fungus (Batrachochytrium dendrobatidis) or another pathogen is of
concern or if the targeted species is threatened, each individual should be inspected immediately
using a clean pair of nitrile gloves to reduce the potential of disease transfer or handling stress.
To prevent spread of disease and unintentional species introductions, all sampling equipment
(nets, trays, waders) should be rigorously sterilized between sampling sites following established
protocols, such as a 15 minute soak in 4% bleach solution (Speare et al., 2004).

How to Detect and Describe Abnormalities

There are many approaches to identifying morphological abnormalities in amphibians,
including gross visual inspections (e.g., Ouellet et al., 1997), microscopy (e.g., Johnson et al.,
2001b; Johnson et al., 2002), radiographs of skeletal structure (Meteyer et al., 2000; Lannoo et
al., 2003), clearing and staining to visualize skeletal structure (methods described in Dingerkus
and Uhler, 1977; Kelly and Bryden, 1983) (e.g., Sessions and Ruth, 1990; Kiesecker, 2002),
dissections to inspect internal organs, and histology (e.g., Hayes et al., 2002). The choice of one
or more of these methods will depend on the study objective. Overall, limb abnormalities have
been the most common class of amphibian abnormality reported in the United States (Blaustein
and Johnson, 2003; Ankley et al., 2004; Johnson et al., 2010). Therefore, I discuss approaches to
best identify, describe, and quantify limb abnormalities.

I advocate using visual field inspections to identify limb abnormalities because they: 1)
allow researchers to sample and release amphibians in a non-lethal manner; 2) are inexpensive;
and 3) provide immediate feedback to the researcher regarding abnormality status at the site.
Although field-based inspections may miss internal and perhaps some minor external
abnormalities, common limb abnormalities can often be observed with the naked eye and
described in the field (USFWS, 2008). Laboratory-based techniques, such as those requiring
stereo dissection microscope examination, radiography, or clearing and staining, can be used on
previously identified abnormal amphibians to more thoroughly describe the bone or tissue
abnormalities (Lannoo, 2008; Green et al., 2010). The use of laboratory-based inspection
methods to determine the proportion of abnormal amphibians, however, has the disadvantage of
requiring euthanasia of each inspected individual.

For every metamorphic amphibian examined, each limb and digit should be carefully
inspected and examined for overall symmetry, and then describing or photographing each
abnormality in the field. Some abnormalities (e.g., skin webbings) are only visible when limbs




are manually extended. It is important to handle the animal gently, keep one’s hands or gloves
moist while inspecting and ensuring that animals do not overheat on warm days. A detailed
discussion of abnormality classification systems and terminology is beyond the scope of this
paper, but can be found in articles by Johnson et al. (2001b), Meteyer (2000), Meteyer et al.
(2000), and especially in USFWS (2008).

A given individual may suffer from more than one abnormality, which has been termed
abnormality severity, and calculated by summing the number of abnormalities on each abnormal
amphibian (detailed in Johnson et al., 2001b). One bias of this scoring system is that it weights
extra limbs heavier than missing limbs; for instance, frogs with up to eight extra limbs have been
observed yet an individual can only be missing up to four limbs. Similarly, it is unlikely that a
single missing digit is as severe as a completely missing limb, yet each are scored as one
abnormality. This simple severity index could be improved by incorporating the degree to which
each abnormality type limits locomotion, increases risk of predation, or affects overall survival,
when such data become available.

How Many Malformations are Expected in a Population

One of the most important challenges in studying amphibian abnormalities is determining
whether observed malformations are outside the realm of what is expected in a given population.
To draw a parallel with epidemiology, this is analogous to differentiating between ‘endemic’ (or
expected) and ‘epidemic’ levels of a given disease. Such a dichotomous classification scheme
involves determining whether the prevalence of abnormalities (total number of abnormal frogs /
total number of frogs inspected) is within or greater than the expected baseline range. However,
how the expected proportion of abnormal frogs in a population is defined can strongly influence
data analyses and conclusions, especially when evaluating evidence of causation or whether
malformations are increasing over time.

All populations of organisms can be expected to exhibit some morphological
abnormalities resulting from genetic defects, developmental problems, and trauma. For example,
in epidemiology, researchers determine whether a disease is above expected levels by comparing
the disease prevalence in a given population to the endemic (background) levels (Merrill, 2009).
If the disease prevalence is significantly greater than expected, it is classified as an “epidemic” in
humans or an “epizootic” in animals (Merrill, 2009). I advocate using the same approach to
determine whether an amphibian population exhibits an unusually high prevalence of
abnormalities. However, such a comparison requires knowledge of the expected or baseline
abnormality prevalence for amphibians. In humans, for example, survey data of more than 1
million births have found the expected baseline level of congenital (at birth) limb malformations
is 0.06-0.07% (Froster-Iskenius and Baird, 1989; McGuirk et al., 2001) and around 3% for
overall birth defects (CDC, 2006)

Currently, the preponderance of data indicate that the expected morphological
abnormality prevalence in recently metamorphosed anurans ranges between 2 and 5%, likely
with some variation by geographic region and species under study (Table 1.1). For example, 21
reference ponds in the western United States had an average abnormality prevalence for P.
regilla of 2.4% (data from Johnson et al., 2002). Large-scale field surveys across the United
States and Canada have identified similar mean abnormality levels ranging from 0.3% to 4.3%
(Table 1.1). In a review, Ouellet (2000) estimated baseline malformation prevalence between 0
and 2% based on a field studies with large sample sizes. One challenge in determining an
unbiased baseline is that surveys across land use gradients will inevitably include some sites that




are highly altered by agriculture, urbanization, or other anthropogenic stressors. These sites,
therefore, may not be representative of the least-disturbed or reference wetland conditions.
Further, differences in focal species, life stage, malformation classification system and
malformation scope (e.g., all morphology or only limb morphology) hinders the comparison
across regions and species.

The US Fish and Wildlife Service recently reported results from a 10-year survey of
amphibian abnormalities across the nation using standardized monitoring of wetlands on
National Wildlife Refuges (USFWS 2011). The USFWS survey sampled more than 70,000
anurans representing 672 wetlands, 37 species and 45 states. This dataset represents the best
available source of information to evaluate regional estimates of baseline malformation
prevalence and to identify local areas or wetlands that exceed this baseline (see USFWS, 2008,
2011; Reeves et al., 2008). This study identified a nation-wide morphological abnormality
prevalence of skeletal abnormalities averaging 3.3% (95% CI: 3.0-3.6) (Fig. 1.1). The major
types of skeletal abnormalities observed in this study were ectromelia (missing part of a limb,
11.3%), brachydactyly (short digit, 9.1%), and ectrodactyly (missing digit, 4.8%) (USFWS,
2011). These data suggest that populations with significantly more abnormalities than this should
be considered above-baseline. Yet, because of the variability in expected abnormality prevalence
in the national survey by USFWS and other published studies as well as a lack of information as
to how this figure might vary by species, I suggest a conservative threshold of 5% (70"
percentile) as a standard or expected baseline prevalence for limb malformations. Using the
upper end of the observed prevalence range will reduce the risk of over-classifying epidemic
sites and focus attention on the most impacted wetlands. It would be reasonable to modify the
expected baseline level for a given survey based on locally derived species-specific data.

How to Determine Whether a Population Exhibits Above-baseline Levels of Malformations

Continuing to adapt epidemiological methods to the amphibian malformation issue, |
suggest that a statistical approach should be used to determine whether the sampled abnormality
prevalence is greater than the established baseline prevalence (e.g., 5%). Statistical tests are
necessary for this comparison because researchers are inferring population-level data (i.e.,
assuming abnormality prevalence for all individuals at the entire wetland) based on a small
subsample of those amphibians (i.e., the number of individuals inspected). As a result of the
dichotomous nature of the data (i.e., abnormal or normal), statistical confidence intervals around
the prevalence estimate follow a binomial distribution (Zar, 1999). Therefore, a Fisher’s exact
test, Chi-squared test, or G-test can provide estimates of whether the observed malformation
prevalence is significantly greater than the expected baseline range (Zar, 1999). If the lower 95%
confidence interval exceeds 5%, then the observed amphibian sample has a higher-than-baseline
prevalence and further investigations may be warranted to determine a site-specific cause. This is
not to say that all wetlands with > 5% abnormalities are necessarily a “problem” or that all of
those with < 5% are “healthy,” but it does provide a well-defined, null hypothesis framework
from which to build upon.

The term “hotspot” has been used in the scientific literature and common media to
describe wetlands with high abnormality prevalence. However, an exact prevalence, or even
range of prevalence, has yet to be associated with this term. A hotspot site should have an
uncommonly high abnormality prevalence (e.g., 95™ percentile among all populations) and
amphibians that exhibit severe malformation types likely to reduce survivorship, such as
completely missing or extra limbs. Based on the standardized monitoring of National Wildlife




Refuges across the United States, 5% of the sample events (95™ percentile) had an abnormality
prevalence of 8.1% or higher (Fig. 1.1). Because the 8.1% prevalence estimate is based solely on
skeletal abnormalities, I recommend 10% as a conservative threshold to help classify sites with
overall elevated abnormality prevalence levels as hotspots. Similar to comparisons to baseline,
statistical comparisons can be used to determine if an observed prevalence significantly exceeds
10%. Classification of amphibian populations at wetlands into either above-baseline or hotspot
categories using statistical criteria will help focus the requisite research attention on the wetlands
and amphibians most affected by this phenomenon.

Issues with Malformation Prevalence: Sample Size, Statistical Confidence, and Bias

Abnormality prevalence, calculated at each site and from each species, is a valuable and
important parameter to collect during a field study. Sample size plays a pivotal role in
determining the confidence of estimate, whereby increasing sample size reduces uncertainty in
the prevalence estimates. Relationships among sample size, malformation prevalence, and the
probability of determining difference from baseline (i.e., statistical power) are illustrated in Fig.
1.2. A sample size of 100 amphibians, for example, shows a significant (o = 0.05) statistical
comparison to the baseline level (> 5%) when the sampled malformation prevalence is 11% or
greater, and a prevalence of less than 11% would require a larger sample size to be significantly
above 5%. In contrast, if only 30 amphibians are sampled, the sampled malformation prevalence
must be 17% or greater to be statistically different from 5%. The same statistical tests can also be
used to look for differences in malformation prevalence over time or to make comparisons
among sites. In such comparisons, however, the data need to be from the same species and life
stage, and may require sample sizes larger than 100 if looking for small effect sizes.

For malformation prevalence data to be useful, they must be collected and analyzed at the
relevant spatial scale, which is at the individual wetland, pond, or lake. Maintaining site-specific
data is crucial to successfully discovering which sites have higher-than-baseline abnormality
prevalence and identifying the cause(s) of the abnormalities at such sites. Datasets in which field
observations from numerous sites have been combined together will fail to identify problematic
sites and their causes. For example, if a regional survey sampling 100 frogs per wetland
discovered one pond with 30% prevalence and nine with 1% but proceeded to combine all the
data together, the overall prevalence would be 3.9%, which is close to the expected baseline.
Thus, the one hotspot and the chance to screen potential causes at that site would be missed.

Independent of statistical power, malformation prevalence can be influenced by sampling
bias, potentially leading to inaccurate estimates. For example, field researchers may catch
malformed frogs more easily compared to normal frogs, thereby unwittingly inflating the
prevalence estimate. Alternatively, malformed frogs might be selectively removed by natural
predators prior to the sampling event; thus, the current population of malformed individuals
would be an underestimate of the true prevalence. These challenges have caused some
researchers to suggest that potential errors in estimating malformation prevalence render this
statistic useless (e.g., Lannoo, 2008). However, malformation prevalence is the critical piece of
data to determine whether a site has higher-than-expected numbers of malformations and,
correspondingly, if there is in fact a problem at a wetland or within a region. Therefore,
researchers can take solace in that many of these potential biases could cancel each other out,
because some would lead to over estimates of prevalence while others would lead to
underestimates. Sample bias can be reduced by visually identifying an amphibian to capture and
following through with capturing that individual before repeating the process again.
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I1. DETERMINING THE CAUSES OF AMPHIBIAN ABNORMALITIES

Conclusively establishing that an agent (parasite, pesticide, predator, or other factor) is
the proximate cause (etiologic agent) of observed abnormalities at a wetland necessitates
conducting an experiment in which the hypothesized factor is experimentally removed from all
or part of the wetland. Researchers have successfully conducted in-situ field studies to determine
the major cause of malformations for Ribeiroia exposure (Kiesecker, 2002; See Dissertation
Chapter 2), as well as abnormalities resulting from stickleback fish predators (Bowerman et al.,
2010). However, this work often takes years to complete at a single wetland and is too time
consuming and expensive to be conducted at the many sites with above-baseline abnormality
prevalence. Further, simple exclosure or removal studies cannot be easily used to test for
interactions among agents. Because of these limitations, I recommend adapting tools from
disease ecology to best determine causation on a site-by-site basis.

Use of Multiple Lines of Evidence

The use of ‘causal inference’ is a valuable approach to investigate direct causes and
indirect drivers of disease emergence (Plowright et al., 2008). Causal inference relies on using
multiple tools (i.e., field correlations, long-term monitoring, causal diagrams, statistical
modeling, dose-response relationships, nested field and laboratory experiments) to investigate
complex interactions between ecological drivers and disease emergence. This approach is
accomplished by using multiple lines of evidence to support causal relationships as opposed to
experiments designed to test only a single hypothesis. Such research is best done through
interdisciplinary cooperation, especially with an issue as complex as amphibian malformations,
and should involve a combination of field and laboratory-based studies of developmental
biology, herpetology, toxicology, physiology, and disease ecology. The adaptation of causal
inference to determine the influence of a potential agent as the cause of malformations should
include at minimum: 1) detection of the agent at an affected site at or above levels shown to
induce malformations in laboratory settings, 2) experimental studies that demonstrate the
candidate agent can cause similar types and frequencies of abnormalities in relevant amphibian
species, and 3) an association between the presence and/or abundance of the agent in nature and
the occurrence of such malformations.

Interpretation of Dose-response Relationships

The first step of determining causation is detecting the potential abnormality-inducing
agent (whether chemical, fish, parasite, or other) at similar levels that have been shown to cause
abnormalities or malformations in experimental studies. Such information may rely on dose-
response relationships from laboratory studies or from field experiments (e.g., Johnson et al.,
1999). It is important to consider, however, that dose response relationships for a single agent
will vary depending on the amphibian species, as is the case for Ribeiroia infection (Johnson et
al., 2010). Further, laboratory-based results do not always ‘scale-up’ to the ecosystem level due
to the simplicity required in laboratory experiments versus the complexity found in nature. For
example, pesticide exposure can sometimes weaken immune responses in frogs, increasing
infection by trematode parasites (Kiesecker, 2002; Rohr et al., 2008a, b). In addition, field
exposures to teratogens (agents that cause malformations) may occur at different times in larval
development, especially if multiple species are present at the wetland. Ribeiroia, for example,
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only induces limb malformations during particular stages of limb development (Schotthoefer et
al., 2003; Johnson et al. 2011). Thus, if the majority of a populations’ parasite infection occurred
in later stages, the site will appear below the typical dose-response curve.

Comparison of Malformation Compositions

Given that multiple factors cause amphibian abnormalities in nature, and it is not
typically feasible to conduct intensive field experiments at the many wetlands with above-
baseline levels of abnormalities, there is a desire to differentiate among causes using
field-derived malformation data. Thus far, researchers have used the types of abnormalities
observed to infer causative agents among sites, similar to classifying diagnostic signatures for
human diseases. For instance, Sessions et al. (1999) provided evidence that the type of limb
duplication observed (proximal-distal axis vs. anterior-posterior axis) could be used to
differentiate between exposure to retinoids or mechanical perturbation, respectively. Such
precise diagnostics, however, are often difficult to apply to amphibian abnormalities because a
single agent can produce multiple classes or types of abnormalities (e.g., Ribeiroia produces both
extra and missing limbs in larval amphibians), and a single malformation type can be produced
by multiple agents. Partially missing limbs (hemimelia), for example, can be caused by aquatic
predators (Ballengée and Sessions, 2009; Bowerman et al., 2010), UV-B exposure (Ankley et al.,
2000), and parasites (Johnson et al. 1999, 2001a, 2006). Thus, the presence of an individual
malformation type is unlikely to be diagnostic of the factor that caused them in nature.

Nevertheless, the relative proportion of malformation types can be used to help determine
the etiology or cause of the malformations when a causative agent is known to be present,
particularly when there are experimental data illustrating the malformation response resulting
from specific factors. For example, predators generally cause partially missing hind limbs or
missing feet (Ballengée and Sessions, 2009; Bowerman et al., 2010). Likewise, UV-B radiation
caused predominantly missing limbs, but often in a bilaterally symmetric pattern (Ankley et al.,
2000). In the case of Ribeiroia exposure, the types of malformations can vary among amphibian
species. For example, Pacific Chorus Frogs exposed to Ribeiroia experimentally develop an
average of 55% extra hind limbs and 20% missing limbs (Johnson et al., 1999). In Leopard Frogs
(L. pipiens), the malformation response to Ribeiroia was also exclusive to hind limbs, but was
mostly extra digits (25.6%) and extra hind limbs (22.2%) (Schotthoefer et al., 2003). In contrast,
Ribeiroia exposure in Western Toads (Anaxyrus boreas) induced some fore limb malformations
(8%), and among both A. boreas and American Toads (A. americanus) Ribeiroia caused
predominantly skin webbings (34.4%), whereas extra limbs were less common (16%) (Johnson
et al., 2001a; Johnson and Hartson, 2009).

The relative frequency of malformation types (malformation signature) is valuable data to
establish causality at a site with above-baseline levels of malformations. When a sufficient
number of malformed amphibians are detected at a wetland, generally 15-30 individuals, the
species-specific malformation signature may be compared statistically to laboratory results or
field experiments with specific causal agents (e.g., parasites, chemicals, etc.). Statistical
comparisons provide a transparent and unbiased tool to determine if the types of malformations
observed match a potential cause that is present at the wetland and is a substantial improvement
from just comparing whether extra or missing limbs are found. Useful statistical tests for this
comparison include quantitative similarity indices such as percent similarity or Bray-Curtis D
(Boyle et al., 1990; Johnson et al., 2002). For example, malformation composition among P.
regilla frogs at wetlands with Ribeiroia had a 70% similarity value when compared to results
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from experimental studies (Johnson et al., 2002). In contrast, similarities of < 21% were
observed when comparing Ribeiroia induced malformations and abnormality composition
among anurans at sites without Ribeiroia (Johnson et al., 2002).

Although similarity indices and other statistical tools could be promising approaches for
helping to identify or potentially eliminate hypothesized causes, there are limitations to this
approach. For example, background abnormalities (i.e., genetic, developmental) are present at all
sites and could obscure this type of analysis. As discussed previously, malformation type may
vary in response to dose and timing of exposure (Schotthoefer et al., 2003). Additionally, the
approach requires species-specific response data for each agent and, unfortunately, laboratory-
based malformation signatures for multiple species are not available for most malformation
causes. Without such data, researchers may assume similar tendencies within genera or even
family. Yet this needs to be done with caution as different genera within the same family have
shown strong differences in response to Ribeiroia infection (Johnson and Hartson, 2009). In
agreement with Ankley et al. (2004), I recommend that laboratory tests for dose-response or
malformation models utilize affected native amphibian species and recommend against using
Xenopus laevis, an amphibian native to Africa, considering that Ribeiroia infection and
pesticides are known to have species-specific effects (Degitz et al., 2000).

I11. METHODS TO SCREEN FOR TREMATODE (RIBEIROIA ONDATRAE) PRESENCE AND
ABUNDANCE

As a detailed case example, I offer a description of how to find and identify one of the
most well-studied causes of limb malformations: infection by the trematode Ribeiroia ondatrae.
Unlike many factors implicated in amphibian malformations, Ribeiroia can be quickly assessed
for presence and abundance using inexpensive tools available in most laboratories, making it an
ideal candidate for a rapid screening procedure at sites with above-baseline malformations. If
Ribeiroia metacercariae (the encysted stage of the parasite) are found in amphibian hosts at
abundances known to induce malformations in laboratory studies, then relative malformation
composition (malformation signature) for each affected species can be compared to the
malformation response identified in laboratory studies and the role of the parasite as a causal
agent can be evaluated. If, however, Ribeiroia is present only at very low infection intensities
(e.g., 1-2 metacercariae cysts detected per frog) and the malformation signature differs
substantially from laboratory studies, then it is probable that another factor is causing the
majority of the malformations (see Kupferberg et al., 2009; Bowerman et al., 2010).

In this manner, the presence or absence of Ribeiroia infection at a given site can be
extremely informative. However, adequate screening for Ribeiroia requires a background in the
parasite’s life history. Ribeiroia is a multi-host parasite, using aquatic snails as first intermediate
hosts, amphibians as second intermediate hosts, and birds or mammals as definitive hosts
(Johnson and McKenzie, 2008). Infected snail hosts produce cercariae, which are a free-
swimming stage of the parasite infectious to larval amphibians. Because infection prevalence is
generally much higher in amphibian hosts (50-100%) compared to snail hosts (1 to 5%) at the
same sites, I suggest using amphibian hosts to screen for Ribeiroia presence and to use infection
intensity in amphibians as a measure of the average parasite abundance (see below). Snail
intermediate hosts can be useful for quantifying host-parasite dynamics but they require more
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time intensive field and laboratory methods. However, if the amphibian species under study is
threatened, examination of snail hosts may provide a superior alternative.

Finding and Identifying Ribeiroia in Amphibians

Inspections for Ribeiroia should be conducted on the same species and life history stage
as surveyed for malformation prevalence. Once again, metamorphic amphibians are the best
indicator for several reasons: they are seasonally abundant; the removal of this life stage has
reduced population impacts compared to adults; they are cumulative indicators of parasite
exposure over the course of their larval periods; and they are very likely to be present at their
natal pond. Larval anurans might be preferentially sampled if two wetlands are close and
metamorphs may easily travel between sites or if studying larvae that take more than one season
to develop, such as the Green Frog (Lithobates clamitans), or American Bullfrog (L.
catesbeianus). When Ribeiroia is present at levels that can cause malformations, infection
prevalence often approaches 50-90%, such that nearly every frog necropsied will be infected and
parasite detectability is very high (Fig. 1.3a). However, when infection prevalence is extremely
low, for instance in < 20% of the amphibians, a sample size of > 15 frogs is required to have a >
95% probability of detecting the parasite in at least one frog (Fig. 1.3b). For this reason,
dissection of 10—15 frogs helps to limit the likelihood of missing Ribeiroia when it is present to
less than 5% in most cases. Ribeiroia intensity (# cysts/infected individual) or abundance
(# cysts/individuals dissected) has adequate 95% confidence limits for most statistical
comparisons when 15 to 20 amphibians are dissected (Fig. 1.3c), but a researcher’s optimal
sample size will depend on the expected difference in infection abundance and variance within
the specific population (Bush et al., 1997).

To document the occurrence and abundance of Ribeiroia, amphibians should be dissected
following standardized parasitological procedures. The most reliable method of identifying
Ribeiroia involves dissecting a recently euthanized host, identifying live parasites via
microscopy, and viewing the esophageal diverticula of Ribeiroia, which is the diagnostic feature
for this species, with a compound microscope (Fig. 1.4) (Beaver, 1939; Yamaguti, 1971; Schell,
1985; Stopper et al., 2002; Johnson et al., 2004; Sutherland 2005; Szuroczki and Richardson,
2009). Ribeiroia metacercariae are generally found just under the host skin and above the
skeletal muscles around limb structures, tail resorption sites in anurans, and the lower mandible
(Sutherland, 2005). Cysts are 300-350 um in size, appear clear or brownish when melanized,
and can be isolated using fine-tipped forceps (Johnson et al., 2004). Cysts can be identified as
Ribeiroia or other species on a compound scope after breaking the cysts wall by gently tapping
on the cover slip (Fig. 1.4). Detailed identification methods for Ribeiroia are described in other
publications (Johnson et al., 2004; Sutherland, 2005; Szuroczki and Richardson, 2009).

The clearing and staining technique developed to visualize bones through skin and organs
(e.g., Sessions and Ruth, 1990; Kiesecker, 2002) can be helpful in quantifying trematode parasite
infection but will not always reliably allow for definitive identification of encysted parasites, of
which there can be 10 or more species within a single amphibian host. Lentic amphibians are
commonly infected with many species of digenetic trematode with cysts found under the skin
such as Alaria spp., Fibricola spp., and Manodistomum syntomentera (Sutherland, 2005), yet
thus far only Ribeiroia is known to cause limb malformations in North America (but see
Rajakaruna et al., 2008). Moreover, examination of all cysts from multiple species in aggregate
is likely to obscure relevant trends related to Ribeiroia because each parasite species utilizes
different snail and definitive hosts.
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Finding and Identifying Ribeiroia in Aquatic Snails

Compared to amphibians, determination of the presence of Ribeiroia in aquatic snail
hosts is more difficult owing to low infection prevalence in first intermediate hosts. For example,
at a seasonal pond in Mendocino County, California, a 1% Ribeiroia infection prevalence among
rams horn (Planorbella tenuis) snails caused a 50% malformation prevalence among Pacific
Chorus Frogs (P. regilla) (See Dissertation Chapter 2). Every single frog was infected (100%
infection prevalence) with at least 36 metacercariae and an average infection intensity of 70
cysts. Detecting Ribeiroia in snail hosts is difficult and likely to produce false negatives (missing
it when it is present) owing to the low infection prevalence compared to frogs. A random sample
of 100 snails collected from this pond has a ~40% chance of failing to yield an infected host. If
200 snails are sampled, this false negative rate drops to 13.4%. A sample size of 300 snails is
required to limit the false error rate to a level of 5%. This example illustrates why snails are less
effective indicators of Ribeiroia presence compared to amphibian hosts.

Thus far, 12 species of snails worldwide and 7 in North America are known to support
infection by Ribeiroia, all of which are within the family Planorbidae, a group commonly
referred to as the ‘rams horn’ snails, and within three common genera Helisoma, Planorbella, or
Biomphalaria (Fig. 1.5a; Johnson et al., 2004; Johnson and McKenzie, 2008). When snails are
abundant, a quick search of the shoreline can often yield evidence of living snails or shells that
can be identified to family or perhaps genus (Clarke, 1981; Burch, 1989; Dillon, 2000).
However, exhaustive searching of snails along the shoreline and in the water can sometimes fail
to detect the presence of snail hosts when present at low densities (Johnson et al., 2002).
Therefore, an absence of the appropriate snail hosts from a single sample event should not be
taken as proof of absence for these snail species nor for absence of Ribeiroia.

Quantifying infection prevalence among snail hosts is an important factor affecting
Ribeiroia abundance and often requires intensive laboratory methods to estimate. The first step is
to determine snail density at the wetland using replicated, fixed-area measurements within the
littoral (shallow) zone of the lake, pond, or wetland. This can be done using a standard-sized dip
net (net mesh 0.5—2 mm) or a trashcan with the bottom removed. All or a random subset of snails
from these collections can then be screened for infection to find the number patent (cercariae-
releasing) snails, followed by dissection of the remaining snails to determine the number of pre-
patent or immature infections (Schell, 1985). Identification of patent infections is best
accomplished by isolating individual snails into small containers (e.g., 50-ml vials or small cups)
filled with filtered pond water or commercial spring water. Many trematodes emerge during the
day but Ribeiroia is released at night, such that a full 24-hour cycle is necessary to estimate daily
production per snail. Patent infection status of each snail can be assayed by looking for free-
swimming cercariae which appear white against a dark background, a process that can be aided
by using a strong overhead light source and a black backdrop. If cercariae are discovered in a
vial, 3 to 4 can be pipetted onto a microscope slide and identified with a compound microscope
using a larval identification key such as Schell (1985). Ribeiroia cercariae lack collar spines but
possess esophageal diverticla (Fig. 1.5d; Stopper et al., 2002; Johnson et al., 2004; Szuroczki and
Richardson, 2009). Staining of the cercariae with simple stains such as methylene blue can
facilitate identification (see Szuroczki and Richardson, 2009).

Snails that do not ‘shed’ cercariae can be dissected by crushing the snails with pliers and
using forceps to tease apart the gonad region (the end deepest inside the shell) to look for rediae,
sporocysts, or immature cercariae, any of which can be used to document a pre-patent infection
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status (Fig. 1.5; Rohr et al., 2009). Although most cercariae in North America are not directly
infectious to people, some can cause itching and irritation and researchers are advised to wear
gloves and protective eyewear during dissections of snails or amphibians. With immature
infections, it is rarely possible to determine if the parasite is in fact Ribeiroia or another
morphologically similar parasite such as the common trematode Echinostoma spp. Molecular
methods are needed for identification in these cases (Reinitz et al., 2007).

1V. CONCLUSIONS AND FUTURE RESEARCH

In this paper, I have presented the tools and information necessary to adequately design
and conduct malformations surveys. Despite the growing body of knowledge regarding
amphibian malformations and identified causes, many pressing questions remain. I highlight two
pressing topics within the field of amphibian malformation study.

Identifying Important Causes of Malformations in Amphibian Populations

Although a number of malformation hotspot sites across the US have been associated
with Ribeiroia infection, some wetlands with substantial numbers of malformations fail to
support the trematode (Lannoo et al., 2003; Reeves et al., 2008). These sites are important places
to discover the specific cause(s) of the malformations. Moreover, because the proximate cause of
malformations often occurs in combination with other stressors, there is a need to examine
additive or synergistic interactions between different factors. For example, exposure to Ribeiroia
infection may occur alongside threats from chemical pollution, predators, or other pathogens,
each of which have the potential to cause greater losses in amphibian populations (Koprivnikar et
al., 2007; Rohr et al., 2008a, b). Kiesecker (2002), for example, found that experimental
exposure to pesticides (Atrazine, Malathion, Esfenvalerate) reduced immune function that
resulted in a three-fold increase in Ribeiroia infection in Wood Frog larvae (Lithobates
sylvatica). Thiemann and Wassersug (2000) reported that the presence of predators significantly
increased trematode infection in larval amphibians. Ribeiroia commonly occurs in ponds with
dragonfly nymphs and fish predators (Ballengée and Sessions, 2009; Bowerman et al., 2010),
highlighting that multiple agents can also act on the same amphibian species simultaneously.

Examining Conservation Implications Resulting from Malformations

Amphibian populations and species are in decline worldwide and understanding whether
malformations have the potential to contribute to ongoing declines is an important research
priority. Declines have been attributed to habitat loss, invasive species, and emerging diseases
such as amphibian chytridiomycosis (reviewed in Stuart et al., 2004; Skerratt et al., 2007; Wake
and Vredenburg, 2008). However, no study has directly examined whether malformations pose a
threat to amphibian populations, and this absence of evidence should not be taken as evidence
that there is no connection. Multiple lines of evidence suggest that malformations have the
potential to contribute to amphibian declines in areas were they are widespread. First,
malformations impair the ability of frogs to jump, swim, and obtain food, and malformed frogs
in nature exhibit 22% lower survival than normal conspecifics (Goodman and Johnson, in press).
Correspondingly, malformations are extremely rare in adult amphibians (< 5%), even when
abundant (> 50%) in larval or metamorphic animals from the same wetland (Johnson et al., 1999;
See Dissertation Chapter 2). Second, metamorphic amphibians with malformations may
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represent only a fraction of parasite-caused mortality with far more individuals dying as larvae,
which is difficult to observe. Exposure to Ribeiroia is highly pathogenic and frequently causes
substantial mortality in experimental studies (Johnson et al. 1999, 2001a, 2008; Stopper et al.,
2002; Schotthoefer et al., 2003), and dead or dying tadpoles with hemorrhagic limb tissue
characteristic of parasite exposure have frequently been observed at malformation hotspots.
Thus, the total mortality as a consequence of Ribeiroia exposure, including direct death
following infection and indirect losses associated with malformations, will be greater than the
proportion of metamorphic frogs or toads that are malformed. Considering that species of
amphibians declined or disappeared from Midwestern and western malformation hotpots
(Hoppe, 2002; Vandenlangenberg et al., 2003), I, along with others (e.g., Sessions, 2003),
suggest that malformed amphibians represent a valid conservation issue. In particular,
malformations found in rare or endangered species or in populations already threatened by other
factors such as habitat loss, invasive species, and Bd infection, represent the greatest concern.
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Figure 1.1. Histogram of abnormality prevalence among 672 wetlands, 37 amphibian species and
45 US states. Mean prevalence was 3.3% (solid line) and ranged from 0 to 24% at specific
wetlands. The upper 95 percentile of the distribution was 8.1% (dashed line), suggesting
populations with > 10% can be considered ‘hotspots’ when used in conjunction with statistics.
Data were collected by USFWS personnel from National Wildlife Refuges from 2000-2009
according to standardized protocols (USFWS, 2008, 2011). The analysis includes wetlands at
which >50 metamorphic anurans were sampled. Abnormality types included in the analysis were
skeletal (limb) malformations and skeletal (limb) abnormalities of unclear etiology; other
abnormality types such as eye and surficial abnormalities, visible disease, and recent injury were
excluded (see USFWS protocol for further explanation of these classification systems).
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Figure 1.2. Effects of amphibian sample size on a researcher’s ability to reject the null
hypothesis that an observed malformation frequency is within the ‘expected’ baseline level of
malformations (i.e., < 5%) using a simple two-way Chi-squared test (o = 0.05). With a sample
size of 100 examined frogs, the observed malformation frequency must exceed ~12% to be
statistically distinguishable from 5%, for example. Individual statistical comparisons can be
made by calculating 95% confidence intervals (a = 0.05) of the prevalence estimate with
statistical software packages such as IMP, STATA, or various web sites with binomial
calculators, and determining if the interval overlaps the expected baseline (e.g., 5%).
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Figure 1.3. (A) Relationship between Ribeiroia infection prevalence (% of infected frogs) and
abundance (number of metacercariae per frog) in Pacific Chorus Frogs from California (2004—
2007). Prevalence increases rapidly with infection abundance, such that most frogs are infected
at all but the lowest abundances of Ribeiroia. (B) Probability of detecting Ribeiroia in
metamorphic frogs at 10, 20, and 40% infection prevalence in frogs. A sample size of 15
dissected frogs has a 96% probability of detecting Ribeiroia when it occurs at 20% (0.2)
infection prevalence, which was the lowest prevalence observed in field-collected samples from
Fig. 1.3a. The solid horizontal line represents a 95% probability of detection, a desired level of
statistical power. (C) Relationship between the number of necropsied frogs and the estimate of
Ribeiroia abundance. Error bars represent the standard deviation of the estimate following 1000
resampling events. The “true” estimate of the mean was derived from 168 necropsies. Sample
sizes of 10-15 frogs will generally have adequate error to make powerful statistical comparisons
between populations.
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Figure 1.4. Photograph of Ribeiroia ondatrae excysted metacercariae (opened cyst) isolated from
an amphibian host. Esophageal diverticula noted with two arrows. Oral sucker (acetabulum) is
located at the top of the image, and ventral sucker is towards the bottom.
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Figure 1.5. (A) Rams horn snail (Helisoma sp.) in the family Planorbidae, which is the only
family of freshwater snails known to host Ribeiroia. (B) Ribeiroia-infected rams horn snail, with
inset of gonad tissue illustrating rediae that produce free-living cercariae infectious to
amphibians. (C) Ribeiroia rediae under a compound microscope, which illustrates how partial
and fully mature cercariae can be seen inside rediae during snail dissections. (D) Ribeiroia
cercaria taken from a compound microscope. Photo credit: Bryan LaFonte.

29



‘sIoyIne oY) Aq poaulJop Se BIep YIS 9OUDIOJAI JO ATRWIUING 4 4 4
Kuo s3oxy oydiowreiour,, .
pakaains a1om sa19ds JeuonIppe Inq ‘Apnys Jo sa10ads [800].,

eso|nbnu -y
pletd  papraordiou  pp60l %T'T ‘seyoouWI| BUBY  £00T-900T ueme], ueme], 010 “Te 10 Sueny
8861 ‘BUWISESY
PIoTd %lS-Ty  SI8Cl %38’y Ja1seboyuihd sdouky  $861-1861 ueder ueder pue MOYOOY-10ASA
popraoxd 000
UEIE] BU 000ty %0’ ojnq ojng Jou ouer] ouer] WIIPNO Aq 6161 PuBISOY
pletd - pepraordiou G %0°1 eLresodwa) euey 00T pueuIL{ YN0 pueur 9002 T& W eyld
plId  popaoxdiou  gezEl %90 SNoneAIAs sereqoyN  T00T-S661 BPEUE)) UIISOA epeue) $00T “Te 10 uojeq
slwJoyluel
BLIoNT ‘LIByd38Y4 ]
‘sIsusluewSe]
plerd - paprmaoxdiou 607l %0°L salseUApoOUWIT  L00T-S00T  SS[BYM YINOS MAN  BI[ENSNY 110T “Te ¥ youekjods
wnasnjy Bu QTEl %L1 e|16a. s1oepnasd 0661 21d SN WSO vsn $00T ‘opun] pue uosuyof
wnasnjy e/u 869 %60 e||16a. s1oepnasd 0661 21d SN WdIsIM vsn $007 ‘opun] pue uosuyof
prorg %01 01 0 LT %' e|[16a4 s11oepnasd 6661 SN IS vsn %% C00T “'T® 30 uosuyor
PIoId %C01 010 ¥9T°S %9°1 xsualdid saregoyn 200¢ JUOWLID A vsSn S00¢ “Te 30 Jo[AE L,
p1otg %S'¥ 01 0 €TLT %P'€ xxSUBIAID SB1RQOYNT  T00T-L661 JUOWIO A vsn #xx€00T “[B 10 £oAd]
PIoId %88 01 8°0 S09°C %9°1 xsuatdid saregoyn 000C-8661 SN [enud) YHON vSsn €00T e 32 Joyds
wnasnjy e/u €EY'T %L0 suaidid sayeqoui £961-8561 BJOSQUUIIA vSsn 0007 ‘oddoy
#%%£00C
PIo1d %L 010 LTIT %EY sualdid saregoyi 6661-L661 BJOSOUUTIA vSn “Ie 10 315qUASUE[USPUBA
prerd %LE0  8KST %E'T suaidid seyeqouyN  L661-9661 ©10SOUUIN vsn 000z “oddoy
*xSUBlWE|D
PP %9°ST 01 #°0 6688 %61 ‘suaidid sareqoui L661  ISBOYIION “ISOMPIIA VSN 000C “T& 19 9SISAUO0))
PIeId %LCT010 Sl %¢€°0 ¥SUBlIWE|d Sareqoyn] 8661 UBSIYOIN vsn 100T T8 32 PUe[IIID
peId  papraoxd jou L86°6 %0 sue}idald sLIoY 1L61-8961 stoutqI vsn 0007 ‘Ae1D
Wnasnjy %ST 010 Yor‘1 %I1°L suedalo suoy 000C-LS61 Sesuedly VSN €00T ‘Ynel], pue wnjeddN
e1ep azIs douajenald (s)aeak
304n0S joAs] a1s  sjdwes  Alljewdouqy se10adg Apnmis uolbay A1nunod (s)aoyiny

"pop1A01d 910M BIBP 9)IS QOUQIOJAI SSI[UN S[qE) SIY) Ul POPN[OUI JOU dIIM SIS PAqIMISIP A[[BUOTIUIUL
10 sjodsjoy uoneuniojjew Sune3nsaAUl A[[eo1j10ads sAdAINS Par] "ddud[eadld Ljewouqe pajdadxa 10 durjaseq B paje[nded 0} pasn
9q uBd SAQAINS ISAY T, "9oud[eAdId AJI[ewIouqe JUSIqUIe JO SAIPNIS WNISNW PUB SAJAINS PO AIS-NNW JUIIAI JO ATewwung [T 9[qeL

30



CHAPTER 2

BEYOND LABORATORY EXPERIMENTS:
USING AN ECOSYSTEM-LEVEL MANIPULATION TO UNDERSTAND HOST-PARASITE DYNAMICS
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Beyond laboratory experiments:
Using an ecosystem-level manipulation to understand host-parasite dynamics

Abstract

An understanding of the causes and consequences of host-parasite interactions under
ecologically relevant conditions remains a fundamental challenge in disease ecology. Under
natural conditions, numerous biotic and abiotic factors can mediate both the type and magnitude
of interactions between hosts and parasites. Here, I investigated interactions between the virulent
trematode Ribeiroia ondatrae, which is an important cause of amphibian malformations across
the United States, and its amphibian hosts using a hierarchical approach involving comparative
field surveys, in situ pond exclosures, and a whole-ecosystem manipulation of parasite infection.
Specifically, I evaluated temporal and spatial variability in the linkage between Ribeiroia
infection and amphibian malformations through regional sampling of 17 wetlands in northern
California alongside multi-year (2006-2010) monitoring of a known malformation hotspot (Hog
Lake) in Mendocino county. To understand the causal relationship between infection and
pathology at relevant ecological scales, I divided Hog Lake into two nearly identical (1600 m?)
sections using a barrier impermeable to Ribeiroia and amphibians. In spring 2009, 517 Ribeiroia
infected snails were added to one side of the pond (addition treatment) while the other side
remained at ambient Ribeiroia levels (control treatment). Concurrently, replicated cages (0.5 m’)
with 25 Pacific chorus frog (Pseudacris regilla) larvae that varied in mesh size to either allow or
prevent parasite entry were installed on each side of the pond (n=8 cages per pond treatment).
Results of this multi-tiered approach provide strong evidence of the causal linkage between
infection and malformations while offering additional insights about the influence of
experimental venue on effect size. Among years and regional wetlands, Ribeiroia infection was a
strong predictor of malformation frequency in P. regilla frogs. Correspondingly, the addition of
infected snails to Hog Lake caused sharp increases in Ribeiroia infection and severe
malformations in all stages of P. regilla (but not in California newts, Taricha torosa). However,
this effect was present only during the manipulation year (not pre- or post-manipulation).
Moreover, I observed a significant interaction between cage treatment and pond manipulation,
such that caged larvae showed increased infection and malformations only in coarse-mesh cages
on the manipulated side of Hog Lake. Comparisons of the dose-response relationships from
previous laboratory work and the two spatial scales of this study (cages and whole-pond)
indicated that small-scale experiments exhibit amplified effects relative to results from larger
spatial extents. This suggests that additional factors at the individual (e.g., immunity, behavior,
and mortality) and community (dilution effect, predation on parasites) levels can moderate the
relationship between infection and host response. Taken together, these data provide compelling
evidence regarding not only the causal relationship between parasite infection and amphibian
malformations but also emphasizing the importance of ecological relevant manipulations in
understanding species interactions.

Key words: Ribeiroia, disease ecology, ecosystem manipulation, abnormalities, malformations
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INTRODUCTION

Worldwide, emerging infectious diseases continue to have significant ecological,
economic, and public health effects (Daszak et al., 2000; Patz et al., 2005; W.H.O., 2004). The
causes of disease emergence frequently involve interactions between local or regional
environmental factors and forms of anthropogenic change, including climate change, land use
shifts, and pollution (Daszak et al., 2000; Dobson and Foufopoulos, 2001; Jones et al., 2008).
Importantly, disease effects are not limited to the host species, but can extend to other
community members though food web interactions, altered ecosystem services, or changes in
habitat availability (Daszak et al., 1999; Lessios et al., 1984; Oldroyd, 1999). Broader
examination of host-parasite dynamics within an ecological framework can facilitate
identification of emergence factors, determine the direct and indirect effects of disease on
ecological communities, and model these dynamics across spatial and temporal scales (Jones et
al., 2008; Lafferty et al., 2006; Smith et al., 2007).

A fundamental challenge in disease ecology is developing an understanding of the causes
and consequences of host-parasite interactions under ecologically relevant conditions.
Experimental models in ecology typically rely on simplification to determine the effect and
relative importance of potential explanatory variables. Although controlled microcosm
experiments can identify important species interactions, large-scale experiments can produce
contrasting or novel results (Schindler, 1998; Tilman, 1997; Vredenburg, 2004). Thus, field-
based experiments, including large-scale manipulations, are needed to test whether laboratory
results can be “scaled-up” to the ecosystem scale (Carpenter, 1999; Carpenter et al., 1995).
Although ecologists often perform ecosystem manipulations, such undertakings are
comparatively rare in disease ecology (but see: Hudson et al., 1998; Suzan et al., 2009; Swei et
al., 2011; Tsao et al., 2004). Examples in both aquatic and disease ecology have shown that
results from simplified experiments may not always scale up, and there have been calls to
increase the use of field experiments (Kiesecker, 2002). An understanding of the disease
dynamics at large spatial scales is particularly important for multi-host parasites that affect
several trophic levels (Lafferty and Kuris, 1999). Owing to the complexity of pathogen-host-
environment interactions, however, studies of disease dynamics at appropriately sized spatial
scales are often correlative. Confirmation of these associative relationships using experiments
that manipulate disease drivers under ecologically relevant conditions can be highly informative,
sometimes yielding results that differed from simple laboratory experiments (Bruno et al., 2003;
Hudson et al., 1998; Tsao et al., 2004).

In the past decade, amphibians with severe malformations have been reported in wetlands
across the United States and Canada (Johnson and Lunde, 2005; Ouellet, 2000). Most often,
these reports describe frogs with missing, extra, or malformed limbs (Johnson et al., 2010).
Although there are many causes on a national scale, laboratory and field studies indicate that the
trematode parasite Ribeiroia ondatrae is an important driver of such malformations, particularly
in the western USA (Blaustein and Johnson, 2003). Typical of many trematodes, R. ondatrae has
a complex life cycle that involves snail, amphibian, and bird hosts (Johnson et al., 2004). In
laboratory studies, Ribeiroia ondatrae (hereafter “Ribeiroia”) increased mortality and induced
limb deformities in six amphibian species (Johnson et al., 1999, 2001a, 2006, 2008; Kiesecker,
2002; Schotthoefer et al., 2003; Stopper et al., 2002). However, few studies have examined
Ribeiroia-malformation dynamics using field experiments (e.g., Kiesecker, 2002) and none have
conducted ecosystem manipulations of this system to explore its causal relationships.
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This study uses an ecosystem manipulation to explore parasite-host dynamics under
conditions that allow for important co-factors to affect these dynamics. Under natural conditions,
numerous biotic and abiotic factors can mediate the strength — or alter the direction — of
interactions between hosts and parasites (e.g., Marcogliese and Pietrock, 2011; Thieltges et al.,
2008). In laboratory studies with parasites, amphibian hosts are typically raised individually in
small containers (1-2 L), fed artificial food, and exposed to single or pulsed doses of parasites
with no opportunity to escape (e.g., Johnson et al., 1999, 2001a). Clearly these conditions do not
reflect the actual pond environment in which larval amphibians live, where they have ample
space to avoid infection through behavior, and various additional factors (e.g., physical and
biological environment) that can alter transmission patterns (Johnson et al., 2008; Taylor et al.,
2004). For example, the presence of predators can reduce larval activity, thereby increasing
infection risk (Thiemann and Wassersug, 2000), or predators can actively reduce parasites
through direct consumption (Orlofske et al., in submission; Schotthoefer et al., 2007). A
“dilution effect” caused by presence of species that are less susceptible to infection (incompetent
hosts) can also reduce infection levels in other host species (Dobson et al., 2006; Johnson et al.,
2008; Keesing et al., 2006). Collectively, these factors illustrate the complexity of parasite
transmission patterns in natural environments and underscore the difficulties in translating the
results of simplified laboratory studies to disease dynamics within real ecosystems.

In the current study, I used a multi-scale, multi-year study design to examine how host-
parasite interactions within the Ribeiroia-snail-amphibian model vary spatially and temporally.
The first objective was to document if Ribeiroia was a significant cause of limb malformations in
amphibians from 17 wetlands in northern California use these data to contextualize experimental
results. The second objective was to experimentally test the influence of Ribeiroia infection on
amphibian malformations and mortality within field settings by increasing parasite levels at the
ecosystem scale, and to examine how experimental scale (venue) affect parasite-host dynamics.
The third objective was to highlight the conservation implications of parasite infection on
amphibian hosts by evaluating patterns of malformations and infection over time and among
amphibian life history stages. Given ongoing declines in amphibian populations worldwide and
the added emphasis on infectious diseases as a conservation threat (Collins and Crump, 2009;
Stuart et al., 2004), critical assessments of the impact of parasites on host populations under
natural conditions are an increasingly important management priority.

METHODS

Study Site
I selected Hog Lake (Lat: 39.0316, Long: -121.0788) as the location to study broad

ecological mediators of parasite infection. Because the wetland supports two native amphibian
species, Pacific chorus frog (P. regilla) and California newt (Taricha torosa), yet only one snail
species (Helisoma trivolvis), a known Ribeiroia host (Johnson et al. 2004), it is a tractable site
for ecological research and manipulation. The pond’s intermediate size (3200 m?) and low depth
(maximum of 1 m) further facilitated the collection of data on snails and larval amphibians as
well as the installation of mesh enclosures. Hog Lake is located within the University of
California Hopland Research and Extension Center, which is a 2,145 hectare property located in
Mendocino County, California, directly east of the town of Hopland. The area receives an
average rainfall of 94 cm (range: 34-191 cm) and supports an oak woodland and annual grasses
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vegetation, and a variety of natural wetlands (sag ponds, seasonal ponds, and vernal pools) and
created ponds (Regents of the University of California, 2008).

Overall Study Design

I used a multi-tiered field experiment to determine the effects of Ribeiroia infection on
host populations at varying ecological scales. Specifically, I implemented a large-scale
manipulation that divided the wetland into two comparable experimental units and added
Ribeiroia-infected snails to one side while leaving the other as an unmanipulated control
treatment. I compared survivorship and malformation prevalence between the two pond
treatments both before (2008) and after (2009) the manipulation according to a basic Before-
After-Control-Impact (BACI) sample design (Smith, 2006). Additional experimental approaches
were used because of the unreplicated nature of the large-scale manipulation. For example, size,
growth, and survival are variables that cannot be reliably calculated from field measures.
Therefore, I also conducted a replicated enclosure study within each side of Hog Lake.

The enclosure experiment was designed to be complementary to the ecosystem
manipulation by specifically quantifying survivorship, malformation response, developmental
rate, and health (i.e. mass) for hosts. Enclosures containing Pacific chorus frog (Pseudacris
regilla) larvae either allowed or prevented parasite cercariae entry as a function of mesh size (see
below). Additionally, by conducting a simultaneous large-scale experiment and a nested
enclosure study, I could compare results across experimental spatial scales.

Long-term Monitoring and Regional Field Surveys
Prior to conducting the experiment, background data were collected from Hog Lake and a series
of additional ponds within northern California to inform the study design and determine which
amphibian species exhibited malformations. I sampled metamorphic P. regilla from Hog Lake
and inspected them for limb abnormalities in the field (Johnson et al., 2001b). Frogs were
collected by hand and stored in a cooler until inspection. The majority of frogs were released
back into the pond after inspection while a random subset of approximately 10 normal and 10
abnormal frogs were necropsied to quantify Ribeiroia infection (Sutherland, 2005). To determine
malformation frequencies in the California newt (T. torosa) from Hog Lake, I sampled larval
newts on 11 July 2006, 22 May, 8 and 23 June in 2007, 18 May and 2 June in 2008, and 21 July
2009. Newt larvae were sampled in the late spring and early summer because, by this time, the
limbs have developed fully and T. torosa remain concentrated within the pond prior to
metamorphosis, which helps to collect adequate sample sizes (See Dissertation Chapter 1).

Newts were captured with a 1200-pm D-frame dip net and inspected for malformations in
the laboratory using a dissection scope (Johnson et al., 2001b). During each sampling event, [
attempted to collect at least 100 amphibians to minimize sampling error and maximize statistical
power. When multiple sampling events were conducted in a given year, the total number of
examined and malformed animals were summed over the season to derive an annual seasonal
total. In 2009, data from the control (unmanipulated) side of the pond were used to reflect
ambient malformation and Ribeiroia levels.

I monitored the rams horn snail H. trivolvis (Planorbidae) population at Hog Lake in from
2006 to 2008 to determine the mean density of snails infected with Ribeiroia and document the
life history of the snail and parasite in the pond. Snails were sampled using either a) 12, I-m
pulls with a 1200-um D-frame dip net in the littoral zone (total sampled area 3.7 m?) or b) 16,
depth-stratified 1-m” quadrats that were swept with a 1200-pm D-frame dip net (total sampled
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area 16 m®). Either all or a random subset of snails were ‘shed’ to look for patent infections (i.e.,
those releasing cercariae, see Chapter 1 for methods) or necropsied to determine whether the
snails were infected with Ribeiroia but had prepatent (immature) infections. During the dry
season (summer/fall) when Hog Lake had no surface water, continuous soil moisture readings
were collected in 2008 to quantify the soil moisture dynamics and to determine how this variable
may affect survivorship during aestivation. Four soil moisture probes (EC-5) were installed
around the pond just after it dried completely on July 27, 2008 and data were recorded until the
first storm of the season on September 19, 2008. The data were recorded continuously every 4
hours using a EM-50 data logger (http://www.decagon.com/). In 2009, soil moisture data were
collected with the same methods from August 6, 2009 September 2, 2009, and recording started
slightly after the pond dried on July 20 2009.

Finally, I surveyed ponds across Northern California (Lassen, Mendocino, Sonoma,
Alameda, Contra Costa, Santa Clara, and San Mateo Counties) to identify wetlands with and
without Ribeiroia to explore the parasite dose-malformation response relationship at Hog Lake in
a broader spatial context. Between 2006 and 2009, I sampled 14 ponds with Ribeiroia and 3
without, and often sampling sites over multiple years (n= 42 site*years). Pacific chorus frogs (P.
regilla) were used as an indicator species for these surveys because they are common in many
pond habitats, often locally abundant, and frequently exhibit a strong malformation response to
infection (see Dissertation Chapter 1). I used least-squares regression to document the statistical
relationship between malformation frequency (arcsin-square-root transformed) and Ribeiroia
infection intensity (In(x+1) transformed) variables and to draw conclusions regarding Ribeiroia
as a general cause of malformations at these sites.

Hog Lake: Ecosystem Manipulation

In December 2007, prior to the pond filling, I divided Hog Lake into two, comparably-
sized wetlands approximately 1600 m? each, using a 60 m x 1.8 m Ethylene Propylene Diene
Monomer (EPDM) pond liner with 1 mm thickness (Fig. 2.1a). Eight 100 cm’ sections were
removed from the liner and replaced with 35 um Nitex bolt cloth to allow exchange of water (but
not tadpoles, snails, or parasite cercariae) between the two sides. I then randomly assigned the
west side of the pond to the Ribeiroia addition treatment while the east side remained as a
control with ambient (unmanipulated) levels of Ribeiroia infected snails. The split-pond design
is superior to manipulating two different ponds because of the difficulties in finding ponds with
similar water chemistry, hydrology, and ecological conditions. This design follows methods
similar to those used in large-scale lake manipulations (e.g., Brezonik et al., 1986) and allows for
side-by-side comparisons of the two treatments. Furthermore, because Ribeiroia abundance and
malformations exhibit strong interannual variability (see Results), the split-plot design helps to
reduce confounding effects of individual wetland variability. Parasite addition was chosen as the
optimal study design as opposed to parasite removal because removing parasites generally
requires the removal of all snails, which adds a confounding effect by simultaneously eliminating
an important pond herbivore and potential competitor of P. regilla.

In 2008, prior to any manipulations of either pond side, I collected baseline data on the
malformation prevalence in P. regilla larvae and frogs as well as T. torosa larvae, which serve as
a temporal comparison for the experiment. During May — June, bi-weekly visits were made to
the pond to sample these populations, although not all life stages were present at every sample
period. P. regilla and T. torosa larvae were collected using fixed area netsweeps and randomized
netsweeps with a D-frame dip net (1200 um). Metamorphic frogs were inspected for
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malformation in the field and released, except for a subset that was dissected to determine
Ribeiroia parasite loads. All larvae were preserved and returned to the laboratory for inspection
using a stereo-dissection microscope. Gosner (1960) stage, a system to note developmental stage
of anuran larvae, was recorded for all P. regilla and a subset of ~30 from each pond treatment
were dissected to determine Ribeiroia parasite load. T. torosa were measured size as an
indicator of condition.

For the Ribeiroia manipulation in 2009, I added 517 Ribeiroia-infected snails to the west
side of the pond (Ribeiroia addition) while leaving the east side as an unmanipulated control
(Fig. 2.1b). Infected snails were added in four batches as laboratory infections matured starting
25 April ending 2 June 2009. Approximately 60% of the infected snails added were allowed to
move freely through the pond while the remaining 40% were isolated within enclosures (45 cm
diameter and 50 cm high, 2 mm mesh size). Snail enclosures were used to estimate survivorship
over the study and to prevent accidental trampling during the bi-weekly sampling events that
occurred throughout the summer. Snails in cages were fed boiled lettuce every two weeks to
enhance the available food supply. Infected snails were either collected from Bart’s Pond, which
is also located on the Hopland Research and Extension Center property (n = 79), or infected in
the laboratory (n = 438) using parasite eggs from a colony of H. trivolvis snails originally from
Hog Lake. To experimentally infect snails, they were exposed to Ribeiroia eggs obtained from
surrogate definitive hosts (Rattus rattus) (for methods see Johnson et al., 2007; Paull and
Johnson, 2011). Ten weeks following exposure, I confirmed whether snails were infected by
shedding snails to confirm active cercariae release and visually counted the cercarial production
over a 24 hr period to determine cercariae production. Based on the 2006-2007 data from Hog
Pond, a density of 0.25 infected snails m™ incurred a mean Ribeiroia intensity of 25-70
metacercariae per frog with a malformation prevalence of 40-60%. I therefore estimated that
adding > 400 infected snails into half the pond (1600 m?) would yield the target density of
infected snails at 0.25 m™ (see results). The addition of 400 snails would be a negligible increase
to the overall H. trivolvis density or biomass, as the total spring population of snails in Hog Pond
ranges from 30,000 to 60,000 (i.e., added snails represent <0.001% of the population).

In 2009, larval and metamorphic (recently emerged) P. regilla were sampled twice a
month between May 15 and July 9, when larvae were developed enough to view possible limb
malformations. Collection of data for both larval and metamorphic P. regilla allowed
comparisons of infection and malformations between treatments and life history stages. In
addition, Ribeiroia infection intensity in larval animals provides information on the parasite
accumulation as a function of sample date. P. regilla larvae and frogs and T. torosa larvae were
collected and analyzed according to the same protocols used in 2008.

To determine whether water quality varied between the two treatments, I measured
surface water temperature (°C) and specific conductance (conductivity calibrated to 25°C) using
a YSI MP 556 meter, and pH using Oakton pHTstr 3. Turbidity (NTU) was measured with a
HACH 2100P turbidity meter. Additional water samples were collected within the littoral area on
each sampling event for analysis of heavy metals and nutrients. Water samples for total
Chromium and total Lead were stored at 5°C until testing by the UC Davis DANR Laboratory.
Water samples for total dissolved nitrogen (TDN) and total dissolved phosphorus (TDP) were
frozen within 8 hrs of collection, then thawed and filtered using glass fiber filters (Whatman
GF/D 2.7 um) prior to analysis (Cukjati and Seibold, 2010). Continuous temperature data were
recorded using a Hobo UA-001-64 pendant logger (http://www.onsetcomp.com/) positioned at
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the benthos of each treatment at an initial depth of 0.8 m below the water surface when the pond
was full. The logger recorded temperature every 30 minutes between May 1 and July 17 2009.

Hog Lake: Cage Experiment

To complement the large-scale manipulation, I conducted an enclosure experiment nested
within both sides of Hog Lake (Fig. 2.1b). The study involved two different enclosure
treatments: one that prevented (35 pum mesh) and one that permitted (500 pm mesh) entry of
Ribeiroia cercariae from the surrounding habitat. This experimental design is similar to that of
Kiesecker (2002) but involved finer mesh to exclude trematode cercariae. This finer 35um mesh
size was selected for this study because pilot tests with 53 pm and 75 um mesh cages allow
passage of parasites. Enclosures were 0.5 x 0.5 x 1 m in size (1 m’), closed on the bottom to
prevent predator entry (e.g., Odonata, Hirudinea), and closed on the top to prevent vertebrate
predation (Fig. 2.2). On each pond side, eight cages were installed: 4 that allowed parasite entry
and 4 that prohibited parasite entry. On 25 June 2009 cages were checked to confirm that no
predators were in the cages. In early spring, P. regilla egg masses were removed from the pond
and raised in a parasite-free environment until they reached susceptible developmental stage
between Gosner stage 26-28 (Johnson et al., 2011). Each cage was stocked with 25 larvae on 25
June 2009. To ensure adequate food supplies, 50 g of frozen spinach was added to each cage
once a week for the duration of the study. The study was terminated 21 days later, at which time
the following data were collected on each surviving individual: Gosner stage, mass (blot dried
weight), malformation presence (and description if present), and Ribeiroia infection intensity
(number of metacercariae cysts per larvae).

Comparison of Host Pathology Across Spatial Scales

Comparisons across spatial scales involved a comparison of slope (representing the dose-
response relationship) between parasites recovered from P. regilla and malformation prevalence
in that population. I predicted that P. regilla frogs outside of enclosures (e.g., free-living
individuals) would have lower malformations response because severely malformed larvae will
not survive up to metamorphosis. I predicted that caged animals would have a higher response if
the stress from being in the field (e.g., exposed to cues of predators or poor water quality) would
reduce immune response or alter behaviors that could increase infections.

Comparison of Malformations Between Amphibian Life Stages

To document whether severe limb malformations might increase mortality of
metamorphic frogs, a result that could lead to population-level impacts, I compared metamorphic
amphibians emerging from the pond (summer) with adult amphibians returning to breed (late
winter) at two ponds between 2006 and 2009. Hog Lake and Hidden Pond were selected for this
comparison because each supported high levels of Ribeiroia infection and malformations in one
or more years of sampling. Hidden Pond is a stockpond located in Santa Clara County (lat:
37.08898, long: -121.73965). At both sites, > 50 adult P. regilla were sampled in winter
(December-January) while > 100 metamorphic frogs were sampled in early summer (May-July).
Malformation inspection and enumeration procedures were described previously. The 95%
binomial confidence limit was determined for each sample event to compare the difference
between the adult malformation prevalence and the metamorphic population the preceding year.
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Statistical Analyses

To analyze data from the Hog Lake manipulation study, I used Generalized Linear Mixed
Models (GLMM) because they (1) allow for non-normally distributed response variables, such as
malformation presence and parasite count data, and (2) facilitate the nesting of samples by time
or space (see Bolker et al., 2009; Zuur et al., 2009). Specifically, I sought to compare changes in
response variables as a function of pond manipulation (Ribeiroia addition vs. control), time
period (premanipulation year [2008], manipulation year [2009], and post-manipulation year
[2010, if sampled]), and their interaction. I was particularly interested in the presence of an
interaction, which would suggest that parasite addition had an effect but only during the
manipulation year. The primary response variables were malformations (present or absent in an
individual) and Ribeiroia infection intensity (number of metacercariae per individual). I analyzed
these responses for larval and metamorphic P. regilla as well as larval T. torosa, although sample
sizes and sampling frequency varied by species and life history stage. When there were multiple
sampling dates within a year, as was often the case for larval animals, individual amphibians
were nested by date. Julian date was considered a random effect because [ wanted to account for
potential seasonal variation in malformation and parasite levels so this did not influence the fixed
effects (e.g., time period, pond manipulation, and their interaction). Analyses were performed
using the Imer function within the Ime4 package in the statistical program R (R Development
Core Team, 2011). For metamorphic P. regilla, I included data on malformations and infection
from 2008-2010, whereas for larvae I included multiple sampling events per year for 2008 and
2009. Larval newts were sampled for malformations in 2008 and 2009 but no dissection data
were collected.

For the cage study within Hog Lake, I analyzed the data in two ways. Because animals
within fine-mesh cages that prevented parasite entry had no infection and no malformations, it
was not possible to use the GLMM approach above while incorporating cage treatment (i.e., the
fine-mesh cages had no variance in the response variable of interest). Thus, I used the summary
data for each cage (averaged among animals) and standard general linear model approaches. The
primary response variables of interest were survival (proportion of animals recovered at the end
of the study relative to the number stocked, arcsin-square-root transformed), malformations
(proportion of surviving animals with 1 or more malformations, arcsin-square-root transformed),
Ribeiroia infection (average number of metacercariac among animals surviving the study
period), and host stage/mass (average mass and Gosner stage of animals surviving the study,
log;o-transformed). For comparative purposes, I also used the GLMM approach to analyze
Ribeiroia infection and malformations among animals from the coarse mesh treatment only, with
pond side (manipulated vs. control) as a fixed effect and cage identity as a random effect.

RESULTS

Long-term Monitoring and Regional Field Surveys

Long-term monitoring data at Hog Lake prior to and after the experiment show
extremely high variation in Ribeiroia infection and P. regilla malformations (Fig. 2.3a). For
example, in July of 2006, 48.6% (n=257 total examined) of emerging P. regilla exhibited one or
more limb malformations, with Ribeiroia abundance averaging 22.6 metacercariae per frog. In
2007, malformation frequency in P. regilla metamorphs increased slightly to 55.4% (n=115 total
examined), whereas mean infection abundance quadrupled to 70.4 metacercariae. Following a
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severe drought in 2008, malformation prevalence fell to 5.5% (n=419 total examined), with a
corresponding decrease in mean infection intensity to 1.5 metacercariae per frog. Malformation
prevalence continued to be low (2.5%) in 2009 for the control treatment (n=198 total examined)
and low again (2.4%) in 2010 for the entire pond (n=211 total examined). Similarly, Ribeiroia
infection levels remained low in 2009 on the control side (4.8 metacercariae per frog), and 2010
across the whole pond (0.2 metacercariae per frog). The composition of malformations observed
in P. regilla in 2006 and 2007 involved hind limb abnormalities, of which a large proportion
were extra limbs or digits, malformed feet or limbs, and very few missing or partially missing
limbs or digits.

Malformation levels in the California newt T. torosa remained relatively low throughout
the study period, and demonstrated slight variation over time which was not association with
Ribeiroia infection levels as indicated from P. regilla dissections (Fig. 2.3b). For example, in
2006 3.6% of 21 larvae exhibited limb abnormalities. Malformation prevalence increased in
2007 when 4.8% of 173 larvae exhibited limb abnormalities, mostly missing digits or partially
missing limbs. In 2008, malformation prevalence decreased to 4.9% of the 203 newts inspected.
The types of malformations were mostly missing limbs or digits (64%). Only 29% involved extra
limbs or projections near limbs. A majority of abnormalities were confined to the hind limbs
(68%) as opposed to the forelimbs (30%) and only one eye abnormality (2%).

Over the three years of monitoring, snail (H. trivolvis) populations fluctuated drastically
both within and among years. Helisoma trivolvis reproduced in March and April and snails
quickly increased in abundance as egg masses hatched in April and May (Fig. 2.4). The
population level is highest after hatching is complete, and then declines until the pond dries out.
The new cohort’s individuals grow rapidly in the warm water that provides an ample
algae/diatom supply for food. Although Hog Lake did not have surface water for about 6 months
a year, the deep clay soils retained a significant amount of moisture, allowing for snails to
aestivate. In 2008, the average soil moisture during the time the pond was dry was 19.5% VWC
but the average minimum moisture was 13.7% (volumetric water content) VWC recorded just
before the first rain of the season which occurred early for this area on 9/16/2008. In 2009,
average soil moisture during the time the pond was dry was 14.0% VWC but the average
minimum moisture was 11.1% VWC. During the dry season (summer/fall) snails aestivate in the
moist clay soils of the pond, which maintain a soil moisture of > 10%. An abrupt difference in
population size was noted between the last sample of the wet season and the first sample of the
next wet season (e.g., from 138,000 £ 6,747 snails in June 2007 to 65,000 = 9,375 in winter
2008) (Fig. 2.4).

Ribeiroia was found at a very low prevalence in H. trivolvis snails despite the high
parasite loads observed in frogs during 2006 and 2007 (Table 2.1). In 2006, one snail out of 113
examined (0.9%) was infected with Ribeiroia, and in 2007 three snails out of 802 examined
(0.4%) were infected. In 2008, no snails were infected despite examination of 1116 snails over
the spring season. Based on infection prevalence and density data from 2006 and 2007, a density
of 0.25 infected snails m™ was correlated to a mean Ribeiroia intensity of 25-70 metacercariae
per frog, which produced a malformation prevalence of 45-55% in frogs (Table 2.1). Therefore,
0.25 infected snails m™ was selected as a target infection rate for the parasite addition, which
corresponded to 400 infected snail for the 1600 m? treatment.

Malformations in P. regilla at wetlands with Ribeiroia ranged from 4 to 60% and showed
a functional relationship to infection intensity (R* = 0.62, p < 0.0001; Fig. 2.5). Alternatively, in
five ponds without Ribeiroia that were monitored over the same time, P. regilla exhibited a low
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frequency (<5%) of predominantly minor abnormalities (e.g., missing digits, partially missing
limbs).

Hog Lake: Pond Experiment

The addition of infected snails to Hog Lake resulted in a successful ecosystem scale
manipulation of parasite levels. A total of 517 Ribeiroia-infected H. trivolvis were added to the
western half (1600 m?) of Hog Lake in May and June of 2009. According to shedding data, the
438 lab infected snails were producing an average of 34 cercariae per night. In contrast, wild
infected H. trivolvis from Bart’s Pond (n = 79), another pond at the Hopland Research and
Extension Center, were producing an average of 91 cercariae per night. The four week
survivorship of caged snails was ~50% for the laboratory-raised snails and ~80% for the wild-
infected snails. Overall shedding data from the snails prior to addition indicated that snails were
producing approximately 15,000 cercariae produced on the addition treatment per night
throughout the study based on snail survivorship data and the expectation that snails continued to
produce comparable numbers of cercariae. Based on the estimated number of P. regilla larvae on
the addition side (~19,000 using information from quadrats) and assuming an average larval
period of 40 days following snail additions, these figures would translate to a maximum infection
load of 16 cysts per larvae (((15,000 cercariae per night x P. regilla larval period of 40 days) /
19,000 P. regilla) x 50% cercarial success rate in finding a host).

Results of the ecosystem manipulation showed that the Ribeiroia parasite addition
increased parasite infection intensity in both P. regilla larvae and metamorphic frogs, which
coincided with an increase in severe limb malformations in both life stages (Fig. 2.6). Prior to the
manipulation in 2008, P. regilla larvae from the control treatment had a 6.3% (n = 287)
malformation prevalence and low Ribeiroia load (1.9 cysts per larvae) compared to a 2.5%
(n=200) malformation prevalence and a low Ribeiroia load (1.1 cysts per larvae) on the addition
treatment before parasites were added. After adding parasites in 2009, Ribeiroia levels increased
seven-fold among P. regilla larvae from the treatment group but decreased on the control side
compared to the previous year (Fig. 2.6a). In 2009, 1.7% (n = 349) of larvae were malformed on
the control side and Ribeiroia infection loads were very low (0.06 cysts per larvae), compared to
a higher malformation prevalence 7.8% (n = 293) and an increased parasite load (7.5 cysts per
larvae) on the addition side (Fig. 2.6a). Based on the statistical analysis for larval data, which
only included examinations of animals in 2008 and 2009 (i.e., no animals examined in 2010
post-manipulation), the results support the observed trends. Responses in both infection and
malformation risk revealed a significant interaction between treatment and year (GLMM
infection: treatment*period z = -6.08, p < 0.0001; GLMM malformations: treatment*period z = -
3.61, p <0.005). The effect of treatment was significant and positive only in 2009 (infection z =
8.73, p <0.0001; malformations z = 3.24, p < 0.005).

Similarly, P. regilla metamorphic frogs following the addition of Ribeiroia had
significantly higher infection levels and significantly greater prevalence of limb malformations
(Fig. 2.6b). On the addition side malformation prevalence increased from 4.9% (n = 163) to 7.9%
(n =265) and the infection load increased from 0.8 to 7.6 cysts per frog. Concurrently the
malformation response in frogs from the control treatment decreased from 6.3% (n = 144) to
2.5% (n=198), even though Ribeiroia infection showed an increase in parasite load from 2.1 to
4.8 cysts per frog. Based on the statistical analysis, pond treatment interacted significantly with
study period to determine malformation risk in metamorphosing P. regilla (GLM,
treatment*period z = -2.046, p < 0.05). Re-analyzing the data after separating it by study period
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(pre-, during- and post-manipulation), I found that the Ribeiroia addition treatment led to an
increase in malformations only during the manipulation in 2009 (GLM, treatment z = 2.369, p =
0.02). Indeed, while malformation frequency varied substantially among years, it was generally
similar between the treatment and control side in years other than 2009 (Fig. 2.3).
Correspondingly, patterns of Ribeiroia infection in metamorphosing frogs exhibited a similar
interaction between treatment and period (GLMM, treatment*period z = -2.19, p = 0.028), such that
infection increased in the treatment side only during the manipulation year (2009 treatment effect
z=3.22, p=0.001). During the pre-manipulation year Ribeiroia infection was slightly greater on the
reference side (2008 z =-2.51, p=0.0121), whereas during the post-manipulation year infection was
equivalent between the two sides (2010 z=-0.18, p = 0.85). Notably the prediction of 22 cysts per
larvae was not achieved with the addition.

In contrast, the parasite manipulation did not affect T. torosa malformation prevalence or
infection levels. Malformation prevalence in T. torosa did increase in from 1.7% (n=58) in 2008
t0 9.4% (n = 106) in 2009. In contrast, malformation prevalence of T. torosa from the control
treatment was 6.3% (n = 144) in 2008 and decreased slightly to 5.9% (n=51) in 2009. The
Ribeiroia infection data from 2009 did not show a significant difference between the addition
(1.6 cysts per larvae) and the control (2.9 cysts per larvae) treatments (t =-1.6, p = 0.12).
According to the GLMM analysis, malformations in newts showed no increase with pond
treatment or any interactions with time period (all tests p > 0.05). Water chemistry as well as
amphibian and snail density data at the pond were fairly similar but showed some minor
differences throughout the during 2009 (Table 2.2).

Hog Lake: Cage Experiment

Results from the cage-study conducted within Hog Lake in 2009 further bolstered
findings from the whole pond results and provided additional insights. The cage experiment
confirmed that the addition of Ribeiroia was responsible for the increase in infection levels in P.
regilla larvae, and that larvae exposed to Ribeiroia developed a wide range of severe limb
malformations (Fig. 2.7, Table 2.3). No parasites were recovered from P. regilla larvae raised
within fine-mesh cages, supporting the effectiveness of the manipulation. In support of the link
between Ribeiroia and malformations, only one abnormality (2%) was observed in animals from
the fine-mesh cages. In contrast, 63% of larvae recovered from the coarse-mesh cages from the
addition side exhibited malformations, and all animals were infected with Ribeiroia
metacercariae (Fig. 2.7). Similar to the whole pond results, Ribeiroia levels from larvae from
coarse cages from the control treatment were very low (.02 cysts per individual) and
correspondingly no malformed animals were observed. Cage treatment (fine vs. coarse) and pond
treatment (Ribeiroia addition vs. control) interacted significantly to influence infection and
malformation risk (Malformations ANOVA, F;_;; = 28.73, pond*cage p < 0.0001; Ribeiroia infection
ANOVA, F; 1, = 583.85, pond*cage p < 0.0001). While pond treatment had no effect on animals
within the fine mesh cages (all p > 0.3), larvae in the coarse mesh cages showed significant
increases in infection and malformations on the Ribeiroia addition side of Hog Lake
Malformations: cage effect, F; s=62.79, p = 0.0005; Ribeiroia infection: cage effect, F, s=605.26, p <
0.0001). Fine-mesh cages tended to increase host mass (F3 ;o = 3.18, p < 0.005) and neither cages
nor pond treatment altered developmental stage (F3 ;; = 0.944). Neither pond treatment or
interaction of pond treatment and cage treatment were significant (all, p > 0.05). Survival, which
averaged 30% among cages, was not affected by cage treatment or pond manipulation (p > 0.5).
Generalized linear mixed effects models using only the data from the coarse-mesh cages
provided comparable results.
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Water chemistry within the cages showed some significant differences between
treatments (Table 2.4). Conductivity was higher on the control side compared to the addition
side, which led to a significant difference between the addition coarse and control coarse cages
(F=9.8,p=0.001). Temperatures were slightly higher in the control coarse compared to the
Addition fine treatments (F = 4.1, p = 0.032). Dissolved oxygen did vary among individual cages
but no significant differences were observed between treatments (F = 0.4, p = 0.7).

Comparison of Host Pathology Across Spatial Scales

The dose-response curve from the three spatial scales [laboratory (0.001 m®); mesocosm
(0.5 m’); and ecosystem scale (800 m®)] show significant differences resulting from the complex
interactions operating at each venue (Fig. 2.8). For example, comparable levels of Ribeiroia
infection were recorded in the addition coarse cages and the wild larvae, but the malformation
prevalence in the cages (63%) was 8 times higher than wild larvae (7.8%). On the control pond
treatment the Ribeiroia infection levels were low but similar, yet the wild larvae had slightly
higher malformation prevalence (1.7%) compared to the caged larvae (0%). A statistical
comparison of the dose response (e.g. slope) relationship among laboratory results (0.001 m?),
field cage results (0.5 m’) and field results (1000-10,000 m’) revealed that the dose-response for
cage and laboratory results were not different, but the dose-response for field was significantly
lower than the other two (F363 = 47.51, p <0.001).

Comparison of Malformations Between Amphibian Life Stages

Repeated, multi-year comparisons of Ribeiroia infection loads and malformation patterns
in metamorphosing and adult frogs at two independent ponds show that limb malformations
generally result in mortality (Fig. 2.9). Even following years in which malformations were
common (>50%) in metamorphic frogs, adult frogs consistently exhibited a low level (<5%) of
minor abnormalities, including missing digits and partially missing limbs.

DISCUSSION

By combining whole-pond manipulations, long-term monitoring, and in situ cage
experiments, this study provides compelling evidence that Ribeiroia infection is a major cause of
amphibian malformations. The experiment at Hog Lake, which represents one of the rare
examples of an ecosystem manipulation of parasite infection, showed that large-scale
manipulations of trematode populations are feasible. The study also demonstrated that dose-
response effects of parasite exposure vary depending on experimental venue (e.g., field
monitoring vs. laboratory experiment) which bolsters the claim that ecological co-factors are
important to assess in predicting realistic outcomes from small-scale studies. Lastly, this paper
demonstrated that animals with severe limb malformations caused by parasite infection are
unlikely to return as breeding adults, which has important implications for conservation.

Long-term Monitoring and Regional Field Surveys

Ribeiroia was the major cause of severe limb malformations observed in P. regilla at
Hog Lake and appears a significant cause of malformations at many wetlands in Northern
California. The observed patterns during the long-term monitoring at Hog Lake illustrate both
the remarkable interannual and species level variability in host-parasite dynamics. For example
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P. regilla malformation prevalence was high (50%) for 2006 and 2007 and then rapidly
decreased to near baseline levels (5%) for the following three years. The decrease in
malformation prevalence was associated with a sharp decline in Ribeiroia infection intensity,
which represents one piece of data supporting the hypothesis that Ribeiroia was the natural cause
of malformations for this species. These natural fluctuations in Ribeiroia levels may have been a
results of precipitation differences, or to changes in definitive host activity at the pond.
Additional supporting evidence that Ribeiroia was the cause of malformations of P. regilla at
Hog Lake was the match between the types and relative proportions of malformation observed in
this species with the malformation composition observed in laboratory infections with Ribeiroia,
and the parasite loads in wild amphibians were similar to levels required to induce malformations
in laboratory settings (Johnson et al., 1999). Use of multiple lines of evidence is a recommended
technique to establish causation at malformation hotspots (See Dissertation Chapter 1).

Among the regional wetland sites, the relationship between Ribeiroia infection intensity
and malformation response supports the hypothesis that the majority of malformations observed
at other sites were caused by Ribeiroia. The composition of malformations at sites with Ribeiroia
was similar to malformation compositions observed in laboratory settings and other field sites
with Ribeiroia (Johnson et al., 1999, 2002). These findings suggest that malformations are
widespread in this region, and associate strongly with the presence and abundance of Ribeiroia.
The prevalence and types of abnormalities at Ribeiroia negative sites was <5%, similar to
baseline abnormality levels identified from museum collections (Hoppe, 2000; Johnson and
Lunde, 2005).

In contrast, malformation prevalence in T. torosa was more consistent over time and the
observed variance was not associated with Ribeiroia infection levels. In 2009, I did not observe a
significant difference in Ribeiroia infection in newts, despite the addition of over 500 Ribeiroia
infected snails. Furthermore, malformation composition observed across all years did not match
malformations recorded in laboratory studies, nor were infection levels in wild animals similar to
those that induced limb malformations in controlled settings (Johnson et al., in submission). For
example, laboratory experiments have shown that T. torosa is relatively tolerant to the effects of
parasitism compared to P. regilla, and infection exposure levels of 40 are required to produce a
malformation prevalence higher than baseline (>5%) (Johnson et al., in submission). Therefore,
the low infection levels observed in Hog Lake (average of 2 cysts per individual) and the
mismatch between the malformation composition observed in wild newts compared to laboratory
studies are evidence that Ribeiroia is not responsible for a majority of the malformations in this
species at Hog Lake. Potential causes of these abnormalities include cannibalism (Elliott et al.,
1993) and predation by invertebrates (Ballengée and Sessions, 2009; Bowerman et al., 2010)

Hog Lake: Pond Experiment

This study was the first to manipulate Ribeiroia levels at the ecosystem scale to document
amphibian host-responses (e.g., limb malformations, mortality). A number of laboratory studies
have been conducted to demonstrate that Ribeiroia can cause malformations in multiple
amphibians, including frogs, toads and newts (see Dissertation Chapter 1; Johnson et al., 2010),
but only one study has attempted to change infection levels using field experiments (Kiesecker,
2002). Novelties in this study design build on this past research by manipulating pond Ribeiroia
levels levels, examining effects of Ribeiroia on multiple species and multiple life stages, and
definitively identifying Ribeiroia cysts via dissection, which is the only way to confirm the
correct species of trematode in natural ponds (see Dissertation Chapter 1). Research on
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ecological interactions need to be tested at the ecosystems scale because experiments in
simplified settings often fail to produce predicted results at the ecosystem scale (see Carpenter,
1999; Carpenter et al., 1995; Skelly, 2002; Skelly and Kiesecker, 2001). More studies are needed
in disease ecology literature at spatial and temporal scales relevant to the multi-host life histories
of many parasites. However, these studies are difficult to conduct because of the large scale and
may lack of replication, yet they are valuable because results can counter expectations (e.g., Swei
etal., 2011).

The addition of over 500 infected snails, which were estimated to collectively produce up
to ~15,000 Ribeiroia cercariae per night, was a significant ecosystem manipulation that increased
the prevalence of amphibians with limb malformations at Hog Lake. Two life stages of P.
regilla, larvae and metamorphic frogs, both had 3-6 more Ribeiroia cysts per individual on the
addition side and this was correlated with 2-4 fold increase in limb malformations prevalence.
This result confirms results from laboratory experiments and field-based correlations that
Ribeiroia can induce a wide array of limb malformations in P. regilla (Johnson et al., 1999,
2002). In contrast, T. torosa at Hog Lake did not show an increase in malformation response,
indicating that this species is less susceptible to Ribeiroia pathology. Cumulatively, these whole
pond results confirm previous laboratory experiments about the species-specific pathology
differences between these two amphibian hosts (Johnson et al., in submission).

The difference in expected parasite load based on modeling compared to the observed
infection levels offers important insight regarding how successful cercariae can locate hosts in
natural environments. I predicted parasite loads of 16 cysts per frog on the addition treatment,
yet this was three times greater than the observation of 7.5 cysts per larvae. Although estimates
of cercariae production over time and mortality rates of snail have uncertainty affecting the
parasite budget of the Ribeiroia addition, the direction and magnitude of the over-prediction
indicate two potential ecological factors might be involved. First, predation on the cercariae by
newts (T. torosa), damselflies (Lestidae, Coenagrionidae), and clam shrimp (Cyzicus sp.), all of
which are abundant in Hog Lake, could have reduced the number of cercariae by 50% based on
laboratory studies (Orlofske et al., in submission). Second, the dilution/decoy effect provided by
T. torosa could have also reduced infection loads in P. regilla by absorbing a large number of
cercariae (Dobson et al., 2006; Johnson et al., 2008; Keesing et al., 2006).

Hog Lake: Cage Experiment

The cage results validated the unreplicated design results from the ecosystem
manipulation showing that the addition of Ribeiroia to half of Hog Lake was the cause of the
increased malformation prevalence in P. regilla larvae and frogs. The cage results showed an
even stronger effect of the parasite addition, with a mean malformation prevalence of 63% in the
coarse cages on the addition treatment whereas no malformations were observed in the fine cage
on the addition treatment. Although one malformed animal was observed in the fine cage from
the control pond treatment, the skin projection originating from the tail was probably related to
the systemic swelling (edema) that this tadpole was experiencing because it did not originate
from the limb bud like Ribeiroia malformations. Thus, the fine cage mesh and structure were
successful in preventing any trematodes from entering the cages and was finer mesh compared to
the only other study designed to exclude Ribeiroia in field settings (Kiesecker, 2002). The
malformation prevalence in P. regilla caged animals was much greater than the mean prevalence
of approximately 10% observed in a cage enclosure study of wood frogs (Lithobates sylvaticus)
in Pennsylvania. Infection levels in that study were not reported but this difference could be
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related to parasite load and host tolerance. Laboratory infections have shown that L. sylvaticus
have a lower malformation response compared to P. regilla (Johnson et al., in submission).

Contrary to our prediction, parasite exposure did not increase mortality in the caged
larvae, nor was it associated with differences in size or developmental stage. These null results
are likely affected by the lower than expected parasite load in the addition pond treatment. For
example, based on a previous laboratory study with P. regilla, I would expect an 11% reduction
in survivorship for a parasite dose comparable to infection levels, which would require a
substantially larger sample size to detect a significant difference.

The comparison between malformations in the caged larvae compared to free-living
larvae and frogs offer insight into causes of limb malformations that are not related to Ribeiroia.
No caged animals exhibited abnormalities involving missing digits, which did occur in wild P.
regilla larvae and frogs at low levels. This observation supports the theory that this malformation
type is not cause by Ribeiroia but by a pond predator (Ballengée and Sessions, 2009; Bowerman
et al., 2010). Possible pond predators in this system are T. torosa, damselfly, and dragonfly
larvae. I did commonly observe predacious diving beetle (Dytiscidae) larvae attacking P. regilla
larvae in the field but this type of predation was almost always lethal and did not involve the
hind limbs.

Comparison of Dose-response Effect Across Spatial Scales

The Ribeiroia dose-response effect (i.c., sublethal pathology) showed significant
variability across spatial scales. The two small scale experimental venues (field cages and
laboratory microcosms) showed similar and stronger dose response relationships compared to
frogs which were free living as tadpoles in Hog Lake (Fig. 2.7). The lack of difference between
the caged larvae compared to laboratory-raised animals suggests that the lab environment was a
good predictor for field results when predation on larvae is prevented. In the field, these larvae
were exposed to cues from dragonfly, damselfly, beetle, and leach predators which could have
affected behavior of larvae resulting in different infection levels (Taylor et al., 2004; Thiemann
and Wassersug, 2000) or predator effluent could alter immune response resulting in increased
infections (Belden and Kiesecker, 2005; Rohr et al., 2008). Yet, my results suggest that these
factors did not have a strong effect in this study. Because the wetland is isolated from
anthropogenic disturbance and there is no active land use within 3 km, poor water quality such as
presence of pesticides (Kiesecker, 2002) or heavy metals (Reeves et al., 2010) are not suspected
to act in combination with Ribeiroia infection. The weaker dose-response relationship observed
in P. regilla frogs could result: a) from lower survivorship of malformed larvae and malformed
metamorphs compared to their normal counterparts (Johnson and Lunde, 2005), or b) because
the laboratory dose was concentrated during a precise window of critical development when P.
regilla is most sensitive compared to infection across the entire larval lifespan in wild-frogs
(Johnson et al., 2011). This study was not designed to identify which precise ecological factors
are most important but rather to document the direction and magnitude of difference in pathology
based on experimental venue. These results support other studies in aquatic ecology showing that
experimental scale or venue can alter results based on the level of ecological realism in the
experiment (Carpenter, 1996; Carpenter et al., 1995; Skelly, 2002; Skelly and Kiesecker, 2001).

Conservation Implications of Ribeiroia Infection
Amphibians are suffering global declines because of a number of factors including
habitat loss, invasive species, exploitation, pesticide exposure, and disease (e.g., Berger et al.,
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1998; Collins and Storfer, 2003; Hayes et al., 2002; Stuart et al., 2004)., In general, Ribeiroia
infection is not considered a potential factor in regions where it is abundant, yet data from this
study suggest that this parasite can cause significant mortality within a single population. These
findings strongly suggest that malformed frogs fail to reach sexual maturity, given that P. regilla
generally takes 1-2 years to reach reproductive maturity (Rorabaugh and Lannoo, 2005). At two
independent ponds, malformation prevalence in adult frogs was consistently low (2-6%) in spite
of an extremely high (30-55%) malformation prevalence in the previous cohorts juvenile frogs.
This pattern indicates that most malformed frogs die before reproducing. These results extend
previous findings on this topic (Johnson et al., 1999) with data from multiple ponds. Because
previous laboratory studies found that direct exposure to Ribeiroia cercariae caused up to 60%
mortality in tadpoles at realistic parasite doses (Johnson et al., 1999, in submission), the
cumulative effect on infection both life stages at Hog Lake could have removed approximately
75% of frogs at infection levels observed in 2006 and 2007. Although sites in this study only had
a mean malformation prevalence of 19%, the constant loss of such large proportion of the
population to a single cause could have significant population effects. These results have
implications for declining amphibian populations, such as the California red-legged frog (Rana
draytonii) and the Oregon spotted frog (Rana pretiosa) (Johnson and Lunde, 2005).

H. trivolvis Life History and Parasite Dynamics

The Ribeiroia infection pattern in snails demonstrated that the parasite needs to re-infect
this system annually to maintain a stable population. Infection data in the two size classes
support the hypothesis that Ribeiroia miracidia hatch from eggs deposited by birds and infect the
current year’s cohort in April and May. Because this infection takes approximately two months
before cercariae are produced, these snails aestivate as infected individuals. It is not until the
next year that surviving infected snails release cercariae as waters warm the next spring (April-
June). The laboratory procedure for infecting snails with Ribeiroia eggs showed that egg
development takes an average of three weeks before they hatch into free swimming miracidia
and are able to infect snails and that infected snails take between 7-10 weeks to mature,
somewhat longer than previous reports for this species (Johnson et al., 2004).

The precipitous decline in amphibian malformations and infection observed between
2007 and 2008 may be partially related to a weather-mediated reduction in the snail host
population. Both 2005 and 2006 were wet years ( > 60" percentile annual rainfall), whereas 2007
and 2008 were extremely dry years ( < 30" percentile annual rainfall); thus, between summer
2007 and winter 2008, Hog Lake was dry for six months as opposed to the typical four months,
which could cause substantial increases in mortality of aestivating snails. Snail population
dynamics alone do not explain the difference in parasite levels. I hypothesized that the definitive
host in the region, which is probably some species of bird (Johnson et al., 2004), either no longer
was Ribeiroia infected or stopped visiting the pond after 2007. Although bird observations were
made at Hog Lake during every visit, the only recorded bird hosts observed were mallards and a
great egret, and no clear trends of these birds were observed over time.

Conclusions

The large-scale manipulation was designed to examine amphibian responses to infection
at the ecosystem scale. However, because of logistical and financial constraints, manipulating
multiple ponds was beyond the scope of this study. To avoid pseudoreplication issues (Hurlbert,
1984), I nested a replicated enclosure study within the larger ecosystem manipulation
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experiment. The use of GLMM was able to address the strong interannual variance observed in
Hog Lake but still detect differences the year of the manipulation. This hierarchical study design
was sufficient to conclude the effects of parasite differences and corresponding amphibian
malformations were due the ecosystem manipulation.
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2.1. A) Photograph of Hog Lake following installation of the pond divider in December 2007. B)
Photograph of Hog Lake following installation of the cage experiment in June 20009 with notes
to illustrate the pond level manipulation of Ribeiroia parasite levels.
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Figure 2.2. Example of 0.5 m x 0.5 m x 1 m 35pum “fine” mesh cage that is parasite
impermeable (left) and 500um “coarse” mesh that is parasite permeable (right).
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Figure 2.3. A) Long-term malformation prevalence and Ribeiroia infection data from Pacific
chorus frog Psuedacris regilla (PSRE) at Hog Lake. B) Long-term malformation prevalence and
Ribeiroia infection data from California newt Taricha torosa (TATO) at Hog Lake.
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(Planorbidae) at Hog Lake from 2006 to 2008.
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Figure 2.5. Relationship between Ribeiroia metacercariae cyst infection intensity (natural log
transformed) and malformation prevalence (arcsin-square-root transformed) among Pacific
chorus frogs (P. regilla) at ponds in Northern California. Ponds sampled on different years were
treated as independent for this analysis.
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Figure 2.6. Effects of Ribeiroia parasite addition on P. regilla (PSRE) larvae (A), P. regilla
metamorphic frogs (B), and Taricha torosa (TATO) larvae (C).
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Figure 2.8. Comparison of the dose response effect of Ribeiroia on malformation response in P.
regilla at various spatial scales. Cage results from animals in the Hog Lake cage experiment in
2009 (n=7). Field P. regilla frogs from sites across Northern California (n = 42). Laboratory
results from Johnson et al. (1999).
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CHAPTER 3
MACROINVERTEBRATE AND AMPHIBIAN ASSEMBLAGES IN STORMWATER PONDS, STOCKPONDS,

AND NATURAL PONDS IN NORTHERN CALIFORNIA:
THE CONSERVATION VALUE OF CREATED WETLANDS
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Macroinvertebrate and amphibian assemblages in stormwater ponds, stockponds, and
natural ponds in Northern California: The conservation value of created wetlands

Abstract

Created ponds and wetlands are common features found across urban and
agricultural landscapes but little is known about what aquatic species are supported by these
habitats and how these habitats may enhance the conservation of aquatic biodiversity. To answer
these questions, | sampled the aquatic macroinvertebrate (e.g., insects, snails, crustaceans, and
worms) and amphibian assemblage, along with landscape, habitat, and water chemistry variables
at natural ponds (n=15) and two types of created ponds, stormwater ponds (n=18) and
stockponds (n=16). Based on NMS ordination, the macroinvertebrate community in stormwater
ponds was significantly different from those in natural ponds, whereas stockponds supported a
macroinvertebrate assemblage that was more similar to natural ponds. Overall, landscape
variables (i.e., percent urban and natural, number of ponds within 1 km, and elevation) were the
most associated with differences in macroinvertebrate community structure, but specific
conductance and percent littoral vegetation were also important co-factors. Native amphibian
species richness was highest at stockponds, closely followed by natural ponds, and lowest in
stormwater ponds. Native amphibian species richness was positively associated with percent
natural land within a 1 km buffer of the ponds, and negatively associated with specific
conductance and number of invasive predators (i.e., non-native fish and crayfish, and bullfrogs).
Macroinvertebrate taxa richness was positively associated with annual average precipitation,
pond surface area, and elevation. Management activities significantly altered the faunal
composition at these sites. Among the 31 rural ponds, cattle grazing was associated with
increased amphibian species richness, and had moderate association with changes in the
community assemblage. Among the 13 perennial ponds, the introduction of invasive fish,
whether for vector control (Gambusia affinis) or sport fishing (Centrarchidae), was associated
with a small shift in macroinvertebrate community structure, mostly reducing taxa that live in the
open water column. Ponds with invasive fish were also more likely to support the invasive
American bullfrog (Lithobates catesbeianus). This study demonstrates the significant
conservation value of stockponds within this region and discusses ways to optimally manage
both stormwater ponds and stockponds to enhance wildlife resources.

Key words: stressor identification, cattle grazing, introduced fish, wetland, biomonitoring,
invasive species, farm pond
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INTRODUCTION

Inland freshwater wetlands are physically, chemically, and biologically diverse habitats
found throughout the world (Mitsch and Gosselink, 2000). However, they experience severe
anthropogenic stress related to water extraction and dams, as well as land conversion to
agricultural and urban areas (Baron et al., 2002). A large proportion of historical freshwater
wetlands across the world have been drained or destroyed and remaining habitats are extremely
threatened (Brinson and Malvarez, 2002).

California has lost over 90% of its natural wetlands (Dahl, 1990), but a large number of
artificial wetlands have been created with unknown ecological values or consequences. For
example, stockponds, sometimes called farm ponds or cattle ponds, are created as a water source
for sheep and cattle and are abundant in the foothills of California’s mediterranean climate
regions. Additionally, many urban ponds have been created to control flooding or stormwater
runoff. Combined, these created ponds comprise an estimated 99% of the 23,000 acres of
depressional wetland in the San Francisco Bay Area (http://www.sfei.org/BAARI), yet are
poorly studied.

Created wetlands are “novel” ecosystems. Studies on these systems are increasing as
ecologists recognize the important role that created or anthropogenically modified habitats can
have on biological resources (Hobbs et al., 2006). The creation of novel aquatic habitats can lead
to unintended consequences such as providing habitat for invasive species such as the American
bullfrog (Lithobates catesbeianus) or for mosquitoes, which at minimum are pestiferous but also
can serve as vectors for diseases (Knight et al., 2003; O'Geen et al., 2010). Another concern is
that wetland organisms could bioaccumulate heavy metals, pesticides, or toxins, bringing these
harmful elements into the aquatic food chain (Helfield and Diamond, 1997; Pascoe et al., 1996).
A less known consequence is that created eutrophic wetlands might increase aquatic parasites
such as trematodes, thereby increasing the prevalence of amphibian malformations (Johnson et
al., 2007).

In contrast to potential ecological and human health risks, created wetland habitats can
fulfill some functions of natural wetlands including supporting native species and serving as a
conservation resource, especially in areas where natural wetlands have been destroyed. Wetland
loss is particularly widespread in the San Francisco Bay area where a majority of natural
wetlands have been drained to mosquito control or converted to agricultural or urban areas
(National Resouces Agency, 2010).

A number of created aquatic habitats including rice fields, farm ponds, stormwater ponds,
and golf course ponds have been shown to provide habitat for aquatic birds, fish, amphibians,
and insects (e.g., Colding et al., 2009; Elphick and Oring, 1998; Fasola and Ruiz, 1996; Knutson
et al., 2004; Ostergaard et al., 2008; Scher and Thiery, 2005; Simon et al., 2009). Despite this
emerging interest in created wetlands, however, no studies in California have investigated the
fauna found in stockponds or stormwater ponds, or examined environmental variables that may
promote native species diversity in created wetlands.

Management of natural and created ponds as well as their surrounding landscape can
have significant effects on aquatic communities. For example, a wide body of literature indicates
that introduced fish to naturally fishless and created ponds can have negative effects on
macroinvertebrate and amphibian populations (Diehl, 1992; Hecnar and McLoskey, 1997; Knapp
et al., 2005; Knapp et al., 2001; Knutson et al., 2004; Lawler et al., 1999; Leyse et al., 2004;
Morin, 1984; Schilling et al., 2009; van Kleef et al., 2008; Venturelli and Tonn, 2005;
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Vredenburg, 2004). Cattle grazing is another managed activity around wetlands that is generally
perceived to negatively impact amphibian and invertebrate populations (e.g., Jansen and Healey,
2003; Knutson et al., 2004), and grazing is particularly common around wetlands, vernal pools,
and ponds in Northern California.

In order to understand how amphibians and macroinvertebrates use created wetlands in
northern California, | sampled natural ponds, stormwater ponds, and stockponds, recording
landscape, habitat, and water chemistry variables at each site. The objectives of this research
were to: 1) compare the community composition of macroinvertebrates and amphibians among
stormwater ponds, stockponds, and natural ponds; 2) investigate the relative importance of
various water chemistry, habitat, and landscape factors controlling community composition and
species richness; and 3) examine how management activities of cattle grazing and invasive fish
stocking can influence amphibian and macroinvertebrate communities.

METHODS

Site Selection

The sampling region of this study encompassed nine counties within the North Coast and
Central Valley of California (Fig. 3.1). This region of California experiences a mediterranean
climate, characterized by wet, cold winters followed by dry, warm summers, with large annual
precipitation differences between years. Average annual rainfall also varies spatially within the
region, ranging from 35 cm in the valleys of the region to 135 cm in the mountainous areas
(Gilliam, 2002).

A total of 49 sites were selected by targeted sampling, with a focus on capturing a similar
number of stormwater ponds, stockponds, and natural ponds throughout the region. Stormwater
ponds, constructed from terrestrial areas in order to retain and treat urban runoff and store water
during flood events, were identified in urban areas through discussions with personnel of clean
water programs, mosquito and vector control agencies, and flood control districts.

Stockponds are artificial ponds created to provide a water source to cattle, sheep or other
livestock and were classified as such based on reports from the property manager or by looking
for a berm, dike, or dam located on one side of the pond. Not all stockponds are currently used
by cattle even though they may have initially been built for that purpose. The stockpond class
also included a small number of ponds build in rural areas as a fishpond, reservoir, or for
aesthetics. Stockponds were typically built just below a natural spring or in the upper portions of
a headwater stream that only has flowing water during and a few days after storm events.

Natural ponds included perennial sag ponds, seasonal depressional wetlands, and vernal
pools, and were confirmed as natural based on information from land managers. Among all
ponds, the term perennial is used to describe ponds that have surface water year-round, whereas
seasonal ponds typically start to fill in the first large storm of the season (October to December)
and dry out between May and September. Natural sites mostly occurred within regional parks,
reserves, and private properties with low urban development and without active agriculture on
the property.

The landscape surrounding natural ponds and stockponds was typically composed of oak
woodlands, chaparral shrubs, and exotic annual grasses. These habitats were hydrologically
isolated (i.e., not riparian or connected via a floodplain) freshwater systems with salinities below
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6 ppt. Site selection focused on small wetlands, generally 0.1 - 2 hectares in size. Ponds were
sampled in 2007 (n = 5), 2008 (n = 3), 2009 (n = 33), and 2010 (n = 8).

In order to limit the effects of seasonality (i.e., intra-annual variability), sampling was
restricted to a specific index period, as is recommended for aquatic macroinvertebrate
biomonitoring protocols in streams and wetlands (Barbour et al., 1999; Trigal et al., 2006).
Sample dates of the main study were restricted to late spring and early summer (May 5 — July
12), at which time most macroinvertebrates captured would be large enough to identify but most
taxa would not have already emerged.

Macroinvertebrate Sampling and Laboratory Methods

Freshwater wetlands were sampled to determine the composition of the overall aquatic
macroinvertebrate community, which included all crustaceans greater than 500 pum, mollusks,
and insects. Following results described elsewhere in this dissertation (Dissertation Chapter 4),
macroinvertebrates were sampled using 20 active netsweeps with a 500-um D-frame dipnet by
the same person (KBL). Each sweep involved a 1 m long pull that sampled organisms through
the water surface, limnetic zone, and benthic zone, thereby collecting neuston,
nekton/zooplankton, and benthos respectively. In total, the 20 sweeps sampled 6.1 m? of pond
area, collected at various depths throughout the wadeable littoral zone.

Macroinvertebrates were collected using a novel, standardized multi-habitat sampling
approach. | sampled different microhabitats present in lentic habitats in proportion to their
relative abundance because taxonomic groups show strong affinities to vegetation and sediment
structure (e.g., Garcia-Criado and Trigal, 2005; Trigal et al., 2006).

Sampling was focused throughout the wadeable littoral zone because that area was
accessible by wading and contains the majority of species found in lentic habitats (Garcia-Criado
and Trigal, 2005; Trigal et al., 2006). The sampling area was classified into four habitat types
prior to sampling: emergent vegetation (e.g., Typha spp., Scirpus spp., Eleocaris spp.),
submerged vegetation (e.g., Ceratophyllum spp., Myriophyllum spp., Potamogeton spp.), floating
vegetation (e.g., Lemna spp., Azola spp., algae), and open areas (absence of vegetation). The 20
sweeps were stratified according to percent occupied by the four sample types. For example, if
30% of the littoral zone was occupied with emergent vegetation, then 6 of the 20 sweeps (30%)
were taken from that habitat class. For wetlands that were extremely small (< 0.03 ha) and where
20 independent sweeps could not be taken, a composite sample based on only 10 total sweeps
was taken.

In the field, composite macroinvertebrate samples were double-elutriated to reduce the
amount of aquatic vegetation and organic debris in the sample. Macroinvertebrates were
preserved with 95% ethanol in the field for a final concentration of 70% and returned to the
laboratory.

In the laboratory, macroinvertebrate samples were randomly subsampled to a fixed count
of 500 organisms and identified to genera. Subsampling was accomplished using a custom-made
30.5 x 35.5 cm Caton-type tray (Dissertation Chapter 4). At least 3 out of 42 total 5 x 5-cm
sections were sampled and then each of those was randomly subsampled using a 5-cm square
Petri dish divided into 16 subsections. Sorted individuals were identified to SAFIT Standard
taxonomic effort (STE) Level | (Richards and Rogers, 2006) with additional resolution for
Chironomidae (subfamily), Oligochaeta (order/family), Hirudinea (genus), Copepoda (genus),
Cladocera (genus), and Ostracoda (order/family) by EcoAnalysts Inc. Obligate terrestrial
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Coleoptera as well as all pupal and adult Diptera were excluded. To test for quality assurance
three samples were selected for a replicate susbsample and identification.

Environmental and Stressor Variables

To determine how water quality, local physical habitat, landscape, and human- altered
biotic variables affect the macroinvertebrate assemblage, a number of variables were collected in
the field or obtained using geographic information systems (GIS). In the field temperature (°C)
and specific conductance (conductivity calibrated to 25°C) were measured using a YSI MP 556
meter, and pH using Oakton pHTstr 3. Turbidity (NTU) was measured with a HACH 2100P
turbidity meter.

Water samples were collected with a single grab sample within the littoral area of each
wetland. Water samples for total chromium and total lead were stored at 5°C until testing by the
UC Davis DANR Laboratory. Water samples for total dissolved nitrogen (TDN), and total
dissolved phosphorous (TDP) were frozen within 8 hrs of collection, then thawed and filtered
using glass fiber filter (Whatman GF/D 2.7 um) prior to analysis (Cukjati and Seibold, 2010).
The TDN:TDP ratio was calculated as a stoichiometric atomic ratio to evaluate N or P limitation
in the systems (Guildford and Hecky, 2000). A metric for nutrient enrichment was calculated
based on the stoichiometric quantities of primary production that could be created from the
TDN:TDP assuming a 16:1 molar ratio.

The number of invasive predators metric was calculated using field observations and
reports from landowners or managers regarding the presence of (1) introduced Centrarchidae
(e.g., Micropterus spp., Lepomis spp.), (2) Western mosquitofish (Gambusia affinis), (3)
predatory bullfrogs (i.e., Rana catesbeiana), or (4) invasive crayfish (i.e., Pacifastacus
leniusculus, Procambarus clarikii). Native fish such as the Sacramento perch (Archoplites
interruptus) or the three-spined stickleback (Gasterosteus aculeatus) were not counted in the
invasive metric even if they were introduced to the pond because they are native to the region.
Each invasive predator received a score of 1 for presence or 0 for absence. Therefore, the total
score for invasive predators could range from 0 to 4. Also a binary metric based on the presence
of any invasive centrarchrid or G. affinis was created to test for explicit effect of fish
management.

Landscape variables were calculated with ESRI Arclinfo v9.2 or Google Earth (ESRI,
2005; Google Inc., 2009). The effects of landscape variables were assessed at a 1-km radius
surrounding the center point of the wetland. The proportion of urbanization within these zones
(percent urban) and proportion natural (percent natural) was calculated from the National Land
Cover Dataset 2001 dataset (Homer et al., 2004). The NLCD categories of low (code 22),
medium (code 23), and high (code 24) intensity developed were collapsed into a single urban
category. Pond size (surface area) was determined using Google Earth Professional and the most
currently available imagery during the wet season (December-May).

To assess the importance of connectivity to other aquatic habitats two variables were
calculated: (1) the influence of proximate streams measured the stream length from the National
Hydrography Dataset (U.S. Geological Survey and U.S. Environmental Protection Agency,
1999) within each 1-km buffer zone; and (2) the importance of lentic habitats measured the
number of natural or artificial wetlands, ponds, and reservoirs within the 1-km buffer that were
visible in Google Earth imagery obtained during the wet season. Buffers of 1 km in Google Earth
were calculated around the midpoint of the wetland using the GE-Path 1.4.4 extension (Sgrillo,
2009).
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The mean value and standard error for landscape, habitat, and water chemistry variables
were calculated for all continuous data. For binary response variables, data were represented as
percent of ponds with the given variable present.

Species Composition, Diversity, and Abundance: Macroinvertebrates

To determine if the macroinvertebrate assemblage showed distinct differences between
stormwater ponds, stockponds, and natural ponds, assemblage data were compared using
ordination, multi-response permutation procedures (MRPP), analysis of variance (ANOVA), and
t-tests. Nonmetric multidimensional scaling (NMS) ordination was performed on 49 sites based
on Sgrenson/ Bray Curtis distance measures in PC-ORD (McCune and Mefford, 2006). NMS
Ordination criteria were two axis, 250 runs with real data, 300 runs with randomized data, a
stability criterion of < 0.001, 10 iterations to evaluate stability, and a maximum number of
iterations of 250. Raw relative abundance data was natural log transformed (In (x + 1)) prior to
analysis. To limit the noise from rare taxa, taxa that occurred at only one site were excluded if
less than 10 individuals out of the 500 were identified (Van Sickle et al., 2007). Continuous
explanatory variables were shown in ordination space if it was strongly associated with a given
axis based on the squared correlation coefficient (R?) greater than 0.2. Non-normally distributed
explanatory variables were either natural log (In (x)) or arcsine square root transformed

(arcsine(\/;)). Indicator species analysis in PC-ORD (McCune and Mefford, 2006) was used to

identify particular taxa that were statistically more common and abundant within a particular
group based on an indicator value > 20 and p < 0.05 (McCune and Grace, 2002). Pond type was
treated as a categorical variable and compared using MRPP in PC-ORD (McCune and Grace
2002). MRPP is analogous to a nonparametric MANOVA and looks to minimize total variability
in the data by assigning sites to groups. In general, statistically significant A statistics resulting
from ecological data are often < 0.1 although this number can range from 0 (no grouping effect)
to 1 (each group is composed of identical sites) (McCune and Grace, 2002). Tests for differences
among groups with continuous explanatory variables used ANOVA or t-test. Comparisons of
two continuous variables involved ordinary least squares regression.

A general linear model was used to predict macroinvertebrate taxa richness in JMP (JMP,
2010). A total of 21 variables were screened for potential inclusion in this model. Bayesian
information criterion (BIC) was used in testing various models to find the most parsimonious
model and identify the most relevant explanatory variables.

Species Composition and Diversity: Amphibian Assemblage

Amphibian presence or absence of larvae was evaluated at each site using observations
from the same 20 netsweeps used for macroinvertebrates. Metamorphic (i.e., those that emerged
that summer) and adult life stages were sampled visually by inspecting a survey zone 2 min
either direction of the water line (Olson et al., 1997). Additionally, American bullfrogs (L.
catesbeianus) or Pacific chorus frogs (Pseudacris regilla) were identified by breeding calls. If
any life stage of any species was observed, that species was recorded as present. The native
amphibian species richness metric was calculated from these data and bullfrog presence was
incorporated into the invasive predator metric.

A general linear model was used to predict native amphibian species richness (JMP,
2010). A total of 17 variables were screened for potential inclusion in this model. Bayesian
information criterion (BIC) was used in testing various models to find the most parsimonious
model and identify the most relevant explanatory variables.
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Management Effects on Pond Communities: Grazing

To determine if grazing was associated with differences in macroinvertebrate community
composition, the analysis was limited to 31 rural (non-stormwater) sites to remove urban impacts
from the analysis. Reports of grazing history were taken from landowners and property managers
regarding whether cattle or livestock had access to graze around and within the pond for at least
two weeks during that season. This information was incorporated in a binary variable of grazed
or not-grazed. A pond was considered not-grazed if no cattle were in the watershed or cattle were
excluded by a fence surrounding the entire pond with a buffer of at least 3 m. Grazing intensity
was not recorded for this study.

NMS ordination was performed on 31 sites based on Sgrenson/ Bray Curtis distance
measures in PC-ORD (McCune and Mefford, 2006). NMS Ordination criteria were two axis, 250
runs with real data, 300 runs with randomized data, a stability criterion of < 0.001, 10 iterations
to evaluate stability, and a maximum number of iterations of 250. Raw relative abundance data
was natural log transformed (In (x + 1)) prior to analysis. To limit the noise from rare taxa, taxa
that occurred at only one site were excluded if less than 10 individuals out of the 500 were
identified (Van Sickle et al., 2007). Continuous explanatory variables were shown in ordination
space if it was strongly associated with a given axis based on the squared correlation coefficient
(R?) threshold of 0.25. Non-normally distributed explanatory variables were either natural log
transformed or arcsine square root transformed (for proportions). Indicator species analysis in
PC-ORD (McCune and Mefford, 2006) was used to identify particular taxa that were statistically
more common and abundant within a particular group based on an indicator value > 20 and p <
0.10 (McCune and Grace, 2002). The 16 non-grazed ponds were compared to the 15 grazed
ponds using MRPP in PC-ORD (McCune and Grace, 2002). In JMP, a t-test was used to
examine how grazing affected macroinvertebrate richness, biomass, nutrient levels, and nutrient
ratios, and chi-squared tests to examine if grazing was associated with the presence of invasive
bullfrogs (JMP, 2010).

Management effects on Pond Communities: Invasive Fish Stocking

To determine how the introduction of invasive fish affected macroinvertebrate
community composition, the analysis was limited to non-urban perennial stockponds or natural
ponds (n=13). Criteria to classify invasive fish were described previously. The data from the
NMS ordination of the 49 sites was used for the MRPP analysis of only the 13 perennial ponds
comparing the 6 fishless ponds and the 7 ponds with invasive fish using PC-ORD (McCune and
Grace, 2002). Indicator species analysis in PC-ORD (McCune and Mefford, 2006) was used to
identify particular taxa that were statistically more common and abundant within a particular
group based on an indicator value > 20 and p value < 0.05 (McCune and Grace, 2002). | used t-
tests to examine how fish presence affected macroinvertebrate richness and biomass as well as
native amphibian species richness. A Chi-squared test was used to determine if the presence of
the invasive American bullfrog was associated with the presence of invasive fish.

RESULTS
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Stormwater ponds, stockponds, and natural ponds varied in their water chemistry,
physical habitat, and landscape variables (Table 3.1). For example, stormwater ponds tended to
be larger, perennial, and to occur at lower elevations with less average rainfall than natural ponds
or stockponds. Natural ponds tended to the smaller, shallower, and to occur in a landscape with
more surrounding ponds. Natural ponds were more likely to be seasonal, i.e., the ponds dry out
sometime between May and September each year. In terms of potential stressor variables,
stormwater ponds were surrounded by more urban land and had the most invasive predators,
highest specific conductance, and highest molar productivity. Stockponds were similar to natural
ponds except for having the lowest turbidity levels and slightly more invasive predators.

Species Composition, Diversity, and Abundance: Macroinvertebrates

A diverse and abundant macroinvertebrate complex was identified across all pond types.
In total, 157 macroinvertebrate taxa were identified at 49 ponds. On average, each pond
supported 19.6 taxa and richness ranged from 6 to 36 taxa per site. The most common taxa
overall were the water flea Simocephalus, chironomid midges (subfamilies Chironominae and
Orthocladiinae), and damselflies (Coenagrionidae). The most abundant taxa overall was
Simocephalus, which was present in 26% of the overall samples. In general, crustaceans
(zooplankton) were more abundant than insects, snails, or worms (Table 3.2).

Macroinvertebrate taxa richness was partially predicted by three environmental variables
(annual average precipitation, pond surface area, and elevation), which together explained 37.9
% of the variation in the data (F = 9.2, p < 0.001). Although macroinvertebrate diversity and
richness differed slightly between pond types, there were no significant differences between
them. There also were no significant differences in taxonomic richness between the three pond
classes (p = 0.67; Table 3.3). Taxonomic richness showed a positive but weak relationship with
wetland size (p = 0.1) and was not correlated with percent of the wetland classified as littoral (p
=0.5).

Macroinvertebrate density varied substantially between the 49 ponds, but these
differences were not associated water chemistry or pond class. Macroinvertebrate density ranged
from 47 to 10,781 individuals/m? (median = 2071). Although total macroinvertebrate density
differed slightly between pond types (Table 3.3), these differences were not significant (p = 0.7).
Macroinvertebrate density was also not significantly associated with changes in TDN, TDP,
Redfield Ratio (molar TDN:TDP), or molar productivity (p > 0.7).

The composition of macroinvertebrate assemblages observed at the three pond types
showed distinct differences. For example, the NMS ordination identified significant clustering of
taxa between stormwater ponds, stockponds, and natural ponds (Fig. 3.2; MRPP: A=0.16; p <
0.00001). According to indicator species analysis, water boatmen (Corisella sp., Cenocorixa sp.,
Trichocorixa sp.), oligochaete worms (Lumbriculidae and Culicidae), chironomid midges
(Orthocladiinae), and springtails (Isotomidae) were unique to stormwater ponds. Stormwater
ponds also supported a few taxa that were specifically more common and abundant in rural
artificial habitats. In contrast, stockponds were more likely to support planorbid snails (Helisoma
sp.), mayflies (Callibaetis sp.), damselflies (Libellulidae, Coenagrionidae), beetles (Haliplus
sp.), water fleas (Macrocyclops sp.), and chironomid midges (Tanypodiinae). Lastly, natural
ponds favored a different type of planorbid snail (Mentus sp.), water fleas (Moina sp.), clam
shrimps (Lynceus brachyurus), copepods (Letpodiaptomus sp.), and phantom midges
(Chaoborus sp.). The most common taxa found at each of these pond classes was similar to the
most common taxa overall (Table 3.4).
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Overall, landscape variables (i.e., elevation, percent natural, percent urban, number of
ponds within 1 km) were the most common continuous explanatory variables in the NMS
ordination of 49 sites (Fig. 3.2). Specific conductance was associated with sites on the right side
of the ordination, which were stormwater ponds. The percent of littoral pond vegetation was a
significant variable in the model and tended toward stockponds and natural ponds. Sample date
was an important factor in the ordination, suggesting that the order of pond sampling or natural
phenology could be affecting composition. Lastly, native amphibian richness was strongly
associated with axis 1 and showed an increase among stockponds. Therefore, most water
chemistry (e.g., nutrients, heavy metals) and pond structure (e.g., mean depth, size, and percent
littoral) variables were not associated with biological differences in this model.

Rare taxa that are adapted to annual pond desiccation were encountered at seasonal
ponds. For example, one species of fairy shrimp (Linderiella occidentalis) was identified from a
natural, seasonal pond. Likewise, two genera of clam shrimp (i.e., Cyzicus sp., Lynceus sp.) were
identified in four samples, three of which were natural ponds and the fourth was a seasonal
stockpond. Fingernail clams (Sphaeriidae), also a rare taxa, were observed at five sites, two
stockponds and three natural ponds.

Mosquitoes (Culicidae) were uncommon in all pond types, and were detected at only 9
out of 49 ponds (18%). In general, average abundance when present was 6 individuals /m? (range
1 -150). Although stormwater ponds are the habitat types most likely to produce vectors that
can transmit diseases between humans because of their proximity to large population centers,
only 3 of the 18 stormwater ponds supported a detectable mosquito population. Further, no
significant differences in mosquito density were observed between the three pond classes (p =
0.4, Table 3.3).

Species Composition and Diversity: Amphibians

Amphibian presence and diversity varied according to pond class (Table 3.5). Amphibian
species richness was highest in the stockponds, whereas richness in both natural and stockponds
was significantly greater than stormwater ponds (p < 0.0001). Of the 7 native pond breeding
amphibian species in this region, 6 were encountered in this study (Table 3.5). In general the
ponds supported a median of 1 species, with individual sites supporting O to 4 native species. The
Pacific chorus frog (P. regilla) was the most common amphibian (67% of sites), followed by the
California newt (Taricha torosa) at 41% of sites, western toad (Bufo boreas) at 16% of sites,
California red-legged frog (Rana draytonii) at 8% of sites, the California tiger salamander
(Ambystoma californiense) at 4% of sites, and the western spadefoot toad (Spea hamondii) at 2%
of sites (Table 3.5). The rough skinned newt (Taricha granulosa) was not sampled in this study
although it can be found in this region in natural and created ponds (Kuchta, 2005, P. Johnnson
unpubl. data). The most common amphibian at stormwater ponds was P. regilla, and both P.
regilla and T. torosa were common at stockponds and natural ponds. The invasive American
bullfrog (R. catesbeiana), which is native to the midwestern US (Stebbins, 2003), was
encountered at 27% of sites. Of the 14 bullfrog occurrences, only two were in natural ponds
while 4 were observed in stormwater ponds and 8 in stockponds. Bullfrogs were rarely observed
in seasonal ponds which dry once a year, and the two observations seasonal ponds were of adults
as opposed to the larval (i.e., tadpole) life stage that would indicate successful reproduction.

Amphibian species richness was largely predicted by three environmental variables. A
stepwise general linear regression model screening 17 potential explanatory variables related to
basic water quality (pH, specific conductivity, and turbidity), landscape variables (number of
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ponds, percent urban, and percent natural within in 1 km), heavy metals (chromium, copper),
nutrients (Redfield ratio, molar productivity), vegetation (percent vegetation in littoral and whole
pond), and pond structure (pond size, hydrology, number of invasive predators, percent littoral,
and littoral slope). The model with the lowest BIC included three variables which explained
43.6% of the variance in amphibian species richness (F = 13.0, p < 0.001). The order of
importance in the model was percent natural, specific conductance, and number of invasive
predators. Number of invasive predators and specific conductance were negatively correlated
with richness, while percent of natural area within a 1-km buffer of the pond was positively
correlated with richness.

Management Effects on Pond Communities: Cattle grazing

Pond grazing by livestock was associated with significant differences in both the
macroinvertebrate and amphibian communities. For example, the NMS ordination of the 31 rural
ponds showed a mild difference in community composition between the grazed ponds (n = 15)
and non-grazed ponds (n = 16), a difference confirmed by MRPP analyses (A = 0.047, p < 0.025;
Fig. 3.3). Indicator species analysis identified five taxa unique to non-grazed ponds: water fleas
(Simocephalus sp., Ceriodaphnia sp.), water mites (Acari), damselflies (Lestes sp.), and calanoid
copepods (Acanthocyclops sp.). In contrast, no taxa were identified as unique in grazed ponds.
The difference in taxonomic richness between grazed (23) and non-grazed (16) ponds trended
toward significance (t =-1.7, p = 0.1); however, grazing showed no association with differences
in macroinvertebrate abundance (t = 0.04, p = 0.97). Grazing was not associated with increased
nutrient levels as measured by TDN, TDP, the Redfield ratio, or the productivity score (p > 0.2),
but grazed ponds did have significantly higher turbidity (t = 3.1, p < 0.005). MRPP of rural
ponds identified a strong and significant difference between perennial and seasonal ponds (A =
0.11, p < 0.001).

Grazing was positively associated with native amphibian species richness. Among the
same 31 rural ponds, grazed ponds had a mean amphibian diversity of 2.6 compared to 1.6 at
non-grazed ponds (t = 2.2, p = 0.035). Grazing showed no significant association with invasive
bullfrog presence (x2 = 0.08, p = 0.78).

Management Effects on Pond Communities: Invasive Fish

The introduction of non-native sunfish (Centrarchidae) for sport fishing or vector control
(Gambusia affinis) was associated with differences in macroinvertebrate community structure.
Macroinvertebrate community composition at ponds with non-native fish (n=6) and ponds
without (n=7) were visibly distinct according to the NMS (Fig. 3.4). Although the MRPP group
analysis found a moderate A statistic for this difference, the statistical probability was greater
than 0.05 (A = 0.07, p = 0.08). According to the indictor species analysis, ponds without invasive
fish had more cladocerans (Simocephalus sp), backswimmers (Notonectidae), and water mites
(Acari), all three of which commonly use open water. In contrast, the ponds with invasive fish
had a greater number of tanypodine midges, which generally reside in sediment. Although
macroinvertebrate density was 50% less in ponds with invasive fish, this difference was not
statistically significant (t = -1.15, p = 0.27). Macroinvertebrate richness in ponds with fish (20.7)
was not significantly different in ponds without (23.3) (t = -0.65, p = 0.52).

The amphibian community showed negative associations to introduced invasive fish
within the 13 non-urban perennial ponds. In terms of diversity, a small difference in native
amphibian richness was observed between ponds with fish (2.2) and those without (1.6), yet this

78



difference was not statistically significant (t = - 0.9, p = 0.37). In contrast, the invasive American
bullfrog was significantly more common at ponds with invasive fish than those without (32 = 6.2,
p < 0.013). Of the seven perennial non-urban ponds with bullfrogs, six supported invasive fish,
which included both invasive sunfish and mosquitofish at four ponds and just mosquitofish at
two.

DISCUSSION

This study examined the macroinvertebrate and amphibian communities found in two
types of created ponds (stormwater ponds and stockponds) and compared these findings to
natural ponds. In general this study identified a wide array of lentic taxa by sampling among
pond vegetation, along the benthos, and throughout the water column in within each pond.

Differences Between Pond Classes: Macroinvertebrates

Stormwater ponds, stockponds, and natural ponds supported significantly different
macroinvertebrate communities, differences associated with environmental variables, the
majority of which were landscape level factors (Fig. 3.2). Specific conductance was highest in
stormwater ponds, indirect evidence of poor water quality in these habitats due to higher
concentrations of salts, nutrients, and other ionic compounds coming from return irrigation water
and urban runoff; elevated conductivities have been linked to changes in invertebrate diversity
and community structure through both direct and indirect effects (reviewed in Adamus et al.,
2001; Makepeace et al., 1995). Stormwater ponds had the most invasive predators (fish or
crayfish), contained the highest levels of productivity based on nutrient stoichiometry, and were
perennial, additional factors that can potentially alter macroinvertebrate community structure
(Della Bella et al., 2005; Knapp et al., 2001; Solimini et al., 2008; Trigal et al., 2009). In terms of
macroinvertebrates, stormwater ponds had more worms, leeches, and water boatmen, taxa
considered to be indicative of poor ecological condition (Adamus et al., 2001; U.S. EPA, 2002).
According to the NMS ordination, there was almost no overlap between the cluster of
stormwater sites and the natural ponds, indicating that the communities found at these sites was
significantly different from stockponds and natural ponds, a result supported by MRPP analysis
(Fig. 3.2). The four stormwater ponds with the biological communities most similar to natural
ponds shared some similarities in that they were small (< 0.3 ha), have shallow littoral slopes,
and support a higher degree of emergent vegetation emergent vegetation (e.g., Typha spp.,
Scirpus spp., Eleocaris spp.).

Stockponds also supported macroinvertebrate assemblages that differed from stormwater
ponds but were more similar to natural ponds (Fig. 3.2). Stockponds tended to be small (< 0.2
ha) and deep (> 1 m) with moderate levels of invasive predators, and, surprisingly, the lowest
productivity levels. However, in most respects, the environmental variables at stockponds and
natural ponds were similar. Stockponds were the most likely ponds to support relatively large
numbers mayfly and damselfly genera. These taxa are part of the Ephemeroptera-Odonata-
Trichoptera (EOT) indicator, which is a common metric of pond biomonitoring programs that
indicate a high level of ecological integrity (Helgen and Gernes, 2001, Dissertation Chapter 4).
The moderate similarity between stockponds and natural ponds demonstrates that stockponds
have higher conservation value than stormwater ponds. Of the five stockponds that supported a
community most similar to natural ponds, four were seasonal and none were grazed by cattle.

79



Natural ponds tended to the smallest, shallowest habitats and typically would dry out
seasonally. The five taxa most likely to be found at natural ponds did not share any pattern in
functional feeding group or habitat association. Still, the general taxonomic associations across
all three pond types can be used to develop metrics to determine how similar created ponds are to
natural ones. The four vernal pools from the Central Valley and one from the North Coast
showed the most dissimilarity from the other natural ponds, suggesting that duration of time the
pond was dry will affect the macroinvertebrate assemblage. Unfortunately, the specific time of
inundation could not be determined for every site in order to examine the hydroperiod
relationship further. The two natural ponds with the most overlap with stormwater ponds and
therefore assumed to have the worst condition were large perennial ponds, one of which was near
an urban area and both contained large populations of invasive centrarchids and mosquitofish.

In terms of macroinvertebrate richness, the three variables with predictive power were all
natural landscape or habitat variables. Therefore, attempts to maximize overall invertebrate
diversity based on local habitat restoration or water quality improvements may not yield
significant improvements in this metric. Macroinvertebrate richness showed a slight association
with pond size as would be predicted by typical species-area relationships, and pond size was a
significant predictor of taxa richness when incorporated in the general liner model with other
parameters. Therefore, the weak species-area relationships identified in this study is similar to
that reported by Oertli et al. (2002) which did not identify a size-area relationship for most taxa
except odonates.

Differences Between Pond Classes: Amphibians
This study provides strong evidence that stockponds have a significant

conservation value for amphibians in this region. Amphibian species richness was highest in the
stockponds, whereas richness in both natural and stockponds was significantly greater than
stormwater ponds (Table 3.5). Overall, Pacific chorus frogs and California newts were the most
commonly encountered species and were found at most natural ponds and stockponds, which is
expected because these species are both common and abundant throughout their ranges (Jennings
and Hayes, 1994; Kuchta, 2005; Rorabaugh and Lannoo, 2005). These results reinforce
anecdotal reports in California, which state that stockponds can support a diverse amphibian
assemblage.

Amphibian richness across all sites increased in response the percent of natural habitat
(non urban, non agricultural) in the 1 km surrounding landscape, and decreased in response to
specific conductance and invasive predators. The invasive predator metric was composed of two
classes of fish: sunfish (Centrarchidae), which have been shown to have negative effect on most
amphibians (Adams, 2000; Boone et al., 2007; Kiesecker and Blaustein, 1998; Schilling et al.,
2009; van Kleef et al., 2008; Werner and McPeek, 1994); and western mosquitofish (Gambusia
affinis), which have been shown to negatively affect California red-legged frogs (Lawler et al.,
1999). The predator metric also included crayfish, which have been shown to negatively affect
amphibian populations (Kats and Ferrer, 2003; Riley et al., 2005; Rodriguez et al., 2005), and
invasive American bullfrogs, which prey on native amphibians in the Western United States
(Hayes and Jennings, 1986; Kiesecker and Blaustein, 1998; Lawler et al., 1999). Other studies
have also observed reductions in amphibian populations with increasing specific conductance
(Hamer and Parris, 2011; Karraker et al., 2008; Simon et al., 2009; Stumpel and van der Voet,
1998) . Specific conductance was highest in stormwater ponds, which might be a contributing
factor why amphibians were rare in that pond type. Landscape factors such as percent natural
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within buffer zones around ponds has been identified as an important amphibian predictor in
many regions (Loman and Lardner, 2006; Ostergaard et al., 2008; Simon et al., 2009). In
addition, studies have shown that many stressors can act in a compounding manner on amphibian
populations (e.g., Boone et al., 2007; Kiesecker and Blaustein, 1998; Reeves et al., 2010).

Rare amphibian species were encountered in this survey, and were present at created
wetlands. Of the four sites with California red-legged frogs, three were artificial: two stockponds
and one stormwater pond. California red-legged frogs are known to use stockponds (U.S. Fish
and Wildlife Service, 2002) and have also been known to colonize water treatment ponds
treatment (K Lunde, unpublished data). However, the presence of an endangered species at
stormwater and treatment ponds can cause a conflict between pond management and safeguards
against endangered species. Endangered California tiger salamanders were encountered at two
sites in this survey, both of which were natural vernal pools. So this species appears to use
created habitats less often than California red-legged frogs.

Effects of Pond Management: Cattle Grazing and Introduced Fish

Cattle grazing is a managed activity around wetlands that is generally perceived to
negatively impact ecological condition, and there is evidence of this effect (e.g., Jansen and
Healey, 2003; Knutson et al., 2004). In Belgium, farm ponds were found to have high
conservation value when cattle access was limited (Declerck et al., 2006). However, other
studies have shown mixed results from grazing depending on the amphibian focal species (Bull
et al., 2001; Bull and Hayes, 2000; Burton et al., 2009; Schmutzer et al., 2008). In California,
recent studies indicate that grazing of vernal pools increases the hydroperiod (time the pond is
covered with surface water) long enough to significantly increase the acreage of suitable
breeding habitat for the endangered California tiger salamander (Marty, 2005; Pyke and Marty,
2005).

In this study, cattle grazing showed significant associations with both macroinvertebrate
and amphibian assemblages. In particular, ponds that were grazed had higher native amphibian
species richness. In terms of macroinvertebrates, the effect of grazing was visible on the
macroinvertebrate community, but the results were inconclusive whether the effect was positive
or negative. Lestes, a genus of damselfly (Odonata) that are a component of the EOT metric used
as a indicator of good wetland condition, was more common in non-grazed ponds. However,
three of the other indicator taxa of non-grazed ponds were microcrustaceans, which are generally
not sampled in wetland monitoring programs in the US, so there are no data to reinforce if the
absence of these taxa should be considered a negative ecological effect. Microcrustaceans have
been useful indicators of good wetland condition when used as a total abundance or richness
metric (Boix et al., 2005), but others have found this assemblage to be unresponsive to cattle
grazing (Bagella et al., 2010). Therefore, it is difficult to interpret the potential effect of grazing
on microcrustaceans without more local data. Grazed ponds had slightly higher
macroinvertebrate taxonomic richness, yet this difference was statistically inconclusive. Grazing
was not associated with impacts to water quality, and thus does not appear to be causing
eutrophication problems. Cattle presence did increase turbidity, a pattern observed in other
studies (Schmutzer et al., 2008). It is important to note that grazing levels in this study were on
the low end of the spectrum because ponds within open space districts and reserves had grazing
management plans that prevent overgrazing.

The presence of introduced fish had mild impacts on both the macroinvertebrate and
amphibian community among perennial ponds. Although the ordination figure and MRPP
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analysis showed what appears to be a biologically meaningful association with fish presence
(Fig. 3.4), the difference was not statistically significant, which is likely a result of the small
sample size (n=13). The three indicator species at fishless ponds use open water, and would be
useful taxa to quantify as potential metric for an index of biotic integrity designed to quantify
this stressor. Invasive bullfrogs were more common in ponds with introduced fish primarily as a
result of these ponds being perennial, but this observation could also be related to their increased
ability to colonize ponds where sunfish are present because sunfish eat dragonflies, which also
are predators of larval bullfrogs (Werner and McPeek, 1994). Although the amphibian species
richness metric did not significantly decrease in response to binary fish presence metric, the
number of invasive species metric (which incorporates centrarchids, mosquitofish, crayfish, and
bullfrogs) was significantly related to a decrease in amphibian richness when assessed in a
general linear model. Therefore, the simple presence/absence metric for invasive fish was not
highly sensitive, and future studies could collect fish abundance to better quantify the fish
community.

Conservation Implications for Created Wetlands

A wide variety of created wetlands can provide habitat for aquatic species assemblages.
For example, rice fields can provide habitat for waterfowl and wading birds (e.g., Elphick and
Oring, 1998; Fasola and Ruiz, 1996), golf course ponds can provide valuable habitat to
amphibians and invertebrates (Colding et al., 2009), and even roadside ponds can support
abundant dragonfly, damselfly, and amphibian populations (Scher and Thiery, 2005). However,
the conservation value of these created wetlands can depend on pond management as well as
particular habitat, water chemistry, and landscape factors, some of which can be affected through
restoration activities.

Recent studies have found that stormwater ponds have similar levels of amphibian
diversity as natural ponds when a proportion of the surrounding landscape remains undeveloped
(Ostergaard et al., 2008; Simon et al., 2009). For example, survey of created wetlands in
England found that created farm ponds were colonized quickly by aquatic plants and
invertebrates, that the amount of shading by riparian areas had a positive binomial effect on
invertebrate diversity, and that fish stocking with low densities of trout had a mild effect on
invertebrates (Gee et al., 1997). In regards to agricultural ponds, research in Minnesota showed
that amphibian species richness at agricultural ponds was similar to natural ponds when the
ponds were small and fish and cattle were absent (Knutson et al., 2004). A recent survey of
livestock ponds in Europe concluded that created stockponds could be viable amphibian
conservation habitats, even supporting rare species, but that cattle access to the pond did reduce
water quality and habitat condition especially in late summer (Canals et al., 2011)

This study demonstrated that stockponds within Northern California are ecologically
valuable aquatic resources for both amphibians and macroinvertebrates, and that light cattle
grazing had a positive effect on amphibian diversity, while introduced invasive fish had a mild
negative effect on the macroinvertebrate assemblage. Hydroperiod was an important variable that
directly affected macroinvertebrate populations and amphibians in rural ponds, and can be
manipulated in some wetlands. Perennial ponds generally supported bullfrogs and were often
stocked with introduced fish, both of which have demonstrated negative impacts on native
amphibians including the endangered California red-legged frog (Lawler et al., 1999). Therefore,
allowing these created ponds to dry down once every few years would 1) prevent breeding
populations of bullfrogs from becoming established, 2) remove any invasive fish if the pond

82



were stocked, and 3) potentially provide the necessary environmental signals to allow egg
hatching for populations of fairy shrimp or clam shrimp.

Stormwater ponds were found to have limited conservation value for amphibians and
invertebrates in this study. This research provides some evidence that increased emergent and
submergent vegetation in stormwater ponds will provide structure and habitat heterogeneity,
which can foster macroinvertebrate communities more similar to natural ponds. However, the
poor water quality (conductivity and nutrients), invasive species, rapidly changing
hydrodynamics, limited aquatic connectivity may prevent these habitats from ever becoming
ecological resources.

Mosquitoes were rare in both stormwater and stockponds, indicating that the risk of
human and wildlife disease by vectors from these habitats is low. Vector control played an
important role in reducing mosquito populations in stormwater ponds because these habitats
were often monitored and treated with the bacterium Bacillus thuringiensis israeliensis or
Bacillus sphaericus when mosquitoes are discovered (pers. com Alameda County Mosquito
Abatement District, Contra Costa Mosquito & Vector Control District, Marin-Sonoma Mosquito
& Vector Control District, Sacramento-Yolo Mosquito & Vector Control District).

Results and conclusions from this study are based on observations of correlation, and
future experimental research is required to demonstrate causal relationships. However, small
scale experiments in aquatic systems tend to lack the ecological realism to be useful in predicting
whole ecosystem effects (Carpenter, 1996; Schindler, 1998). Although, it is possible that the
absence of lentic taxa could be related to dispersal limitations and colonization processes,
because ponds were generally surrounded by at least one stream and one or more ponds within a
1 km radius, dispersal opportunities do not appear to be limited. Macroinvertebrate communities
in ponds are known to change throughout a season (e.g., Trigal et al., 2006), and this succession
might have added noise to this dataset because the sample date was a significant variable in the
ordination. However, despite these limitations, the results strongly indicate the value of
stockponds as aquatic conservation resources within Northern California.
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Figure 3.1. Map of 49 pond sampling locations across 9 counties in Northern California.
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Figure 3.2. NMS ordination of all 49 sites by pond class (final stress = 23.5, instability <
0.0009). Axis 1 and 2 explain 28.4% and 44.6% of the variability in the data (total R* = 72.9).
The length of vectors of stressors included on this diagram show the association with the
biological community. All vectors with an R? > 0.20 with either axis are shown. MRPP showed a

significant difference in the biological community between stormwater ponds, stockponds, and
natural ponds (A = 0.16, p <0.00001)
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(final stress = 20.4, instability < 0.0004). Axis 1 and 2 explain 53.4% and 22.1% of the
variability in the data (total R*= 75.5). The length of vectors of stressors included on this

diagram show the association with the biological community. All vectors with an R* > 0.25 with

either axis are shown. MRPP identified a significant difference in the variation of the

macroinvertebrate community between ponds that were grazed and ungrazed (A = 0.047, p <

0.025).
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Figure 3.4. Stressor ranking and identification in NMS ordination space from ordination analysis
of 49 sites (final stress = 23.1, instability < 0.0009). Axis 1 and 2 explain 28.4% and 44.6% of
the variability in the data (total R*= 72.9). MRPP found a moderate difference in the biological
community from 13 perennial ponds with invasive fish (n=6) compared to those without (n=7),
yet this difference was marginally significant (A = 0.07, p < 0.08).
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CHAPTER 4
DEVELOPMENT AND VALIDATION OF A MACROINVERTEBRATE INDEX OF BIOTIC INTEGRITY

(IBI) FOR ASSESSING ECOLOGICAL CONDITION OF NORTHERN CALIFORNIA FRESHWATER
WETLANDS
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Development and validation of a macroinvertebrate index of biotic integrity (1BI) for
assessing ecological condition of Northern California freshwater wetlands

Abstract

Despite California policies requiring assessment of ambient wetland condition and
compensatory wetland mitigations, no intensive monitoring tools have been developed to
evaluate freshwater wetlands within the state. Therefore, we developed standardized, wadeable
field methods to sample macroinvertebrate communities and evaluated 40 wetlands across
Northern California to develop a macroinvertebrate index of biotic integrity (IBI). A priori
reference sites were selected with minimal urban impacts, representing a best-attainable
condition. We screened 56 macroinvertebrate metrics for inclusion in the IBI based on
responsiveness to percent urbanization. Eight final metrics were selected for inclusion in the IBI:
% 3 dominant species; scraper richness; % Ephemeroptera, Odonata, and Trichoptera (EOT);
EOT richness; % Tanypodinae/Chironomidae; Oligochaeta richness; % Coleoptera; and predator
richness. The IBI (potential range 0 to 100) demonstrated significant discriminatory power
between the reference (mean=69) and impacted wetlands (mean=28). It also declined with
increasing percent urbanization (R*=0.53, p <0.005) among wetlands in an independent
validation dataset (n=14). The IBI was robust in showing no significant bias with environmental
gradients. This IBI is a functional tool to determine the ecological condition at urban (stormwater
and flood control ponds), as well as rural freshwater wetlands (stockponds, seasonal wetlands,
natural ponds). Biological differences between perennial and non-perennial wetlands suggest that
developing separate indicators for these wetland types may improve applicability, although the
existing data set was not sufficient for exploring this option.

Key words: IBI, lentic, pond, bioassessment, aquatic biomonitoring, multimetric index
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INTRODUCTION

Biological monitoring has been successfully used to evaluate ecological integrity within a
broad array of aquatic ecosystems and is an important component of programs that have
previously focused on physical or chemical assessments (Resh, 2007; Yoder and Rankin, 1998).
Biomonitoring is effective because aquatic organisms are cumulative indicators of overall
environmental conditions, responding not only to pollutants but to changes of in-stream and
watershed physical habitat conditions, which are difficult to assess with traditional chemical and
toxicity monitoring tools (e.g., Rosenberg and Resh, 1993a). Programs to detect ecological
impacts to streams and rivers that utilize biomonitoring methods have become well established
world-wide (Barbour et al., 1999; Hering et al., 2004; Resh, 2007; Smith et al., 1999). A
common approach has been to develop multimetric indicators commonly referred to as an index
of biotic integrity (IBI) (Barbour et al., 1999; Carter et al., 2006; Karr and Chu, 1999).

Macroinvertebrates, including insects, snails, crustaceans, and worms, are the most
commonly used indicator for aquatic biomonitoring in the United States, although some
monitoring programs also use fish, diatoms, or a variety of other organisms (Resh, 2008).
Macroinvertebrates are excellent indicators because the are ubiquitous, abundant, taxonomically
diverse, and exhibit a wide range of tolerance to various stressors (Rosenberg and Resh, 1993b).
Moreover, the macroinvertebrate community is responsive to multiple types of stressors
including urbanization, agriculture, nutrients, sediment, and water diversions (e.g., Adamus et
al., 2001; Berkman et al., 1986; Purcell et al., 2009; Rosenberg and Resh, 1993a; Roy et al.,
2003; Smith et al., 2007). Besides being effective indicators, aquatic macroinvertebrates are an
important food-base for vertebrates such as amphibians and waterbirds (Batzer and Wissinger,
1996; Murkin, 1989) and provide an essential energy subsidy for terrestrial ecosystems (Nakano
and Murakami, 2001). Therefore, macroinvertebrates provide a direct measurement of many of
the beneficial uses that must be supported under state and federal legislation (e.g., Clean Water
Act, Porter-Cologne Act) and thus offer a useful and rational approach to aquatic ecosystem
assessment.

Biomonitoring protocols based on lentic macroinvertebrates have been successfully
applied in many localities to determine the ecological conditions of wetlands, ponds, and lakes.
In Europe, for example, the Water Framework Directive has spurred efforts to develop indices
that respond to various anthropogenic stressors (e.g., Boix et al., 2005; Solimini et al., 2008).
Minnesota (Gernes and Helgen, 2002) along with some US states (U.S. EPA, 2003) have pilot
tested and developed biomonitoring protocols for wetland habitats. The U.S. EPA (1998,2002a)
has also established guidelines to assist states with developing locally relevant lentic monitoring
programs. Such field protocols and corresponding biological indicators are designed to assist
with Clean Water Act (CWA) 303(d) listings of impairment, CWA 305(b) National Water
Quality Inventory Report to Congress, as well as CWA 401 certifications (Brown et al., 2005).

California lacks an intensive wetland bioassessment tool to support environmental
monitoring and regulatory programs. Although macroinvertebrate indicators for stream habitats
have been developed for many regions (Herbst and Silldorff, 2009; Ode et al., 2005; Rehn et al.,
2005,2008), ponds, marshes, and wetland habitats are not intensively monitored despite the
708,000 hectares of freshwater wetlands throughout the state (National Resouces Agency, 2010).
Existing wetland assessment tools such as the California Rapid Assessment Method (CRAM)
(Collins et al., 2008; Stein et al., 2009; Sutula et al., 2006) provide an assessment of general
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condition, but may not be sensitive to water quality or water chemistry perturbations. Thus, a
macroinvertebrate-based bioassessment indicator for wetland habitats would provide a much
needed tool and be used to validate existing rapid assessment protocols.

This study was designed to determine if macroinvertebrates could be used as an
integrative indicator of the ecological condition of Northern California wetlands. We sought to
develop an IBI that was suitable across a range of lentic habitats and could apply to both
artificial (i.e., stormwater, irrigation reservoirs, stockponds) and natural (i.e., ephemeral
wetlands, and ponds) ecosystems. The three main goals of this study were to: (1) develop
standardized macroinvertebrate collection and physical habitat assessment methods that were
rapid (< 4hs) and applicable across diverse habitat types; (2) develop a macroinvertebrate-based
indicator of biotic integrity (IBI) to determine aquatic condition of lentic ecosystems in
California; (3) evaluate the accuracy, bias, and precision of the IBI; and (4) determine how well a
macroinvertebrate-based IBI could serve as an indicator for other pond assemblages (i.e.,
amphibians) in these habitats.

METHODS

Site Selection

The sampling region of this study encompassed eight counties within the Central and
Northern Coast of California (Fig. 4.1). A total of 40 sites were selected by targeted sampling to
encompass a wide range of natural variability and anthropogenic stressors, with a focus on
capturing an urbanization gradient. Habitats included seasonal wetlands, natural ponds, stock
ponds, stormwater retention ponds, and flood control basins. These habitats were hydrologically
isolated (i.e., not riparian or connected via a floodplain) freshwater systems with salinities less
than 6 ppt. Site selection focused on small wetlands, generally 0.1 - 2 hectares in size. Samples
were collected in 2007 (n = 4), 2008 (n = 3), and 2009 (n = 33).

In order to limit the effects of seasonality (i.e., intra-annual variability), we restricted
sampling to a specific index period, as is recommended for aquatic macroinvertebrate
biomonitoring protocols in streams and wetlands (Barbour et al., 1999; Trigal et al., 2006).
Sample dates of the main study were restricted to late spring and summer (May 10 — July 13), at
which time most macroinvertebrates captured would be large enough to identify but most taxa
would not have already emerged.

Development of Field Sampling Protocols

To determine the number of macroinvertebrate collection sweeps and area to sample at
each site, a pilot study was undertaken at Hog Lake, a seasonal wetland in Mendocino County in
2007. Samples were collected with a 500-pm D-frame dipnet on 22 May, 2007 and 3 June, 2007.
On each date, 10 individual sweeps (each 1 m long) were taken. All collected macroinvertebrates
were stored in alcohol in the field and every individual was identified to family (order for micro-
crustaceans), and the data were kept separate by sweep.

Similarity among the macroinvertebrate community found in each sweep was compared
using three methods. The first was a (1) A Percent Similarity Index (PSI) calculated by the

10

equation PSI = Zmin( Ppii, pik) x 100 where pj;, is the proportion of individuals for species i at
j=1

sweep combination j, pi is the proportion of species i when grouping all 10 sweeps (Wolda,
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1981). The second and third similarity comparisons involved calculating the dissimilarity index
based on Bray Curtis/Serensen distance and a liner correlation matrix calculated with PC-ORD
(McCune and Mefford, 2006).

Macroinvertebrate Sampling and Laboratory Methods

Freshwater wetlands were sampled to determine the composition of the overall aquatic
macroinvertebrate community, which including all crustaceans greater than 500 um, mollusks,
and insects. Macroinvertebrates were sampled using 20 active netsweeps with a 500-pm D-frame
dipnet by the same person (KBL). Each sweep involved a 1 m long pull that sampled organisms
through the water surface, limnetic zone, and benthic zone, thereby sampling neuston,
nekton/zooplankton, and benthos respectively. In total, the sampling encompassed 6 m* of pond
area, collected at various depths throughout the littoral zone.

Macroinvertebrates were collected using a novel, standardized multi-habitat sampling
approach. We sampled different microhabitats present in lentic habitats in proportion to their
relative abundance because taxonomic groups show strong affinities to vegetation and sediment
structure (e.g., Garcia-Criado and Trigal, 2005; Trigal et al., 2006). Sampling was focused
throughout the wadeable littoral zone because that area was accessible by wading and contains
the majority of species found in lentic habitats (Garcia-Criado and Trigal, 2005; Trigal et al.,
2006). The sampling area was classified into four habitat types prior to sampling: emergent
vegetation (e.g., Typha spp., Scirpus spp., Eleocaris spp.), submerged vegetation (e.g.,
Ceratophyllum spp., Myriophyllum spp., Potamogeton spp.), floating vegetation (e.g., Lemna
spp., Azola spp., algae), and open areas (absence of vegetation). The 20 total samples were
stratified according to percent occupied by the four sample types. For example, if 30% of the
littoral zone was occupied with emergent vegetation, then 6 of the 20 sweeps (30%) were taken
from that habitat class. For wetlands that were very small (0.01 - 0.03 ha), we took a composite
sample based on only 10 total sweeps. In the field, composite macroinvertebrate samples were
double-elutriated to reduce the amount of aquatic vegetation and organic debris in the sample.
Macroinvertebrates were preserved with 95% ethanol in the field for a final concentration of
70%.

In the laboratory, macroinvertebrate samples were randomly subsampled to a fixed count
of 500 organisms and identified to genera. Subsampling was accomplished using a custom-made
30.5 x 35.5 cm Caton-type tray. At least 3 out of 42 total 5 x 5-cm sections were sampled and
then each of those was randomly subsampled using a 5-cm square Petri dish divided into 16
subsections. Picked individuals were identified to SAFIT Standard taxonomic effort (STE) Level
I (Richards and Rogers, 2006) with additional resolution for Chironomidae (subfamily),
Oligochaeta (order), Hirudenia (genus), Copepoda (genus), Cladocera (genus), and Ostracoda
(order/family) by EcoAnalysts Inc. Obligate terrestrial Coleoptera as well as all pupal and adult
Diptera were excluded from the study. To test for quality assurance three samples were selected
for a replicate susbsample and identification.

Environmental and Stressor Variables

To determine how water quality, local physical habitat, landscape, human altered biotic
variables affect the macroinvertebrate community, we recorded a number of variables in the field
or used geographic information systems (GIS). In the field we measured temperature (°C) and
specific conductance (conductivity calibrated to 25°C) using a YSI MP 556 meter, and pH using
Oakton pHTstr 3. Turbidity (NTU) was measured with a HACH 2100P turbidity meter.

104



Water samples were collected from the littoral area within each pond. Water samples for
total Chromium and total Lead were stored at 5°C until testing by the Davis DANR Laboratory.
Water samples for total dissolved nitrogen (TDN), and total dissolved phosphorous (TDP) were
frozen within 8 hrs of collection, then thawed and filtered using glass fiber filter (Whatman
GF/D 2.7 um) prior to analysis (Cukjati and Seibold, 2010). The N:P ratio was calculated as a
stoichiometric atomic ratio to evaluate N or P limitation in the systems (Guildford and Hecky,
2000).

The number of invasive predators metric (N predator) was calculated using field observed
and reports from landowners or managers regarding the presence of (1) any Centrarchidae (e.g.,
Micropterus spp., Lepomis spp.), (2) Western mosquitofish (Gambusia affinis), (3) predatory
larval amphibians (i.e., Rana catesbeiana), or (4) invasive crayfish (e.g., Pacifastacus
leniusculus, Procambarus clarikii). Each invasive predator received a score of 1 for present or 0
for absent. Therefore, the total score could range from 0 to 4.

Landscape variables were calculated with ESRI ArcInfo v9.2 or Google Earth. The effect
of landscape variables were assessed at two spatial scales using concentric buffer zones from the
wetland center point at a “local” (500-m radius), and “watershed ““ (1-km radius) scale because
biological metrics may respond to anthropogenic stressors at various spatial scales (Brazner et
al., 2007). The proportion of urbanization within these zones (percent urban) was calculated from
the National Land Cover Dataset 2001 dataset (Homer et al., 2004). The NLCD categories of
low, medium and high intensity developed were collapsed into a single urban category. Pond size
(surface area) was determined using Google Earth Professional and the most currently available
imagery during the wet season (December-May).

To assess the importance of connectivity to other aquatic habitats two variables were
calculated: (1) the influence of proximate stream habitats measured as the amount of stream
habitat from the National Hydrography Dataset (US Geolgical Survey and US Environmental
Protection Agency, 1999) within each buffer zone; and (2) the importance of lentic habitats
measured as the number of natural or artificial wetlands, ponds, and reservoirs within the 1-km
buffer that were visible in Google Earth imagery from the wet season. Buffers of 1 km were
calculated around the midpoint of the wetland using the GE-Path 1.4.4 extension in Google Earth
(Sgrillo, 2009).

Index of Biotic Integrity (IBI) Development

Successful biomonitoring programs require standardized field methods and indicators
that are both precise and accurate. An ideal sampling method provides a quantitative or semi-
quantitative density estimate and also accurately captures the relative community composition.
Macroinvertebrate indicators, whether an index of biotic integrity or multivariate O/E model,
should be precise (low variability), unbiased towards natural gradients, and respond to
anthropogenic stress gradients (Klemm et al., 2003; U.S. EPA, 2002a). Some univariate metrics
that are typically useful in stream IBIs (e.g., tolerance values, Richness of Ephemeroptera,
Trichoptera, and Plecoptera) are generally not applicable for lentic ecosystems (Helgen and
Gernes, 2001) due to different biota and physiological limitations. Therefore, when developing a
lentic multimetric index or IBI, a wide range of lentic-based metrics are typically explored,
which calculate richness and percent composition of particular taxonomic groups and functional
feeding groups for common taxa (Karr and Chu, 1999).
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Influence of Environmental Variability

Reference sites were identified based on a priori targeted sampling of urban ponds
(n=18) and rural ponds (n=22), with the intention of capturing the full range of an urban
gradient. Reference sites are used as the unperturbed, expected biological community for all
future steps in the IBI development. They represent a “best attainable condition” because
reference sites included both natural and created wetlands (Bailey et al., 2004; Stoddard et al.,
2006). Variables were examined for differences between the reference and test groups using
t-tests for continuous variables or Chi-squared tests for categorical variables.

We assessed if distinct biological groups existed within the reference pool, which
determined if a single IBI was be suitable for the range of sampled lentic habitats (Bailey et al.,
2004). This was done by exploring environmental variability and looking for clustering based on
the macroinvertebrate communities using NMS ordination for all 22 reference sites based on
Serenson/ Bray Curtis distance measures in PC-ORD (McCune and Mefford, 2006). Categorical
variables such as hydroperiod (seasonal vs. perennial), and ecoregion (USDA Forest Service
2006) were compared using multi-response permutation procedures (MRPP) in PC-ORD
(McCune and Grace, 2002). Continuous variables such as average annual rainfall (PRISM
Climate Group, 2010), elevation, wetland average depth, wetland surface area, cumulative
stream length and number of ponds in a 1-km buffer, and sample date (Julian date - mean Julian
date) were ranked using weighted R? values for each ordination axis. Thresholds of importance
for continuous variables were R? value > 0.20, whereas the categorical variable criterion for
MRPP tests was a p value < 0.05.

Metric Selection and Scoring

To test the predictive ability of the IBI, all sites were randomly assigned to either a
development or validation group within this dataset. The development set was used to create the
IBI, which involved identifying metrics responsive to stress, scoring the metrics and calculating
the IBI (Klemm et al., 2003). Therefore, the reference and impacted set (as determined by %
urbanization described above) were divided into a development (14 reference / 12 impacted) and
validation set (8 reference / 6 impacted), which corresponds a 65% development and 35% test set
allocation.

We compiled a list of macroinvertebrate metrics and examined them for appropriateness
to be included in the IBI (Appendix I). Functional feeding group and tolerance value
designations are noted for taxa in Appendix II. Metrics responsive to various anthropogenic
stressors of lentic habitats (lakes and reservoirs, prairie potholes, wetlands) were selected from
the literature as well as from those created by state and federal resource (e.g., Adamus et al.,
2001; Gernes and Helgen, 2002; Tangen et al., 2003; U.S. EPA, 1998,2002b). Metrics were then
calculated and examined using the development dataset (n = 26).

To be included in the IBI, a given metric needed to meet three criteria with the
developmental dataset: 1) correlation with percent urbanization; 2) have adequate range; and 3)
lack redundancy with other significant metrics. The metric needed to show a relationship with
percent urbanization within a 1-km buffer around the pond, which was evaluated using ordinary
least squares (OLS) regression. Selection criteria included identifying a “wedge” or linear
relationship, as well as an R* > 0.10. A wedge-type response is common because a single stressor
may be a generalized limiting factor for a given metric, but the metric is also sensitive to
additional stressors not evaluated in an OLS regression (Carter and Fend, 2005; Purcell et al.,
2009; Thomson et al., 1996). The minimum range criteria was that each metric must support at
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least three categories of scoring as has been used in other wetland metrics (Gernes and Helgen,
2002). If two metrics were highly correlated (> 0.7), then one with a lower R* was removed.

Metrics that passed all three screens were selected for inclusion in the IBI and scored on a
0 to 10 scale. For metrics with a negative response to stress (i.e., values decrease with increasing
urbanization) values > 80™ percentile of the reference group were assigned the maximum score
of 10. A score of zero was assigned to values < 10" percentile of the impacted group. Values in
between these upper and lower limits were scored by evenly dividing the value range into 9
equal portions and scoring them from 1 — 9 (Table 4.1). For metrics that increase with increasing
urbanization, the score of ten was assigned to the < 20" percentile of the reference group, and
zero to the > 90™ percentile of the impacted group with the remainder scored into 9 equal
portions.

IBI scores were calculated for all 40 sites according to the scoring thresholds for each of
the 8 metrics that passed all three screens (Table 4.1). The average of all 8 metric scores was
multiplied by 10 so that the metrics were evenly weighted and the final IBI would be scaled from
0 — 100. Higher IBI scores signal a less disturbed community, and lower IBI scores indicate a
community response to urban stress.

IBI Validation

The IBI created using the developmental dataset was validated with the independent
dataset (n=14), a process which indicates how well the IBI would be expected to work with
novel sample sites. The validation set was tested with a priori performance thresholds: 1) a
significant #-test (p < 0.05) comparing the scores from reference and impacted sites; and 2) a
significant negative linear relationship between overall IBI scores and % urbanization (e.g., Ode
et al., 2005). To investigate the possibility that an individual metric might have been selected by
chance, we conducted two way ¢-tests of discriminatory power between the eight IBI
subcomponent metrics at urban and reference sites, and OLS regressions to test responsiveness
of the metrics against % urbanization.

Precision of the IBI score was evaluated with duplicate laboratory samples from three
sites and replicate field samples taken from Hog Lake, a seasonal wetland, on four separate
occasions by the same field crews. We calculated standard deviation of the two scores, and then
took the average deviation to document how spatial variability within a pond and the random
selection of macroinvertebrates and identification error affects IBI score precision. Following
protocols outlined in Rehn (2005), we used an ANOVA with site as the independent variable to
calculate the mean squared error (MSE) as a measure of within-site variability of the IBI score.
The MSE was incorporated as s> used in a power analysis to calculate the minimum detectable
difference (MDD) for a two sample #-test following Formula 8.23 in Zar (1999). A sample size
of n =3 for each sample, df =4 (total n - 2), . = 0.1, and = 0.1 was used to be comparable to
California stream assessments (Mazor et al., 2010; Ode et al., 2005; Rehn et al., 2005).

We measured robustness of the IBI by examining (1) potential bias along natural
gradients among all reference sites, and (2) intra-annual variability of the IBI. To determine if
the IBI was robust to natural gradients, reference site scores (n=22) were examined for
association using #-tests or OLS regressions with the same variables examined in the reference
NMS ordination. Intra-annual variability of the IBI was examined at Hog Lake, a seasonal
wetland that typically dries out in July. Three samples with replicates were taken as the pond
experienced seasonal drying succession in 2008 on 20 April, 19 May, and 02 June, ranging from
78%, 54%, and 41% of maximum depth, respectively.
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An implicit assumption to biomonitoring is that he group being sampled is an overall
indicator of all taxonomic groups in the ecosystem of interest. To test this assumption, if the
macroinvertebrate community was a valid indictor for another aquatic group, we compared the
macroinvertebrate IBI results with pond-breeding amphibian species richness, including frogs,
toads, and salamanders. Amphibian presence or absence was evaluated by sampling for larval
amphibians using the same 20 netsweeps used for macroinvertebrates. Metamorphic (emerged
that summer) and adult life stage were sampled visually by inspecting a survey zone 2 meters in
either direction of the water line (Olson et al., 1997). Additionally, bullfrogs (Lithobates
catesbeiana) or Pacific chorus frogs (Pseudacris regilla). If any life stage of any species was
observed, that species was recorded as present. Native amphibian species richness metric was
calculated from these data.

Stressor Analysis

A stressor analysis was conducted to determine the sensitivity of the macroinvertebrate
community to anthropogenic stress. Ten stressors within these habitats that were anthropogenic
in nature or could be affected by anthropogenic activities (e.g., % urbanization, heavy metal and
nutrient concentrations, conductivity, pH, and turbidity) were examined using a NMS ordination
for all 40 sites using Serensen / Bray Curtis distance measures in PC-ORD (McCune and
Mefford, 2006). We ranked the stressors in order of importance using the cumulative weighted
R? values for each ordination axis.

RESULTS

Development of Field Sampling Protocols

Data collected in the field study at Hog Lake indicated that a composite sample of more
than 6 sweeps adequately represents the community composition (Fig. 4.2). All three similarity
metrics showed over 95% agreement with composite sweeps composed of 6 or more out of the
10 total sweeps. However, to be certain to capture 500 individuals at sites with lower abundance,
we decided that 20 habitat stratified netsweeps (6 m* sampled area) would be used to sample the
macroinvertebrate community composition, followed by subsampling to the 500 individual
threshold.

Data Collection

For the main study, a total of 40 freshwater wetlands were assessed in terms of
macroinvertebrates, water chemistry, and physical habitat in the field, along with landscape level
attributes calculated using laboratory-based procedures (Fig. 4.1). The subsampling procedure
used to estimate the total number of individuals in the composite sample indicated that the
approach showed similar or lower variability than commonly found in estimates of lotic
abundance. In this study, coefficients of variation for abundance counts were approximately
20.5% and ranged from 5.8 to 58.3%. Wetlands examined supported an average abundance of
3455 organisms/m” (95% CI 2726 — 4404), which ranged from 275 to 22,978 organisms/m>. A
total of 116 unique taxa were observed at the 40 sites. Taxonomic richness of the individuals
identified ranged from 9 to 36, with a median value of 19. The most common taxa included a
wide array of organisms including small Crustaceans (Cladocera, Copepoda), Insects
(Chironomidae, Ephemeroptera), Gastropods (Physa), and Annelids (Tubificidae) (Appendix II).
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IBI Development
Evaluation of environmental variability

Sites were classified as reference condition (best attainable condition) based on a priori
targeted sampling of rural, open space wetlands in contrast to wetlands in highly urbanized areas.
The cutoff between reference and urban sites corresponded to an 11% threshold based on the
persistent but low levels of urbanization found at a priori reference sites (near borders of open
space districts or within private, rural properties) and it also provided an adequate number of
reference and impacted sites for the analysis. Thus, sites with less than 11% of the 1-km buffer
was urbanized were considered reference (n = 22) and sites with > 11% urbanization were
considered impacted (n = 18). Many significant differences existed between the reference and
impacted sites (Table 4.2). Overall, urban wetlands tended to be man-made, larger, perennial,
and have higher conductivities.

We analyzed the reference dataset to look for distinct clusters of sites based on biological
data. Most environmental gradient variables were not significantly associated with changes in the
biological community, suggesting that one IBI could suffice for the broad array of habitats and
regions sampled. Precipitation, elevation, pond depth, pond surface area, sample date, and
connectivity (stream length and number of ponds in 1 km buffer) all had an average R* below
the 0.2 the threshold of importance established previously (Table 4.3). Of the three categorical
variables tested, only hydroperiod showed a significant MRPP result (T = -5.6, p <0.002). This
difference could justify splitting the dataset into seasonal and perennial groups. However,
creating an IBI for both perennial and seasonal wetlands was not possible because there were no
urban-impacted seasonal wetlands. Therefore, the entire reference pool was treated as a single
cluster for further analyses.

Metric selection and Scoring

Out of 56 macroinvertebrate metrics screened for inclusion in the IBI, 13 showed
significant associations with urbanization. After removal of metrics that were correlated with
each other (r > 0.7) or lacked adequate range, 8 metrics remained as final candidates for
inclusion in the IBI: % 3 dominant species; scraper richness; % Ephemeroptera, Odonata, and
Trichoptera (EOT); EOT richness; % Tanypodinae/Chironomidae; Oligochaeta richness; %
Coleoptera; and predator richness (Fig. 4.3).

IBI Performance and Validation

IBI performance was successfully validated using a priori threshold from independent
dataset. The MRPP test showed no significant difference in the biological community between
the development set and validation set, indicating a successful random selection process
(T=-0.91, p=0.17). Within the validation dataset, IBI scores for reference sites (mean = 69.3)
were significantly higher than for impacted sites (mean = 27.9) within the validation set,
demonstrating adequate discriminatory ability (¢ =-7.36, p < 0.001; Fig. 4.4). Similarly, the IBI
showed a strong negative relationship with percent urbanization demonstrating strong
responsiveness to this dominant stressor (R=0.53, F = 13.4, p < 0.005; Fig. 4.5).

An analysis of the subcomponent metrics determined that some metrics may have met the
inclusion criteria by chance. Five of the 8 metrics that composed the IBI could independently
differentiate between reference and urban wetlands in the validation set (Table 4.4). However,
% 3 dominant taxa, scraper richness, and % Tanypodinae/Chironomidae did not show a
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significant discrimination or responsiveness (Table 4.4), and thus are less likely to be useful
components of an ultimate wetland IBI for this region.

Precision of the IBI based on replicate samples from a single site was within an
acceptable range. For example, the mean square error (MSE) of replicate field samples at Hog
Lake was 59.75, which corresponded to a minimum detectable difference (MDD) of 27.2 IBI
points, or 57.7% of the mean. Such an MDD can justify dividing the IBI into three or four
distinct subcategories of condition such as poor, fair, and good (Fore et al., 2001).

Precision error appears to stem equally from both field and subsampling variability. For
example, three laboratory duplicate subsamples of 500 organisms, each taken from the same
composite macroinvertebrate sample as the original, had a mean standard deviation of 3.2 IBI
points (CV = 6.9) compared to the original. This variability results from error in sampling the
same 500 organisms and identification error. At Hog Lake, replicate field samples collected four
times over two years had a mean standard deviation of 6.2 IBI points (CV = 11.9), which
incorporated both intra-wetland spatial variability as well as the subsampling variability.

The IBI was robust against environmental variability and natural bias. For example, we
found no significant effect between IBI score and all environmental variables: sample date (R*=
0.002, p = 0.83); Ecoregion (R*= 0.089, p = 0.41); pond size (R*= 0.001, p = 0.89); precipitation
(R*=0.013, p = 0.61); elevation (R*= 0.084, p = 0.19); connectivity to other ponds (R*= 0.007,
p=0.71); or hydroperiod (seasonal vs. ephemeral) (R*= 0.005, p = 0.75). However, IBI scores
from samples collected at Hog Lake in April, May, and June changed consistently and
significantly over time (Fig. 4.6), indicating that season can affect IBI scores.

The macroinvertebrate-based IBI was predictive of ecosystems condition as measured by
the amphibian community. The ponds with higher IBI scores supported significantly more native
amphibian species (Fig. 4.7). A minimum of 0 and maximum of 4 native amphibian species were
recorded at the 40 wetlands. The Pacific chorus frog (Pseudacris regilla) was most common and
found at 28 sites, followed by the coast range news (Taricha torosa) (n=18), invasive American
Bullfrog (Rana catesbeiana) (n=12), California red-legged frog (Rana draytonii) (n=4), and
California tiger salamander (Admbystoma californiense) (n=1).

Stressor Analysis

Across all sites, urbanization was the most important stressor associated with differences
in the biological community (Fig. 4.8). The proportion of urbanization within a 1-km buffer and
specific conductance both had an average R* > 0.2, which was the threshold of importance used
throughout this study (Table 4.5). The number of invasive predators metric, chromium
concentration, lead concentration, turbidity, pH, nutrients (TDP, TDN, N:P ratio) all had R?
values below this threshold. Percent urban showed a moderate correlation (» = 0.54) with specific
conductance, and thus might be a mechanism affecting the biological community. In terms of
spatial scales, the 1 km watershed scale sphere of influence was slightly more important than the
local 50 m buffer. For example, percent urbanization within 50 m had a slightly lower R? (0.244)
compared to the 1 km buffer (0.262).

DISCUSSION

This study indicates that macroinvertebrates were successful bioindicators of urban stress
in wetland ecosystems within Northern California. The field and laboratory methods worked
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well within the range of habitats, capturing 500 organisms or more and with adequate precision.
The IBI was successfully validated with an independent dataset and robust against environmental
variability within the region. The developed IBI is a proof of concept for applying biomonitoring
protocols to wetland habitats in California.

Evaluation of Field and Laboratory Methods

On average, the field methods required 3.5 hours of field work (with two people), 4 hours
to subsample 500 organisms, and 3 hours for taxonomic experts to identify 500 individuals,
which is nearly in line with rapid assessment protocols even though this is an intensive (Level
IIT) procedure (Fennessy et al., 2004). Sites with >50% surface or submergent vegetation took 4-
5 hours in the field owing to the large amount of time required to elutriate the sample and
separate the invertebrates from debris and vegetation. Considering results from the pilot study
and high densities of organisms observed in general, it is possible that a total of 10 sweeps (3 m’
area) could be used to survey for macroinvertebrates, especially for smaller wetlands (generally
< 0.5 ha).

The timing (May - July) and length (two months) of the index period used appears
appropriate for these habitat types in a mediterranean climate. For example, Julian date was not a
significant factor affecting the biological community in the NMS ordination of reference sites,
nor was it significantly associated with final IBI scores among the reference pool. However, IBI
scores increased by nearly 30 points at a single wetland sampled between April 20 (which was
outside of the index period) and June 2 (inside the index period), indicating site-specific effects
of season and justifies a narrow index period. Differences in IBI scores were probably influenced
by annual colonization patterns, selective predation, and emergence. Phenological shifts are
likely to be most pronounced in seasonal wetland and vernal pools as compared to perennial
ponds or lakes (Rogers, 1998; Williams, 2006)

Evaluation of the IBI

Based on the strong discriminatory power of the IBI and its robustness across
environmental gradients, we conclude that macroinvertebrates are effective indicators of the
ecological condition of wetlands, ponds, and reservoirs in Northern California. In particular, the
multimetric IBI developed in this study successfully differentiated between reference quality and
urban-impacted sites in the development and validation datasets and showed an overall
significant decrease with increasing urbanization (Figs. 5.4, 5.5). It is important to note that
metrics based on stream tolerance values (e.g., % sensitive, Hilsenhoff Biotic Index) were
difficult to apply because many taxa were not listed in the SAFIT database describing tolerance
values and functional feeding groups for local taxa (Richards and Rogers, 2006). Interestingly,
none of the component metrics included data on the abundant zooplankton community (e.g.,
copepods, cladocerans). Removing this group from the subsampling and identification process
could reduce costs perhaps increase accuracy, as has been done by other wetland biomonitoring
programs (e.g., U.S. EPA, 2002a)

The IBI developed in this study can be further refined. First, this IBI is based only on
urbanization yet other stressors are important in lentic habitats (see below). Second, some
metrics were only marginally useful in terms of discriminatory power. In particular, scraper
richness, % 3 dominant taxa, and % Tanypodinae/Chironomidae did not show satisfactory
discriminatory power comparing reference and impacted sites in the validation dataset, The lack
of statistical significance may indicating their inclusion could have been resulted from spurious
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associations in the developmental set, inaccurate scoring of maximum and minimum thresholds
based on the development set, or the small sample size of the validation set (n=14).

Although this IBI was robust in both seasonal and perennial wetlands and found no
distinction between the two, future efforts towards developing a lentic IBI should consider
formulating one for each type of wetland, especially considering insect, crustacean, and
gastropod taxa in ephemeral habitats can be unique (Della Bella et al., 2005; Williams, 1997). In
addition, the two lowest scoring reference sites were seasonal ponds, providing additional
evidence that IBI sensitivity could be improved by developing an IBI specifically for seasonal
water bodies. Novel metrics might include the presence of branchiopods (e.g., fairy shrimp) or
other obligate species of seasonal habitats.

The precision of the IBI developed in this study, as determined from a single site, is
within a range observed for multimetric indices. The minimum detectable difference (MDD) of
27 IBI points was greater than MDD’s observed in stream studies in California, which ranged
from 13-22 (Mazor et al., 2010; Ode et al., 2005; Rehn et al., 2005), but similar to the 18-30
range observed with the Virginia Stream Condition Index (Mazor et al., 2010). Excluding large
zooplankton from the identification process may improve precision because no zooplankton-
based metrics were used in the IBI. Replicate samples from multiple wetlands in future studies
will be necessary to confirm the MDD estimates for the field protocol and IBI.

This IBI based on macroinvertebrate community structure was useful in predicting native
amphibian richness, justifying the use of macroinvertebrates as overall aquatic indicators.
However, there remains unexplained variation in this relationship, indicating that a multi-group
indicator could be a more robust and useful assessment tool. For example, Hughes et al. (2004)
developed a more robust and inclusive indicator by incorporated amphibians with fish to develop
a stream multimetric index. Although amphibians are considered an important indicator group
sensitive to various terrestrial and aquatic stressors, few aquatic IBIs incorporate using
amphibians (Adamus et al., 2001). Therefore, it may be prudent to consider incorporating
amphibians and macroinvertebrates into a multi-guild index, especially considering that two
endangered species in this region of California are common to pond habitats (Jennings and
Hayes, 1994). Also, these taxa are observed during the physical habitat assessments and during
the field elutriation process, thus do not require additional time to survey.

Stressor Analysis

Urbanization was the stressor most significantly associated with changes in community
structure within this study. Conductivity was also associated with changes in community
structure and correlated with urbanization, offering a potential mechanism for the water
chemistry variable most affected by urbanization. Other water chemistry stressors showed minor
association with the macroinvertebrate community despite existing evidence of their influence.
In terms of biotic factors, the presence of invasive species was not an important stressor in this
dataset, but fish can alter both amphibian and insect communities in high elevation California
lakes (Knapp et al., 2001). A predator metric that incorporates abundance and not solely
presence of predators might be a more responsive indicator. Considering bottom-up dynamics,
nutrients alone or in combination did not appear to affect macroinvertebrate community structure
or abundance in this study, even tough they can significantly increase wetland productivity or
biomass (Adamus et al., 2001).
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Applicability of a Lentic IBIs in California

California’s lentic habitats are important to evaluate and monitor not only because they
are protected under state and federal policies, but also because they are integral components of
our natural environment. Intensive bioassessment protocols can be used to determine the ambient
condition of California’s freshwater wetlands, and to assist regulators evaluate current wetland
mitigation and restoration projects. In addition, wetland monitoring tools could determine habitat
quality of mitigation banks, ensuring that either man-made or natural wetlands were of sufficient
condition to replace a functioning ecosystem. Finally, a large number of seasonal and perennial
wetlands have been created in California (e.g., cattle ponds, flood control ponds, stormwater
ponds, and irrigation reservoirs). Assessment of these created wetlands could confirm if these
habitats are also providing valuable ecological services, which is a high priority for multiple-
objective stormwater detention ponds.
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Figure 4.1. Map of 40 wetland biomonitoring sites across 8 counties in Northern California.
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Figure 4.2. Similarity comparisons of taxonomic composition of replicate samples collected as
part of a pilot study. Ten sweeps each were collected on 05/22/07 (A) and 06/03/07 (B), and
identified to family. Three similarity metrics were scaled to fit on the same graph: 1 — Serensen
Dissimilarity, correlation (no scaling), and percent similarity index (PSI)/100. Each metric was
calculated for the group with a composite sample size (n), against the total sample composite of
10. Composite samples of 6 sweeps or greater consistently scored above 95% (Reference Line)
agreement with all three similarity metrics in both samples.
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Figure 4.3. Associations of 8 final metrics with % urbanization within a 1km buffer around the
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Figure 4.4. (A) Comparison of IBI scores for the development data set (n =26, = -6.5, p <
0.001). (B) Comparison of IBI scores for the validation data set (n = 14, t = -6.9, p <0.001). The
significant difference between Reference (mean = 67.8) and Urban (mean = 28.1) IBI scores
validates the discriminatory power of the IBI on a novel set of wetlands.
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Figure 4.5. Ordinary least squares (OLS) regression of IBI scores against percent urbanization
within the 1km buffer of each wetland based on the validation dataset (n = 14, R* = 0.53, p =
0.003). The significant negative relationship represents responsiveness of the IBI to urbanization
using a novel set.
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wetland had 4 native amphibian species, this category was merged with 3 to become greater than
or equal to three species.
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difference in the biological community between the perennial and non-perennial ponds (4 =
0.05, p <0.002)
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Appendix 4.1. All 56 macroinvertebrate based metrics analyzed for inclusion in the Index of

Biotic Integrity.

Abundance Metrics
Individuals / m*
Total Diversity/ Richness Metrics
Taxonomic Richness
Shannon-Weaver H'
Margalef's Richness
Pielou's J'
Simpson's Heterogeneity

Sensitivity Metrics
Hilsenhoff Biotic Index (HBI)
% Dominant Taxon
% 2 Dominant Taxa
% 3 Dominant Taxa

Functional Feeding Group Metrics
% Filterers
Filterer Richness
% Gatherers
Gatherer Richness
% Predators
Predator Richness
% Scrapers
Scraper Richness
% Shredders
Shredder Richness
% Macrophyte-Herbivores
Macrophyte-Herbivores Richness
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Taxonomic Composition Metrics
% Insecta
% Ephemeroptera
% Baetidae
% Coleoptera
% Hemiptera
% Corixidae
Corixidae Richness
% Odonata
Odonata Richness
%EOT
EOT rich
Non-Chironomid Diptera Richness
% Chironomidae
% Orthocladiinae
% Chironominae/Chironomidae
% Orthocladiinae/Chironomidae
% Tanypodinae/Chironomidae
% Oligochaeta
Oligochaeta richness
% Oligochaeta, Annelida,
Chironomidae, Planaria
% Amphipoda
Crustacea and Mollusca Richness
% Crustacea and Mollusca
% Crustacea
% Crustacea and Gastropoda
% Gastropoda
Gastropoda richness
% Physidae
% Sphaeridae
% Zooplankton
% Ostracods
% Cyclopoid
% Calanoid
% Cladoceran
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CHAPTER 5

IDENTIFYING REFERENCE SITES AND QUANTIFYING BIOLOGICAL VARIABILITY WITHIN THE
BENTHIC MACROINVERTEBRATE COMMUNITY AT NORTHERN CALIFORNIA STREAMS
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Identifying reference sites and quantifying biological variability within the benthic
macroinvertebrate community at Northern California streams

Abstract

Identification of minimally disturbed reference sites is critical step in developing precise
and accurate ecological indicators. I compared procedures to select reference sites, and
quantified both site-level and temporal variability among reference conditions using a
macroinvertebrate dataset collected from mediterranean-climate streams in the San Francisco
Bay Area, California (USA). First, I determined that a landscape level GIS-based screen
combined with a local stressor screen was necessary to identify high quality reference sites. The
biological communities at (1) landscape-disturbed, (2) locally disturbed, and (3) least-disturbed
reference sites were significantly different according to NMS multivariate ordination (A = 0.051,
p <0.001) and scores from two indices of biotic integrity (IBIs) developed for adjacent regions
(ANOVA, p < 0.05). Second, within least-disturbed reference sites, inter-site variability was
associated with flow status (i.e., perennial vs. non-perennial), supporting the need develop a
unique IBI for non-perennial streams. Although the two IBIs, their component metrics, and four
common metrics showed a wide range of natural variability at all reference sites (CV range: 17—
150%), metrics were less variable among perennial than non-perennial streams. Third, among
sites sampled more than once, the biological community showed moderate interannual
variability, with IBI scores ranging from 12 to 15 points out of 100. Variance components
analysis indicated that site-level variability was approximately six times greater than interannual
variability. This study demonstrates the value of multi-year bioassessment data for determining
the condition of a particular stream, such as classifying impairment according to Clean Water
Act 303(d) standards.

Key words: biomonitoring, interannual variability, temporal variability, reference condition, IBI,
mediterranean,
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INTRODUCTION

Biomonitoring is used worldwide to assess the ecological condition of streams and rivers
based on the presence or abundance of aquatic organisms. With this approach, government
agencies, citizen groups, and research institutions can determine the cumulative effect of
multiple stressors (e.g., urbanization, agriculture, logging, hydropower operations) on stream
condition by developing responsive indicators based on in-stream biological communities (Karr,
1999; Resh, 2007; Resh and Rosenberg, 1989). Of the potential groups organisms used for
assessments in aquatic habitats (e.g., diatoms, benthic macroinvertebrates, zooplankton, and fish
(Hellawell, 1986)), benthic macroinvertebrates (e.g., insects, crustaceans and snails) are the most
widely used to assess stream condition because they are ubiquitous, diverse, and species have
unique responses to specific stressors (Resh, 2008).

Because the biological communities found at reference sites represent the target
ecological condition and form the basis for the evaluating sites of unknown condition, proper
identification of a high-quality reference sites is a critical step in developing an effective
biomonitoring tool or indicator (Stoddard et al., 2006). The majority of biomonitoring indicators
are developed using the reference condition approach, whereby reference sites are presumed to
be in “good” ecological condition and provide a type of “control” to compare with sites of
unknown ecological condition (Bailey et al., 2004; Barbour et al., 1999). These reference sites
are assumed to represent the full range of natural variability in biological communities where
anthropogenic disturbances are absent (Hughes, 1995; Reynoldson et al., 1997; Stoddard et al.,
2006). Biomonitoring programs commonly ensure that three major requirements are met related
to reference conditions: 1) reference sites that represent the biological community at sites with
minimal anthropogenic stress can be identified in the region; 2) site-level variability in the
biological community among reference sites is limited, or can be reduced by grouping sites with
similar environmental variables (e.g., ecoregion); and 3) the interannual variability at reference
sites is limited compared to the effect of anthropogenic disturbance. Precision and accuracy of a
biological index are optimal when a suite of high-quality reference sites with low inter-site and
low interannual variability can be identified, thereby improving the effectiveness of the
monitoring program (Barbour et al., 1999; Southerland et al., 2007). If an indicator of ecological
condition experiences substantial natural variability, detection of changes resulting from
anthropogenic activities will be problematic (Osenberg et al., 1994).

Reference sites are often identified using explicit screening criteria based on available
data. For example, criteria at the landscape level are based on land use land cover information in
geographic information systems (GIS), whereas local criteria rely on hydrological, chemical, and
habitat indicators at the reach scale. Additionally, poor quality sites can be differentiated from
reference sites using best professional judgment (BPJ) of knowledgeable individuals who are
aware of watershed or stream stressors such as small dams, water diversions, cattle grazing, and
invasive species, all of which are stressors that may not be included in GIS databases or reach-
level assessments. In practice, programs often use combinations of these three approaches (e.g.,
Barbour et al., 1999; Collier et al., 2007; Sanchez-Montoya et al., 2009; Stoddard et al., 2006;
Yates and Bailey, 2010).

Although there are many approaches to selecting reference sites, few studies have
compared how different approaches affect the quality of the reference sites identified by the
selection process. Whittier et al. (2007) found that the use of BPJ alone could result in the
misclassification of many poor quality sites as reference sites, reducing the mean condition of the
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reference pool. Similarly, Chavez et al. (2006) found that a reference site selection process using
map-based criteria plus a field-oriented screening step were necessary to identify a suitable
reference pool. Both of these examples indicate the importance of using criteria based on
different geographic scales.

In addition to the choice of methods for selecting reference sites, accurate determination
of reference conditions also requires an understanding of the natural variability of benthic
macroinvertebrate communities in the region of interest. Because invertebrate communities are
known to vary spatially and between stream types (Resh and Rosenberg, 1989), the process of
developing a biomonitoring tool such as a multimetric index of biotic integrity (IBI) (Kerans and
Karr, 1994) should consider natural factors that affect the macroinvertebrate community in the
absence of anthropogenic stress (Barbour et al., 1999). Spatial variability in macroinvertebrate
communities occurs at multiple geographic scales, such as the patch scale (e.g., generally 0.01 <
10m?), within a stream section (i.e., at the reach level), between streams and watersheds, and at
the landscape scale (Frissell et al., 1986; Gebler, 2004; Johnson et al., 2007; Li et al., 2001;
Vinson and Hawkins, 1998). Consequently, the site-level variability of invertebrate communities
can result from differences in geology, climate, water chemistry, stream morphology, biotic
interactions, allocthonous inputs, temperature, habitat quality, and stream hydrodynamics (e.g.,
Minshall et al., 1983; Townsend, 1989). For example, stream order, ecoregion, and flow status
(e.g., perennial vs. non-perennial streams) have been repeatedly identified as important factors
that influence benthic macroinvertebrate community structure (e.g., Bonada et al., 2006;
Feminella, 1996; Lake et al., 1994; Li et al., 2001). In order to improve the precision of an IBI,
researchers analyze the biological variability among reference sites to see if the data should be
divided into groups of streams with similar physical conditions and similar biological
communities into classes called “strata”, such as stream order or ecoregion (Bailey et al., 2004;
Barbour et al., 1999; Southerland et al., 2007).

In addition, temporal variability in the macroinvertebrate community, whether seasonal
or interannual, can also reduce the precision of an IBI (Bailey et al., 2004). Interannual
variability resulting from climactic cycles such as El Nifio Southern Oscillation (ENSO), climate
change, or variability in temperature and rainfall can have a significant effect on
macroinvertebrate communities and thus biological index scores (Gilbert et al., 2008; Hughes,
1995). For example, Milner et al. (2006) observed significant changes in macroinvertebrate
community structure as well as composition-based metrics (e.g., % Ephemeroptera, Plecoptera,
and Trichoptera individuals) throughout a 9-year study of reference streams in Alaska,
demonstrating that some common invertebrate metrics were not suitable for that region. Within a
mediterranean climate, Mazor et al. (2009) identified high interannual variability of multimetric
index scores that was correlated with changes in the El Nifio Southern Oscillation (ENSO) index,
indicating the influence of climate on bioassessment indicators. Biomonitoring programs,
especially those designed to measure long-term trends such as climate change impacts, must
account for interannual variability and long-term weather cycles (Bonada et al., 2007; Lawrence
et al., 2010).

The purpose of this study was to examine how reference-selection methods and inter-site
variability between reference sites and interannual variability could influence interpretations of
stream macroinvertebrate biomonitoring data. The first objective was to determine what process
and data were necessary to select high-quality reference sites in this region with widespread
urban development. Second, I sought to quantify the extent of inter-site variability in the
reference pool, and to determine whether this variability could be reduced by grouping sites into
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classes of similar stream types. Third, I wanted to determine if the interannual variability of
macroinvertebrate communities could significantly affect IBI scores and, if so, to determine if
the sources of interannual variability were associated with disturbance or common environmental
gradients.

METHODS

Study Area
The study region is the San Francisco Bay Area, including all or portions of Marin,

Sonoma, Napa, Solano, Contra Costa, Alameda, Santa Clara, and San Mateo Counties, which
spans 22,000 km? (Fig. 5.1). The region experiences a mediterranean climate characterized by
wet, cold winters followed by dry, warm summers, with high variability in annual precipitation
(Gasith and Resh, 1999). Average annual rainfall also varies spatially within the region, ranging
from 35 cm in the interior of the region to 135 c¢cm in the mountainous regions (Gilliam, 2002).
The area is mainly divided into two Level III Omernik ecoregions, (1) the Coast Range and (2)
the Southern and Central California Chaparral and Oak Woodlands, with minor portions of a
third ecoregion, the Central California Valley (U.S. Environmental Protection Agency, 1996).
The region is well-developed with a total population of 7 million people (ABAG, 2011).

Bioassessment Data

Benthic macroinvertebrate data were compiled from 731 bioassessment samples collected
between 2000 and 2007 at 429 sites by local and state agencies (Fig. 5.1). Macroinvertebrates
were collected with a 500-pum d-frame dipnet within wadeable streams (e.g., generally 1*' to 4
order) during an index period of April and May. Although all samples in the compiled dataset
were collected using targeted-riffle field methods (Rehn et al., 2007), several slight changes to
field and laboratory methods were made about halfway through the study reflecting changes in
the State of California standard operating procedures. Specifically, between 2000 and 2003
benthic macroinvertebrates were collected from three 0.27 m* samples taken from adjacent riffles
(0.81 m? total sample area); 300 organisms were subsampled from each of the 3 riffle samples,
for a total of 900 individuals (Harrington, 1999). In samples collected from 2004 to 2007, eight
0.09 m? samples (0.72 m* sample area) were collected from random locations in riffle habitats;
the 8 samples were combined into a single composite sample from which 500 individuals were
subsampled (Rehn et al., 2007). To standardize the data between the two methods based on the
number of organisms that were subsampled, I used a consistent multiplier (500/900) on all taxon
abundance values from the 2000-2003 dataset.

To store the data and calculate metrics, raw invertebrate data were entered into
CalEDAS, a bioassessment database developed for the State of California. Taxonomic
identifications were standardized using Level 1 Standardized Taxonomic Effort of the Southwest
Association of Freshwater Invertebrate Taxonomists’ (Richards and Rogers, 2006), which
involves identifications to genus for most taxa. The first dataset stored taxonomic results at the
site level (n= 429 sites). In addition, to determine the biological community at sites where more
than one sample was taken over the study period, I took an average of the relative abundance for
each taxon for that site, rounding down to remove the influence of taxa observed in only one
year. This dataset was used to identify reference sites and analyze inter-site variability. The
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second dataset used to determine interannual variability contained the raw taxonomic
information for 468 sampling events at a total of 184 sites.

In order to assess the ecological condition for each sample, I applied two IBIs that were
recently developed in adjacent regions of California but have not been validated for use in the
San Francisco Bay region. The North Coast IBI (NC-IBI) was developed for the northern coastal
area of California, most of which is north of the San Francisco Bay region (Rehn et al., 2005).
The Southern and Central California IBI (SC-IBI) was developed for the southern and central
coastal watersheds of California, south of the San Francisco Bay region (Ode et al., 2005).

Landscape Data

Landscape variables were assessed at two spatial scales: (1) the entire watershed draining
to the sample site, and (2) a proximate scale that includes only the watershed within a 1-km
radius of the site. These scales were chosen because biological metrics may respond to
anthropogenic stressors at various spatial scales (Brazner et al., 2007), and because the same
scale was used to screen reference sites for the development of the NC-IBI (Rehn et al., 2005).
The proportion of urbanization within these zones was calculated from the National Land Cover
Dataset (NLCD) 2001 dataset (Homer et al., 2004) using ArcGIS 9.1 (ESRI, 2005). The NLCD
categories of low, medium, and high intensity developed were aggregated into a single urban
category. The road layer was acquired from the Bureau of Transportation Survey and used to
calculate road density (BTS 2002). I used the ArcHydro tool within ArcGIS along with a 10 m?
pixel digital elevation model (U.S. Geological Survey, 1999) to build the stream and watershed
network. A pixel was considered to be a stream if more than 50,000 pixels (5 km?) flowed into it
based on the flow accumulation model. GIS sites were snapped to the DEM-derived stream
network, and watersheds were drawn for all land draining to that sample location using the flow
accumulation model. Omernik level III ecoregion was used to classify sites according to
biogeography (U.S. Environmental Protection Agency, 1996). Average annual rainfall data were
acquired from PRISM (PRISM Climate Group, 2010)

Reference Site Selection and Validation

To determine which sampling sites might be of reference quality and conform to a “least-
disturbed condition” (Stoddard et al., 2006, pp. 1267), I used a two-step screening process that
required information at both the landscape and local scales (Fig. 5.2). The first screen (hereafter
referred to as the landscape screen) was based on landscape-scale measures of human
disturbance calculated with ArcGIS (e.g., percent urbanization and road density within the
watershed). Stressors and thresholds were similar to the NC-IBI and SC-IBI (Table 5.1). A site
was excluded from further reference consideration if any single metric was above a given
threshold.

The second screen (hereafter referred to as the local screen) required information based
on local conditions derived from personal observations during site visits and knowledge of the
area. I contacted individuals or organizations responsible for the macroinvertebrate data
collection to obtain their best professional judgment (BPJ) as to whether these could be
considered as reference-quality sites. Stressors such as heavy grazing, mining, small dams,
proximate stream channelization, or hydrological impacts eliminated sites from the reference
pool. This second screen was only performed on the sites that passed the landscape screen
because the original sampling agencies were unable to provide local information on all the sites.
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This two-step screening process created three classes of sites with varying levels of disturbance:
“landscape-disturbed”, “locally disturbed”, and “least-disturbed” reference sites (Fig. 5.2).

Because hydrology can greatly affect biological community structure (e.g., Bonada et al.,
2006), information on the flow status of the stream reach at sample locations was also obtained.
In addition, because the NHD+ designations of flow status have inaccuracies exceeding 40% in
the western US (Olsen and Peck 2008) and similar inaccuracies in Southern California (R.
Mazor, unpublished data), direct observations of flow were used to classify reference streams as
perennial or non-perennial. Flow status was classified as perennial if the stream had surface flow
during late summer (August-September), when mediterranean-climate streams typically have the
lowest flow; any other conditions (e.g., no flow, disconnected surface pools, etc.) were classified
as non-perennial. Flow status of non-reference sites was not determined because this data request
could not be fulfilled by the original sampling programs.

To determine if the macroinvertebrate communities at landscape-disturbed,
locally disturbed, and least-disturbed sites were significantly different from each other, I
performed multivariate analyses on the raw taxonomic data followed by ANOVA tests on IBI
scores. First, multivariate analyses of taxonomic data were conducted using non-metric
multidimensional scaling (NMS) ordinations in PC-ORD (McCune and Mefford, 2006) with the
following settings: < 6 axes; 200 runs of real data; 20 iterations to evaluate stability; and 100
maximum iterations; Sorenson distance metric. Taxa present at 5 or more of the 429 sites (>
1.1%) were included in the analysis (n = 201 taxa included). Taxonomic counts were
transformed using the natural log with a correction factor for zero count data (/n (1 + count)). I
then compared overall taxonomic differences among the three groups identified in the reference
selection process using multi-response permutation procedures (MRPP) (McCune and Grace,
2002). Second, I compared the NC-IBI and SC-IBI scores across the three disturbance classes
(landscape-disturbed, locally disturbed, and least-disturbed) using ANOVA in IMP (v 8, SAS
Inc, Corey NC) followed by Tukey’s pairwise comparisons.

To evaluate the quality of the least-disturbed class as a potential reference site group, I
examined the proportion of perennial stream reference sites that were below impairment
thresholds according to both the SC-IBI and NC-IBI, which are 39 and 52 out of 100,
respectively (Ode et al., 2005; Rehn et al., 2005). Because these impairment thresholds were
originally set at 2 standard deviations below the reference group mean, I expect approximately
2.5% of normally distributed high-quality reference sites within to score below the impairment
threshold (Ode et al., 2005; Rehn et al., 2005).

Inter-site Variability of the Macroinvertebrate Community

I analyzed the degree of variability in community structure among least-disturbed
reference sites and determined if this variability was associated with environmental variables
independent of anthropogenic activity. These analyses were performed on reference sites
because these sites are less susceptible to confounding effects with anthropogenic stressors
(Bailey et al., 2004). The influence of continuous explanatory variables (i.e., average annual
rainfall, elevation, watershed size, and stream order) was evaluated using vector correlations
with NMS ordination axes. NMS ordinations were run in PC-ORD using the same settings as
listed above. Categorical explanatory variables (i.e., flow status, ecoregion) were compared using
MRPP (McCune and Grace, 2002). No rare taxa were excluded from either the NMS or MRPP
analyses (186 taxa included). To determine if differences in macroinvertebrate community
structure resulting from natural variability could influence bioassessment indicators, I calculated

144



the coefficient of variation (CV) for reference sites based on the NC-IBI, SC-IBI, each
component metric, and other metrics commonly used within the United States (Resh and Carter,

unpublished data). These CVs were compared to expected ranges of variation for those values
similar to Resh (1994) and Sandin and Johnson (2000).

Interannual Variability of the Macroinvertebrate Community

To document interannual variability among the three disturbance groups (landscape-
disturbed, local-disturbed, least-disturbed) and interpret how temporal variance affects precision,
I quantified the standard deviation (SD), root mean square error (RMSE), and minimum
detectible difference (MDD) in NC-IBI and SC-IBI scores among the 184 sites where more than
one sample was taken during the study period. Although the MDD is often based on replicate
samples taken on the same day (Rehn et al., 2005), I applied this estimate of precision to
incorporate interannual variability because this dataset provided a unique opportunity to do so.
To calculate the MDD, I followed methods described in Rehn and others (2005). I determined
RMSE by regressing the IBI score against the sites within each disturbance class, and used the
power analysis formula for a two sample #-test following Formula 8.23 in Zar (1999) to
determine the MDD. A sample size of n = 3 for each sample, df =4 (total n - 2), a = 0.1, and S =
0.1 was used in the power analysis formula to be comparable to other California stream
assessments (Mazor et al., 2009; Ode et al., 2005; Rehn et al., 2005).

In order to identify site-level characteristics that influence the degree of interannual
variability, I compared the SD of IBI scores among sites in the reference pool to potential
explanatory variables. For example, I tested for associations between SD and categorical
variables (i.e., ecoregion, flow status) using #-tests, and continuous variables using ordinary least
square (OLS) regressions (i.e., elevation, watershed size, precipitation, stream order, seasonal
variation). Watershed size and elevation were natural-log transformed. Effects of seasonal
variation were quantified by determining the Julian date for each sample collection and then
calculating the maximum difference in the Julian dates at each site. Results were examined using
a family wise Bonferroni-corrected alpha value of 0.01 for each IBI.

Comparison of Interannual and Environmental Variability

I performed a variance components analysis to determine if inter-site or interannual
variability was a more significant source of the total variability in bioassessment data. This
method was chosen in addition to a comparison of CVs because CV scores are affected by mean
values, and because variance components are directly related to the sums of squares used in
ANOVA tests (Larsen et al., 2001). Only sites with multiple sampling events could be included
in this analysis. This analysis was performed individually for each of the three disturbance
groups and with all sites treated as a single group. The amount of variability in both the NC-IBI
and SC-IBI was attributed to year, site, and the interaction of site and year (site*year). In this
model variability of site represents the variance resulting from natural environmental variables
affecting inter-site variability. Because of the lack of replicates within single sampling events,
residual error was indistinguishable from the interaction term. Restricted Maximum likelihood
(REML) was used to calculate variance components because of the unbalanced design (e.g., sites

were not sampled consistently across all years) and JIMP software was used for all calculations
(Larsen et al., 2001).
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RESULTS

Reference Site Selection and Validation

I classified each of the 429 sites into landscape-disturbed, locally disturbed, and least-
disturbed groups by applying two screens of anthropogenic stress (Fig. 5.2). The first screen
identified sites that were subjected to landscape and watershed scale disturbances and identified
312 sites that were classified as landscape-disturbed based on a priori criteria also used for the
SC-IBI and NC-IBI developed in adjacent regions (Table 5.1). The remaining 117 sites were
subjected to a screen for local stressors, and those that failed and were classified as locally
disturbed (n = 56). The sites that passed both screens (n=61), were considered least-disturbed
and examined to see if they were reference quality.

There were significant differences in macroinvertebrate community structure between the
three groups with varying degrees and types of anthropogenic stress (landscape, local, and least-
disturbed). For example, according to results from non-metric multidimensional scaling (NMS)
ordination each reference selection screen resulted in selecting sites with a biological community
tending towards the right side of the two axis solution (Fig. 5.3). The ordination explained 80.8%
of the variance in multidimensional space with a two axis solution (Sorensen distance method,
stress = 18.34, instability = 0.0033). MRPP confirmed that the biological communities differed
between the three disturbance classes (4 statistic = 0.051, p <0.0001). In addition, both the IBI
indices (NC-IBI and SC-IBI) showed significant and consistent increases in ecological condition
with decreasing anthropogenic stress, and an overall good condition for sites in the least-
disturbed group (Fig. 5.4). The initial landscape screen removed a majority (88% and 92%) of
the sites in poor condition and subsequent application of the local screen successfully eliminated
nearly all sites (97% and 99%) that were in poor condition. This result is evidence that the sites
in the least-disturbed condition are reference quality.

Flow status was associated with significant differences in IBI scores. For example,
average NC-IBI and SC-IBI scores were 17 and 15 points higher among perennial streams
compared to non-perennial streams (p < 0.01; Fig. 5.5). The number of sites classified as poor
condition according to the IBIs decreased when assessing only perennial streams, for which these
two IBIs were initially developed: Only 3 (8%) and 2 (5%) of the 37 perennial reference streams
scored below impairment thresholds based on the NC-IBI and SC-IBI, respectively. Of the 3
perennial sites classified as impaired according to the NC-IBI, 2 were also identified as impaired
according to SC-IBI, meaning there was agreement between the two IBIs in identifying the low
quality sites in the reference group.

Inter-site Variability of the Macroinvertebrate Community

Among reference sites with minimal anthropogenic disturbance, benthic
macroinvertebrate community structure was correlated with particular environmental variables.
For example, results from the NMS ordination (stress = 18.19, instability < 0.0001, total variance
= 80.0%) indicated that non-perennial streams supported distinct macroinvertebrate communities
compared to perennial streams (Fig. 5.6). MRPP tests confirmed that flow status had twice the
explanatory power compared to ecoregion, the only other categorical environmental variable
(Fig. 5.6). This same ordination showed that mean annual precipitation was the only continuous
variable highly associated with differences in community structure, whereas elevation, watershed
size, and stream order were not.
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The variability in community structure observed in the ordination analysis affected
biomonitoring indicators. For example, CVs for NC-IBI, SC-IBI, and their sub-metrics ranged
from 22% for Ephemeroptera, Plecoptera, and Trichoptera (EPT) taxa to 158% for Percent Non-
Gastropoda Scrapers (Table 5.2). Seven of the 15 unique sub-metrics were highly variable,
defined as having CVs above 50%. Variability was lower for the IBIs compared to their sub-
metrics and was lower among perennial streams for 13 of the 17 metrics (Table 5.2).

Variability of the Macroinvertebrate Community Among Years

The metrics and IBI scores describing the macroinvertebrate community exhibited
moderate interannual variability. The average maximum difference in NC-IBI and SC-IBI scores
at the 184 sites that were sampled more than once (two-five times) during the study period was
12 and 15 IBI points, respectively (Table 5.3). However, six sites had SC-IBI scores that ranged
more than 50 points, which is half of the entire 100 point scale.

Anthropogenic stress was not correlated with the amount of interannual variability. For
example, the difference in the standard deviation (SD) of IBI scores among the landscape-
disturbed, locally disturbed, and reference groups showed no trend for either index (p > 0.05,
Fig. 5.7). The SD of IBI scores, RMSE, and corresponding MDD values were similar for all
three site classes with varying anthropogenic stress (Table 5.3). MDDs ranged from 30-40 IBI
points, which roughly correspond to breaking the 100 point scale up into three distinct categories
(Fore et al., 2001).

I found no relationships between interannual variability and natural environmental
gradients or stream classes within the least-disturbed sites. For example, there was no significant
association between SD scores of IBI scores and the two common ecoregions or between
perennial and non-perennial streams (z-test, p > 0.4). Similarly, there was no association between
SD of IBI scores and average annual precipitation, watershed size, elevation, or stream order
(OLS regression, p > 0.1). In addition, within season variability, quantified as the maximum
difference in Julian collection date, was not useful in explaining the source of interannual
variability (OLS regression, p > 0.6)

Comparison of Interannual and Environmental Variability

Variance components analysis showed that the overwhelming majority of variability in
the both NC-IBI and SC-IBI scores was associated with inter-site differences (site), and that the
interannual component (year) was consistently less than 10% (Table 5.4). These patterns were
consistent for all three disturbance groups and both the SC-IBI and NC-IBI. The interaction term
of site*year explained 20 to 30% of the variability, depending on the IBI and disturbance group.

DISCUSSION

Because reference sites are the standard against which test sites are examined, selection
of high quality reference sites with biological communities that are distinct from disturbed sites
is a critical step for developing biological metrics and assessment tools. Variability in the
biological community between reference sites and between years influences the precision and
accuracy of a biological index, and requires critical analyses when developing a biological index
(Barbour et al., 1999). Consequently, this study evaluated the process of selecting least-disturbed
reference sites, and quantified the interannual and inter-site variability in the macroinvertebrate
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biological community. Identifying appropriate reference sites and stable biological indicators in
this region is a challenge because of widespread anthropogenic activity and the strong
interannual variability in weather patterns owing to its mediterranean climate.

The combination of landscape and local disturbance criteria worked well to identify a
suitable pool of least-disturbed reference sites for streams in the San Francisco Bay Area.
Moreover, information from the local screen based on observations of physical habitat and
knowledge of local conditions, was essential in this process. For example, the use of only the
landscape level criteria would have left too many poor condition sites within the reference pool
(15-31% depending on the index). This proportion is far greater than the 2.5% of poor quality
sites expected from a normal distribution of reference sites, and is also higher than the 9-14% of
least-disturbed sites found within handpicked reference sites by Whittier et al. (2007). The
presence of 15-30% of poor quality sites in the reference pool would substantially alter the IBI
development process by reducing the discriminatory power when screening for potential metrics,
when scoring raw metrics and when validating the IBI with independent data (e.g., Ode et al.,
2005; Rehn et al., 2005). One limitation in this study was that only local data were available at
sites that passed the landscape screen (n=117). With availability of local stressor information
from all 429 sites, I would be able to compare performance of the two screens independently.

Variability inherent in the biological community can substantially alter the interpretation
of results from biomonitoring programs (e.g., Bailey et al., 2004). In this study, the natural
variability among reference sites was partially explained by flow status (Fig. 5.5). In general,
perennial streams had lower CVs for common metrics (Table 5.2), and were less dispersed in
ordination space (Fig. 5.6), implying that the biological communities were more similar. An IBI
developed for these perennial streams, therefore, has the potential to be more precise than for
non-perennial streams, a problem for mediterranean regions that often have a high proportion of
non-perennial stream miles.

Variability was lower for both IBIs compared to their individual metrics, a pattern that
has been observed elsewhere (e.g., Mazor et al., 2009). This pattern supports the concept that
multimetric indices are more useful than individual metrics (Karr and Chu, 1999). In our study,
the majority of metrics analyzed had levels of variability similar to those observed in other
studies (e.g., 30-60) and was not much greater than CVs observed in studies within a single
catchment or region (Collier et al., 2007; Gebler, 2004; Resh, 1979; Resh et al., 2000).

Differences in the interannual variability of IBI scores were not correlated with site level
differences in anthropogenic stress or common environmental variables (Table 5.4). Although
sites in the landscape-disturbed group had a larger range of variance in biological condition
(Fig. 5.7), I believe this result stems from the large sample size of this group compared to the
locally disturbed group. The lack of association with anthropogenic stress suggests that
measurements of interannual variability can be assessed by long-term monitoring at disturbed or
reference sites in this region. Similarly, (Scarsbrook, 2002) observed no significant difference in
reference quality and disturbed streams over a 9 year study. However, Collier (2008) found that
impacted and reference streams varied the most, while moderately stressed sites showed the least
annual variability in community structure.

Inter-site variability within the reference sites was a much greater source of total variance
compared to interannual variability. For example, approximately 60% of the total variability was
attributable to the site-level differences, and 40% was attributable to either annual variation or
the interaction of site and time (Table 5.4). IBI scores for individual sites did not respond
uniformly between years, which is why the year term only explained at most 10% of the total
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variation. The site*year term, which was also the same as the model error, explains the variation
whereby some sites increased IBI scores in a single year while others decreased. On average, the
unexplained temporal variability in the model was three times greater than the average annual
changes in IBI scores. Thus, the major cause of interannual variability was not a uniform annual
change over a single year.

I were unable to identify variables in this dataset that explained why some sites exhibited
higher interannual variability than others. For example, reference sites and disturbed sites all had
similar levels of annual variability for IBI scores. This result agrees with the study of Collier et
al. (2007) that found no significant differences in CVs of a local multimetric indicator with
natural and anthropogenic factors. Similarly, in this study I saw no differences in annual
variability based on flow status, a result that contrasts with a different study in Northern
California which found higher temporal variability among intermittent streams (Béche et al.,
2006). The observed differences in interannual variability may result from local, site-level
factors (e.g., slope, substrate) that were not measured in this study. The full range of temporal
variance was certainly underestimated at some of our sites with only 2 to 3 sample events (Zar,
1999), because I noticed a positive relationship between sites with more interannual sample
events and standard deviations of IBI scores.

There are number of possible sources of interannual variability that are important to
consider for biomonitoring programs. For example, variability may result from inter-operator
error because repeat visits are often conducted by different field personnel, which can result in
metric variability (Hannaford and Resh, 1995; Needham and Usinger, 1956). Some error may be
attributable to patchy distributions of organisms within the same reach (Nichols et al., 2006;
Resh, 1979), although the lack of replication within a sampling event prevented analysis of this
variance component in this study. Lastly, it is unlikely that subsampling error and invertebrate
identification error (Nichols et al., 2006) were significant contributing factors to overall
variability in this study because these processes followed a stringent QA/QC process to limit
identification error and identified 500 organisms per sample, which has been shown to reduce the
effect of subsampling error (Doberstein et al., 2000; Lorenz et al., 2004).

Implications for Bay Area IBI Development

This study precedes an effort to develop an IBI for streams in the San Francisco Bay Area
region. Our results provide evidence that both the NC-IBI and SC-IBI were useful in evaluating
the biological condition of streams outside their development range. Therefore, these indicators
may have some applicability to streams and creeks of the San Francisco Bay Area. Perennial
reference-condition streams in this study had similar IBI scores to the NC-IBI reference sites. In
contrast, when reference sties were scored by the SC-IBI, the mean of 85 was nearly 20 points
higher than reference sites used to develop the SC-IBI (Ode et al., 2005), which indicates that the
SC-IBI may over-score sites in this region. Although this study was not designed to formally
validate either IBI for this region, I do feel both indices were useful indicators and, because of
their reduced inter-site variability, are a better choice for evaluating ecological status than using
a single metric (e.g., EPT richness). The potential application of a multimetric index outside of
its development scope contrasts with another study in California, which found that sampling
methods and resulting index scores developed for high gradient streams performed marginally in
low gradient streams (Mazor et al., 2010).

Our results strongly indicate the need to develop a unique IBI for non-perennial streams
in this mediterranean climate. Non-perennial reference streams scored 15 to 7 IBI points lower
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than perennial reference streams. This result is not completely unexpected because these indices
were developed using biological data from perennial streams, and their applicability to non-
perennial streams even within their development region was unknown. Multiple studies have
identified taxa that are adapted to the seasonal drying regime by evolving desiccation resistant
life stages, or dispersal and colonization mechanisms (reviewed in Wiggins et al., 1980;
Williams, 2006). Non-perennial streams support unique biological communities in this region in
particular, which is likely to be a factor for all mediterranean climate streams (Bonada et al.,
2006; Gasith and Resh, 1999). Despite these reasons to develop separate IBIs based on flow, to
our knowledge no other biomonitoring programs have done so.

Most of the metrics that are part of the NC-IBI and SC-IBI had reasonably low variability
within the reference pool (e.g., <40%) and thus could have good applicability in this region
(Rosenberg and Resh, 1982). However, the most variable metrics such as Percent Non-
Gastropoda Scrapers and Percent Tolerant Taxa could reduce the overall precision of an IBI in
this area. Although the CVs of the two IBIs were similar, the SC-IBI was slightly lower, which
might be a result of the higher mean for this group. It should be reiterated that no data from this
study were used to develop either the SC-IBI or NC-IBI, although the geographic range sampled
partially overlaps with the NC-IBI (i.e., Marin County).

Broader Implications for Bioassessment Tiered Aquatic Life Uses

Our analysis of interannual variability indicates that minimum detectable differences
(MDDs) calculated from multiple years of data will generally be higher than when calculated
with replicate samples taken on the same day. For example, the MDDs observed in the NC-IBI
and SC-IBI development process, which involved 3 replicate samples taken on the same date
from the same riffle were 19.7 and 13.1 (Ode et al., 2005; Rehn et al., 2005). These MDDs
incorporate patch level spatial variability plus variability in subsampling and identification error.
In contrast, because this study involved samples collected in different patches, across different
years, on different Julian dates, the MDDs more than doubled to 35 according to the NC-IBI and
42 for the SC-IBI. This would mean that instead of having five tiered aquatic life uses (TALUs),
which are distinct classes of ecological condition (Fore et al., 2001; Ode et al., 2005), these
metrics may only support two to three classes, resulting a substantial difference in the precision
of the indicator. Most data in this study are not from the regions covered by the SC-IBI or NC-
IBI, and thus an analysis of sites with multiple years of data in each respective region would be
necessary to truly determine their respective MDDs when considering interannual variability.

A fundamental question asked of bioassessment data in the United States is whether a
particular stream segment should be placed on the 303(d) list as impaired according to Clean
Water Act standards (Barbour et al., 1999). Similarly, evaluations based on bioassessment are
being conducted as part of the European Water Framework Directive in the European Union in
order to protect or enhance the ecological condition of freshwater and marine ecosystems (e.g.,
Borja et al., 2004; Moss et al., 2003). Results of this study indicate that IBI scores based on the
macroinvertebrate community typically vary over time by 10 to 15 points (and sometimes up to
50 points out of a 100 point scale). Thus, it may be unwise to list a stream segment as impaired
using only a single year of bioassessment data, a concern that has also been raised by others in
the bioassessment community (Collier, 2008; Milner et al., 2006; Scarsbrook, 2002).
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Figure 5.1. Map of 429 sites in the 9 county San Francisco Bay Area used in this analyses.
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Figure 5.2. Flow chart describing the two disturbance screens used to identify the three

disturbance classes noted in grey.
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Figure 5.3. NMS ordination of a two axis solution with 429 sites. MRPP analysis indicates
significant differences in the biological community among the three site groupings
(Sorenson/Bray Curtis linkage, 4 statistic = 0.051, p <0.0001). Percentages in axis labels
indicated the percent of total variability represented by the axis.
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Figure 5.4. Box plots of IBI scores for the North Coast (NC-IBI) (A) and Southern California
(SC-IBI) (B) shown for sites excluded by the “Landscape” and subsequent “Local” screening
criteria and for the final “Reference” group. Box plots represent the 25" to 75" percentiles and
whiskers represent 10™ and 90" percentiles, with outliers noted. IBI scores for each multimetric
increased significantly with each reference screen step for the NC-IBI (¥ = 103.0, p <0.0001)
and SC-IBI (F =98.9, p <0.0001). Tukey-Kramer post-hoc tests identified significant difference
between all groups for both IBIs.
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Figure 5.5. IBI Scores for the 61 reference sites based on stream type and IBI. “NC” stands for
North Coast IBI while “SC” stands for Southern California IBI, and “np” stands for non-
perennial and “p” stands for perennial. Box plots represent the 25™ to 75" percentiles and
whiskers represent 10™ and 90" percentiles, with outliers noted.
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Figure 5.6. Nonmetric multidimensional scaling (NMS) ordination with a 2 axis solution
showing 61 reference sites that are minimally disturbed by human activity. Of the continuous
explanatory variables displayed as vectors, only average annual precipitation had a substantial
association with the biological community demonstrated by the length of the vector (Avg. R =
0.30). MRPP analysis highlighted flow status as the most significant categorical variable
affecting the biological community (Sorenson distance measurement, 4 statistic = 0.084, p <
0.0001), whereas Omernik ecoregion had statistically significant MRPP results (4 statistic =
0.036, p <0.05) but only one-half as powerful an association based on the A4 statistic.
Percentages in axis labels indicated the percent of total variability represented by the axis.
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Figure 5.7. Differences in standard deviations (SDs) of NC-IBI (A) and SC-IBI (B) scores for
sites with sampling events from multiple years. “Landscape” and “Local” groups of sites were
excluded by sequential disturbance screens prior to selection of the final reference group. Box
plots represent the 25" to 75™ percentiles and whiskers represent 10" and 90" percentiles, with

outliers noted. Statistical comparison of SDs showed no significant differences across groups for
the NC-IBI (F=0.1, p=10.91). and SC-IBI (F=0.2, p = 0.81).
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CHAPTER 6

CONCLUSIONS AND FUTURE RESEARCH
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Conclusions and future research

The research presented in this dissertation investigates a number of important topics in
aquatic ecology, disease ecology, and stream and wetland management. For example, |
developed a novel index of biotic integrity (IBI) to classify the overall condition of depressional
wetlands (seasonal wetlands, natural ponds, stockponds, stormwater ponds), and validated this
tool with an independent dataset. | identified a method that successfully identified high-quality
reference sites of streams and rivers within a region of California that has experienced a
significant amount of anthropogenic stress. | tested how parasite-host dynamics change over
space and time, which included a novel experimental manipulation of Ribeiroia levels as an
ecosystem-scale (1,600 m?). To produce this research, | conducted extensive field work to collect
macroinvertebrate and amphibian data from nearly 70 wetlands and ponds and compiled a large
dataset of macroinvertebrate bioassessment data from 429 streams and creeks throughout the San
Francisco Bay Area. The objective of this research was to enhance our understanding of the
biotic communities and the variables that affect those communities in streams, and created and
altered wetlands (e.g., stormwater ponds, stockponds). Given that most of freshwater wetlands in
California have been drained, dyked, polluted, or invaded, and urbanization has drastically
altered stream habitats, this research was designed to better understand conditions under which
these habitats might be valuable resources for preserving biodiversity and fulfilling ecosystem
services.

Chapter 1 outlines important field methods to study amphibian malformations in order to
foster greater consistency among field researchers. The chapter used the best available field data
to establish a baseline (i.e., normally expected) proportion of amphibians with limb
abnormalities, which | have now set as typically < 5%. The chapter also highlights a number of
important research topics to be addressed for this field. First, no ambient study has been
conducted to determine the proportion of wetlands that support high levels of malformed
amphibians across a large geographic area, information that is essential to determine if the
number of malformation sites is increasing. A probabilistic ambient survey similar to those
conducted by EPA (Stevens and Olsen, 2004) requires an accurate base map of wetlands, ponds,
and lakes over a large spatial area. Although the National Wetlands Inventory would be a logical
base map for such a study, I have found that small wetlands such as stockponds and seasonal
wetlands are often omitted from this dataset in California. Thus, better maps of wetland
resources are required to conduct an ambient survey for amphibians. The San Francisco Estuary
Institute recently developed a detailed base map for the San Francisco Bay Area
http://www.sfei.org/BAARI), with the intention of expanding this map to cover all of California.
The completed base map will be a valuable tool to aquatic ecologists, water resource managers,
and water protection agencies in the future.

A second important result of this study is that although a number of malformation hotspot
sites across the US have been associated with Ribeiroia infection, some wetlands with substantial
numbers of malformations fail to support the parasite (Lannoo et al., 2003; Reeves et al., 2008).
These sites are important places to focus further research to discover additional cause(s) of
amphibian malformations. In particular, contaminants are often suggested as a potential cause
(Gardiner and Hoppe, 1999; Skelly et al., 2007), but little water quality research has been
conducted at Ribeiroia negative sites.

A third result of this study is that because the proximate cause of malformations often
occurs in combination with other stressors, there is a need to examine additive or synergistic
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interactions between different factors. For example, exposure to Ribeiroia infection may occur
alongside threats from chemical pollution, predators, or other pathogens, each of which have the
potential to cause greater losses in amphibian populations (Kiesecker, 2002; Koprivnikar et al.,
2007; Rohr et al., 2008a, 2008b).

Chapter 2 describes a novel study of host-parasite infections between the trematode
Ribeiroia and host responses of amphibians that was conducted as a large-scale (1600m?) field
experiment, which showed that Ribeiroia produced similar malformation types and proportions
of malformed animals compared to laboratory studies. However, the scale and ecological realism
of the experimental unit (0.001 m* 0.5 m®, and 800 m®) did affect the dose-response relationship,
indicating that ecological interactions plan an important role. The large-scale parasite
manipulation in this chapter was performed by adding infected snails to a wetland. Future studies
should experiment with mechanisms to remove the parasite, by either removing snails or
preventing definitive hosts (e.g., waterbirds) from accessing the water. Neither of these
approaches will be logistically simple and pilot tests of snail removal that | conducted at Hog
Lake showed that even in optimal habitats snail removal using netsweeps and seine nets is
marginally effective. However, establishment of the methods that might remove the parasite will
inform restoration approaches to be considered where threatened or rare amphibians are
declining as a result of direct infection or sub-lethal pathology (i.e., limb malformations). In
addition, results from Hog Lake show that Ribeiroia definitive hosts can be important factors
affecting interannual variation in parasite levels, but almost no research has focused on definitive
hosts outside of identifying what birds or mammals have been infected (Johnson et al., 2004).
Fortunately, affordable remote monitoring equipment such as cameras and video have been
developed for hunting purposes, which might be used to document bird activity at hotspots. Such
a study, for example, could look at what birds are in common between hotspot sites verses what
birds are present at ponds with suitable snail hosts but lack Ribeiroia. Although results from this
study confirmed that severely malformed amphibians do not survive to adulthood, a site-
intensive mark and recapture study could identify if this mortality occurs at the pond, during
summer dispersal, or during fall aestivation.

Chapter 3 describes the amphibian and macroinvertebrate communities (e.g., snails,
worms, insects) that reside in stormwater ponds, stockponds, and natural ponds throughout
northern California. The results demonstrate that stockponds provide excellent habitat for native
amphibians and that light cattle grazing in natural ponds and stockponds increased amphibian
diversity. Created ponds also supported endangered amphibians (e.g., California red-legged
frog), confirming that these habitats can be of conservation value, if managed properly. This
study relied on field correlations to examine casual effects of grazing and fish stocking, results
which could be validated with field experiments. For example, fish removals are sometimes
conducted as restoration projects (Vredenburg, 2004), and such studies present the opportunity to
examine the effects of invasive fish at multiple trophic levels (e.g., amphibians, invertebrates,
algae). The split-pond concept could also be used in this regard by adding fish to one half a pond
and using the other one half as a control. Some cattle ranches are using terrestrial fences to
exclude cattle from half a pond to prevent over trampling of the pond (J Alvarez pers. comm.),
and such localities could be ideal for further study of this conservation approach.

Chapter 4 described the process of creating and validating an index of biotic integrity
(1BI) based on the macroinvertebrate community found in Northern California wetlands. This
study developed a sampling method for invertebrates in perennial wetlands and demonstrated
how data collected with that method could be used to infer ecological condition. This research is

170



a proof of concept that a biomonitoring approach can be applied to lentic habitats in California.
These field sampling methods are being used in a survey of wetlands in Southern California
conducted by SCCWREP to test the applicability of the sampling methods and IBI in that region.
Future steps for research on this topic would be an analysis of the existing data to develop and
O/E or “predictive” model based on taxa occurrence (Hawkins et al., 2000). These models can be
extremely useful when developing an indicator tool for regions or habitats that are likely to have
reference populations that differ in community structure (e.g., perennial vs. non-perennial
wetlands). Further research could compare these intensive indicators such as IBI data, called
Level 3 data by the US Environmental Protection Agency, to Level 2 or rapid indicators such as
the California Rapid Assessment Method (e.g., Stein et al., 2009)

Chapter 5 described an effective process to identify least-disturbed reference sites within
a region highly disturbed by urban and agricultural development. I used a large bioassessment
dataset in our region based on stream benthic macroinvertebrates collected at 429 sites. | found
that a combination of “screening” steps based on 1) geographic information systems (e.g., %
urbanization, road density in the watershed) and 2) local information from site visits (e.g., cattle
grazing, small dams, physical habitat conditions) was necessary to identify a suitable reference
pool. Within the reference pools, I noticed significant differences in community structure
depending on stream hydrology (i.e., perennial vs. non-perennial streams). This research was
conducted as the initial steps for developing a benthic macroinvertebrate IBI for the San
Francisco Bay Area. The results showed that a single IBI is not suitable for both perennial and
non-perennial streams and that either different scoring thresholds or additional metrics will be
necessary to adequately evaluate the biological condition of both stream types. To date, no
indicators have been specifically developed for non-perennial streams and this dataset is nearly
large enough for that purpose. However, the 24 reference sites for non-perennial streams is
currently too small for adequately describing the range of variability observed for reference
conditions, so more sites will need to be sampled before a non-perennial stream IBI can be
developed for this region. The data presented in this chapter do lay a valuable foundation for a
descriptive natural history paper on the different organisms found in perennial and non-perennial
streams, which could include identifying indicator species unique to each habitat. Such an effort
could lead involve developing flow-based life history traits for California invertebrates, which
could be used as a post-hoc tool classify stream types based on the biological community if the
stream hydrology is unknown. In addition, this chapter related results obtained to the larger
bioassessment efforts in California, with a small description of work happening in Europe as part
of the Water Framework Directive. However, this dataset is also highly relevant to biological
monitoring in other mediterranean climates. Additional research could involve investigations of
the influence of rainfall and watershed conditions on stream hydrology. These results could then
be compared with results from other mediterranean climate and temperate stream bioassessment
studies.
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