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Iron nanomaterials including nanoscale zero valent iron (NZVI), NZVI-based 

bimetallic reductants (e.g., Pd/NZVI) and naturally occurring nanoscale iron mineral 

phases represent promising treatment tools for impaired water supplies. However, 

questions pertaining to fundamental and practical aspects of their reactivity may limit 

their performance during applications. 

For NZVI treatment of pollutant source zones, a major hurdle is its limited 

reactive lifetime. In Chapter 2, we report the longevity of NZVI towards 1,1,1,2-

tetrachloroethane (1,1,1,2-TeCA) and hexavalent chromium [Cr(VI)] in oxygen-free 

systems with various anionic co-solutes (e.g., Cl-, SO4
2-, ClO4

-, HCO3
-, NO3

-).  Trends in 
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longevity provide evidence that surface-associated Fe(II) species are responsible for 

Cr(VI) reduction, whereas 1,1,1,2-TeCA reduction depends on the accessibility of Fe(0) 

at the NZVI particle surface.  

In Chapter 3, we show that dithionite, previously utilized for in situ redox 

manipulation, can restore the reducing capacity of passivated NZVI treatment systems. 

Air oxidation of NZVI at pH  ≥ 8 quickly exhausted reactivity despite a significant 

fraction of Fe(0) persisting in the particle core. Reduction of this passive layer by low 

dithionite concentrations restored suspension reactivity to levels of unaged NZVI, with 

multiple dithionite additions further improving pollutant removal. 

In Chapter 4, measurements of solvent kinetic isotope effects reveals that optimal 

Pd/NZVI reactivity results from accumulation of atomic hydrogen, which only occurs in 

NZVI-based systems due to their higher rates of corrosion. However, atomic hydrogen 

formation only occurs in aged Pd/NZVI suspensions for ~2 weeks, after which any 

reactivity enhancement likely results from galvanic corrosion of Fe(0).   

Finally, the activity of hybrid nanostructures consisting of multi-walled carbon 

nanotubes decorated with of hematite nanoparticles (α-Fe2O3/MWCNT) is explored in 

Chapter 5. Sorption of Cu(II) and Cr(VI) is enhanced in hybrid nanostructure systems 

beyond what would be expected from simple additive sorption capacities of their building 

blocks. The enhanced sorption capacity is in part derived from the greater surface area of 

hematite nanoparticles immobilized on MWCNTs relative to aggregated hematite 

suspensions. The hybrid α-Fe2O3/MWCNT may also exhibit unique surface chemistry, as 
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supported by the tunable values of zeta potential measured as a function of the mass of α-

Fe2O3 deposited on the MWCNTs.    
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1. Introduction 

1.1. Use of iron-based materials for environmental treatment  

 Iron is a versatile, naturally abundant element that plays critical roles in governing 

the environmental fate of pollutants in both natural and engineered systems. Occurring 

predominantly in three oxidation states [i.e., Fe(0), Fe(II) and Fe(III)], reduced forms 

including metallic [Fe(0)] and ferrous [Fe(II)] iron are recognized electron donors (i.e., 

reductants; see equations 1-1 and 1-2) that are capable of reducing many oxidized 

pollutant classes.   

  Fe2+ + 2e- → Fe0     E0 = -0.44 V vs. SHE    (1-1) 

                  Fe3+ + e- 
→ Fe2+              E0 = +0.77 V vs. SHE               (1-2) 

For example, over the past 15 years granular forms of Fe(0) have been utilized in 

engineered treatment strategies for groundwater contaminated with halogenated organic 

compounds [1], heavy metals including arsenic [2] and chromium [3, 4], and 

radionuclides such as uranium [5]. Fe(0) is a moderately strong reductant [6] (eq 1-1) that 

provides more reducing equivalents relative to Fe(II), and thus has been broadly applied 

in the form of permeable reactive barriers (PRBs) [7, 8] and, through recent innovations 

in the area of engineered nanomaterials, through the subsurface delivery of Fe(0) 

nanoparticles [9].  

Although Fe(0) is limited entirely to engineered treatment applications, the value 

of Fe(II) as a reductant (eq 1-2) is enhanced from its natural abundance in the subsurface, 

generated through biogeochemical processes. Specifically, dissimilatory iron reducing 
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bacteria (DIRB) [10] utilize insoluble ferric (oxyhydr)oxides as terminal electron 

acceptors during oxidation of organic matter, in turn producing a variety of Fe(II) species 

including dissolved and complexed forms of soluble Fe(II) and ferrous iron-containing 

solids including green rusts, siderite (FeCO3), mackinawite (FeS), and magnetite (Fe3O4) 

that are typically more potent reductants than aqueous Fe(II).  Many of these Fe(II)-

containing phases have been demonstrated to reduce oxidized pollutant classes including 

chlorinated solvents [11, 12] and heavy metals [13, 14], although typically at a rate that is 

slower than Fe(0).  Accordingly, several instances also exist where manipulation of 

subsurface redox conditions has been engineered (e.g., in situ redox manipulation with 

dithionite [15] or biostimulation of DIRB coupled with addition of ferrous sulfate [16]) to 

increase the abundance of Fe(II) phases in the subsurface in hopes of promoting pollutant 

transformation in these enriched zones.    

Ferric iron [Fe(III)] has no readily available electrons to serve as a reductant, and 

it also exhibits sparingly limited solubility in most environmentally relevant (i.e., 

circumneutral) pH systems. As such, it commonly exists as iron (oxyhydr)oxides 

including amorphous ferric hydroxide or ferrihydrite, or crystalline phases including 

lepidocrocite (γ-FeOOH), goethite (α-FeOOH) and hematite (α-Fe2O3) [17]. These 

phases will hereafter collectively be referred to as iron oxides.  

Aside from their critical role as a source for Fe(II) production via their reductive 

dissolution, the value of these Fe(III) phases with respect to pollutant fate and transport is 

derived from their role as sorbents.  Most naturally occurring iron oxides exhibit a zero-

point of charge around pH 7 or 8 [18], making them capable sorbents for both cationic 
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and anionic species over the range of environmentally pH values. For example, Parfitt 

observed the adsorption of phosphate on iron oxides from natural soils [19], and Zhang et 

al. demonstrated the capacity of natural iron ores for As(V) removal [20]. Given their 

recognized role as sorbents in natural systems, engineered applications of Fe(III) oxides 

also exist that try to exploit their sorbent activity for water treatment. For example, 

granular ferric hydroxide (GFH® Media) is commercially available through Siemens 

Water [21] and marketed for the sequestration of arsenic during water treatment.  A 

variety of support materials including activated carbon [22], clay [23], sand [24] and 

polymers [25] have also been proposed for the manufacturing of composites with high 

surface area iron oxides for use as sorbents in water treatment. 

 Work presented in this thesis demonstrates the application of each of the 

aforementioned iron oxidation states for the treatment of impaired water supplies (e.g., 

groundwater and drinking water). A general theme for the Fe(0), Fe(II)-containing solids 

phases, or Fe(III) oxides considered herein is how their reactivity can be optimized to 

enhance pollutant removal in engineered treatment systems. This includes research on 

approaches to better predict, enhance and extend the reactivity of nanoscale and granular 

Fe(0) particles, particularly through manipulation of their surface chemistry and the 

Fe(II)-containing phases generated via Fe(0) corrosion, as well as development of 

innovative application platforms for nanoscale Fe(III) oxides as high surface area 

sorbents for heavy metals in water.   
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1.2. Granular iron PRBs for groundwater treatment 

Over past two decades, Fe(0) has been widely applied to treat contaminated 

groundwater in the form of a permeable reactive barrier (or PRB) (Figure 1-1) [8, 26-29]. 

In this technology, a trench is dug down gradient from a contaminant plume, and it is 

subsequently filled with filings of granular Fe(0), typically on the order of several 

millimeters in grain size. This produces a permeable barrier in the subsurface that allows 

contaminated groundwater to pass through via its natural flow gradient. Within the 

barrier, the Fe(0) particles generate a highly reducing environment that chemically 

transforms and/or immobilizes many classes of oxidized pollutants, ideally producing 

more environmentally benign products. The treatment process thereby yields treated 

groundwater down gradient of the PRB installation.   

 

Figure 1-1. Conceptualization of an Fe(0) PRB for treatment of 
contaminated groundwater. 
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Generally, Fe(0) PRBs are highly effective technologies for passive, in situ 

groundwater treatment with low capital and routine operation and maintenance 

expenditures [30]. These favorable attributes have resulted in more than 100 PRB 

installations sites worldwide [31]. For example, at an installation in Elizabeth City, North 

Carolina, effluent concentrations of Cr(VI), TCE and cis-1,2-dichloroethylene (cis-DCE) 

were maintained below Environmental Protection Agency (EPA) established maximum 

contaminant levels (MCL) for several years after PRB installation [3]. 

Among PRB applications, chlorinated organic solvents represent the primary 

treatment target [7]. Chlorinated solvents are ubiquitous groundwater contaminants due 

to their extensive use and ultimate mishandling and disposal during industrial 

applications as metal degreasers, dry cleaning solvents and adhesives [32]. As a result of 

their greater density than water and their sparing aqueous solubility, they frequently exist 

in the subsurface as a separate, pure organic phase, which can persist over long 

timescales because they are relatively chemically inert and slow to biodegrade [32].  

Chlorinated solvent degradation in PRBs occurs via a process in which Fe(0) 

serves as the primary electron donor (eq 1-1), while the organohalide solvents are 

chemically reduced to products with a lower degree of halogenations (i.e., 

dehalogenation). In addition, it is possible that other redox active species generated as 

byproducts of Fe(0) corrosion can also act as reductants in PRBs [33]. These species 

include Fe(II)-containing corrosion products such as magnetite [34] or surface-associated 

atomic hydrogen species [35], which are intermediates in the formation of molecular 

hydrogen gas [H2(g)] during Fe(0) corrosion in oxygen-free environments. 
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Two major reductive dehalogenation pathways are commonly observed for 

chlorinated solvents. These are (i) hydrogenolysis, where a halogen substituent is 

replaced by hydrogen via a net two-electron transfer (eq 1-3); and (ii) reductive 

elimination in which two halide ions are liberated via a net two-electron transfer. 

Reductive elimination can proceed via either α-elimination, in which two halogen 

substituents are lost from the same carbon center to yield a carbene intermediate [36] (eq 

1-4), or β-elimination, where two halides are lost from adjacent carbon centers, thereby 

increasing the carbon-carbon bond order (eq 1-5). Vinyl [37] and alkyl polyhalides [38, 

39] with halogen substituents on adjacent carbon centers undergo exclusive reductive β-

elimination, whereas α-elimination and hydrogenolysis occur in parallel for species that 

only possess multiple halogens on the same carbon center.  

           X-RH3 + H+ + 2e- → RH4 + X-       (1-3) 

           X2RH2 + 2e- → ȐH2 + 2X-                                 (1-4) 

           H2RX–H2RX + 2e- → H2R=RH2 + 2X-   (1-5) 

Another frequent target of Fe(0) PRBs is hexavalent chromium [Cr(VI)]. Cr(VI) 

compounds such as chromate (CrO4
2-, HCrO4

-) and dichromate (Cr2O7
2-) are used 

extensively in industrial processes, and when discharged into the environment are highly 

soluble and mobile in water. Permeable reactive barriers minimize the mobility of Cr(VI) 

by reducing it to Cr(III), which is sparingly soluble in water and will persist as insoluble 

Cr(III) oxides.  Notably, both Fe(0) and Fe(II) are functional reductants for Cr(VI).  

Reduction of Cr(VI) has been demonstrated for both granular [40] and nanoscale [41] 
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Fe(0), and Cr(VI) reduction has also been observed with aqueous Fe(II) [42] and several 

Fe(II)-containing solids including siderite [43], pyrite [44], green rust [14, 45, 46], 

magnetite [13], and iron sulfide [47].  In fact, the reactivity of Fe(II) toward Cr(VI) has 

frequently been exploited for applications of in situ redox manipulation. For example, 

Ludwig et al. [48] applied a combination of ferrous sulfate and sodium dithionite at a 

field site to immobilize a dissolved Cr(VI) plume, observing 98% removal of the initial 

4-8 mg/L of Cr(VI) over 1000 days. 

 

1.3. Nanoscale zero-valent iron as an innovative treatment 

alternative to granular iron PRBs 

Despite the success of Fe(0) PRBs, there are key shortcomings that limit their 

application. Over time, Fe(0) corrosion products including magnetite, maghemite, various 

green rusts and siderite (FeCO3) can accumulate within the PRB [49-52], causing 

reduction in hydraulic conductivity and reactivity loss by inhibiting electron transfer from 

the underlying Fe(0) [8, 53, 54].  For example, an Fe(0) PRB constructed in Ohio for 

TCE remediation ceased operation after only 6 months due to clogging [55]. Another 

limitation is that PRB application is restricted to shallow, subsurface zones where barriers 

can be easily constructed.  This prevents their use for plumes located deep in the 

subsurface and diffuse pollutant plumes. It also prohibits their application to stationary 

pollutant source zones, which require treatment options that can be delivered specifically 

to the location of contamination in the subsurface.  
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In recent years, zero-valent iron nanoparticles (typically 10-100 nm in diameter) 

have shown much promise for groundwater treatment and source zone control [9, 56, 57]. 

Relative to traditional granular iron particles (typically 0.3-3 mm in particle diameter), 

nanoscale zero valent iron (or NZVI) exhibits comparable or greater removal efficiencies 

for the broad spectrum of chemical contaminants reduced by Fe(0) [2, 9, 41, 58-60]. 

Their enhanced reactivity is often attributed to their larger specific surface area (40-60 

m2/g) relative to granular Fe(0) (typically < 1 m2/g) and the potential for greater inherent 

reactivity due to material and size-dependent reactive properties. Furthermore, their 

nanoscale dimensions can potentially overcome many of the practical shortcomings 

commonly associated with traditional granular iron PRBs; unlike larger granular iron, 

slurries of NZVI can be directly delivered into the subsurface at the point of 

contamination, thereby enabling treatment of deep DNAPL plumes and source zones 

(Figure 1-2). As of 2005, there were 25 field-scale applications (6 full-scale, 19 pilot-

scale) of NZVI for groundwater and soil remediation [61]. 



 

 

Although early returns on NZVI 

[62-65], it is a developing technology and several questions persist that may hinder its 

growth into a mature treatment strategy. To date, most attention has focused on 

preventing the aggregation of NZVI particles during application, which 

in the subsurface [66]. To address this problem, surface modifiers such as triblock 

copolymers [67], poly(styrene sulfonate)

benzene sulfonate [68] have 

particles well-dispersed and improves subsurface delivery

a modest decline in particle reactivity 

Figure 1-2.
contaminant source zone.
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A concern that has received far less focus is the reactive lifetime or longevity of 

NZVI in the subsurface. Due to its high reactivity, NZVI exhibits a low degree of 

selectivity and will react readily with dissolved oxygen and water during subsurface 

application [9, 27]. These side reactions consume reducing equivalents and hasten 

formation of passivating Fe(III) oxides that ultimately shorten NZVI longevity.  

Despite several field scale installations [61-65], data on the long-term 

performance of NZVI (i.e., pollutant removal over periods longer than several weeks) 

remains limited. Elliott and Zhang [64] observed that the reactivity of NZVI towards 

TCE, tetrachloroethene (PCE), and cis-dichloroethene (cis-DCE) was maintained for 4 

weeks, although ORP (oxidation reduction potential) continuously increased over this 

duration from -360 mv to -100 mv at the injection location. Besides this field assessment, 

Zhang and co-workers [56] also conducted batch studies suggesting NZVI lifetimes of 6-

8 weeks based on repeated spiking of reaction slurries with TCE. Longevity also has been 

estimated by measuring changes in the Fe(0) content within NZVI particles in aqueous 

suspensions over time. Fe(0) content dropped from 70% to 20% over 200 days in a 

concentrated, alkaline slurry (pH 10.6) under anaerobic conditions [71]. In a similar 

investigation, Fe(0) persisted as 30% of the particle composition after 6 months of aging 

in an aerobic slurry, with the aged particles displaying weak reactivity towards carbon 

tetrachloride [72]. Another complementary study observed ~40% Fe(0) was preserved 

after 6 month of exposure to anaerobic water in suspensions of 10 g/L NZVI particles, 

although Fe(0) content was rapidly consumed via exposure to O2-saturated water for 24 h 

(~2 % Fe(0) remaining) [73]. 
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These works estimate that NZVI has a reactive lifetime anywhere between 2-6 

months in oxygen-free aqueous systems, a value that is considerably shorter than 

lifetimes reported or estimated for Fe(0) PRBs (with typical longevities from years to 

decades [74]). However, these reported longevities for NZVI likely represent the best 

case scenario; longevity studies to date have largely been conducted under strict 

anaerobic conditions and at relative high pH values that likely do not reflect the 

variability of subsurface environments.  Furthermore, laboratory longevity studies to date 

have used solution conditions that do not reflect the geochemical complexity of 

subsurface systems. Specifically, studies have yet to consider how geochemical 

conditions (e.g., anionic co-solutes) affect the corrosion products generated on the surface 

of NZVI particles and the implications of these corrosion products on NZVI performance 

and longevity.  

For granular Fe(0) applications, the nature of the oxide layer initially present on 

the particle surface and how it evolves over time is recognized to define system reducing 

capacity [6]. If the film is passive, it inhibits the access of electrons to target 

contaminants in solution, acting as a barrier between the underlying Fe(0) and aqueous 

phase targets. If the iron in the film is fully oxidized (i.e., typically found to contain 

passive Fe(III) oxides such as maghemite [17, 34, 75, 76]), the reducing capacity of the 

particle will be lost entirely, and electron transfer will only occur if localized defects (e.g., 

cracks or pits) exist in the passive layer [77]. If Fe(II) centers are present via 

incorporation into mixed-valent oxides (i.e., magnetite), the resistivity of the oxide film 

decreases, improving conduction of electrons from the Fe(0) particle core to the 
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pollutants at the particle water interface. For instance, Stratmann and Muller [78] 

suggested that the kinetics of electron transfer in Fe(0) systems is highly dependent on 

the ratio of Fe(II)-to-Fe(III) in overlying oxide layer. 

Based on this established behavior for granular Fe(0), the composition of the 

oxide film that evolves on the NZVI surface will influence particle reactivity and 

longevity. However, very little remains known about how the corrosion products 

generated in NZVI systems evolve over time, vary in response to solution phase 

chemistry, and ultimately impact the reactivity of NZVI toward a broad spectrum of 

pollutants.  In a noteworthy study, Liu et al. [79] investigated the effect of dissolved 

groundwater constituents on NZVI reactivity toward TCE, observing the following 

reactivity trend (from least inhibitory to most inhibitory): Cl- < SO4
2- < HCO3

- < HPO4
2-. 

However, the types of corrosion products generated as a result of changes in solution 

chemistry and the effect of these anions on NZVI lifetime were not determined. In a 

follow-up study by Reinsch et al. [73], corrosion products formed in the presence of 

selected anions were identified in NZVI suspensions aged over 180 days. However, 

characterization over time focused on loss of Fe(0), and corrosion products were not 

presented for all solution chemistries (e.g., products formed in the presence of carbonate 

were not presented). Moreover, complementary reactivity data toward a model pollutant 

were not collected by Reinsch et al. [73], preventing any correlation between their 

observed changes in NZVI oxidation and NZVI reactivity.   

Ultimately, in the event of complete reactivity loss, current approaches for NZVI 

application would require multiple injections of NZVI to the subsurface to sustain 
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reactivity [9], which would be expensive and will negatively impact hydraulic 

conductivity. There are also growing concerns over potential adverse implications of 

engineered nanomaterials in the environment [80, 81]. Thus, the high levels of NZVI 

introduced into the subsurface to sustain reactivity may also be undesirable from the 

perspective of human and ecosystem health.  To improve the field-scale performance of 

NZVI, broaden the range of sites amenable to treatment and mitigate concerns over 

material cost and the fate of engineered nanomaterials, strategies must be developed to 

sustain the reactivity of NZVI in situ treatment zones and increase the extent of pollutant 

removal per unit mass of NZVI applied in the field.  

1.4. Bimetallic reductants for enhancing zero-valent iron 

reactivity 

Over the course of Fe(0) technology development, it has been noted that certain 

environmental contaminants including polychlorinated biphenyls (PCBs) [82], 

halogenated phenols [83], and most mono- and di-substituted methyl and alkyl 

polychlorides (e.g., dichloromethane and 1,2-dichloroethane) [38] appear recalcitrant. 

Furthermore, some pollutants may undergo only partial dehalogenation, which can result 

in the accumulation of more persistent byproducts, as is the case for chloroform [33] and 

1,1-dichloroethane [36] production from the reduction of carbon tetrachloride and 1,1,1,-

trichloroethane, respectively. A popular alternative to Fe(0) that can overcome some of 

these shortcomings is so-called bimetallic reductants.  Iron-based bimetallic reductants 

are generated by the deposition of a noble metal additive onto the Fe(0) particle surface, 
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which is typically accomplished using a plating reaction between Fe(0) and a metal salt 

of the additive (e.g., Pd, Pt, Ag, and Cu). Numerous studies have shown that bimetallic 

reductants exhibit greater reactivity than Fe(0) (see Figure 1-3) [82, 84-88], while 

evidence also suggests that bimetallic reductants alter product yields to favor more 

completely dehalogenated daughter products [84, 86, 89, 90]. The promise of enhanced 

reactivity and more environmentally benign transformation products has resulted in 

multiple field-scale applications of Fe(0)-based bimetallic reductants for treatment of 

contaminated groundwater and pollutant source zones [62, 64, 65, 91, 92]. 

Several factors are known to influence the reactivity of Fe(0)-based bimetallic 

reductants. These include the identity of the additive [84, 85, 88], the amount of additive 

deposited on Fe(0) [84, 87, 93-95], the nature (e.g., alkyl versus vinyl polyhalides) [96] 

and concentration [97] of the target pollutant, and relevant reaction conditions such as 

solution pH [94, 98], temperature [87, 94, 97] and the extent of particle aging [99, 100].  

For example, reactivity of bimetallic systems typically increases with additive loading, 

ultimately reaching a point where reactivity either plateaus at some maximum value [84] 

or drops [87]. Chun et al. [95] found incorporation of metal additives into the Fe(0) 

particle as an alloy resulted in lower reactivity relative to Fe(0) particles with additives 

deposited on the surface, consistent with dechlorination occurring at the metal additive 

surface. Consistent with such a scenario, in another study [99] Pd/Fe particles exhibited 

an 80% decrease in reactivity toward trichloroethene over 24 h, over which time Pd 

islands on the Fe(0) surface became completely buried underneath extensive iron oxides 

that accumulated during aging. 
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Despite great progress in the study of Fe(0)-based bimetallic reductants, several 

fundamental questions about their reactivity and practical questions about their 

performance remain, which may ultimately limit their field-scale application. For 

example, Pd/Fe is perhaps the most popular Fe(0)-based bimetal because it typically 

exhibits the greatest reactivity. However, a close examination of the wealth of prior  

 

results available for Pd/Fe reveals vast differences in reactivity. Specifically, reports of 

the magnitude by which Pd/Fe enhances reactivity relative to Fe(0) widely range from 2-

fold [84] to more than 1000-fold [96], and the source of such variation is not known. 

Another question pertains to the type of Fe(0) used to generated bimetallic materials; 

Figure 1-3. Comparison of common Fe(0)-based bimetals for the reduction of 1,1,1-
trichloroethane. All reductants had a deposited additive mass of ~13 µmoles/g Fe. 
Data for unamended Fe(0) is shown for comparison. From Cwiertny et al. [86].  
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there has yet to be a systematic study demonstrating the impact of Fe(0) particle size on 

resulting bimetal reactivity.  

From a more fundamental perspective, the molecular-level processes responsible 

for the enhanced reactivity displayed by bimetallic reductants remain poorly understood.  

One hypothesis [101, 102] attributes the enhanced reactivity of bimetallic reductants to 

the formation of a galvanic couple between Fe(0) and the noble metal surface additive. In 

the couple, Fe(0) functions as the anode whereas the noble metal surface deposit serves 

as the cathode at which pollutant reduction occurs. In this scenario, Fe(0) becomes 

preferentially oxidized, facilitating electron transfer to the solution interface through the 

metal additive, in turn yielding higher reduction rates. Others [35, 84, 88, 102-104] have 

postulated that the metal additives function as a catalyst for hydrogenation, and that 

adsorbed or absorbed atomic hydrogen species associated with the additive surface are 

the reactive entity responsible for pollutant transformation. To support such a mechanism 

of rate enhancement, a prior study [84] reported a strong correlation between rates of 

1,1,1-trichloroethane reduction in various bimetallic systems and measures of atomic 

hydrogen solubility in the additives. In another study [102], a relatively large solvent 

kinetic isotope effect (defined as the rate of reaction in H2O normalized to the rate of 

reaction in D2O) for TCE reduction by Ni/Fe was interpreted as evidence for the 

involvement of some form of atomic hydrogen.   
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1.5. Formation and activity of nanoscale iron oxides and their 

role in environmental quality control  

Different types of nanoscale iron oxides including hematite (α-Fe2O3) and 

goethite (α-FeOOH) can be produced naturally in soils and surface waters through 

mineral weathering, oxidation of ferrous iron [Fe(II)] and, in the case of Fe(II)-containing 

solids such as magnetite (Fe3O4), chemical and/or biological reduction of naturally 

occurring ferric iron [Fe(III)] oxides [105]. Nanoscale iron oxides, with at least on 

dimension less than 100 nm, possess large surface area-to-volume ratios. Thus, although 

they may not comprise a large mass fraction of a natural system, they may still represent 

important phases for interfacial reactions occurring in the subsurface or surface waters 

[105].  Because of their nanoscale dimensions, there is also the potential for unique 

surface activity relative to their larger scale analogues.    

Notably, Fe(II)-containing phases (e.g., iron sulfides) and iron oxides with mixed-

valent oxidation states (i.e., Fe(II)- and Fe(III)-containing phases) represent a route for 

the natural attenuation and remediation of groundwater contaminants in subsurface 

environments with low dissolved oxygen. Previous work has shown that Fe(II)-

containing and mixed-valent iron oxides represent functional electron donors for highly 

oxidized chlorinated solvents such as trichloroethylene and tetrachloroethylene [11], 

carbon tetrachloride [106] and hexachloroethane [12], nitroaromatic compounds 

including chloronitrobenzene [12], and heavy metals such as hexavalent chromium [13]. 

Also, Fe(II) associated with the surface of Fe(III) oxides or soluble Fe(II) complexes can 

exhibit reducing capacity towards many compounds including polyhalogenated methanes 



18 
 

[107], pesticides such as oxamyl and methomyl [108], RDX (hexahydro-1,3,5-trinitro-

1,3,5-triazine) [109] and nitroaromatic compounds [110].  For example, Klausen et al. 

observed Fe(II) associated with goethite and lepidocrocite were able to reduce 

nitrobenzene to aniline, while aqueous Fe(II) phases or Fe(III) oxides alone remained 

unreactive [111]. In addition, Amonette et al. [112] observed that Fe(II) sorbed to the 

surface of goethite actively dechlorinated carbon tetrachloride to chloroform under 

anoxic conditions. 

With the advent of Fe(0)-based treatment technologies, it has become clear that in 

addition to the natural routes of iron oxide formation discussed above, a variety of redox 

active iron phase can be produced at the Fe(0) particle-water interface via corrosion. 

Trends in corrosion product formation in granular iron systems are well established, and 

work on their production in NZVI systems is growing. Notably, as nanoscale corrosion 

products have been observed for granular Fe(0) [50], it is highly likely that corrosion 

products of NZVI will also be of nanoscale dimensions. Harnessing the reactivity of high 

surface area, Fe(II)-containing products of NZVI corrosion may, therefore, represent a 

viable route to sustaining the redox activity of in situ treatment zones long after Fe(0) is 

lost from the system. These Fe(II)-containing phases will be produced in large quantities 

in NZVI systems due to the high corrosion rate exhibited by NZVI [113], and their lower 

reactivity relative to Fe(0) should make them persist longer through slower rates of 

reaction with non-target species in the subsurface such as water and oxygen.   

Another promising application of nanoscale iron oxides arising from their high 

surface area is as adsorbents, particularly towards regulated metals such as chromium 
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[114-116] and arsenic [117, 118], for which iron oxides are recognized to be efficient 

sorbents. However, a common challenge encountered during the application of high 

surface area nanoparticles relates to their instability in suspensions at environmentally 

relevant pH values, which results in nanoparticle aggregation that constrains available 

surface area [119] and limits mass transport and surface activity [120]. To overcome this 

shortcoming, a promising application route for iron oxide nanoparticles is through their 

integration and immobilization on support structures.  Traditional supports considered for 

Fe(III) oxides include activated carbon [22] and clays [23].  

A promising support material that has yet to garner much interest for 

environmental treatment applications is carbon nanotubes. Carbon nanotubes (CNTs) 

exhibit several favorable properties as support structures including their high external 

surface area and their mechanical strength, which should make them stable in extreme 

chemical environments. Most importantly, several routes are available for the synthesis 

of hybrid nanostructures of CNTs decorated with metal or metal oxide nanoparticles 

[121-123].  CNTs have been widely utilized as supports in catalysis for metals including 

Sn [124], Au [125], Pt [126], Ag [127]. These nanocomposites were synthesized through 

established approaches such as an incipient wetness impregnation procedure [128], sol-

gel technique [129], chemical vapor deposition [130], ball milling [131] and electron 

beam evaporation [132]. For iron oxides nanoparticles, magnetite has been most 

extensively explored for growth on CNT surfaces [133-135].  

A potential benefit of using CNT-supported iron oxides as sorbents is that the 

distribution and size of the deposited oxides can be tuned during synthesis and post-
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processing, which allows unique control over the specific surface area and sorption 

capacity of the hybrid nanomaterial sorbent.  Furthermore, the use of CNTs as a support 

allows for various application platforms that are more ideal for large scale water 

treatment than traditional sorbent particles suspensions. The ability to immobilize CNTs 

on membrane supports [136, 137] allows application in which a fixed bed of hybridized 

CNTs sorbents can treat high flow rates of water while minimizing nanoparticle release 

into the treated product. Nevertheless, despite the great promise of hybrid iron oxide-

CNT nanostructures as sorbent materials for environmental quality control, there is little 

work available on their synthesis, optimization and performance during water treatment.    

 

1.6. Thesis organization 

This work contains four chapters of original research investigating routes to 

optimize the application of NZVI, Fe(0)-based bimetallic reductants (e.g., Pd/Fe), and 

nanoscale iron oxides for treatment of impaired water supplies.  The overall objective of 

this work is to increase the application and performance of Fe(0) and iron oxide 

nanoparticles for treatment of contaminated groundwater and surface water.  Specific 

objectives are detailed below for each chapter, which utilize a general experimental 

approach that couples reactivity studies with materials characterization to develop 

insights into the properties of iron-based nanomaterials most responsible for their 

chemical activity.  

The work in Chapter 2 aims to better predict the lifetime of NZVI over a range of 

geochemical conditions representative of in situ treatment zones.  Over one month, 
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reactivity studies measured 1,1,1,2-tetrachloroethane (1,1,1,2-TeCA) degradation rates, 

hexavalent chromium [Cr(VI)] removal capacities, values of oxidation-reduction 

potential (ORP) and rates of Fe(II) production from NZVI corrosion.  The suspensions of 

NZVI used in reactivity studies were aged under different geochemical conditions (e.g., 

various co-solutes, pH values, redox environments), and changes in reactivity over time 

were related to the evolving mineralogy of suspensions via characterization with 

transmission electron microscopy (TEM) and X-ray diffraction (XRD).  

The co-solutes investigated in Chapter 2 were nitrate, carbonate, sulfate, chloride 

and perchlorate, which were chosen because of their environmental relevance and their 

different degree of interaction with Fe(0) based upon trends established for larger scale 

granular iron.  Nitrate can be reduced by Fe(0) [138-140], whereas carbonate, depending 

on its concentration, is reported to either enhance or inhibit Fe(0) reactivity through 

formation of redox-active carbonate green rust species [14] or passivating siderite 

[FeCO3(s)] [53, 141-143], respectively.  Chloride and sulfate are corrosion promoters that 

can also favor the formation of redox-active green rust species [77, 144-147].  

Perchlorate was used as a control, as it is widely considered to interact minimally with 

Fe(0) surfaces [148, 149]. Solution pH also plays a significant role in Fe(0) reactivity, 

with several studies observing that the reactivity of micron-sized Fe(0) decreases with 

increasing pH, behavior that is likely linked to precipitation of passive iron oxides that 

block reactive sites [150]. In Chapter 2, pH was maintained using pH buffers at 

environmentally relevant values (pH 7 and 8), improving upon other studies that have not 
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stabilized pH and, in turn, achieved suspension pH values unrealistic for field-scale 

treatment applications (pH ~10) during aging.  

Chapter 3 explores simple, cost-effective chemical amendments that can be used 

in tandem with NZVI to enhance the longevity of in situ treatment zones by transforming 

passive corrosion products into Fe(II)-containing phases that represent functional 

reductants for several common groundwater contaminants. The reductant utilized in 

Chapter 3 is dithionite, a strong reductant (E0= -1.12 V) and a sulfur-containing oxyanion 

(S2O4
2-) that has previously been used for groundwater remediation [15, 151] via in situ 

redox manipulation. During application dithionite decomposes to two highly reactive 

sulfoxyl radicals (eq 1-6) that can reduce Fe(III) to yield various forms of soluble, 

complexed and solid-phase Fe(II) (eq 1-7).   

              S2O4 
2-    →    2SO2

•-                                                 (1-6) 

    SO2
•- + Fe (III) + H2O   →  Fe (II) + SO3

2- + 2H+              (1-7) 

In Chapter 3, suspensions of NZVI were aged under a variety of aqueous 

conditions, including in the presence and absence of oxygen over a range of 

environmentally relevant pH values. Reactivity loss over time was monitored toward 

1,1,1,2-TeCA and Cr(VI), and upon complete reactivity loss, passive NZVI suspensions 

were reacted with various amounts of dithionite in an attempt to restore the reducing 

capacity of the suspension. Reactivity studies with 1,1,1,2-TeCA and Cr(VI) were once 

again conducted to assess the efficiency of dithionite in restoring reactivity to the 

passivated suspensions, whereas materials characterization on the suspension both before 
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and after reaction with dithionite was used to determine the reactive phases produced via 

the regeneration reaction that were responsible for the restored redox capacity.  

The potential benefits of the work in Chapter 3 are great. Using dithionite as a 

chemical regenerant of passivated NZVI treatment zones, site longevity can be extended, 

allowing lower amounts of NZVI to obtain clean-up goals. Furthermore, the ability to 

sustain NZVI longevity may also facilitate a wider range of applications, including the 

use of NZVI injection at polluted environments that are not strictly anaerobic. 

Chapter 4 aims to identify the optimal conditions for the field-scale application of 

Pd/Fe bimetallic reductants, while also exploring the underlying mechanism responsible 

for the enhanced reactivity of Pd/Fe relative to unamended Fe(0). Experiments examined 

the reactivity enhancement afforded by Pd/Fe relative to Fe(0) over a range of Pd 

loadings, Pd/Fe reductant loading or concentration (in g/L), initial concentration of the 

target chlorinated solvents (1,1,1,2-TeCA and cis-DCE), anaerobic aging timescales (up 

to one month), and solution pH. This work also represents the first to systematically 

compare the reactivity of Pd/Fe generated from NZVI relative to larger, micron-sized 

Fe(0) particles, attempting to identify the impact of the Fe(0) substrate in the overall 

reactivity of the Pd/Fe reductant. 

For mechanistic insights, the origin of reactivity enhancement in the Pd/Fe 

systems was explored through measurement of solvent kinetics isotope effects (hereafter 

referred to as SKIEs), defined as the rate constant for pollutant transformation in water 

normalized to the rate constant in a corresponding system with D2O [kobs(H2O)/ 

kobs(D2O)]. SKIEs were quantified as a function of Pd loading and Pd/Fe concentration, 
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and significant SKIEs were interpreted as evidence for the involvement of surface 

associated atomic hydrogen in pollutant transformation reactions. Practical implications 

for these mechanistic insights are presented in the form of SKIEs measured for Pd/NZVI 

reductants that were aged over one month in anaerobic suspensions so as to simulate 

field-scale application.  

Finally, Chapter 5 develops novel hematite-coated multi-walled carbon nanotubes 

(α-Fe2O3/MWCNT) and applies these hybrid nanostructures as high-surface area sorbents 

for heavy metals during water treatment. Hybrid α-Fe2O3/MWCNT nanostructures were 

prepared through the surface-assisted forced hydrolysis of ferric nitrate in the presence of 

MWCNTs. The amount of deposited α-Fe2O3, which influences the nanoparticle size and 

coverage density, was tuned during synthesis and the sorption capacity of the resulting 

nanomaterials was examined toward Cu(II) and Cr(VI) as a function of pH and metal 

concentration. Sorption properties of the hybrid nanostructures were then compared to 

metal uptake in systems with the individual material components (e.g., dispersions of 

nanoscale hematite particles or MWCNTs) and observed sorption trends were related to 

material properties obtained through complementary materials characterization (e.g., 

TEM with selected area diffraction, total deposited iron through acid digestion, 

suspensions sedimentation rates and zeta potential analysis).   
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2. Influence of Anionic Co-Solutes and pH on Nanoscale 
Zero-Valent Iron Longevity: Timescales and 
Mechanisms of Reactivity Loss Toward 1,1,1,2-
Tetrachloroethane and Cr(VI)1 
 

2.1.  Abstract 

 Nanoscale zero-valent iron (NZVI) was aged over 30 days in aqueous 

suspensions with different anions (chloride, perchlorate, sulfate, carbonate and nitrate), 

anion concentrations (5, 25, and 100 mN), and pH (7 and 8). During aging, suspension 

samples were reacted periodically with two model pollutants, 1,1,1,2-tetrachloroethane 

(1,1,1,2-TeCA) and Cr(VI), to determine the timescales and primary mode of NZVI 

reactivity loss. Rate constants for 1,1,1,2-TeCA reduction in Cl-, SO4
2-  and ClO4

- 

suspensions were essentially equivalent up to 100 mN and independent of pH, decreasing 

by 95% over 1 month.  In contrast, longevity toward 1,1,1,2-TeCA was concentration-

dependent for NO3
- and HCO3

-, with complete reactivity loss over 1 and 14 days, 

respectively, in 25 mN suspensions. X-ray diffraction suggests that reactivity loss toward 

1,1,1,2-TeCA results from Fe(0) conversion into magnetite in NO3
- , Cl-, SO4

2-  and 

ClO4
- systems, whereas formation of iron carbonate hydroxide is responsible in HCO3

- 

suspensions. Markedly different trends in Cr(VI) removal capacity were observed during 

aging, exhibiting a pronounced pH-dependence and longevity that was generally 

independent of anion concentration. A strong correlation was observed between Cr(VI) 

                                                           
1 An abbreviated version of this chapter has been submitted for publication in Environmental Science and 
Technology. Y. Xie and D.M. Cwiertny, Influence of Anionic Co-solutes and pH on Nanoscale Zero-
Valent Iron Longevity: Timescales and Mechanisms of Reactivity Loss Toward 1,1,1,2-Tetrachloroethane 
and Cr(VI) 



40 
 

removal capacities and rates of Fe(II) production measured in the absence of Cr(VI).  

While Fe(0) availability dictates longevity toward 1,1,1,2-TeCA, this correlation 

suggests different entities, specifically surface-associated forms of Fe(II), are primarily 

responsible for Cr(VI) reduction. 

 

2.2.  Introduction 

Although nanoscale zero valent iron (NZVI) treatment zones are becoming a 

popular alternative to permeable reactive barriers (PRBs) [1-4], questions surround the 

reactive lifetime of NZVI during application. To date, available field-scale monitoring 

data [5-8] are limited, and laboratory aging studies [9-11] have yet to examine NZVI 

reactivity loss in geochemically complex systems representative of contaminated 

subsurface environments. While generally accepted that the longevity of NZVI treatment 

zones will be shorter than that of PRBs (operative from several years to decades [12]), 

establishing timescales of NZVI reactivity loss in response to geochemical conditions 

will help to identify the optimal condition for application.   

From established behavior of granular iron [13-18], the identity and concentration 

of anionic co-solutes are expected to dictate NZVI longevity because of their influence 

on the nature and stability of oxide layers at the particle-water interface. Chloride [13, 15, 

19] and sulfate [13, 20], corrosion promoters capable of destabilizing passive surface 

films [21], have been reported to enhance granular iron reactivity. The influence of 

(bi)carbonate has been extensively investigated in laboratory and field-scale 

investigations [13, 22-27] [28, 29], typically revealing effects on granular iron reactivity 
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that depend on (bi)carbonate concentration and exposure time. In a recent work by Bi et 

al. [30], enhanced reactivity toward 4-chloronitrobenzene was observed at low carbonate 

concentrations, where it was hypothesized that amorphous Fe(OH)2 precipitates 

preferentially relative to passive FeCO3 (siderite), allowing free CO3
2- to promote Fe(0) 

corrosion. Klausen et al. [27] observed reactivity toward organohalides and 

nitroaromatics in column studies that was initially enhanced (over 90 days) at a high 

bicarbonate concentration (20 mM), but ultimately resulted in inhibited activity due to 

formation of passive iron carbonate precipitates [31]. Unlike these other anions, nitrate is 

reducible by zero-valent iron [14, 32, 33], which promotes formation of passive ferric 

iron (Fe(III)) (oxyhydr)oxides that dampen reactivity and shorten longevity [13, 17, 18].   

While the roles of anions as inhibitors or promoters should not change in NZVI 

systems, NZVI performance is likely to be far more sensitive to their presence due to its 

greater corrosion rate.  Reardon et al. observed the corrosion rate for commercially 

available NZVI (~ 2 mol kg-1d-1) [34] to be orders of magnitude greater than that of 

commercially available granular iron samples (1.4 - 31.3 × 10-4 mol kg-1d-1) and 

electrolytic iron powder (7.9 × 10-2 mol kg-1d-1) [35, 36]. At such markedly higher 

corrosion rates, solubility limits for passive phases (e.g., siderite in HCO3
- systems) will 

be achieved more readily, in turn accelerating NZVI reactivity loss. For corrosion 

promoters (e.g., Cl- and SO4
2-), enhanced corrosion rates may also shorten longevity by 

increasing electron transfer to non-targets such as oxygen and water. In this case, the 

anions’ influence on surface oxide formation will be critical for longevity because this 
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layer will regulate the rate of electron transfer from the metallic particle core to pollutants 

at the particle-water interface [37, 38].    

To date, timescales of NZVI reactivity loss toward model pollutants have only 

been examined in idealized systems, not allowing to the influence anionic co-solutes to 

be quantified. Multiple studies conducted in unbuffered, deionized water systems indicate 

that NZVI maintains reactivity toward common chlorinated solvents (e.g., carbon 

tetrachloride and trichloroethylene) over 100-200 days [9, 10]. Because the pH in 

unbuffered systems can increase to values not representative of the subsurface, we 

recently aged NZVI in buffered suspensions at near-neutral pH [11]. At pH 7 and 8, we 

observed NZVI longevity to be considerably less, with measureable activity toward 

1,1,1,2-tetrachlorethane (1,1,1,2-TeCA) for only 1 to 2 months.   

In a noteworthy series of studies, Liu and Lowry reported the following reactivity 

trend  (from most enhanced to most inhibited) toward trichloroethene (TCE) in NZVI 

suspensions with 5 mN concentration of different anions: Cl- > SO4
2- > HCO3

- > HPO4
2 –

 >NO3
- [39]. However, this trend reflects pseudo-first-order rate constants for TCE 

reduction measured over relatively short periods of time (6 d). As such, it only reflects 

the immediate impact of these anions on NZVI reactivity while providing little indication 

of how long the enhanced or diminished reactivity is sustained in each solution. A 

follow-up study [40] characterized the NZVI corrosion products generated over 6 months 

in anaerobic, unbuffered suspensions with either 10 mN Cl-, NO3
-, SO4

2-, HPO4
- or 

HCO3
-. After one month, the following trend in NZVI oxidation was observed based 

upon the Fe(0) remaining in the particle as determined by EXAFS (from most to least 
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oxidized): NO3
- > Cl- > SO4

2- > HPO4
- > HCO3

-. However, the reactivity of these aged 

NZVI suspensions toward a model pollutant target such as TCE was not simultaneously 

measured. Because these same authors previously showed TCE reduction rates to be 

independent of Fe(0) content in aged NZVI [9], it is not possible to relate the changes in 

Fe(0) content to effective treatment lifetime.   

Here, we simultaneously monitor changes in reactivity and material properties for 

NZVI suspensions aged up to one month in solutions of Cl-, HCO3
-, NO3

-, SO4
2-, and 

ClO4
- over a range of concentrations (5, 25 and 100 mN) and buffered at environmentally 

relevant pH values (pH 7 and 8). Over time, reactivity loss in aged suspensions was 

quantified via multiple metrics including rates of aqueous Fe(II) production, the pseudo-

first order rate constant for reduction (kobs values) of 1,1,1,2-TeCA, hexavalent chromium 

(Cr(VI)) removal capacity (in mg of Cr/g NZVI), and measurement of oxidation-

reduction potential (ORP), which is often used to monitor NZVI performance at field-

scale installations [5, 8]. Inclusion of 1,1,1,2-TeCA and Cr(VI) as model pollutant targets 

allows the total reducing capacity available in aged NZVI suspensions to be evaluated; 

from our prior work [11], 1,1,1,2-TeCA is only degraded over short timescales by Fe(0), 

whereas Cr(VI) can be reduced both by Fe(0) and forms of aqueous and solid phase 

Fe(II). Thus, differences in suspension reactivity toward 1,1,1,2-TeCA and Cr(VI) 

provide an indirect measure of the relative amount of reducing equivalents available as 

Fe(0) and Fe(II) in aged NZVI particles. Finally, aged particles were characterized over 

time using transmission electron microscopy (TEM) and X-ray diffraction (XRD) to 

relate measured reactivity loss to changes in corrosion products generated during aging. 



44 
 

2.3. Experimental Section 

Reagents 

 NZVI was purchased from Nanostructured and Amorphous Materials, Inc. 

(Houston, TX). The nanoparticles are provided as a dry powder packaged under N2 that is 

synthesized from the reduction of iron oxides by H2. Although stabilized via partial 

oxidation under 10% O2, the material remained highly reactive and ignited upon exposure 

to air. The vendor reports an average particle size of 25 nm and a BET surface area of 40-

60 m2/g. Characterization of this material in our previous work [1] suggests the particles 

consist of roughly 80% Fe(0) and 20% magnetite. Because of slight batch to batch 

reactivity in the product supplied by the vendor, unless otherwise noted, aging 

experiments were conducted with the same lot of NZVI powder.   

For aging, NZVI suspensions were prepared in HEPES buffer (Sigma-Aldrich; 

99.5%) with sodium chloride (NaCl, Aldrich, ≥ 99.0%), sodium sulfate (NaSO4, Aldrich, 

≥ 99.0%), sodium perchlorate (NaClO4, Acros, 99+%,), sodium bicarbonate (NaHCO3, 

Sigma, > 99.5%) or sodium nitrate (NaNO3, Aldrich, ACS reagent). All solutions were 

prepared using deionized water (Milipore, Q-Grad 2) and were deoxygenated by sparging 

with compressed nitrogen for at least 1 hr/L. Model pollutants used in reactivity studies 

include Cr(VI) prepared from potassium chromate (K2CrO4, reagent grade, Fisher 

chemical) and 1,1,1,2-TeCA (~99%, Aldrich). Reagents used in colorimetric analysis of 

aqueous Fe(II) include 1,10-phenanthroline (Aldrich, 99+%), ammonium acetate (Sigma-

Aldrich, ≥ 98%), glacial acetic acid (Fisher, certified ACS plus) and hydrochloric acid 
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(Fisher, trace metal grade). Reagents used in Cr(VI) analysis include sulfuric acid (Fisher, 

certified ACS plus) and S-diphenyl carbazide (Fisher; certified ACS).    

 

Aging Protocol for NZVI Suspensions 

Within an anaerobic chamber (97% N2, 3% H2), 2 g/L suspensions of NZVI were 

prepared by weighing 400 mg NZVI into a 250 mL Kimax bottle and combining it with 

200 mL of 50 mM HEPEs buffer with an appropriate ionic composition. The anion 

concentrations were 5, 25 and 100 mN for Cl-, SO4
2- and ClO4

- and 5 and 25 mN for 

HCO3
- and NO3

-, and sodium salts of all anions were used. ClO4
-  was included because 

although it has previously been assumed to interact minimally with the granular iron 

surface [13], it is also known to be a weak oxidant for NZVI [41] and granular iron [42].   

Thus, the extent of its influence on NZVI longevity remains largely unknown.  HEPES 

buffer (pKa value of 7.55) provided reasonable buffering capacity at both pH 7 and 8. As 

detailed in our prior work [11], suspension pH was not stable over time in the absence of 

buffer, rapidly increasing due to water reduction. 

After preparing the suspensions, the bottles were screw-capped, the cap was 

wrapped in Parafilm, and the sealed bottle was briefly removed from the anaerobic 

chamber for sonication (~10 s) to disperse the NZVI powder. The bottles then were 

returned to the glovebox where they aged for 30 d while sealed. During aging, 

suspensions did not contain a model pollutant, with water reduction (i.e., corrosion) 

representing the only aging process. The suspensions were vigorously mixed by hand 

daily, and when necessary, small amounts of 5 N HCl were added to maintain a relatively 
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constant pH of 7.0 (± 0.2) or 8.0 (± 0.2). Notably, HCl was used to maintain the pH of all 

suspensions, even those with anions other that Cl-, because it achieved the necessary pH 

adjustment with addition of relatively small volumes.  In all cases, the HCl required to 

maintain suspension pH resulted in the addition of less than 1 mM of Cl- over the 

duration of aging.  

 

Evaluation of NZVI Reactivity during Aging  

The reactivity of aged NZVI suspensions was evaluated via measurement of kobs 

values for 1,1,1,2-TeCA reduction and the removal capacity of Cr(VI) (in mg of Cr/g 

NZVI) according to procedures summarized in the SI and detailed in our previous work 

[11]. Reactivity studies were conducted with samples of suspensions periodically 

withdrawn during aging. To remove any reactivity contribution from the aqueous Fe(II) 

that accumulated in suspension over time, these samples were centrifuged (8000 RPM for 

5 min), and the supernatant was decanted inside anaerobic chamber. The aged particles 

were then washed twice with deoxygenated, deionized water prior to being re-suspended 

to the desired solid loading (typically 2 g/L) in the appropriate buffer for reactivity 

studies. To monitor how the redox character of the suspension changed over time, 

oxidation-reduction potential (ORP) was also measured periodically using a single-

junction ORP electrode (Oakton Instruments).  

For reaction with 1,1,1,2-TeCA,  22 mL of the aged NZVI slurry (2 g/L) was 

directly added to a serum bottle and sealed with a Teflon-lined butyl rubber septa. This 

volume resulted in no headspace within the reactor. After construction, reactors were 
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removed from the glovebox and the reaction with 1,1,1,2-TeCA was initiated 

immediately. To initiate the reaction, 70 µL of a 55.56 mM solution of 1,1,1,2-TeCA in 

methanol was added to the reactor, producing an initial concentration of ~175 µM.  

Reactors were then placed on a Roto-torque rotator (Cole-Parmer), which mixed the 

reactors end over end at 60 rpm. During experiments, 100-200 µL of aqueous sample was 

extracted using a glass microliter syringe, and the reaction was quenched by extracting 

1,1,1,2-TeCA (extraction efficiencies were essentially 100%) with 1 mL of n-hexane 

(Fisher Scientific; GC Grade). We note that no difference in reactivity was observed 

when reactors were conducted within or outside the anaerobic chamber.  NZVI free 

controls were conducted in a manner identical to that described above. 

Removal capacities of Cr(VI) were quantified through repeated addition of Cr(VI) 

to a sample of aged suspension (with an equivalent of 1 g/L of NZVI) until Cr(VI) 

removal was no longer observed. Because aqueous Fe(II), which accumulated over time 

during suspension aging, also represents a capable reductant for Cr(VI) [2, 3], samples of 

the aged NZVI suspension were processed to remove Fe(II) prior to reaction.  

Specifically, 8 mL of NZVI slurry was removed from the well-mixed aged suspension, 

transferred to a centrifuge tube that was screw-capped and wrapped with Parafilm, and 

then centrifuged (8000 RPM for 5 minutes using an Eppendorf 5840R Centrifuge) to 

separate the aged particles from the aqueous supernatant. The aged NZVI particles were 

then resuspended in 16 mL of fresh buffer with the same pH value and anionic 

composition of the solution used to age the NZVI, producing a 1 g/L NZVI suspension. 

To initiate reaction, 150 µL of a 50 mM potassium chromate solution was added to the 
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NZVI suspension, producing an initial concentration of ~0.5 mM and a distinguishable 

yellow color in the suspension. The reactor was then placed on a roto-torque rotator 

(Cole-Parmer), which mixed the reactors end over end at 60 rpm. Upon color loss, which 

occurred relatively rapidly (typically on the order of 2 minutes), another Cr(VI) spike was 

added to the suspension. This respiking procedure continued until Cr(VI) removal was no 

longer measureable. Although reactors were assembled within the anaerobic chamber, all 

reactions with 1,1,1,2-TeCA and Cr(VI) were conducted outside of the glovebox. No 

difference was observed in suspension activity for experiments conducted inside versus 

outside of the anaerobic chamber.  

Experiments measuring Fe(II) production were conducted in a similar fashion to 

experiments with Cr(VI). Samples of aged suspension were pretreated via centrifugation 

and washing to remove accumulated Fe(II) and then resuspended in an appropriate buffer 

and anion solution to yield a 1 g/L suspension of aged particles. The reactor was placed 

on a rotator and mixed end over end inside an anaerobic chamber to avoid oxidation of 

aqueous Fe(II) during sample collection. Samples were periodically withdrawn over the 

first 15 minutes of reaction so as to capture the initial rate of Fe(II) production. Samples 

were passed through a 0.2 µm nylon syringe driven filter (Xpertek) to remove the aged 

NZVI particles from suspensions. First-order rate constants for Fe(II) production (kFe(II)) 

were then determined via linear regression analysis of the concentration versus time data.  

 

Analytical Methods 
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Dissolved Fe(II) was quantified using the 1,10-phenanthroline method [4, 5]. 

Within the anaerobic chamber, 1mL of reactor solution was passed through a 0.2 µm 

syringe filter (PTFE) and added to 40 µL 5 M HCl to preserve the samples for iron 

analysis. Samples were removed from glovebox and diluted as appropriate with deionized 

water. For colorimetric analysis, 200µL of 1 g/L phenanthroline solution and 200 µL of a 

100 g/L ammonium acetate buffer solution were added to the sample, and the samples 

were allowed to sit in the dark for ~30 min prior to analysis. Absorbance measurements 

were then performed on a Shimadzu UV-visible spectrophotometer (at λ=510 nm). 

Standards for Fe(II) were prepared from anhydrous beads of ferrous chloride (FeCl2, 

99.9%, Sigma-Aldrich).  

Dissolved concentrations of Cr(VI) were determined colorimetrically with the 

reagent diphenylcarbazide [6]. Briefly, 80 µL of filtered sample was diluted with 1 mL of 

deionized water and then combined with 40 µL 5N sulfuric acid and 40 µL of a solution 

prepared by dissolving 250 mg of diphenylcarbazide in 50 mL acetone. The mixture was 

allowed to react for 30 minutes in the dark, over which time a pink color developed if 

Cr(VI) was present above the detection limits (~35.86 µg/L). The solutions were 

analyzed on a Shimadzu UV/visible spectrophotometer at (λ = 540 nm). Standards of 

Cr(VI) were made from potassium chromate and were prepared for UV/vis analysis in a 

manner identical to the experimental samples.  

The concentration of 1,1,1,2-TeCA and its sole reduction product 1,1-

dichloroethylene (1,1-DCE) were determined via gas chromatography with electron 

capture detection (GC/ECD). During batch experiments, 100-200 µL of aqueous sample 
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was extracted with 1 mL of n-hexane (Fisher Scientific; GC Resolv.) followed by 

subsequent dilutions in hexane. Diluted extracts were analyzed using an Agilent 7890A 

GC with micro-ECD that was equipped with an Rtx-1 column (30 m, 0.32 mm ID, 5.00 

µm film thickness, Restek) and autosampler (CTC Analytics, CombiPal). The 

temperature program involved holding at the initial temperature of 45 °C for 0.5 min, 

increase at a rate of 15°C/min to 150 °C, then increase at 15°C/min  to 250 ⁰C followed 

by a hold for 2 min. Standards of all analytes were prepared in hexane and were analyzed 

in a manner identical to the experimental samples. 

A small number of studies examined the fate of nitrate in NZVI systems. Nitrate 

and nitrite, a likely reduction product, were analyzed using an IonPac AS14 column on a 

DIONEX 1000 ion chromatography. The DIONEX IC requires samples to be passed 

through a 0.1 micron filter prior to injection to prevent organic matter buildup in the 

column. Samples were automatically injected using an AS 40 liquid autosampler. The 

method utilized an eluent of 3.5 mM Na2CO3/1.0 mM NaHCO3 with a flow rate of 1 

mL/min. The method detection limit was 200 µg/L for nitrate (as N) or nitrite (as N). 

ORP measurements were made by placing the electrode into a well-mixed 

suspension of 2 g/L NZVI with at least 25 mL of total volume. Stable readings were 

typically achieved after 1 minute. The probe was calibrated with saturated solutions of 

quinhydrone at pH 4 and 7 according to procedures recommended by the manufacturer.    

 

Materials Characterization 
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Changes in NZVI mineralogy during aging were investigated with powder X-ray 

diffraction (XRD) using a Bruker D8 Advance Diffractometer with Cu Kα radiation (λ = 

1.54 Å). The tube current was 40mA with tube voltage of 40 kV. 2θ ranged from 5° to 80° 

with a scanning rate of 0.5 min/step and a step size of 0.02°. As in our prior work [11], 

samples of aged suspensions for XRD analysis were deposited on a standard microscope 

slide and allowed to dry overnight within the anaerobic chamber prior to analysis. Dried 

samples were then analyzed immediately, with a typical analysis time of 30 min. Notably, 

the effect of oxidation during XRD analysis was found to be negligible, with analysis of 

select samples prepared in 10-50% glycerol by volume, which inhibits oxidation, yielded 

identical diffraction patterns to the same samples prepared without glycerol. As sample 

size was often limited for XRD analysis, the majority of samples were conducted without 

added glycerol so as to optimize the diffraction signal during analysis.   

The morphology of materials was examined using transmission electron 

microscopy (TEM; FEI Tecnai 12 G2 equipped with a LaB6 electron gun) operated at 

120 kV. Prior to characterization, materials suspensions were centrifuged to separate the 

solids from the supernatant and then resuspended in DI water (for XRD) or methanol (for 

TEM). This procedure limited interference from buffers and salts present in suspension 

during analysis. For TEM, a drop of diluted sample was dried on a carbon-coated Cu grid 

(300 mesh). All samples were stored in glovebox until analysis. 

  

2.4. Results and Discussion 

Trends in Reactivity Loss toward 1,1,1,2-TeCA 
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Figure 2-1 illustrates the changes in kobs values for 1,1,1,2-TeCA reduction 

(kobs(1,1,1,2-TeCA)) as a function of suspension aging time in the presence of 5 mN 

(Figure 2-1a) and 25 mN (Figure 2-1b) anionic co-solutes at pH 8. Data are presented 

from at least duplicate aged suspensions. In all systems, 1,1,1,2-TeCA concentrations 

exhibited exponential decay, thus kobs(1,1,1,2-TeCA) values were obtained from the 

slopes of semi-log plots of 1,1,1,2-TeCA concentration versus time. Minor 1,1,1,2-TeCA 

losses occurred in NZVI-free controls, attributable to sorption on the septa used to seal 

reactors. The loss coefficient measured in these controls is represented by the dashed 

horizontal line in Figure 2-1. Aged NZVI was assumed to possess no further reducing 

capacity toward 1,1,1,2-TeCA when kobs(1,1,1,2-TeCA) values were equivalent to the 

value measured in controls (representing >99% loss relative to the maximum kobs value). 

When 1,1,1,2-TeCA loss exceeded that in controls, 1,1,1,2-TeCA transformation 

occurred via reductive dechlorination; 1,1-dichloroethylene was the only detectable 

reaction product and sorption-corrected carbon mass balances were greater than 90%.  

In all 5 mN suspensions (Figure 2-1a), reactivity increased by roughly 2- to 3-fold 

over the first two days of aging. Previous studies [10, 39] have attributed such behavior 

to autoreduction of the passivating oxide layer initially present on the particle surface. 

Another notable feature is the very modest reactivity differences observed during aging in 

most 5 mN anion suspensions. Suspensions of Cl-, ClO4
-, and HCO3

- yielded essentially 

equivalent kobs(1,1,1,2-TeCA) values, whereas SO4
2- exhibited slightly depressed 

reactivity during moderate aging times (5-14 days) relative to these other anions. Nitrate-

containing suspensions exhibited appreciably lower reactivity than other systems, with 5 
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mN NO3
- immediately dampening NZVI reactivity and yielding a kobs value roughly an 

order of magnitude less than other systems. The reactivity in NO3
- systems slowly 

rebounded over the first 5 days, increasing by roughly a factor of 5 attributable in part to 

autoreduction. Reduction of NO3
- occurred readily in these systems (Figure 2-2). Thus 

the reactivity enhancement may also reflect consumption of NO3
- over time, thereby 

increasing the reducing equivalents available for 1,1,1,2-TeCA. Exposure to 5 mN NO3
- 

ultimately shortened NZVI longevity, with complete reactivity loss observed by 30 d at 

pH 8. All other anion suspensions, including HCO3
-, maintained measurable reactivity 

over this period, with 1,1,1,2-TeCA loss greater than that in controls, although the extent 

of reactivity loss was substantial (~95%).  

For 25 mN suspensions at pH 8 (Figure 2-1b), Cl-, SO4
2- and ClO4

- revealed the 

same relative reactivity as at 5 mN, where kobs(1,1,1,2-TeCA values ) for Cl- and ClO4
- 

were equivalent, while comparatively SO4
2- was slightly less reactive. Also for Cl-, SO4

2- 

and ClO4
-, kobs(1,1,1,2-TeCA) values were approximately equal to those measured in 5 

mN suspensions, exhibiting roughly 95% reactivity loss over 30 d. Additional 

experiments revealed that trends in NZVI reactivity and longevity toward 1,1,1,2-TeCA 

were unaffected by concentrations up to 100 mN for these anions (Figure 2-3). The 

comparable reactivity of ClO4
- suspensions to Cl- and SO4

2- at all concentrations suggests 

minimal reduction by NZVI occurred; notably, NZVI loadings used herein (2 g/L) are 

considerably less than those found to achieve 60% ClO4
- reduction over 28 days (20 g/L) 

[41].    
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At 25 mN, NZVI longevity was shortened considerably in both HCO3
- and NO3

- 

systems. After an initial increase in reactivity over 2 days from autoreduction, values of 

kobs(1,1,1,2-TeCA) in 25 mN HCO3
- suspensions decreased suddenly, with reduction of 

1,1,1,2-TeCA not observed beyond 21 days. Reactivity loss occurred most rapidly in 25 

mN NO3
- systems, in which there was no increase in kobs values from autoreduction and 

1,1,1,2-TeCA loss attributable to reduction ceased after 1 d. Only ~20% of available 

NO3
- was reduced by NZVI prior to complete reactivity loss (Figure 2-2), suggesting 

consumption of reducing equivalents by excess NO3
- limited activity toward 1,1,1,2-

TeCA.  

Values of kobs(1,1,1,2-TeCA) as a function of aging time at pH 7 are shown in 

Figure 2-4. At 5 mN, a minimal pH effect was observed over the duration of aging for all 

anions, although in a few instances the peak kobs(1,1,1,2-TeCA) value achieved after 

autoreduction was notably higher at pH 7. This behavior is most noticeable for NO3
- 

systems, but also observed for Cl- and ClO4
- suspensions, suggesting the rate and extent 

of autoreduction reaction is pH dependent. At 25 mN, there also was little, if any, 

discernible pH effect in SO4
2-, HCO3

-, and NO3
-. For 25 mN Cl- and ClO4

-, on the other 

hand, kobs(1,1,1,2-TeCA) values over the aging period were smaller at pH 7. This pH-

dependence is counter to that commonly observed for NZVI [11] and granular iron 

reductants [46], and as a result led to slightly greater rates of reactivity loss in 25 mN Cl- 

and ClO4
- systems relative to pH 8.   

Despite these few notable differences observed between pH 7 and pH 8 

suspensions, most observable pH effects exerted little impact on the relative longevity of 
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different anionic suspensions of NZVI toward 1,1,1,2-TeCA. In comparing Figure 2-1 

and 2-4, reactivity loss generally occurred to the same extent over comparable timescales 

in all systems, except high concentration HCO3
- and NO3

- systems.   

 

 

 

 

  

Figure 2-1. Change in the k
obs

 values for 1,1,1,2-TeCA reduction over time in the 

presence of Cl
-
, SO

4

2-
, ClO

4

-
, HCO

3

-
 and NO

3

-
 at pH 8 (a) at 5 mN and (b) at 25 mN 

concentration. Comparable reactivity trends and timescales for reactivity loss were 
observed at pH 7 (see Figure 2-4). Dashed line represents the rate constant 
corresponding to the extent of 1,1,1,2-TeCA loss in NZVI-free controls, as described 
in the text. Uncertainties represent 95% confidence intervals from regression analyses 
performed on semi-log plots of 1,1,1,2-TeCA concentration as a function of time, the 
slopes of which were used to obtain the k

obs
 values shown.   
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Figure 2-2. Reduction of nitrate and production of nitrite in suspensions of (a) 5 mN and 
(b) 25 mN nitrate at pH 7 and 8. In 5 mN suspensions, production of nitrite is shown as 
an inset, whereas nitrite in 25 mN nitrate suspensions, while observed, was at or near the 
limit of analytical detection with our ion chromatography method. Experiments were 
conducted in a manner analogous to the reactions with 1,1,1,2-TeCA using a fresh NZVI 
suspension of 2 g/L in 25 mM HEPES buffer at the appropriate pH and initial nitrate 
concentration.    
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Figure 2-3. Change in kobs values for 1,1,1,2-TeCA reduction as a function of NZVI 
aging time in pH 7 and pH 8 suspensions with 5, 25 and 100 mN concentrations of Cl-, 
SO4

2- and ClO4
- . As noted in the main text, the dashed line represents the rate constant 

observed for 1,1,1,2-TeCA loss in NZVI-free controls, in which a small amount of 
1,1,1,2-TeCA loss was observed as a result of sorption to the septa used to seal the 
reactors. Experiments were conducted in suspensions with an equivalent of 2 g/L of fresh 
NZVI in 25 mM HEPES and the appropriate anion composition. We note that these 
experiments examining NZVI reactivity loss at 100 mN anion concentrations were 
conducted with a new lot of NZVI powder from Nanostructured and Amorphous 
Materials because the original lot was consumed during the aging studies presented in 
Figures 2-1 and 2-4. Notably, this newer lot exhibited initial reactivity toward 1,1,1,2-
TeCA that was less than the lot of NZVI used in the majority of the experiments 
presented herein. Moreover, this newer lot also exhibited slightly elevated rates of 
reactivity loss toward 1,1,1,2-TeCA. As data from 100 mN systems were not directly 
comparable to data previously presented at 5 and 25 mN concentrations in Figure 2-1 and 
2-4, additional experiments with the new NZVI lot at 5 and 25 mN were conducted and 
are the data shown. As is clearly evident from the results with the new NZVI lot, there 
was not obvious change in the rate of reactivity loss toward 1,1,1,2-TeCA over the entire 
range of anion concentrations considered.   
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Figure 2-4. Change in the kobs values for 1,1,1,2-TeCA reduction over time in pH 7 
suspensions of Cl-, SO4

2-, ClO4
-, HCO3

- and NO3
- (a) at 5 mN and (b) at 25 mN 

concentration. The dashed line indicates the rate constant for the amount of 1,1,1,2-TeCA 
loss observed in NZVI-free controls, in which a small amount of loss was observed as a 
result of sorption to septa used to seal the reactors. Reactors contained a reduction 
loading equivalent to 2 g/L of fresh NZVI , 25 mM HEPES buffer to stabilize pH at 7.0 ± 
0.2, and the appropriate anion composition. As is our previous work  [1], decay of 
1,1,1,2-TeCA was consistent with reductive β-elimination to produce 1,1-
dichloroethylene (1,1-DCE) in all systems. Reduction of 1,1,1,2-TeCA followed 
exponential decay, and thus for this system we report pseudo-first-order rate constants 
(kobs values) for 1,1,1,2-TeCA reduction as a function of aging time for each suspension  
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Trends in Reactivity Loss toward Cr(VI) 

Measured Cr(VI) removal capacities (in mg of Cr(VI) per g of NZVI) as a 

function of aging time for 5 and 25 mN anionic suspensions at pH 7 and 8 are shown in 

Figure 2-5. In Figure 2-5, y-axes share the same range to facilitate comparison between 

different systems. Based on evidence presented in our earlier work [11], reduction 

represented the primary mechanism of Cr(VI) loss in our systems.   

Unlike kobs(1,1,1,2-TeCA) values, Cr(VI) removal capacities exhibited a much 

clearer pH-dependence. Generally, suspensions aged at pH 7 exhibited considerably more 

removal than those aged at pH 8, behavior most easily observed for SO4
2- and HCO3

- 

suspensions. Rates of reactivity loss toward Cr(VI) were also different from those 

observed for 1,1,1,2-TeCA. First, no influence of autoreduction was observed, as removal 

capacities either were constant or decreased slightly during initial periods of aging. 

Another key difference from 1,1,1,2-TeCA was that removal of Cr(VI) was measurable 

in nearly all suspensions over the entire duration of aging. Notably, 25 mN HCO3
- 

suspensions that were passive toward 1,1,1,2-TeCA after two weeks maintained 

relatively high reactivity toward Cr(VI) over 30 d.  

 Trends in Cr(VI) removal were also far less sensitive to anion concentration. In 

SO4
2- and HCO3

- systems, for example, no appreciable differences were observed 

between 5 and 25 mN at either pH, and Cr(VI) removal remained roughly constant over 

time. While the concentration of Cl- did not affect Cr(VI) removal, the rate of reactivity 

loss was greater at pH 7 relative to pH 8. As the exceptions, anion concentration 

influenced NZVI performance in ClO4
-- and NO3

--containing systems. For ClO4
-, higher 
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concentration hastened reactivity loss in pH 7 suspensions, yet exerted no influence at pH 

8. Although removal of Cr(VI) was generally suppressed in all NO3
- suspensions (near 

10-15 mg of Cr/g NZVI), complete reactivity loss was only observed in the 25 mN at pH 

8 after 5 d.  

  Because of the numerous differences exhibited between aged suspensions of each 

anion, it is difficult to develop generalizable trends for NZVI reactivity and longevity 

toward Cr(VI). However, the generally disparate behavior observed toward Cr(VI) and 

1,1,1,2-TeCA (Figure 2-6) support unique reductants for each species in aged NZVI 

suspensions. Notably, our data suggest that the species primarily responsible for Cr(VI) 

removal persists over longer timescales and exhibits a greater sensitivity to solution pH. 
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Figure 2-5. Change in Cr(VI) removal capacity (in mg of Cr/g NZVI) as a function of 
aging time in 5 and 25 mN suspensions of sulfate, chloride, perchlorate, carbonate and 
nitrate at pH 7 and 8. Data are shown on the same y-axis scale for the purpose of 
comparison. 
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Figure 2-6. Reactivity loss in (a) 25 mN chloride, (b) 5 mN bicarbonate and (c) 25 mM 
bicarbonate system at pH 7 and 8. Rather than showing absolute kobs values for 1,1,1,2-
TeCA reduction and Cr(VI) removal capacities (as presented in Figures 2-1 and 2-4, and 
Figure 2-5, respectively), reactivity data are presented as fraction of the maximum 
reactivity measured toward each target compound. For 1,1,1,2-TeCA, all kobs values were 
normalized the maximum kobs value measured, which typically was measured after 1 or 2 
days of aging due to the autoreduction reaction. In contrast, the maximum removal 
capacity for Cr(VI) was sometimes observed early in the aging process (e.g., 25 mN Cl- 
at pH 8), but in other instances maximum removal capacities were measured after several 
days of aging (e.g., 25 mN HCO3

- systems at pH 7 and pH 8). While there are certain 
instances where rates of reactivity loss were comparable in systems with 1,1,1,2-TeCA 
and Cr(VI), for the overwhelming majority of systems reactivity loss was more rapid and 
extensive toward 1,1,1,2-TeCA. This is particularly evident in the carbonate systems 
shown, where fractional reactivity loss toward Cr(VI) was in most instances minimal 
relative to 1,1,1,2-TeCA.   
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Role of Corrosion Products in Reactivity Loss Toward 1,1,1,2-TeCA  

 Trends in corrosion product formation most readily explain reactivity loss 

observed toward 1,1,1,2-TeCA.  For example, characterization results of NZVI aged in 

25 mN NO3
- at pH 7 are shown in Figure 2-7. Diffraction patterns (Figure 2-7b) revealed 

rapid loss of Fe(0) accompanied by magnetite formation over 2 h, yet consistent with 

other reports [26], TEM images (Figure 2-7a) revealed no significant morphological 

changes over 30 d. For 25 mN NO3
- suspensions, timescales associated with Fe(0) 

consumption closely parallel reactivity loss toward 1,1,1,2-TeCA (see Figures 2-1b and 

2-4b), suggesting that 1,1,1,2-TeCA reduction is closely linked to the availability of Fe(0) 

in suspension. Thickening of the magnetite surface layer, promoted by nitrate’s role as an 

oxidant, depresses reactivity toward 1,1,1,2-TeCA until the near-complete consumption 

of Fe(0) ultimately entirely suppresses 1,1,1,2-TeCA reduction. 

Conversion of Fe(0) to magnetite also appears to be the primary mechanism for 

reactivity loss toward 1,1,1,2-TeCA in Cl-, SO4
2- and ClO4

- suspensions. Characterization 

results for 25 mM Cl- suspensions at pH 7 and 8 are shown in Figure 2-8, and aging 

products in pH 7 suspensions of Cl-, SO4
2- and ClO4

- are compared in Figure 2-9. In all 

instances, diffraction patterns show loss of Fe(0) and predominance of magnetite over 

time. Notably, an Fe(0) signal was apparent in XRD characterization of Cl- suspensions 

aged for 30 d at pH 8 but not at pH 7 (Figure 2-8), likely due to the greater rate of Fe(0) 

corrosion at lower pH values. TEM images reveal that while aged NZVI particles largely 

retain their initial morphology during aging, secondary phases with hexagonal plate 

morphologies consistent of green rust [47] are observable after 30-40 d (Figure 2-9). 
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Although the rate of Fe(0) consumption appears to explain reactivity loss in Cl-, SO4
2- 

and ClO4
- suspensions, in our previous work [11] air-oxidized NZVI suspensions retained 

a significant portion of Fe(0) but were unreactive toward 1,1,1,2-TeCA because of a 

passive ferric oxide coating formed during air oxidation. Thus, for transformation of 

1,1,1,2-TeCA, Fe(0) must not only be present in the particle core, but its reducing 

equivalents must also be accessible to solution via a conductive oxide surface layer such 

as the magnetite observed in suspensions of Cl-, SO4
2- and ClO4

-. 

For HCO3
- suspensions, the formation rate and nature of corrosion products were 

essentially independent of pH (see Figure 2-10) but were strongly influenced by 

bicarbonate concentration. At 5 mN, TEM images (Figure 2-11a) collected over the first 

week reveal small amounts of a secondary mineral phase associated with NZVI 

aggregates that has the characteristic hexagonal plate morphology of carbonate green rust 

[47]. This phase was not present at sufficient quantities to observe via XRD, with 

magnetite and residual Fe(0) representing the only detectable phases (Figure 2-11b). 

After 30 d, TEM images show the formation of another secondary phase with a sheet- or 

plate-like morphology. The XRD pattern for this new phase is most consistent with iron 

carbonate hydroxide, which possesses a distinct diffraction pattern relative to other iron-

carbonates including green rust and siderite [31]. Iron carbonate hydroxide ((ICH; 

[Fe3(OH)2.2CO3]) has previously been observed in field-scale PRBs [48] and in 

laboratory column studies with Master Builder granular iron [31]. In the latter work, 

SEM imaging of particle cross-sections revealed a surface-associated phase with needle-

like or thin platelet morphology consistent with the phase identified with TEM in Figure 
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2-11. At 25 mM HCO3
-, TEM (Figure 2-11c) and diffraction patterns (Figure 2-11d) 

indicate that ICH formed more extensively and over shorter timescales. As seen in TEM 

images, ICH phase tends to generate in close proximity to NZVI aggregates, with most 

NZVI aggregates being enveloped by the sheet-like morphology of ICH. 

These characterization results provide evidence that ICH formation is primarily 

responsible for shortening the longevity of NZVI towards 1,1,1,2-TeCA in suspensions of 

HCO3
-. Suspensions of 5 mN HCO3

- were largely free of detectable ICH over 30 d and 

exhibited comparable reactivity to ClO4
-, SO4

2- and Cl- systems. In contrast, the extensive 

ICH formation over two weeks in 25 mN suspensions coincides with reactivity loss 

toward 1,1,1,2-TeCA. Given the manner in which ICH grows on and around NZVI 

particle aggregates, a probable mechanism for reactivity loss toward 1,1,1,2-TeCA is 

steric blocking, in which the relatively large ICH crystals limit access to reactive sites on 

the NZVI surface.  
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Figure 2-7. (a) TEM images and (b) XRD patterns collected as a function of aging time 
for NZVI particles aged in pH 7 suspensions with 25 mM NO3

-.  While TEM images 
revealed no clear changes in particle structure or morphology over the first 3 days of 
aging, XRD patterns reveal that the signal for α-Fe(0) is lost over this same timescale 
while the signal for magnetite (Fe3O4 characteristic diffraction lines are noted by “M”) 
persists. No other iron-containing phases were observed via XRD. Notably, over this 
same timescale of 3 d, reactivity toward 1,1,1,2-TeCA is entirely lost. However, these 
aged materials exhibit measurable, albeit inhibited, removal capacities for Cr(VI) (~15 
mg of Cr(VI) per gram of NZVI) for up to 30 days of aging. The measurable removal of 
Cr(VI) suggests that oxidation products produced in nitrate-containing suspensions of 
NZVI must be of possess redox activity, as would be expected from the persistence of 
mixed valence magnetite observed with XRD.   
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Figure 2-8. (a) TEM images collected as a function of time for NZVI suspensions aged 
in 25 mN Cl- at pH 8. Corresponding XRD patterns (b) are shown as a function of aging 
time for 25 mN Cl- suspensions aged at pH 7 and pH 8. Relative modest changes in 
particle morphology were observed over time with TEM images, while XRD patterns are 
consistent with magnetite (indicated by “M”) as the dominant corrosion product formed 
in NZVI suspension aged in the presence of Cl-. Notably, a the characteristic diffraction 
line for α-Fe(0) persisted over the entire 30 d aging period at pH 8, whereas a signal for 
α-Fe(0) was not detectable at pH 7 over the same timescales. The persistence of α-Fe(0) 
at pH 8 likely results from the lower Fe(0) corrosion rate at this higher pH value, in 
combination with the less reactive magnetite surface layer, thereby slowing rates of Fe(0) 
consumption in the NZVI particle core.   
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Figure 2-9. TEM images and X-ray diffraction patterns collected as a function of aging 
time in pH 7 suspensions of (a) 5 mN Cl-, (b) 25 mN SO4

2-, and (c) 25 mN ClO4
-. 

Generally, comparable time-dependent trends in corrosion product formation are 
observed for these anions. In all instances, TEM images show clear evidence for the 
formation of secondary mineral precipitates. Notably, the observation of large, hexagonal 
platelets is consistent with green rust formation in all suspensions, although green rust 
was not detectable with XRD. Rather, XRD patterns indicate magnetite (indicated by 
“M”) is the dominant corrosion product formed in all systems. The similarities of aged 
Cl-, SO4

2-, and ClO4
- suspensions is consistent with their near equivalent reactivity toward 

1,1,1,2-TeCA, which we proposed is reduced via electron transfer from available Fe(0) at 
or near the particle-solution interface.     
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Figure 2-10. Comparison of corrosion production formation in aged suspensions of (a) 5 
mN HCO3

- and (b) 25 mN HCO3
- at pH 7 and pH 8. As shown in TEM images and 

supported by XRD analysis, the formation rate and nature of corrosion products in 
carbonate systems were essentially independent of pH but strongly influenced by 
carbonate concentration; with the formation iron carbonate hydroxide (ICH) occurring 
more extensively and over shorter timescales in 25 mN suspensions. As shown in the 
TEM images, this phase tends to generate in close proximity of NZVI aggregates, with 
NZVI aggregates being enveloped by the sheet-like ICH morphology. The formation of 
this secondary mineral phase in 25 mN suspensions coincided with loss of NZVI 
reactivity toward 1,1,1,2-TeCA but not Cr(VI). Thus, the phase must be redox active but 
not sufficiently so as to facilitate electron transfer from the Fe(0) particle core to 1,1,1,2-
TeCA at the particle-solution interface. Given the manner in which ICH grows on and 
around NZVI particle aggregates, a possible mechanism responsible for reactivity loss 
toward 1,1,1,2-TeCA is via steric blocking of reactive sites on NZVI particles, in which 
the relatively large ICH crystals generated during aging limit access of 1,1,1,2-TeCA to 
the NZVI surface. Notably, in 5 mN suspensions that remained active toward 1,1,1,2-
TeCA over the duration of aging, ICH formation is largely absent in 5 mN concentrations 
until day 30.   
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Influence of Corrosion Products on Longevity Toward Cr(VI) 

 Unlike longevity toward 1,1,1,2-TeCA, the nature of  corrosion products cannot 

explain the trends in Cr(VI) removal capacity observed for aged NZVI suspensions. In 

HCO3
- systems, for example, the timescales and nature of corrosion product formation 

were independent of pH, yet Cr(VI) removal capacity was almost two times greater at pH 

7 than pH 8 (Figure 2-5). Also, despite rather considerable differences in the rates and 

extent of ICH formation in 5 and 25 mN HCO3
- suspensions, Cr(VI) removal capacity 

Figure 2-11: Development of corrosion products for NZVI suspension at pH 8 in 5 

and 25 mN HCO
3

- 
suspensions. For each respective concentration, TEM images (a 

and c, respectively) and XRD patterns (b and d, respectively) are shown as a function 
of aging timescales. In XRD patterns diffraction lines associated with specific phases 
are identified, and select phases are indicated by arrows in TEM images. These 
include α-Fe for Fe(0), M for magnetite, and ICH for iron carbonate hydroxide. 
Diffraction lines were identified based upon comparison to d-spacings and 2θ values 
provided by Kohn et al. [31] and references therein.  
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was essentially constant over time and did not vary with HCO3
- concentration (Figure 2-

5). Trends in Cr(VI) removal, therefore, provide new insight into the nature of ICH as a 

redox active phase; although it does not facilitate electron transfer from the Fe(0) particle 

core to 1,1,1,2-TeCA, it is sufficiently redox active to sustain Cr(VI) removal. The 

comparable corrosion products observed in Cl-, SO4
2- and ClO4

- systems also fail to 

explain the unique differences in Cr(VI) removal capacity, rates of reactivity loss toward 

Cr(VI), and pH dependence for Cr(VI) removal in these systems. In the context of Cr(VI) 

removal, therefore, characterization results further support a scenario in which the source 

of reactivity and pathways responsible for reactivity loss differ substantially from 1,1,1,2-

TeCA. 

 

Correlation of NZVI Reactivity with ORP and Fe(II) Production Rates  

ORP proved to be a poor indicator of suspension reactivity toward 1,1,1,2-TeCA 

and Cr(VI) (Figure 2-12). For nearly all anions and aquatic conditions, ORP values 

remained between -600 and -700 mV over the duration of aging. Over time, significant 

changes in ORP were only observed in 25 mN NO3
- suspensions, which achieved more 

positive ORP values (roughly -200 mV at pH 7 and -400 mV at pH 8) after 30 d of aging. 

Generally, the relative insensitivity of ORP in suspensions with anions other than nitrate 

may reflect the measurement conditions; recent work by Shi et al.[49] found that above 

NZVI concentrations of 200 mg/L, particle attachment to the electrode lessens sensitivity 

to changes in solution chemistry.   
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A strong indicator of NZVI reactivity toward Cr(VI) was the rate of Fe(II) 

production; plots of Cr(VI) removal capacity as a function of measured Fe(II) production 

rate produced a positive, linear relationship (Figure 2-13). We reiterate that Fe(II) 

production rates were measured in the absence of 1,1,1,2-TeCA and Cr(VI) using NZVI 

particles that were water-washed to remove any Fe(II) accumulated during aging. Thus, 

this relationship is no way reflects the reactivity of Fe(II) that accumulated in the 

suspension during aging. We note that Fe(II) was not measurable in reactivity studies 

with Cr(VI), which we attribute to the ability of soluble Fe(II) to reduce Cr(VI) directly 

[30]. Also in Figure 2-13, Cr(VI) removal data in NO3
- systems are shown along the y-

axis (i.e., corresponding to a Fe(II) production rate of zero) because rates of Fe(II) 

production were not measurable in these suspensions. While most systems showed the 

anticipated initially linear increase in Fe(II) concentration over time (Figure 2-14a), 

soluble Fe(II) concentrations in 5 mN NO3
- were essentially constant over time (Figure 2-

14b), while in 25 mN NO3
- system aqueous Fe(II) was below detection in all samples, 

which we attribute to its consumption via reaction with either NO3
- or its reduction 

products (e.g., nitrite) [27].   

Upon examination, this linear relationship is independent of anion identity and 

concentration, as data from all anion systems are distributed randomly over the range of 

Cr(VI) removal capacities and Fe(II) production rates reported (Figure 2-13a). This is 

also the case when data is categorized based upon the extent of aging (Figure 2-15), 

which also produces a random distribution. In contrast, the key suspension variable 

governing Cr(VI) removal by NZVI is pH; when Cr(VI) removal data are classified by 
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suspension pH (Figure 2-13b), clear clusters in the relationship with Fe(II) production 

rate are observed. Low pH values correspond to the highest rates of Fe(II) production and 

the greatest Cr(VI) removal capacities, and vice versa. Additional Cr(VI) removal studies 

spanning a broader range of suspensions pH values (suspensions of Cl- and SO4
2- aged 

over 7 days at pH 6 and 9) also followed this relationship. Thus, regardless of the anion 

identity, anion concentration, and the duration of aging, Cr(VI) removal by NZVI can be 

predicted entirely from the rate of Fe(II) production, which is a metric of Fe(0) corrosion.   

In Figure 2-13, a noteworthy feature is the y-axis intercept. Excluding nitrate 

suspensions, this corresponds to a Cr(VI) removal capacity of ~25 mg Cr(VI)/g Fe when 

Fe(II) production was not measurable, as was typical for suspensions aged at high pH. 

We hypothesize that this lower limit of Cr(VI) removal reflects the available density of 

Fe(0) sites initially exposed at or near the NZVI particle surface. When exposed to 

solution at corrosion pits, cracks or defects in the surface oxide layer, Fe(0) can either 

reduce water to generate soluble Fe(II) or transfer electrons directly to Cr(VI). At high 

pH where Fe(II) production is slow, Cr(VI) receives the majority of reducing equivalents, 

but subsequent precipitation of Cr(III)-Fe(III) hydroxides blocks these sites and prevents 

further Cr(VI) removal. At low pH values, in contrast, these surface sites produce 

relatively high concentrations of ferrous iron species that are also capable of reducing 

Cr(VI) directly. Because soluble Fe(II) was never measurable in the presence of Cr(VI), 

these reactive forms of ferrous iron must exist entirely in the near-surface region of the 

NZVI particle. Although the exact nature of these ferrous iron species is not known, they 
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appear to be the dominant entity responsible for Cr(VI) reduction in NZVI suspensions at 

pH values less than or equal to 8.   

Finally, values of kobs(1,1,1,2-TeCA) revealed no relationship with Fe(II) 

production rate (Figure 2-16), regardless of whether data were evaluated as a function of 

the anion identity, anion concentration, system pH or duration of aging. Thus, we propose 

that while Cr(VI) reduction is largely dominated by Fe(II) species generated from 

corrosion, 1,1,1,2-TeCA reduction is controlled by the availability of Fe(0) at the NZVI 

particle surface. This scenario would explain why Cl-, SO4
2-, ClO4

- and even low 

concentrations of HCO3
- all exhibited essentially equal reactivity toward 1,1,1,2-TeCA 

but divergent reactivity toward Cr(VI). Cr(VI) removal will be sensitive to the nature of 

the Fe(II) species produced on the NZVI surface during aging, whereas 1,1,1,2-TeCA 

reduction will only be affected by the ability of these phases to block Fe(0) surface sites. 

The latter scenario is consistent with increases in kobs(1,1,1,2-TeCA) values observed in 

response to autoreduction, during which thinning of the overlying surface oxide makes 

reducing equivalents from Fe(0) more accessible to solution.   
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Figure 2-12. Values of oxidation-reduction potential (ORP) measured as a function of 
aging time for NZVI suspensions containing Cl-, SO4

2-, ClO4
-,  HCO3

- and NO3
- . ORP 

values are shown for suspensions with the respective anion concentration and pH values 
of (a) 5 mN and pH 7; (b) 5 mN and pH 8; (c) 25 mN and pH 7; and (d) 25 mN and pH 8. 
ORP measurements were made with a commercially available ORP electrode for well-
mixed suspensions of 2 g/L NZVI with at least 25 mL of total volume. Generally, ORP 
values were insensitive to the extent of aging in nearly all anion systems. Clear 
differences in ORP over time were only measured for 25 mN nitrate systems, in with 
ORP increased to less negative values over the 30 day aging period. Given the relative 
insensitivity of suspension ORP to suspensions aging time, ORP proved to be a poor 
descriptor or predictor of reactivity loss toward 1,1,1,2-TeCA and Cr(VI).   



76 
 

 

 

 

 

 

 

  

Figure 2-13. Cr(VI) removal capacity plotted as a function of Fe(II) production rate 
with data categorized as a function of a) anion identity and concentration where 
open symbols represent 5 mN suspensions and solid symbols represent 25 mN 
suspensions and b) suspension pH. Figure 2-15 shows a similar plot for data 
evaluated  based on the extent of suspension aging.  
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Figure 2-14. Production of aqueous Fe(II) as a function of time in 1 g/L suspensions of 
NZVI containing (a) 25 mN Cl-  at pH 7 and (b) 5 mM NO3

- system at pH 7. In each case, 
data are shown as a function of duration of aging. As shown for chloride-containing 
suspensions, concentration profiles for Fe(II) in chloride, sulfate, perchlorate and 
carbonate-containing systems followed expected initially linear behavior over all aging 
timescales, thereby allowing the rate of Fe(II) production to be determined by linear 
regression (typical linear regression fits are shown in (a)). In contrast for 5 mN nitrate 
suspensions, Fe(II) concentrations over time did not follow expected dissolution behavior. 
Rather, as shown in (b), Fe(II) concentration was initially relative high at early aging 
timescales, and subsequently decreased with time. Over longer periods of aging, the 
amount of Fe(II) produced initially decreased, and Fe(II) concentration remained 
relatively constant or slightly decreased over time. We believe that the unexpected Fe(II) 
concentration profiles in 5 mN nitrate systems reflect the ability of aqueous and surface-
associated Fe(II) to reduce nitrate and/or the products of nitrate reduction by NZVI (e.g., 
nitrite, which was detected in nitrate-containing NZVI suspensions; see Figure 2-2). 
Recall, as we described in the main text, that Fe(II) production rates were measured in 
the absence of Cr(VI) or 1,1,1,2-TeCA, and that Fe(II) was not measurable during 
reaction between aged NZVI particles and Cr(VI). We also note that aqueous Fe(II) 
concentrations were below our limit of detection (~ 1 mM) in 25 mN nitrate and nitrate 
suspensions at pH 8.   
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Figure 2-15. Correlation between total Cr(VI) removal capacity and Fe(II) production 
rate when data from all anion systems is categorized based on the extent of suspension 
aging. This plot is analogous to Figure 2-13 in the main text, in which the same data set 
is shown for scenarios in which data are sorted by anion identity and concentration 
(Figure 2-13a) and suspensions pH (Figure 2-13b). No clear influence of aging time is 
observed, as Cr(VI) removal capacities and Fe(II) production rates from all durations of 
aging are randomly distributed along the linear relationship shown for these variables.  
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Figure 2-16. Plot of kobs values for 1,1,1,2-TeCA reduction as a function of Fe(II) 
production rate when data is categorized based upon (a) anion identity and (b) pH 
condition and anion concentration. Data for nitrate-containing suspensions are not shown 
due to the lack of measurable Fe(II) production rates. In contrast to results with Cr(VI) 
removal capacities, no clear correlation between kobs values for 1,1,1,2-TeCA and Fe(II) 
production rates. The lack of such a relationship, as well as the differences in the rates of 
reactivity loss toward 1,1,1,2-TeCA and Cr(VI), indicate a difference in the entities 
primarily responsible for their reduction of in NZVI systems. 
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2.5. Environmental Implications 

 Unlike previous studies conducted under more idealized conditions, results herein 

show that NZVI reactivity toward chlorinated solvents such as 1,1,1,2-TeCA is likely to 

be exhausted over one month in circumneutral pH environments, and potentially far 

shorter timescales in environments impacted by NO3
- and HCO3

-. Fundamentally, several 

lines of evidence presented herein also suggest that 1,1,1,2-TeCA (solution accessible 

Fe(0)) and Cr(VI) (surface-associated ferrous iron) are reduced primarily by different 

reactive entities in NZVI suspensions, and that these reductants species display different 

timescales and mechanisms of passivation during aging. Consequently, the impact of 

anions and anion concentrations on NZVI longevity is difficult to generalize broadly 

across contaminant classes, as is the influence of solution pH, which also was markedly 

different for 1,1,1,2-TeCA and Cr(VI). The impact of specific corrosion products on 

NZVI longevity is also difficult to predict; the onset of ICH formation ultimately killed 

NZVI activity toward 1,1,1,2-TeCA, but exerted little influence on Cr(VI) removal 

capacity. Perhaps the only generalization safely made is largely intuitive; co-solutes that 

accept reducing equivalents from Fe(0) (e.g., NO3
-) dampen reactivity and shorten 

longevity more so than species that only alter the rate and products of NZVI corrosion.   

Given concerns over materials cost and potential negative consequences of 

engineered nanomaterials in the environment, NZVI should only be used when it holds a 

clear and obvious advantage over more traditional granular iron technologies. Given its 

notably higher rate of corrosion, NZVI is by far the best choice for pollutants susceptible 

to reduction not only by Fe(0) but also by Fe(II). This point is clearly demonstrated with 
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Cr(VI), which appears to be primarily reduced by ferrous iron species in our experimental 

systems. A notable limitation of our study, however, is that we have largely ignored that 

role played by Cr(III)-Fe(III) phases generated via Cr(VI) reduction in limiting NZVI 

longevity during application. Our work, which focuses on NZVI reactivity loss arising 

from corrosion (i.e., water reduction), is not meant to imply that treatment zones will stay 

active toward Cr(VI) over several months; in actuality, their lifetime will be heavily 

influenced by the available Cr(VI) concentration. Thus, ideal treatment applications for 

NZVI are those pollutant targets such as nitroaromatic compounds, which are readily 

reducible by ferrous iron but only yield soluble reduction products.    

 A notable finding of this work is the correlation illustrating the strong link 

between Fe(II) production rate and Cr(VI) removal (Figure 2-13), suggesting that Cr(VI) 

removal is primarily driven by Fe(II) species rather than Fe(0) in NZVI systems. This 

relationship needs to be further explored for other commercially available forms of 

nanoscale and granular zero-valent iron. If the relationship is also observed for other 

types of zero-valent iron, it should prove useful for identifying materials with optimal 

Cr(VI) removal capacities and best suited for application at Cr(VI) contaminated sites. 

The ability to predict zero-valent iron treatment efficiency from a relatively easily 

measurable property such as Fe(II) production or corrosion rate should also guide the 

development of more reactive iron-based reductants that improve upon current 

commercially available formulations.  
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3. Use of Dithionite to Extend the Reactive Lifetime of 
Nanoscale Zero-Valent Iron Treatment Systems2 
 

3.1.  Abstract 

Nanoscale zero-valent iron (NZVI) represents a promising approach for source 

zone control, but concerns over its reactive lifetime may limit application. Here, we 

demonstrate that dithionite (S2O4
2-), a reducing agent for in situ redox manipulation, can 

restore the reducing capacity of passivated NZVI. Slurries of NZVI were aged in the 

presence (3 days) and absence (60 days) of dissolved oxygen over a range of pH (6-10). 

Upon loss of reactivity toward model pollutants (1,1,1,2-tetrachloroethane, hexavalent 

chromium (Cr(VI)), nitrobenzene), aged suspensions were reacted with dithionite, and 

the composition and reactivity of the dithionite-treated materials were determined. 

Products of aging generally depended on pH and the presence of oxygen, while the 

amount of dithionite influenced the identity and reducing capacity of products generated 

from reaction with aged NZVI suspensions. Notably, air oxidation at pH ≥ 8 quickly 

exhausted NZVI reactivity despite preservation of significant Fe(0) in the particle core. 

Under these conditions, formation of a passive surface layer hindered the complete 

transformation of NZVI particles into Fe(III) oxides, which occurred at lower pH. 

Reduction of this passive layer by low dithionite concentrations (< 1 g/g NZVI) restored 

suspension reactivity to levels equal to, and occasionally greater than, that of unaged 

NZVI.   Multiple dithionite additions further improved pollutant removal, allowing at 

                                                           
2
 An abbreviated version of this chapter has been published in Environmental Science and Technology. Y. 

Xie and D.M. Cwiertny, Use of Dithionite to Extend the Reactive Lifetime of Nanoscale Zero-Valent Iron 
Treatment Systems. Environ. Sci. Technol. 2010, 44, 8649-8655. 
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least a 15-fold increase in Cr(VI) removal (~300 mg of Cr(VI)/g NZVI) relative to fresh 

NZVI (~20 mg of Cr(VI)/g NZVI). 

 

3.2. Introduction 

Although subsurface delivery of nanoscale zero-valent iron (NZVI) is an 

emerging treatment technique for pollutant source zones and deep pollutant plumes [1-3], 

concerns over the reactive lifetime or longevity of NZVI may hinder its growth into a 

reliable technology. Because of its high reactivity, NZVI exhibits low selectivity, also 

reacting with non-target dissolved oxygen and water during application [2]. These side 

reactions consume zero-valent iron (Fe(0)) and its reducing equivalents, hasten the 

formation of passive ferric iron (Fe(III)) oxides, and ultimately cause complete loss of 

reducing capacity [4].   

Indeed, growing field- and laboratory scale evidence suggests that the longevity 

of NZVI is rather limited when compared to lifetimes associated with granular iron 

permeable reactive barriers (PRBs), for which several examples exist with reported or 

estimated longevities of several years to decades [5]. In an early NZVI demonstration, 

Elliott and Zhang [6] observed a 50% decrease in trichloroethene (TCE) removal 

efficiency over 22 d. More recently, Henn and Waddill [7] observed reductive 

dehalogenation of TCE and 1,1,1-trichloroethane (1,1,1-TCA) attributable to NZVI for 6-

9 months, but removal over longer timescales was attributed to biotic processes 

stimulated by favorable redox conditions post-NZVI delivery. Using experimentally 

measured rates of anaerobic iron corrosion, Reardon et al. [8] estimated NZVI half-lives 
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around 80 d in water, although greater longevity was reported in slurries with sand due to 

silica’s role as a corrosion inhibitor. In a noteworthy study by Liu and Lowry [9], pseudo-

first-order rate constants (kobs values) for TCE reduction decreased by roughly a factor of 

6 over 10 days. Although reactivity was essentially stable over the next 8 months in their 

deoxygenated, unbuffered (pH 6.9-8.9) experimental systems, the authors concluded that 

the reactivity of NZVI at neutral pH would be consumed over a few weeks. Similarly, 

Sarathy et al. [4] found that reactivity towards carbon tetrachloride in unbuffered, 

deoxygenated systems was gradually lost over a few hundred days due to the formation 

of a passivating, mixed-valent Fe(II)-Fe(III) surface film.  

To increase application and improve long-term performance, strategies for 

sustaining the reactivity of NZVI treatment zones must be developed. Conventional 

wisdoms call for the delivery of additional NZVI upon reactivity loss, but this may be 

prohibitive depending on material costs and also will increase the likelihood of aquifer 

clogging. Alternatively, chemical regeneration, an approach widely utilized in catalysis 

[10], represents a promising yet largely unexplored route for sustaining treatment zone 

activity. For example, strong acid has been used to destabilize passive Fe(III) oxides on 

Fe(0), thereby restoring reactivity to once exhausted granular iron [11]. Others have 

attempted regeneration with sodium borohydride [12], a strong reductant capable of 

returning oxidized iron to a zero-valent state. Although likely impractical due to the 

impact these aggressive reagents will exert on subsurface environments, such approaches 

demonstrate that chemical agents capable of altering the surface composition of 

passivated iron particles may provide a route to sustaining NZVI longevity. 
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A logical candidate for chemical regeneration of passivated NZVI is dithionite 

(S2O4
2-). Previously used in groundwater remediation via in situ redox manipulation 

(ISRM) [13], dithionite is a potent reductant in alkaline solutions (Eo
1/2 = -1.12 V [14]) in 

which it reversibly dissociates to form highly reactive sulfoxyl radicals (eq 1) that can 

reduce Fe(III) to ferrous iron (Fe(II)) (eq 2) [15].  

S2O4
2- ↔ 2SO2

•-                          (1) 

SO2
•- + Fe(III) + H2O → Fe(II) + SO3

2- + 2H+   (2) 

Some have also suggested that at very basic pH ( > 10), dithionite reduces Fe(II) to Fe(0), 

yielding a highly reactive form of NZVI comparable to material generated from 

reduction with borohydride [16].    

Based upon observations during ISRM [13, 15, 17], it can be anticipated that 

dithionite will reduce passive products of NZVI oxidation to yield various forms of 

aqueous, solid-phase or surface-associated Fe(II), many of which are capable reductants 

for common groundwater pollutants [18]. In addition to generating new Fe(II)-based 

reductants from Fe(III) corrosion products, dithionite may also restore NZVI reactivity 

by re-exposing Fe(0) trapped underneath passive Fe(III) oxide surface coatings. Other 

practical advantages of dithionite stem from its use for treatment of hexavalent chromium 

(Cr(VI)) via ISRM at the DOE Hanford Site [19], as many of the logistical and 

regulatory aspects of its subsurface application already have been addressed.  

In the current study, we demonstrate the feasibility of dithionite as a chemical 

regenerant for the reducing capacity of passivated NZVI systems. Slurries of a 

commercially available NZVI were aged in the presence (3 days) and absence (60 days) 
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of dissolved oxygen over a range of pH (pH 6-10) in buffered systems. Notably, most 

previous aging studies have utilized strict oxygen-free conditions and have rarely 

controlled suspension pH during aging. The latter is particularly important because the 

amount of NZVI typically delivered into the subsurface will likely be too low to alter pH 

values poised by the high buffering capacities of most soils [9]. Thus, the systems 

employed herein are intended to more accurately reflect the range of subsurface 

conditions likely to be encountered at treatment sites.  

Upon loss of reactivity toward a range of different model pollutants including 

Cr(VI), nitrobenzene, and 1,1,1,2-tetrachloroethane (1,1,1,2-TeCA), passivated NZVI 

suspensions were characterized by an array of techniques to identify products of aging 

and subsequently reacted with dithionite solutions. The products from the reaction 

between dithionite and aged NZVI were then identified through further materials 

characterization, and their reactivity was measured in additional batch experiments with 

our model pollutant suite.  

The specific goals of this study were to establish the timescales of NZVI 

longevity and the products of particle aging at different pH values for redox conditions 

favorable (anaerobic) and potentially unfavorable (aerobic) for NZVI application.  

Another aim was to determine whether the repeated use of dithionite represents a viable 

step toward sustainable and long-term in situ groundwater treatment with NZVI. This 

entailed identifying the optimal operational parameters for restoring reducing capacity 

with dithionite and linking changes in reactivity resulting from the reaction of aged 

NZVI with dithionite to changes in suspension composition and mineralogy. 
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3.3.  Experimental Methods 

Reagents   

NZVI was purchased from Nanostructured and Amorphous Materials, Inc. 

(Houston, TX). This material is a dry powder packaged under N2 that is synthesized from 

the reduction of iron oxides by H2 and stabilized via partial oxidation under 10% O2.  

The material was highly reactive, igniting upon exposure to air. The vendor reports an 

average particle size of 25 nm and a BET surface area of 40-60 m2/g. Additional 

characterization suggests the particles consist of roughly 80% Fe(0) and 20% magnetite 

(Figure 3-1).   

Sodium dithionite (Na2S2O4; ~85%; Sigma-Aldrich) solutions were prepared in 

either 50 mM sodium carbonate (NaHCO3; HPLC Grade; Fisher) at pH 11, 0.001 N 

sodium hydroxide (NaOH; 97+%; ACS reagent grade), or DI water. Reactivity studies 

were conducted with 1,1,1,2-tetrachloroethane (1,1,1,2-TeCA; ~99%; Aldrich), 

nitrobenzene (reagent grade; Sigma-Aldrich), and hexavalent chromium (Cr (VI)) 

prepared from potassium chromate (K2CrO4; reagent grade, Fisher). The buffers use to 

maintain system pH in aging and reactivity studies were either Trizma hydrochloride 

(Reagent Grade, > 99% redox titration), MES hydrate (99%, for biochemistry), or 

HEPES (minimum 99.5% titration) and NaCl (ACS reagent, ≥99.0%) was used to poise 

ionic strength. All solutions were prepared in deionized water (Millipore, Q-Grad 2) and 

were deoxygenated by sparging with N2 (at least 1 h/L). NZVI and all solutions were 

stored within an anaerobic glovebox (95% N2, 5% H2, Coy Laboratory Products) until 

use. 
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Figure 3-1: (a) Scanning electron microscopy, (b) transmission electron microscopy, 
(c) powder X-ray diffraction and (d) 57Fe Mössbauer spectroscopy analysis of NZVI 
from Nanostructured and Amorphous Materials. Mössbauer spectrum was collected at 
13K. The data collected during Mössbauer analysis are shown as open circles, whereas 
the solid line represents the model fit to the experimental data (see details below). Key 
features associated with the different phases present in the material are indicated in the 
XRD pattern and  Mössbauer spectra.   
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Aging of NZVI Suspensions 

Within an anaerobic chamber, 2 g/L suspensions of NZVI were prepared in 125 

mL Erlenmeyer flasks using deoxygenated buffers at pH 6 (MES), 7 (HEPES) and 8 

(HEPES or Tris). The buffer concentration was 50 mM, and ionic strength was poised 

with NaCl. Experiments found no impact on aging and reactivity for NaCl concentrations 

ranging between 5 to 100 mM NaCl. Aging studies were also conducted with unbuffered, 

higher pH (pH 10-12) suspensions adjusted to the desired value with 0.5 M NaOH. 

Suspensions were removed from the glovebox, briefly sonicated (~10 s) to disperse the 

NZVI, and allowed to oxidize in air for 3 d on an incubator shaker at 25 ⁰C, assuming a 

dissolved oxygen concentration of 0.26 mM from atmospheric equilibration. Periodically, 

the suspension pH was measured and, if necessary, adjusted to its original value with 

either 5 N NaOH or 5 N HCl.  

 NZVI was also aged in the absence of oxygen. Suspensions (2 g/L) were prepared 

as described previously and transferred to 250 mL bottles. Bottles were screw-capped, 

wrapped in Parafilm and removed from the glovebox for brief (~ 10 s) sonication, after 

which the suspensions were returned to the chamber. Suspensions were aged up to 60 d, 

during which they were gently mixed by hand once a day.  

Periodically, the pH was measured and adjusted as needed. Suspensions were 

allowed to oxidize in air for three days while agitated on an incubator shaker (New 

Brunswick Scientific), which mixed the flasks at 200 RPM. During this time, the 

suspension pH was measured periodically and, if necessary, adjusted to its original value 

with either 5 N NaOH or 5 N HCl. Typically, the pH of NZVI suspensions aged at pH 6 
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and 7 were relatively constant over the 3 days of air aging, while 1-2 drops (~ 10 µL) of 5 

N NaOH were added to the pH 8 suspensions after approximately 5 h to return the pH to 

its original value. After this pH adjustment, the suspensions remained relatively stable at 

pH 8.0 for the remainder of the aging time. 

While open to the atmosphere, evaporation caused the total suspension volume to 

decrease over time, in turn slightly concentrating the NZVI suspension. The exact volume 

of solution lost to evaporation was determined from the difference in suspension mass 

measured over time, thereby allowing the exact concentration of NZVI to be calculated at 

the conclusion of air oxidation.    

For anaerobic systems aged up to 60 d, evaporation was not an issue as the aging 

vessels were sealed over this time period. Some pH drift was observed in a few systems. 

While suspensions at pH 8 system were relatively stable over this period, 1-2 drops (~10 

µL) of 5 N HCl was added to pH 7 suspensions over the first few hours of aging to 

maintain pH around 7.0-7.2, after which the pH was essentially constant for the 

remainder of the aging.   

 

Reaction of Dithionite with Aged NZVI Suspensions  

Dithionite solutions for ISRM were prepared in alkaline 0.4 M carbonate buffer to 

slow disproportionation [19]. The majority of our experiments used sodium dithionite in 

a 50 mM sodium carbonate buffer adjusted to pH 11. Because high carbonate 

concentrations could promote siderite (FeCO3) formation, solutions also were prepared in 

either 0.001 N (pH 11) sodium hydroxide or DI water. These alternative solutions yielded 
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identical results to solutions prepared in 50 mM sodium carbonate, suggesting siderite did 

not play an important role in our systems.  

Because dithionite reacts quickly with dissolved oxygen, air-aged NZVI 

suspensions were first degassed via N2-sparging and transferred into the anaerobic 

chamber prior to reaction. This limited the amount of dithionite necessary for reaction; in 

the presence of oxygen, greater concentrations could be used to scavenge O2. 

Suspensions aged inside the anaerobic chamber were reacted directly with dithionite. 

Reaction with dithionite was initiated by adding 2 mL of various dithionite stock 

solutions to 15 mL of aged NZVI suspension, producing concentrations ranging from 0.5-

80 mM (or 0.02 – 3.6 g dithionite/g NZVI) in the reactor. The reaction proceeded for 24 h 

with mixing, during which the reaction rate was determined from the change in dithionite 

concentration over time. The rate of reaction between dithionite and aged NZVI was 

determined by measuring the change in dithionite concentration and the production of 

dissolved Fe(II) over time. Suspensions samples were removed periodically from the 

reactor using a 1 mL disposable syringe, passed through a 0.2 µm PTFE filter and 

analyzed as described below. Control experiments were also conducted with dithionite in 

solutions free of oxidized NZVI, as well as in systems with as received NZVI particles. 

In all instances, solution pH was monitored with time after the addition of the dithionite 

solution to the aged suspension, with minimal change being observed in all instances. 

Thus, for suspensions aged at pH 6, 7 and 8, the reaction with dithionite could be 

assumed to occur at the same pH at which the suspension was aged.    
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To avoid the contribution of residual dithionite in subsequent reactivity studies, 

suspensions were centrifuged (8000 RPM for 5 minutes) at the conclusion of reaction, 

and the supernatant was decanted. The reduced solids were then washed two times with 

deoxygenated, deionized water, and finally re-suspended in the appropriate buffer for 

reactivity studies.  

 

Reactivity Studies with Model Pollutants  

The reactivity of as received NZVI, aged NZVI, and aged NZVI after reaction 

with dithionite was determined via experiments with Cr(VI), nitrobenzene, and 1,1,1,2-

TeCA. As the rate of Cr(VI) reduction was too fast to furnish a rate coefficient, we report 

Cr(VI) removal capacities determined from experiments in which 0.5 mM Cr(VI) was 

added repeatedly to the reactor until removal was no longer observed. Nitrobenzene and 

1,1,1,2-TeCA exhibited exponential decay during reaction, thus reactivity toward these 

compounds is described with kobs values.  

Reactors were constructed inside the anaerobic chamber by adding the appropriate 

mass of as received NZVI particles, or an appropriate volume of either aged NZVI or 

water-washed, dithionite-reacted NZVI suspensions to a 20 mL reactor. All dithionite-

treated materials were resuspended in fresh, deoxygenated buffer of the same pH used for 

aging. A reductant loading equivalent to 2 g/L of NZVI was used in all experiments with 

1,1,1,2-TeCA and nitrobenzene, while a reductant loading equivalent to 2.8 g/L of NZVI 

was used in reactions with Cr(VI).  
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More details about sample collection are referred to chapter 2, for nitrobenzene, 

70 µL from a 30 mM solution of nitrobenzene in methanol was injected into prepared 

reactors (resulting in an initial concentration of 100 µM).  

 

Materials Characterization  

The composition of NZVI, aged NZVI, and aged NZVI after reaction with 

dithionite was investigated with X-ray diffraction (XRD). Changes in particle 

morphology were examined with scanning electron microscopy (SEM) and transmission 

electron microscopy (TEM). The iron phases present in all samples were also explored 

via 57Fe Mössbauer spectroscopy. Surface chemical composition for dithionite-treated 

samples was obtained via X-ray photoelectron spectroscopy (XPS).  

The morphology of materials was examined using scanning electron microscopy 

(SEM; FEI/Philips XL30-FEG) operated at acceleration voltage of 10 kV For SEM, 

samples were prepared by placing a drop of suspension on a SEM pin stub. The methanol 

was allowed to evaporate, and the sample was then sputtered with a thin Pt/Pd film prior 

to analysis. The sample preparation protocol and XRD, TEM system employed for this 

study are identical to those described in chapter2.    

 Mössbauer spectroscopy was performed in the laboratory of Dr. Michelle Scherer 

at the University of Iowa. Aqueous suspensions of fresh NZVI, as well as NZVI 

suspensions aged in air for 3 d at pH 6 and 8, were shipped overnight to the University of 

Iowa in air tight containers under a nitrogen atmosphere, and were analyzed upon arrival. 

The samples were opened within an anaerobic chamber (95% N2, 5% H2) and particles 
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were collected on 13 mm filter discs and mounted as a wet paste between two layers of 

Kapton tape for analysis. Mössbauer spectra were collected at 13 and 77 K using methods 

described in Larese-Casanova and Scherer [20]. All spectra are reported in reference to 

α-Fe foil calibration spectrum taken at room temperature. To obtain estimates as to the 

relative concentration of the phases present in each sample, spectra were fit using Recoil 

software package (University of Ottawa, Ottawa, Canada) with a Lorentzian model. 

Parameters were set initially to reference values for solid phases anticipated in each 

sample based on XRD analysis, and then allowed to vary using a least-squares 

optimization.  

 All XPS analyses were conducted in the laboratory of Dr. Howard Fairbrother at 

Johns Hopkins University. Aqueous slurries of samples were shipped overnight to Johns 

Hopkins University in air tight containers with a nitrogen atmosphere. All samples were 

analyzed immediately upon arrival so as to minimize the possibility of changes 

introduced during transport, storage and handling. Samples were opened in air, mounted 

onto stainless steel sample stubs using double-sided adhesive copper conducting tape 

(3M® Code 1182), and then transferred to a fast load lock introduction chamber prior to 

entry into the XPS analysis chamber. XPS analysis was conducted using a PHI 5400 

system (Pbase <3 x 10-9 Torr). Spectra we acquired using Mg Kα X-rays (1253.6 eV) from 

a PHI 04-500 Dual Anode X-ray Source operated at 15 kV and 300 W. All XP spectra 

were acquired at 15 kV and 300 W. Full surveys (1100-0 eV) were carried out with a pass 

energy of 178.95 eV and a step size of 1 eV. Elemental scans were acquired with a pass 

energy of 44.75 eV and a step size of 0.125 eV. Ejected photoelectrons were analyzed 
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with a PHI 10-360 Precision Energy Analyzer operated at a pass-energy of 178.95 eV 

and a 45° takeoff angle. Atomic concentrations were determined by photoelectron peak 

integration. The position of adventitious carbon (284.8 eV in the C(1s) region) was used 

to calibrate the XPS binding energy scale for all substrates [21]. 

 

Analytical Methods  

Dithionite concentrations were quantified using direct UV/visible absorbance 

(ε=6900 mol-1cm-1 at λ= 315 nm [15]). Dissolved Fe(II) and Cr(VI) concentrations were 

quantified colorimetrically using 1,10-phenanthroline and diphenylcarbazide, 

respectively. The concentration of 1,1,1,2-TeCA and its sole reduction product 1,1-

dichloroethylene were determined via gas chromatography with electron capture 

detection (GC/ECD). Nitrobenzene was quantified using HPLC with diode array 

detection.  

Dithionite concentrations were quantified using direct UV/visible absorbance 

(ε=6900 mol-1cm-1 at λ= 315nm [15]). Samples were prepared within an anaerobic 

chamber, and cuvettes were capped with parafilm and analyzed via UV/vis. Experiments 

revealed that the rate of dithionite oxidation in these capped cuvettes was slow compared 

to the timescales necessary for UV/vis analysis (< 1 min). Dithionite standards from 

sodium dithionite were prepared in carbonate buffer (pH=11) and analyzed in a manner 

identical to the experimental samples. 

Analysis of nitrobenzene and its reduction products were performed via HPLC 

with diode array detection (Agilent 1200 series) using a Zorbax C-18 column.  Details 
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regarding the system and conditions used for nitrobenzene analysis can be found 

elsewhere [22]. Other measurements for dissolved Fe(II) concentration and aqueous 

Cr(VI) concentration were according to the procedure outlined in chapter 2. The 

concentration of 1,1,1,2-TeCA and its sole reduction product 1,1-dichloroethylene (1,1-

DCE) were determined via gas chromatography with electron capture detection 

(GC/ECD). The analytical methods and GC/ECD used for this study are identical to those 

presented in chapter 2. 

 

3.4. Results and Discussion 

Characterization and Reactivity Loss of NZVI Suspensions Aged in Air  

At pH 6 and 7, air oxidation caused the color of suspensions to change from black 

to brown over 3 days (Figure 3-2a). Results from XRD (Figure 3-3a), Mössbauer 

spectroscopy (Figure 3-4a), and TEM (Figure 3-4b) support the near complete conversion 

of NZVI into the ferric oxide lepidocrocite, with traces of magnetite also detected. In 

contrast, suspensions aged in air at pH ≥ 8 maintained their initial appearance (Figure 3-

5a), and characterization indicated a considerable fraction of Fe(0) remaining in the 

particles after 3 d of air exposure. The primary phase identifiable with XRD was α-Fe 

(Figure 3-5a), and estimates from Mössbauer spectroscopy suggest the aged materials 

consisted of ~30% Fe(0) (Figure 3-4a). Both XRD and Mössbauer spectroscopy also 

revealed the presence of magnetite. Furthermore, although no additional phases were 

detectable via XRD, Mössbauer spectra were consistent with the formation of a poorly 
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ordered Fe(III) phase resembling lepidocrocite. Despite these compositional changes, the 

morphology of the aged materials (Figure 3-4c) was comparable to that of fresh NZVI 

(Figure 3-1b). 

Batch studies with 1,1,1,2-TeCA conducted as a function of exposure time to air 

showed rapid reactivity loss for all suspensions in a matter of hours (Figure 3-6). 

Reactivity loss toward Cr(VI) and nitrobenzene occurred over a similar timescale. While 

reactivity loss was expected for low pH suspensions consisting primarily of passive ferric 

oxides, it was unexpected for NZVI aged at pH ≥ 8; despite the persistence of Fe(0) in 

these suspensions for 3 d, reduction of 1,1,1,2-TeCA ceased after 3 h. At or above pH 8, 

therefore, exposure to air must have produced a passive surface coating that slowed or 

altogether inhibited further oxidation of the Fe(0) particle core. Notably, the formation of 

such a passivating oxide layer that protects the underlying metal from further oxidation is 

commonly observed during the corrosion of iron and steel in basic aqueous media [23].  

Our observation of atmospherically stable NZVI particles in suspension at pH ≥ 8 

is similar to the recent report by Kim et al. [24], who produced atmospherically stable 

NZVI via the controlled exposure of dried nanoparticles to air. Here, we show that an 

alternate route to atmospherically stable NZVI is air oxidation in basic media. This 

behavior has negative implications for NZVI performance, however, because high pH, 

partially oxidizing environments will likely cause a significant fraction of reducing 

equivalents in NZVI to go unutilized, trapped as Fe(0) in the particle core by an 

unreactive oxide shell.    
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Figure 3-2. Appearance of NZVI suspensions (a) aged for 3 days in air at pH 6, 7 and 8 
or (b) aged for 60 days at pH 7 and 8 within an anaerobic chamber (95% N2 and 5% H2).  

 
  

a) b)
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Figure 3-3. (a) X-ray diffraction patterns for NZVI suspensions aged in air for 3 days at 
pH 6 before and after reaction with various dithionite solutions. Values of dithionite are 
reported per unit mass of NZVI initially present in suspension. Identifiable mineral 
phases are indicated, where L represents lepidocrocite based on reference powder 
diffraction file ICDD 9-88 [25] and M and GR represent magnetite and green rust, 
respectively, based upon previously reported d-spacings for these species [26]. (b) Total 
Cr(VI) removal exhibited by products of the reaction between dithionite and NZVI 
suspensions aged in air for 3 d at pH 6. The total amount of Cr(VI) removed at pH 6 is 
reported per unit mass equivalents of NZVI present in the system (2.8 g/L). Also 
indicated (dashed horizontal line) is the removal of Cr(VI) exhibited by fresh NZVI at the 
same mass loading and pH. Passivated NZVI showed no measurable removal of Cr(VI). 
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Figure 3-4.  (a) 57Fe Mössbauer spectra for fresh (as received) NZVI, and NZVI aged in 
a suspension exposed to air for 3 d at pH 6 and 8. Corresponding TEM images of the 
products of NZVI aging at (b) pH 6 and (c) pH 8 are also shown. Mössbauer spectra were 
collected at 77 K, and spectral features associated with specific iron phases that were 
detected are noted. Identification of different iron species was based upon results of 
Lorentzian model fits used to describe raw data, in complement with results from XRD. 
At pH 6, TEM images revealed that the originally spherical NZVI particles transformed 
into a mixture of nanoscale phases, one of which exhibited the lath-like morphology 
characteristic of lepidocrocite [26]. At pH 8, the morphology of the aged NZVI largely 
resembled that of the as received material (see Figure 3-1) 
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Figure 3-5. (a) X-ray diffraction patterns for NZVI suspensions aged in air for 3 days at 
pH 8 before and after reaction with various dithionite solutions. Values of dithionite are 
reported per unit mass of NZVI initially in suspension. Diffraction lines attributable to α-
Fe are noted. Identifiable mineral phases are also indicated, where M, GR and FeS are the 
diffraction lines we attribute to magnetite, green rust and iron sulfide, respectively. 
Measured reactivity of the products of the reaction between dithionite and NZVI 
suspensions aged in air for 3 d at pH 8 shown (b) as values of kobs for 1,1,1,2-TeCA 
reduction and (c) as values of total Cr(VI) removal. Both reactivity metrics are shown as 
a function of dithionite concentration, and the total amount of Cr(VI) reduced is reported 
per unit mass equivalents of NZVI in the systems (2.0 g/L and 2.8 g/L for 1,1,1,2-TeCA 
and Cr(VI) reduction, respectively).  Also indicated, where appropriate, is the reactivity 
exhibited toward these species by fresh and air-aged NZVI. All reactivity studies were 
conducted at pH 8 in 50 mM Tris. 
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Figure 3-6.  Concentration profiles for 1,1,1,2-TeCA in NZVI suspensions (2 g/L) aged 
in air (a) at pH 7 and (b) at pH 8. Kinetic data are shown as a function of suspension 
exposure time to air. Also provided are 1,1,1,2-TeCA concentration data obtained in 
NZVI-free controls, in which a small amount of loss was observed as a result of sorption 
to septa used to seal the reactors. When concentration profiles in NZVI-containing 
systems were equivalent to those measured in the NZVI-free controls, it was assumed 
that NZVI reactivity toward 1,1,1,2-TeCA was lost due to passivation promoted via 
reaction with dissolved oxygen. NZVI suspensions showed comparable longevity at pH 7 
and 8 when aged in the presence of air, with complete reactivity loss after 3.5 h in each 
system. 
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Solution pH is the critical variable governing the formation of this passive coating. 

We propose that the different aging products observed as a function of pH reflect the fate 

of Fe(II) produced via Fe(0) corrosion. At pH 8 and above, the rapid oxygenation of Fe(II) 

before it can diffuse away from the particle surface produces the protective surface film. 

In contrast, slower rates Fe(II) oxygenation at lower pH allow for its release into bulk 

solution and the subsequent homogeneous oxidation to yield new Fe(III) phases. 

   

Characterization and Reactivity Loss of NZVI Suspensions Aged in the 

Absence of Oxygen.   

NZVI suspensions aged under the N2/H2 atmosphere of an anaerobic chamber lost 

reactivity much more slowly than air-aged materials. At all pH values investigated, no 

visible color changes were discerned, with suspensions maintaining their initial black 

appearance through 60 d of aging (Figure 3-2b).   

To avoid contributions in reactivity from aqueous Fe(II) generated during aging, 

only the reactivity toward 1,1,1,2-TeCA was examined for suspensions aged within an 

anaerobic chamber. In pH 7 suspensions, reactivity toward 1,1,1,2-TeCA decreased 

steadily over time until little reducing capacity remained after 60 d (Figure 3-7). After 30 

d at pH 7, XRD analysis lacked a clear diffraction line for α-Fe (Figure 3-8a), suggesting 

that water reduction consumed the majority, if not all, of the Fe(0) initially present in the 

system. Beyond 30 d, only a relatively weak diffraction pattern indicative of magnetite 

could be discerned, with TEM images (Figure 3-8b) of 60 d aged materials bearing little 

resemblance to fresh NZVI.  
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At pH 8, reactivity loss was more immediate initially, with nearly a 6-fold loss in 

activity over 0.5 d (Figure 3-7). Reactivity loss ultimately slowed, however, and 

measurable reduction of 1,1,1,2-TeCA was still observed after 60 d. Unlike pH 7, XRD 

analysis of NZVI aged for 30 and 60 d at pH 8 indicate the persistence of Fe(0) (Figure 3-

8a). TEM images also clearly indicate the formation of a new surface phase on the 

nanoparticles (Figure 3-8b). Although not identifiable via XRD, this surface phase is 

probably redox active (e.g., Fe(II)-containing) due to the reactivity toward 1,1,1,2-TeCA 

measured in these samples.   
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Figure 3-7. Change in initial kobs values for the reduction of 1,1,1,2-TeCA with respect to 
the aging time of NZVI suspensions within an anaerobic chamber. NZVI suspensions (2 
g/L) were aged at pH 7 (50 mM HEPES) and pH 8 (50 mM Tris) for up to 60 days. 
Uncertainties represent 95% confidence limits on at least triplicate experiments. Also 
indicated as a dotted line is the kobs value obtained in both passivated and NZVI free 
control studies; loss of 1,1,1,2-TeCA in control systems is attributable to a sorption of 
1,1,1,2-TeCA to septa used to seal the reactors, which resulted in approximately 10-15% 
loss of 1,1,1,2-TeCA over a typical experiment (~2 h).  
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Figure 3-8. (a) X-ray diffraction patterns for NZVI suspensions (2 g/L) aged inside an 
anaerobic chamber (95% N2, 5% H2) for 30 and 60 days at pH 7 (50 mM HEPES) and pH 
8 (50 mM Tris). (b) Corresponding TEM images of NZVI aged for 60 days in aqueous 
suspensions at pH 7 and pH 8. In XRD patterns, the only detectable iron-containing 
phases were α-Fe, magnetite, and green rust, as indicated. Notably, the α-Fe signal was 
considerably greater in the pH 8 suspensions both at 30 and 60 d of aging.  For the 60 d 
samples, diffraction lines observed near 2θ values of 32⁰, 44⁰ and 76⁰ are indicative of 
NaCl, which was present in our systems to poise ionic strength and was not sufficiently 
removed from these particular samples via washing with DI water prior to analysis. For 
TEM images at pH 8, a new yet unidentified phase was observed on the surface of the 
aged NZVI particles. At pH 7, on the other hand, particles showed little resemblance to as 
received NZVI particles, and appear considerably smaller than the unaged material 
(Figure 3-1b).  
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Characterization and Reactivity of NZVI Aged in Air at pH 6 and 7 after 

Reaction with Dithionite.  

 Dithionite reacted quickly with pH 6 and 7 air-aged suspensions, with decreases 

in dithionite concentration over time accompanied by Fe(II) production (Figure 3-9a). 

The reaction also produced Fe(II)-containing mineral phases (Figure 3-3a), as expected 

from established trends in dithionite reactivity with ferric iron oxides [13]. The identity of 

these Fe(II) phases depended strongly on the concentration of dithionite. X-ray 

diffraction patterns were consistent with low concentrations of dithionite (< 1 g/g NZVI) 

transforming lepidocrocite, the primary NZVI oxidation product, into magnetite. Higher 

concentrations (2.5 g/g NZVI) yielded diffraction patterns consistent with 

hydroxycarbonate green rust formation, presumably from the carbonate present in the 

dithionite solution. The highest dithionite loading investigated (3.7 g/g NZVI) yielded a 

similar, but not identical, diffraction pattern to that of hydroxycarbonate green rust, 

perhaps indicating differences in anion substitution. For example, sulfate green rust may 

be generated from products of dithionite oxidation. In support of this scenario, XPS 

analysis (Figure 3-10) indicated the presence of oxidized forms of sulfur (e.g., sulfate or 

sulfite) on the surface of these dithionite-treated solids. 

Products of the reaction with dithionite at pH 6 and 7 were unreactive toward 

1,1,1,2-TeCA over the timescales for reduction by fresh NZVI, consistent with most 

Fe(II)-containing solids representing weaker reductants for chlorinated solvents than 

Fe(0). In contrast, these phases exhibited considerable reactivity toward nitrobenzene [27] 

and Cr(VI) [28], species known to be reducible by Fe(II). Nitrobenzene (Figure 3-11) and 
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Cr(VI) (Figure 3-3b) were quickly degraded with dithionite-treated suspensions, and the 

extent of pollutant removal increased with increasing dithionite loading. Notably, Cr(VI) 

removal capacity (in mg of Cr(VI)/g of NZVI initially present in suspension) at higher 

dithionite concentrations approached and in some cases exceeded the removal capacity 

measured for fresh NZVI. Magnetite [29] and green rust [30] have both been shown to 

reduce Cr(VI) in laboratory studies, and we reiterate that any residual dithionite was 

removed via washing of the reduced materials prior to reaction with Cr(VI). Thus, even 

though Fe(0) is no longer present in these systems, reducing equivalents provided by 

dithionite generate Fe(II)-phases of  sufficiently high reactivity so as to exhibit 

efficiencies comparable to fresh NZVI.  
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Figure 3-9. Change in dithionite concentration over time during reaction with air-aged 
NZVI (a) at pH 6 and 7 and (b) at pH 8. At all pH values, there was a nearly 
instantaneous drop in dithionite concentration upon its addition to the aged NZVI 
suspension. As shown in panel (a), this dithionite decay was accompanied by the 
concurrent production of dissolved Fe(II). Because dithionite concentration was relatively 
stable over 24 h in NZVI-free controls (see panel b), the initial drop in concentration is 
attributed to a rapid reaction with the Fe(III) produced via air-oxidation of the NZVI 
suspension. In (b), the more gradual rate of dithionite decay over longer timescales is 
likely indicative of dithionite reaction with the underlying Fe(0) trapped in the core of the 
particles air-aged at pH 8 to yield iron sulfides. This scenario is supported by experiments 
with fresh NZVI in which dithionite was consumed at a rate similar to that observed over 
longer timescales in the aged NZVI systems.  
  

a) b)
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Figure 3-10. X-ray photoelectron spectra of air-aged NZVI suspensions (2 g/L) after 
reaction with dithionite. Shown are spectra for NZVI suspensions aged in air at pH 6 (a, b) 
and pH 8 (c,d) after reaction with 0.9 and 3.6 g dithionite/g NZVI. As detailed in the 
manuscript, air-aging of NZVI suspensions at pH 6 yielded mostly lepidocrocite, which 
upon reaction with dithionite yields Fe(II)-containing phases and higher valence sulfur 
species (e.g., sulfite and sulfate) arising from dithionite oxidation. In support of this 
scenario, only higher binding energies (166-173 eV) in the range previously reported for  
sulfite and sulfate in iron systems [31, 32] were observed in spectra of these materials (a 
and b). In contrast, a significant fraction of Fe(0) was preserved in NZVI suspensions 
aged in air at pH 8. As a result, reduction of dithionite by Fe(0) produced reduced forms 
of sulfur, as indicated by the broad peak at lower binding energy (160-165 eV), which 
was only observed for aging and reaction at pH 8. These lower binding energies are 
consistent with those reported for species such as monosulfide and disulfide in iron 
systems [33]. We also cannot rule out the possibility of elemental sulfur on the surface of 
dithionite-treated materials.  The relative amounts of these reduced sulfur forms were not 
quantified.   
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Figure 3-11. Change in nitrobenzene concentration over time in suspensions of air-aged 
NZVI particles after reaction with the concentrations of dithionite noted. For the purpose 
of comparison, concentration data are normalized to the initial reactor concentration in 
each case. Suspensions (2 g/L) were aged for 3 d in air at pH 6 (50 mM MES). 
Experiments with nitrobenzene were also conducted at pH 6 with an initial nitrobenzene 
concentration of 100 µM. Although not shown, aniline was detected as the primary 
reduction product, and mass balances were typically greater than 90%. Air-aging of 
NZVI at pH 6 primarily yielded the ferric oxide lepidocrocite, and aged suspensions 
showed no reactivity toward nitrobenzene. Reduction of the aged suspension with 
dithionite produced Fe(II)-containing phases such as magnetite and green rust. As shown, 
the rate and extent of nitrobenzene reduction increased with respect to the amount of 
dithionite reacted with the air-aged NZVI, suggesting Fe(II) species generated from the 
reduction of lepidocrocite by dithionite are responsible for nitrobenzene reduction.  
Notably, all residual dithionite was removed via centrifugation and washing of the solid 
phase prior to the addition of nitrobenzene to the reactor. Although not shown in the 
figure, the reactivity of the dithionite-treated materials was considerably less than fresh 
NZVI, which resulted in the near complete decay of nitrobenzene in a few minutes.  
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Characterization and Reactivity of NZVI Aged in Air at pH 8 after Reaction 

with Dithionite.   

Suspensions of NZVI aged in air at pH 8 also reacted nearly instantaneously with 

dithionite (Figure 3-9b). Again, the dithionite loading was critical in determining the 

identity and reactivity of the reaction products. Diffraction patterns indicated that α-Fe 

remained the dominant identifiable phase after reaction with low concentrations of 

dithionite (< 1 g/g NZVI) (Figure 2a). At higher concentrations, however, evidence 

suggests that excess dithionite oxidizes the residual Fe(0) in the aged particles to produce 

new phases. Intermediate dithionite loadings (1.8 g/g NZVI) generated a product with a 

large d-spacing (7.44 Å) indicative of green rust [26]. The highest concentration 

investigated (3.7 g/g NZVI) yielded a poorly crystalline phase with a dominant 

diffraction line at a d-spacing of 5.4 Å (Figure 2a), which is approximate to the highest 

intensity d-spacing previously reported for a synthetic nanocrystalline iron sulfide [34] 

and for substituted iron sulfides such as tochilinite [25]. XPS confirmed the presence of 

reduced sulfur in these samples, with low binding energy peaks in the S(2p) region 

consistent with the presence of poly-, di- or monosulfide, and potentially elemental sulfur 

(see Figure 3-10). 

 Not surprisingly, the dithionite concentration also had considerable implications 

for the reactivity of the treated suspensions. For 1,1,1,2-TeCA,  0.2-0.4 g dithionite/g 

NZVI produced kobs values that were statistically equivalent to that of fresh NZVI (Figure 

3-5b). Below these concentrations, degradation of 1,1,1,2-TeCA was enhanced relative to 

passivated NZVI, but it remained less reactive than fresh NZVI. Above this optimal 
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dithionite dose kobs values decreased with increasing dithionite concentration. Ultimately, 

at the highest concentration of dithionite investigated (3.7 g/g NZVI), no removal of 

1,1,1,2-TeCA was observed relative to minor losses measured in reductant-free controls 

arising from sorption to the septa. 

Slightly different behavior was observed for Cr(VI) reduction at pH 8 (Figure 3-

5c). The lowest dithionite concentration considered (0.11 g/g NZVI) produced materials 

with a removal capacity identical to fresh NZVI. A steady increase in Cr(VI) removal 

was observed with increasing dithionite concentration, culminating in a maximum 

removal capacity of nearly 150 mg Cr(VI)/g NZVI at a dithionite load of 0.7 g/g NZVI. 

Above this concentration, Cr(VI) removal in the regenerated systems decreased with 

increasing dithionite, but all removal capacities remained greater than that for fresh NZVI. 

Reactivity trends toward 1,1,1,2-TeCA and Cr(VI) at pH 8 correlate to the 

products of the reaction between dithionite and air-oxidized NZVI suspensions. For 

1,1,1,2-TeCA reduction, we interpret the optimal dithionite load around 0.2-0.4 g/g NZVI 

as the amount necessary to thin the passive layer generated by air oxidation, thereby 

exposing Fe(0) at or close to the particle surface so as to facilitate reduction. At higher 

dithionite concentrations, the oxidation of available Fe(0) by dithionite to yield sulfides is 

likely responsible for the decreased activity. Hansson et al. [35] found that the formation 

of iron sulfide films on Fe(0) surfaces inhibits charge transfer, resulting in lower rates of 

chlorinated solvent reduction. Moreover, while iron sulfides are capable of reducing 

halogenated solvents [36], they will do so at a much slower rate than Fe(0). 

For Cr(VI) reduction, all dithionite concentrations yielded greater removal 
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capacities than fresh NZVI. Removal capacities even exceeded previous reports for other 

forms of NZVI, such as borohydride generated nanoparticles [37]. In Figure 3-5 the 

maximum Cr(VI) removal capacity occurs at a dithionite loading of 0.7 g/g Fe, which is 

nearly two times greater than the dose producing the maximum kobs value for 1,1,1,2-

TeCA reduction. Notably, Fe(0) is the dominant phase identified via XRD for conditions 

yielding maximum reactivity toward both species. We hypothesize that while sulfide 

formation on Fe(0) surfaces inhibits chlorinated solvent reduction, it promotes Cr(VI) 

removal by enhancing Fe(0) corrosion. Hansson et al. [35] observed that the corrosion 

rate of high purity iron increased with increasing exposure to NaS2. As aqueous forms of 

Fe(II) [28] and the observed Fe(II)-containing solid phases [38, 39] represent suitable 

reductants for Cr(VI), this enhanced rate of corrosion would ultimately promote Cr(VI) 

removal relative to systems with slower Fe(II) production rates.   

 

Reactivity of NZVI Aged in the Absence of Oxygen after Reaction with 

Dithionite.  

For NZVI suspensions aged at pH 7 for 7, 14, and 30 d within an anaerobic 

chamber, products of the reaction with dithionite (≥ 0.02 g/g NZVI) were less reactive 

toward 1,1,1,2-TeCA than the aged material (Figure 3-12). The inhibitory role of 

dithionite in 1,1,1,2-TeCA reduction can be inferred from trends established for air-

oxidized NZVI; oxidation of Fe(0) by dithionite consumes reducing equivalents while the 

formation of surface iron sulfides accelerates passivation.  

In contrast, the reactivity toward 1,1,1,2-TeCA of NZVI suspensions aged in the 
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absence of oxygen at pH 8 could be restored via reaction with dilute solutions of 

dithionite (Figure 3-13). Reaction of NZVI aged 30 d at pH 8 with 0.02 g dithionite/g 

NZVI resulted in a rate of 1,1,1,2-TeCA reduction equal to that measured for fresh NZVI. 

Notably, higher dithionite concentrations resulted in reactivity loss, as observed at pH 7. 

Because appreciable Fe(0) was identified via XRD for the aged particles, low dithionite 

concentrations must promote reactivity by destabilizing the oxide layer on the particle 

surface, in turn increasing the amount of Fe(0) at or near the solution interface. We 

propose this behavior only occurs at higher pH values where the surface oxide layer is 

sufficiently thick due to Fe(II) solubility limitations; consumption of dithionite via 

reaction with the oxide layer prevents extensive passivation of the underlying Fe(0).  
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Figure 3-12. Inhibitory influence of dithionite on the reactivity toward 1,1,1,2-TeCA of 
NZVI suspensions (2 g/L) aged at pH 7 (50 mM HEPES) within an anaerobic chamber 
for (a) 14 d and (b) 30 d. Open circles correspond to the change in 1,1,1,2-TeCA 
concentration over time resulting from reaction with the aged NZVI suspension. Solid 
circles show 1,1,1,2-TeCA decay after the aged NZVI suspensions were reacted with 0.2 
g dithionite/g NZVI. Generally, the reaction with dithionite inhibited the rate of 1,1,1,2-
TeCA reduction. In panel (a), the dithionite-treated materials exhibited comparable 
reactivity to the aged suspension, at least initially. The loss in reactivity after 
approximately 30 minutes for the dithionite-treated material is consistent with surface 
passivation, presumably from iron sulfides generated via the reduction of dithionite by 
Fe(0) that inhibit further 1,1,1,2-TeCA reduction. 
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Figure 3-13. Change in 1,1,1,2-TeCA concentration as a function of time in fresh NZVI 
suspensions (solid circles), NZVI suspensions aged 30 d inside an anaerobic chamber 
(open squares), and products of the reaction between 0.02 g dithionite/g NZVI and the 30 
d aged NZVI suspension (open circles). For the purpose of comparison, the concentration 
of 1,1,1,2-TeCA measured over time was normalized to the initial reactor concentration 
(~170 µM).  All experiments were conducted at a reductant mass loading of 2 g/L at pH 8 
in 50 mM Tris.  
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Sustained Suspension Reactivity via Multiple Reactions with Dithionite.   

A final set of experiments examined the reactivity of an NZVI suspension toward 

Cr(VI) over the course of sequential reaction cycles with dithionite (Figure 3-14). NZVI 

oxidized in air at pH 8 was reduced with 0.7 g dithionite/g NZVI and subsequently 

reacted with Cr(VI) until exhaustion, at which time the reaction with dithionite was 

repeated. After 5 instances of reaction with dithionite, the total Cr(VI) removal was 

approximately 300 mg of Cr(VI)/g NZVI, a 15-fold increase relative to fresh NZVI at pH 

8. For comparison, this sequential regeneration procedure was also explored for oxygen-

free NZVI suspensions that were passivated via reaction with Cr(VI) at pH 8. This 

scenario assumes that for treatment systems with high Cr(VI) concentration, reduction of 

Cr(VI) to a passivating Cr(III)-Fe(III) solid phase [37] is the primary mechanism 

responsible for NZVI reactivity loss. Again, the repeated reaction of the Cr-passivated 

NZVI with 0.7 g dithionite/g NZVI increased the total removal of Cr(VI) by roughly a 

factor of 3 relative to the fresh NZVI. Thus, Cr(VI) removal efficiency per gram of NZVI 

can be considerably enhanced through the use of dithionite to restore system reducing 

capacity. Further work is needed, however, to confirm that repeated dithionite addition 

does not extensively mobilize Cr(III) produced from Cr(VI) reduction.    

Interestingly, Figure 3-14 shows that dithionite enhanced the reactivity of NZVI 

passivated via air oxidation to a far greater extent than NZVI passivated via reaction with 

Cr(VI). This suggests that differences in the nature of the passive layer generated via 

reaction with O2 and Cr(VI) in turn affect the passivated materials’ subsequent reactivity 

toward dithionite. While suspension aging in air produces a particle with an Fe(0) core 
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surrounded by magnetite and a passive ferric oxide shell, XRD characterization of Cr(VI) 

passivated materials also indicates the presence of largely Fe(0) and a phase with d-

spacings comparable to magnetite [26] (Figure 3-15). Others have shown that reduction 

of Cr(VI) by NZVI produces a stable, alloy-like Cr(III)-Fe(III) hydroxide shell on NZVI 

particles [37]. Accordingly, the nature of the passivating layer on Fe(0) surfaces must be 

viewed as an important variable in the efficiency of dithionite as a regenerant for 

treatment system reactivity.  

 

3.5.  Environmental Implications 

Depending upon geochemical conditions, our results suggest NZVI reactivity 

ranges anywhere from several hours to a couple of months, and thus concerns over its 

longevity during application may be warranted. To counteract the effects of aging, we 

show that dithionite can be used to restore the reactivity of passivated NZVI treatment 

systems, and that its repeated use can sustain the system’s reducing capacity far beyond 

timescales achievable with NZVI alone. Optimal performance of dithionite requires, 

however, an understanding of the mechanism responsible for NZVI reactivity loss; 

dissolved oxygen concentrations, solution pH, and likely the presence of other co-solutes 

will not only influence the reactive lifetime of NZVI but also the products of aging and 

the reactivity of species formed via reaction with dithionite.  Identifying the major 

products of NZVI passivation will be critical for process efficiency, therefore, because it 

will dictate the amount of dithionite necessary to optimize performance of the 

regenerated treatment system. The pH-dependent aging and products of dithionite 
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reaction proposed for aerobically and anaerobically aged materials are summarized in 

Schematic 3-1 and 3-2, respectively.  

 
 
Figure 3-14. Cumulative Cr(VI) removal as a result of multiple, sequential reactions of 
passivated NZVI suspensions with 0.7 g dithionite/g NZVI. Cumulative Cr(VI) removal 
is reported on a per mass basis with respect to the mass equivalents of NZVI initially 
present in suspension. Removal capacities are shown for NZVI suspensions aged in air 
for 3 d at pH 8 and for fresh NZVI passivated through reaction with excess Cr(VI). Also 
shown is the removal capacity determined for fresh NZVI. All experiments were 
conducted at a reductant mass loading of 2.8 g/L at pH 8 in 50 mM Tris.  
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Figure 3-15. X-ray diffraction (XRD) patterns for NZVI suspensions (a) passivated by 
reaction with excess Cr(VI) in the absence of oxygen and (b) passivated by exposure to 
air for 3d. Suspensions (2 g/L) were prepared at pH 8 (50 mM Tris). For panel (a), 
solutions of Cr(VI) were added repeatedly to a deoxygenated 2 g/L NZVI suspension 
until no further loss in aqueous Cr(VI) was measured. The solids were then separated 
from the supernatant via centrifugation and washed several times with deoxygenated 
deionized water before drying the wet slurry on a microscope slide for XRD analysis. 
After passivation by Cr(VI), the only phases detected via XRD were magnetite 
(diffraction lines noted with M), and α-Fe. Thus, NZVI passivation induced by reduction 
of Cr(VI) preserved a considerable portion of Fe(0) in the particle core. For panel (b), 
results are the same as those shown in Figure 3-5 of the manuscript text. NZVI 
passivation via suspension exposure to air also resulted in a considerable portion of Fe(0) 
preserved in the particle core, although no secondary phases resulting from oxygenation 
were detectable via XRD. 
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Schematic 3-1. Product summary proposed for the aging of NZVI suspensions in equilibrium 
with air (i.e., in the presence of dissolved oxygen) and the subsequent reaction with variable 
loadings of dithionite. 

 

Schematic 3-2. Product summary proposed for the aging of NZVI suspensions in the absence of 
dissolved oxygen and the subsequent reaction with low (< 0.1 g/g NZVI) dithionite loadings.  At 
both pH values, more concentrated dithionite solutions would primarily generate iron sulfides.  
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The most promising use of this approach appears to be for sites contaminated with 

pollutants prone to facile reduction not only by Fe(0), but also by various forms of Fe(II). 

For example, we show that nitroaromatic compounds and Cr(VI) are readily reducible by 

nearly all of the products generated from the reaction of aged NZVI suspensions with 

dithionite, regardless of whether Fe(0) is present in the passivated particle core. 

Furthermore, the amount of dithionite can be tailored to control the reactive phases 

generated and tune the reducing capacity of the system. 

Other potential benefits of dithionite as a regenerant of iron-based treatment 

systems merit further exploration. First, it may be feasible to couple dithionite application 

with stimulated biogeochemical processes that promote pollutant natural attenuation. In 

iron-rich environments, microbiological respiration of sulfate results in precipitation of 

FeS, a process previously exploited for treatment of groundwater contaminated by vinyl 

halides [40]. In a similar fashion, stimulation of sulfate-reducing bacteria could be used 

to sequester dithionite oxidation products as FeS, thereby further increasing the size of 

the reducing zone in the subsurface.  

 Our results also have potential implications for the storage and handling of highly 

reactive NZVI materials prior to application. This work and others [24] have shown that 

atmospherically stable NZVI particles can be prepared as a powder or wet suspension via 

controlled exposure to oxygen. Kim et al. [24] found, however, that stabilization leads to 

less reactive materials. One way to help alleviate concerns associated with NZVI 

reactivity loss during storage, handling, subsurface delivery and transport may be the 

application of these atmospherically stable NZVI particles in tandem with dithionite. 
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After particle delivery, subsequent application of dithionite could be used to restore their 

reactivity to levels comparable to fresh NZVI.  

Finally, the outcomes from this work should be directly applicable to larger scale 

iron particles, including micron and millimeter-sized particles commonly used in PRBs. 

There is potential, therefore, for dithionite to serve as a mechanism for restoring 

reactivity to exhausted PRBs whose treatment efficiency has been compromised by 

buildup of passive oxidation products on the reductant particle surface.   
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4. Chlorinated Solvent Transformation in Palladized 
Zero-Valent Iron Systems: New Insights from Rate 
Dependence on Reductant Loading and Solvent Kinetic 
Isotope Effects 
 
4.1. Abstract 

  Palladized nanoscale zero-valent iron (Pd/NZVI) has grown in popularity for 

source zone control, yet the entities responsible for pollutant transformation in these 

systems and the optimal conditions for their subsurface application are poorly understood. 

Here, trends in Pd/Fe reactivity toward 1,1,1,2-tetrachloroethane (1,1,1,2-TeCA) and cis-

dichloroethene (cis-DCE) were examined as a function of pH, chlorinated solvent 

concentration, Pd loading and reductant mass loading (ρm values) for bimetals prepared 

from both nanoscale and micron-sized Fe(0). Mechanistic insights were obtained through 

measurement of solvent kinetic isotope effects (SKIEs) via parallel experiments in H2O 

and D2O. Collectively, our data support two pathways for chlorinated solvent reduction in 

Pd/NZVI batch systems. Most notably, SKIEs for 1,1,1,2-TeCA and cis-DCE reduction 

by Pd/NZVI [kobs(H2O)/kobs(D2O)] increase substantially with Pd loading and Pd/NZVI 

concentration. At low Pd loadings and Pd/NZVI concentrations, modest reactivity 

enhancements occur via galvanic couple formation. In contrast, the magnitude of SKIEs 

(up to 100) in the most reactive Pd/NZVI systems suggests the involvement of atomic 

hydrogen. However, evidence of atomic hydrogen participation was not observed for 

Pd/Fe prepared from larger Fe(0) particles, nor for any size of non-palladized Fe(0). 

SKIEs for 1,1,1,2-TeCA reduction decrease during anaerobic aging of Pd/NZVI particles, 
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revealing that atomic hydrogen is likely to persists only over one to two weeks during 

Pd/NZVI application. 

 

4.2.  Introduction 

Since its inception [1], application [2-4] of palladized nanoscale zero-valent iron 

(Pd/NZVI) for source zone control has grown rapidly. Pd/Fe is typically the most reactive 

of iron-based bimetallic reductants [5-7], achieving greater rates of pollutant removal [1, 

5, 8] and more fully dehalogenated products [5, 9] than zero-valent iron [Fe(0)]. Despite 

growth in its application, the wealth of literature on Pd/Fe reductants reveals relatively 

divergent performance. Specifically, a common metric for Pd/Fe reactivity is the extent to 

which it enhances pollutant transformation relative to Fe(0), a value typically obtained by 

normalizing the pseudo-first-order rate constant (kobs values) for pollutant reduction by 

Pd/Fe [kobs(Pd/Fe)] to the corresponding kobs value from an identical system with Fe(0) 

[kobs(Fe)]. For Pd/Fe, reported rate enhancement factors (hereafter referred to as REFs) 

range between 2 [5] and 1000 [10]. To date, the source of such variation is not entirely 

understood, although during application it is clearly desirable to optimize Pd/Fe 

characteristics and treatment zone conditions to yield the largest REF achievable.   

It is tempting to attribute variations in performance to differences in the Pd/Fe 

particles prepared in different studies. For example, increasing the amount and surface 

coverage of Pd on Fe(0) particles increases Pd/Fe reactivity [5, 8, 11], supporting a 

scenario in which pollutant transformation is suggested to occur on the Pd surface [12-

14]. However, several studies have systematically varied Pd loading and surface coverage 
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while holding other system variables constant [5, 8, 15], observing maxima in Pd/Fe 

reactivity that typically limit REFs toward the lower end of the aforementioned spectrum. 

Other currently unrecognized factors must, therefore, contribute to the observed range in 

Pd/Fe performance.    

One possible explanation is that the mechanism of pollutant transformation, 

specifically the nature of the reductant, differs between Fe(0) and Pd/Fe systems. Two 

pathways for rate enhancement by Pd/Fe have gained popular acceptance. One hypothesis 

[2, 16, 17] involves the formation of a galvanic couple between Fe(0) and Pd, in which 

iron functions as the anode where oxidation of Fe(0) to Fe(II) occurs while Pd serves as 

the cathode at which pollutant reduction takes place. In the couple, Fe(0) becomes more 

easily oxidized, in turn increasing the rate of electron transfer to the pollutant at the Pd 

surface. Others have postulated [5, 6, 17-19] that Pd functions as a hydrogenation catalyst, 

such that adsorbed or absorbed atomic hydrogen species associated with the Pd surface 

are the responsible entities for pollutant transformation. Evidence for both pathways 

exists, although it remains unclear as to which is dominant in Pd/Fe systems or how their 

relative importance changes in response to reductant characteristics, solution chemistry, 

or the evolving Pd/Fe surface during particle aging.    

Mounting evidence suggests that the chemical processes controlling pollutant 

transformation in Pd/Fe systems is distinct from Fe(0). For example, Cwiertny et al. [10] 

observed that the same Pd/Fe formulation that enhanced 1,1,1-trichloroethane (1,1,1-

TCA) reduction 10-fold also enhanced cis-dichloroethylene (cis-DCE) reduction by more 

than 1000, indicating a strong dependence of Pd/Fe reactivity on the target oxidant. cis-
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DCE also exhibited a far greater increase in kobs values per unit of deposited Pd on the 

Fe(0) surface. Because kobs(Pd/Fe) and kobs(Fe) used to determine REFs are measured in 

identical experimental systems, it is often assumed that REFs do not reflect system 

variables such as reductant loading (ρm in g/L), target pollutant concentration, and pH. 

However, such assumptions are rarely tested and, most importantly, are likely to fail if 

different mechanisms exist in Fe(0) and Pd/Fe systems, and in turn would introduce large 

variations in reported REFs for Pd/Fe systems.  

In this study, we explore REFs achieved in Pd/Fe reductant systems over a range 

of experimental conditions. Pd/Fe reductants were prepared via a displacement plating 

method using a commercially available NZVI powder (referred to as Pd/NZVI). In 

subsequent reactivity experiments with 1,1,1,2-tetrachloroethane (1,1,1,2-TeCA) and cis-

dichloroethene (cis-DCE), we examined how REFs for Pd/NZVI changed over a broad 

range of Pd additive loadings (0.05-0.35% Pd by mass), solution pH (6-8), reductant 

mass loadings (ρm values of 0.03-5.68 g/L), target pollutant concentrations (3 – 2000 

µM), and suspension aging time (0-30 days). Additional studies were performed with 

several Pd/Fe reductants prepared from micron-sized Fisher electrolytic iron (hereafter 

referred to as Pd/ZVI), allowing the influence of Fe(0) particle size on bimetal reactivity 

also to be assessed directly for the first time. Collectively, our approach not only helps to 

identify the optimal reductant characteristics and application conditions for Pd/Fe 

performance, but changes in REFs in response to these variables would provide indirect 

evidence that different pollutant transformation mechanisms are at play in Fe(0) and 

Pd/Fe systems. 
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In complementary experiments, new insights into the mechanism of pollutant 

transformation in Fe(0) and Pd/Fe systems were obtained through measurement of 

solvent kinetics isotope effects (SKIEs) via parallel reactions with 1,1,1,2-TeCA and cis-

DCE conducted in D2O- and H2O-based buffer systems. When a solvent is replaced with 

an isotopically substituted analogue, SKIEs occur when the solvent is a reactant or when 

there are significant interactions between the solvent and transition structures generated 

via reaction [20]. SKIE values are quantified by normalizing kobs values measured in H2O 

[kobs(H2O)] to the kobs value measured in an identical system with D2O [kobs(D2O)], with 

larger values indicating a role for solvent molecules in the reaction.  

As a mechanistic tool, SKIE values have rarely been explored for bimetallic 

systems, with two reports producing conflicting results. Schrick et al. [17] observed a 

large SKIE of 14 for trichloroethene (TCE) reduction by Ni/NZVI, which was interpreted 

as evidence for the involvement of atomic hydrogen. In a later examination of SKIE 

values for 1,1,1-TCA reduction with Cu/Fe prepared from Fisher electrolytic iron [21], 

relatively small SKIE values (1.62 ± 0.08 and 1.34 ± 0.08) were observed at two different 

Cu loadings (5 and 125 µmole of Cu/g Fe, respectively), suggesting a minimal role for 

atomic hydrogen in these systems. In this work, SKIE values were measured for Fe(0) 

and Pd/Fe systems with 1,1,1,2-TeCA and cis-DCE over the range of aforementioned 

reductant and system variables (e.g.,. Pd coverage, pH, ρm values, Fe(0) particle size) to 

explore conditions that may promote atomic hydrogen involvement during pollutant 

reduction. 
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4.3. Experimental Section 

Reagents   

NZVI was acquired from Nanostructured and Amorphous Materials, Inc. 

(Houston, TX). Characterization of this material has been previously described [22]. 

Fisher electrolytic iron powder (100 mesh; hereafter abbreviated as ZVI) was used as a 

representative granular iron. Reactivity studies were conducted in buffers of HEPES 

(Sigma-Aldrich; 99.5%) or MES (Sigma-Aldrich; 99.7%) with sodium chloride (NaCl, 

Aldrich, ≥ 99.0%). Buffer pH was adjusted with hydrochloric acid (Fisher, trace metal 

grade) and sodium hydroxide (NaOH; 97+%; ACS reagent grade). Potassium 

hexachloropalladate (IV) (Cl6K2Pd, Aldrich, 99%) was used to generate Pd/Fe reductants. 

Aqueous solutions were prepared using deionized water (Milipore, Q-Grad 2), while 

SKIEs were measured in systems with deuterium oxide (D2O, Aldrich, 99.9 atom % D). 

All solutions were deoxygenated prior to use by sparging with compressed N2 for at least 

1 hr/L. Reactivity studies used 1,1,1,2-tetrachloroethane (1,1,1,2-TeCA; ~99%, Aldrich) 

and cis-1,2-dichloroethene (cis-DCE; 97%,  Aldrich), with stock solutions prepared in 

methanol (certified ACS, Fisher Scientific). Aqueous samples from experiments were 

extracted and diluted in n-hexane (GC-Resolv, Fisher Scientific). Reagents used in 

colorimetric analysis of aqueous Fe(II) include 1,10-phenanthroline (Aldrich, 99+%), 

ammonium acetate (Sigma-Aldrich, ≥  98%), and glacial acetic acid (Fisher, certified 

ACS plus).  

 

Pd/Fe synthesis 
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Pd/Fe reductants were prepared via displacement plating within an anaerobic 

chamber based on procedures modified from previous work [5]. For plating of NZVI 

particles, NZVI suspensions (2 g/L) were prepared in deoxygenated, DI water and 

sonicated for 30 seconds. Displacement plating was accomplished by adding a specific 

volume (between 100 – 700 µL) of 0.5 mM K2PdCl6 stock solution prepared in 0.01 N 

HCl to 5 mL of the dispersed NZVI suspension. For plating of ZVI particles, between 5-

50 mg of ZVI were weighed into 20 ml serum bottles (Wheaton) and washed with ~0.1-1 

mL of 1 M HCl (keeping a constant ratio of ZVI to acid volume) for 10 minutes while 

stirring by hand, followed by two washes with deoxygenated, deionized water. 

Displacement plating was accomplished by adding an appropriate volume (1-10 mL; 

again keeping a constant ratio of ZVI to plating solution volume) of 0.5 mM K2PdCl6 

stock solution prepared in 0.01 N HCl to the acid-washed and water-rinsed iron. Stock 

solutions of Pd were prepared fresh daily.  

After addition of Pd, slurries of NZVI or ZVI were mixed vigorously by hand for 

5 min, over which time the initially orange supernatant became clear, indicating Pd loss 

from solution. Mass ratios of Pd to Fe(0) (either as ZVI or NZVI) were chosen based 

upon previous work [5, 10] to coincide with complete deposition of Pd from solution to 

the Fe(0) particle surface over this timescale. A magnetic stir plate was then used to 

collect the Pd/Fe particles on the reactor bottom, the supernatant was decanted by pipet 

so as to minimize loss of Pd/Fe, and a small fraction of the supernatant was collected for 

ICP-MS analysis to confirm complete Pd deposition during plating. Freshly prepared 

Pd/Fe particles were then rinsed twice with deoxygenated, DI water. After washing, 
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Pd/Fe particles were resuspended in an appropriate buffer solution for use in reactivity 

studies. As a control for reactivity studies, ZVI and NZVI samples were processed in a 

similar manner, including the addition of the appropriate volume of 0.01 N HCl free of 

Pd, although these simulated plating and washing processes had no observable effect on 

their reactivity. 

 

Reactivity toward Chlorinated Solvents 

The reactivity of NZVI, 0.05% Pd/NZVI and 0.35% Pd/NZVI, as well as ZVI and 

1% Pd/ZVI was examined toward 1,1,1,2-TeCA and cis-DCE.  For Pd/NZVI, a specific 

volume of a 2 g/L suspension of freshly prepared particles was added to a nominal 10 mL 

vial (Wheaton), the vial was filled with an appropriate buffer until free of headspace, and 

the vial was then crimp-sealed with a PTFE-lined butyl rubber septa. By varying the 

amount of Pd/NZVI stock suspension initially added to the reactor, diluting with buffer to 

a final total volume of 10 mL allowed us to conduct reactivity studies over a range of 

reductant solid loadings (or ρm values) from 0.03-0.6 g/L. For Pd/ZVI, we varied the 

mass of ZVI plated with Pd and then diluting freshly prepared Pd/ZVI particles to a final 

volume of ~9 mL to result in ρm values ranging from 0.6 – 5.7 g/L. For both Pd/NZVI 

and Pd/ZVI, experiments with variable ρm were conducted at a fixed initial concentration 

of 175 µM. To examine the influence of the initial 1,1,1,2-TeCA concentration on 

Pd/NZVI reactivity, a constant volume (70 µL) of a 1,1,1,2-TeCA methanolic stock 

solution with concentration ranging from 0.45 – 22.1 mM 1,1,1,2-TeCA  was added to 

reactors with 0.05 g/L Pd/NZVI, producing initial concentrations in the reactor from 3 – 
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2000 µM. HEPES buffer was utilized for experiments within the pH range of 7 to 8, 

whereas MES was utilized in a few studies conducted between pH 5 and 6.5. The buffer 

concentration was 25 mM, and 25 mM sodium chloride was used in all solutions to poise 

ionic strength. 

After construction, all reactors were removed from the glovebox and placed on a 

rotator (Cole-Parmer) that mixed the vials end-over-end at 60 RPM. Reactions with 

1,1,1,2-TeCA and cis-DCE were initiated immediately via addition of methanolic spike 

to achieve the initial reactor concentrations listed above. Reactors were sampled 

periodically over time according to the procedures described in chapter 2.   

 

Measurement of Solvent Kinetics Isotope Effects 

To measure SKIEs, reactivity studies were conducted in parallel with H2O and 

D2O.  Solutions of 25 mM HEPES/NaCl were prepared in D2O, using the following 

correction [23] to pH meter measurements to account for differences in the pH and pD 

scales.   

pD = pH meter reading + 0.40  (4-1) 

D2O solutions were adjusted to the appropriate pD value using concentrated NaOH 

solution, which also was prepared in D2O. SKIEs were measured as a function of Pd 

loading on NZVI and ZVI and over a range of ρm values. In systems with variable ρm 

values, initial concentrations of 1,1,1,2-TeCA or cis-DCE we chosen so that a constant 

molar ratio of 0.02 of organohalide oxidant to iron-based reductant was employed in all 

systems to avoid any surface site limitations or competition effects that may occur at 
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elevated chlorinated solvent concentrations. The magnitude of SKIEs were calculated 

from the reactivity disparity between these two sets of reactors (i.e., kobs(H2O)/ kobs(D2O)/) 

that were prepared under otherwise identical conditions (e.g. Pd loading, Pd/Fe reductant 

concentration, pH and chlorinated solvent initial concentration). 

 

Pd/NZVI Aging Studies.  

Within an anaerobic chamber (97% N2, 3% H2), 2 g/L NZVI and 0.35% Pd/NZVI 

were prepared in 25 mM HEPES/NaCl solution at pH 8 and placed in a sealed 10 mL 

(Wheaton) vials with 5 mL of headspace. These suspensions were allowed to age for 30 

days, mixing each by hand once a day. Periodically during aging, a portion of the 

suspension was withdrawn and diluted with fresh buffer prepared in H2O to a final 

concentration of 0.22 g/L. In parallel, another sample of suspension was diluted to the 

same ρm value with buffer prepared in D2O, such that analysis of 1,1,1,2-TeCA decay 

rates in both systems would allow the magnitude of SKIE to be evaluated as a function of 

reductant particle aging. To avoid any contribution from the H2O present in the sample of 

the aged stock suspensions used in D2O systems, care was taken to remove residual H2O 

was removed via pipette prior to addition of D2O. Reactivity studies with 1,1,1,2-TeCA 

were then conducted with aged particles of NZVI and 0.35% Pd/NZVI according to the 

aforementioned procedures. We note that in complement to reactivity studies, 

transmission electron microscopy (TEM) images were also collected for Pd/Fe reductants 

during aging.   
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Measurement of Fe(II) Production   

For iron-based reductants, aqueous Fe(II) production was measured as an 

indicator of corrosion rate. Freshly prepared and washed reductant particles were 

suspended in fresh 25 mM HEPES/NaCl solution at pH 8 to achieve a total reductant 

concentration of 1 g/L. As Fe(II) production commenced upon buffer addition, reactors 

were placed immediately on a rotator that mixed the vials end-over-end at 60 RPM and 

samples were withdrawn over 15 min via a plastic syringes to measure the initial rate of 

Fe(II) production. More experimental details are referred in chapter 2. 

 

Analytical Methods 

Concentrations of 1,1,1,2-TeCA and cis-DCE in samples were determined via gas 

chromatography with electron capture detection (GC/ECD). The analytical methods for 

1,1,1,2-TeCA and cis-DCE shared the same column and temperature program, and all 

details were presented in chapter 2. Reduction products for 1,1,1,2-TeCA (1,1,-

dichlorethene) and cis-DCE (primarily ethane and ethane) were identified and quantified 

via headspace analysis and gas chromatography with flame ionization detection 

(GC/FID). Headspace analysis used an HP-Plot Q column (30m × 0.32 mm × 20 µm; J & 

W Scientific) and a temperature program beginning at 50 °C, then increasing at 

30 °C/min to 240 °C before holding for 10 minutes. For product analysis, 2 mL of 

aqueous sample was withdrawn from the reactor and stored in 20 mL headspace 

autosampler vial with magnetic screw cap. Samples were incubated at 60 °C for 5 min 
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(longer incubation times produced little difference in response), while mixing to promote 

gas-water partitioning prior to injection of 300 µL gas phase onto the column. 

Measurements for dissolved Fe(II) concentration were according to the procedure 

outlined in chapter 2. The morphology of aged NZVI and 0.35% Pd/NZVI was examined 

using transmission electron microscopy. Further details of our TEM analysis and sample 

preparation are provided in chapter 2.     

 

4.4. Results and Discussion 

Influence of Solid Loading on Pd/Fe Reactivity toward 1,1,1,2-TeCA 

In all reductant systems, 1,1,1,2-TeCA was transformed to 1,1-DCE, consistent 

with reductive β-elimination as the only loss pathway. Loss of 1,1,1,2-TeCA exhibited 

exponential decay, with kobs values obtained from the slopes of semi-log plots of 1,1,1,2-

TeCA concentration versus time. Values of kobs for 1,1,1,2-TeCA reduction as a function 

of reductant solid loading (ρm values) are shown in Figure 4-1 for reductants prepared 

with Fisher electrolytic iron (hereafter referred to as ZVI) and iron nanoparticles from 

Nanostructured and Amorphous Materials (hereafter referred to as NZVI). Values of kobs 

are shown for both unamended iron (hereafter referred to as Fe(0)) and palladized iron 

(hereafter referred to as Pd/Fe) systems, with 1% Pd (by mass) on ZVI and 0.05% or 0.35% 

Pd (by mass) on NZVI.    

            As expected from previous reports for ZVI [5] and NZVI [8, 24], Pd/Fe was more 

reactive than Fe(0) and reactivity increased with Pd loading. However, the magnitude of 

REF in Pd/Fe systems varied not only between ZVI and NZVI, but also as a function of 
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ρm values. In ZVI systems (Figure 4-1a), kobs values exhibited a non-linear dependence 

on ρm (kobs ∝ ρm
0.4±0.1) as determined from the slope of logkobs versus logρm plots, similar 

to behavior previously observed with this ZVI batch [21]. Addition of 1% Pd, however, 

alters this functional relationship, with kobs values exhibiting a nearly first-order 

dependence on ρm (kobs ∝ ρm
0.9±0.2), as expected for surface reactions.   

 Unexpectedly in NZVI systems, kobs values were essentially independent of solid 

loading (kobs ∝ ρm
0.1±0.1; see also Figure 4-2), whereas addition of 0.05% Pd produced a 

dependence (kobs ∝ ρm
1.2±0.2) that was statistically equivalent to first-order. Interestingly, 

for 0.35% Pd/NZVI, the rate of change for kobs increased with reductant loading, yielding 

a reaction order in ρm of 1.6 (± 0.2), significantly greater from unity.  

            As a practical consequence of these relationships, the REFs provided by Pd/Fe 

depend strongly on the experimental ρm value. For example, REF for Pd/ZVI relative to 

ZVI ranges from 3 to 10-fold over the ρm values investigated (up to 5.68 g/L), whereas 

with Pd/NZVI REFs span from 2- to 300-fold (up to 0.56 g/L). The observed dependence 

of REF on ρm values likely explains the majority of scatter that exists in reported REFs 

for Pd/Fe.  

 From a fundamental perspective, the non-linear dependence of kobs on ρm in Fe(0) 

systems suggests some system variable limits reactive surface area to a greater extent at  

high ρm. In contrast, the near first-order dependence of kobs on ρm values for 1% Pd/ZVI 

and 0.05% Pd/NZVI suggest that Pd deposition overcomes this limitation of Fe(0) 

systems and makes the reductant surface more uniformly active. Such behavior is 
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consistent with Pd deposition producing new sites for 1,1,1,2-TeCA reduction. For 0.35% 

Pd/NZVI, the unique parabolic dependence between kobs and ρm is consistent with 

multiple mechanisms for 1,1,1,2-TeCA reduction, with the relative importance of these 

pathways depending on Pd and Pd/NZVI loadings.  

 

Trends in mass-normalized rate constants for 1,1,1,2-TeCA reduction by 

NZVI 

 For Fe(0)-based reductant systems, mass-normalized rate constants (km values), as 

defined in equations 4-2 and 4-3, are frequently reported.   

obs

[ ]
[ ] [ ]m m
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k C k C
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Values of km for 1,1,1,2-TeCA reduction [km(1,1,1,2-TeCA)]are shown for NZVI, 0.05% 

Pd/NZVI and 0.35% Pd/NZVI in Figure 4-3 as a function of the molar ratio of 1,1,1,2-

TeCA to NZVI-based reductant (i.e., [1,1,1,2-TeCA]/[Reductant]). Values of km(1,1,1,2-

TeCA) in Figure 4-3 were calculated using data in Figure 4-1, where kobs values in 

equation 2 were measured experimentally by varying ρm (0.03 – 0.56 g/L) and holding 

the initial concentration of 1,1,1,2-TeCA constant (176 µM) (data shown as solid 

symbols in Figure 4-3). Alternatively, values of km were also calculated using kobs values 
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measured in experimental systems where the initial 1,1,1,2-TeCA concentration was 

varied (3.5 – 2000 µM) at a constant ρm (0.05 g/L) (data shown as open symbols in 

Figure 4-3).    

For NZVI, as a consequence of the non-linear dependence of kobs(1,1,1,2-TeCA) 

on ρm shown in Figure 4-1, km(1,1,1,2-TeCA) values differed depending on the approach 

used to measure kobs values. For experiments varying ρm but using a constant initial 

1,1,1,2-TeCA concentration, km(1,1,1,2-TeCA) decreased as the molar ratio of 1,1,1,2-

TeCA to NZVI decreased (i.e., km(1,1,1,2-TeCA) decreased with increasing ρm).  In 

contrast, km(1,1,1,2-TeCA) values from experimental systems with varying 1,1,1,2-TeCA 

concentration and constant ρm were nearly constant over the molar ratios explored. 

Consequently, at low 1,1,1,2-TeCA to NZVI molar ratios, km(1,1,1,2-TeCA) values 

varied by a factor of 20 depending on the experimental approach for measuring 

kobs(1,1,1,2-TeCA) values.  
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Figure 4-1. Change in the k
obs

 values for 1,1,1,2-TeCA reduction as a function of solid 

loading (ρ
m
 values) in systems with (a) ZVI and 1% Pd/ZVI and (b) NZVI, 0.05% 

Pd/NZVI and 0.35% Pd/NZVI. Reactions were at pH 8 in 25 mM HEPES buffer with 
25 mM NaCl. Uncertainties represent 95% confidence intervals from regression 
analyses performed on semi-log plots of 1,1,1,2-TeCA concentration as a function of 
time, the slopes of which were used to obtain the k

obs
 values shown. Typical reactor-

to-reactor variability is shown for NZVI, for which data represents kobs values from 
duplicate experiments.  
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Figure 4-2. Change in the kobs(1,1,1,2-TeCA) values over time for NZVI at 
pH 6 and 8. The functional relationship between kobs(1,1,1,2-TeCA) and ρ m 
is shown, obtained from best fit linear regression of log(kobs) versus log(ρm) 
plots. A decrease from pH 8 to pH 6 not only increases the rate constant for 
1,1,1,2-TeCA transformation, it also increases the linearity of the 
relationship between kobs(1,1,1,2-TeCA) values and ρm, consistent with a 
more uniformly reactive NZVI surface at lower pH values.  
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Figure 4-3. Change in mass-normalized rate constants for 1,1,1,2-TeCA reduction 
[k

m
(1,1,1,2-TeCA) values] as a function of the molar ratio of the initial 1,1,1,2-TeCA  

concentration and iron-based reductant in NZVI (red symbols), 0.05% Pd/NZVI (green 
symbols) and 0.35% Pd/NZVI (blue symbols) systems. Open symbols represent 
k

m
(1,1,1,2-TeCA) values calculated from k

obs(1,1,2-TeCA) values measured 

experimentally by holding the initial concentration of 1,1,1,2-TeCA constant at 175 µM 
while varying the reductant mass loading (or ρ

m
 value) between 0.03-0.6 g/L. Solid 

symbols represent k
m
(1,1,1,2-TeCA) values calculated from k

obs(
1,1,2-TeCA) values 

measured experimentally by holding the ρ
m
 value constant at 0.05 g/L and varying the 

initial 1,1,1,2-TeCA concentration from 3-2000 µM. All experiments were conducted at 
pH 8 in 25 mM HEPES buffer.  
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This difference in km(1,1,1,2-TeCA) values indicates that conditions unique to 

experimental systems with high ρm must limit NZVI reactivity. We attribute the 

diminished reactivity at high ρm to the disproportionate formation of inhibitory corrosion 

products in such systems. In closed systems with high NZVI concentrations, solubility 

limits for ferrous (Fe(II)) and ferric (Fe(III)) iron corrosion products will be achieved 

quickly, in turn causing greater accumulation of passive corrosion products on the NZVI 

particle surface. This scenario is also likely responsible for the non-linear relationship 

between ρm and kobs in granular ZVI systems observed herein (Figure 4-1a) and 

elsewhere [25]. In fact, the greater independence of kobs values on ρm in NZVI systems is 

likely due to the orders of magnitude greater corrosion rates reported for these materials 

relative to larger Fe(0) particles [26-28]. 

Evidence supporting greater NZVI passivation in systems with high ρm was 

obtained by examining the influence of pH on the relationship between kobs and ρm. 

Figure 4-2 shows that kobs values exhibit a greater, albeit still non-linear, dependence on 

NZVI loading at pH 6, at which the solubility of Fe(II) is orders of magnitudes greater 

than pH 8. This behavior agrees with reports for Fisher electrolytic iron [25] in which the 

relationship between kobs for 1,1,1-trichloroethane reduction and ρm became essentially 

first-order at low pH. Thus, as pH decreases, the constraint of Fe(II) solubility at high ρm 

values is relieved, slowing corrosion production accumulation on the NZVI surface and 

in turn producing a more linear, near-first-order dependence of kobs on ρm.  
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Trends in mass-normalized rate constants for 1,1,1,2-TeCA reduction 

by Pd/NZVI  

For 0.05% Pd/NZVI, relatively constant km(1,1,1,2-TeCA) values were measured 

over the entire range of molar ratios investigated. Moreover, km(1,1,1,2-TeCA) values in 

0.05% Pd/NZVI systems were essentially equivalent whether data were collected by 

experimentally varying ρm or initial 1,1,1,2-TeCA concentration. Notably, the agreement 

in km(1,1,1,2-TeCA) values holds even at low [1,1,1,2-TeCA] to [0.05% Pd/NZVI] ratios 

where km(1,1,1,2-TeCA) values from NZVI systems diverged considerably [e.g., compare 

km(1,1,1,2-TeCA) values for NZVI and 0.05% Pd/NZVI at a molar ratio of 0.02-0.03].   

The consistency of km(1,1,1,2-TeCA) values measured in 0.05% Pd/NZVI 

systems suggests that addition of Pd makes the reductant surface less susceptible to the 

passivation mechanisms occurring in high ρm NZVI systems. Because rates of Fe(II) 

production were equivalent in the NZVI and Pd/NZVI systems explored herein (Figure 4-

4), the extent of insoluble corrosion production formation should be comparable in both 

systems. However, the corrosion products appear less effective at passivating the 0.05% 

Pd/NZVI surface relative to NZVI, at least over the timescales of our experiments 

exploring the influence of ρm.    

Finally, because kobs values increase in a parabolic fashion with respect to ρm in 

0.35% Pd/NZVI systems, values of km(1,1,1,2-TeCA) decrease as the molar ratio of 

[1,1,1,2-TeCA] to [Pd/NZVI] increases. Values of km(1,1,1,2-TeCA) were in agreement 

regardless of whether initial values of [1,1,1,2-TeCA] or ρm was varied experimentally. 
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Consequently, the reactivity of 0.35% Pd/NZVI is greatest with excess Pd/NZVI and 

diminished in systems with excess 1,1,1,2-TeCA.   

From a practical perspective, Figure 4-3 shows that in systems with roughly 

equimolar concentrations of 1,1,1,2-TeCA and NZVI-based reductant, km(1,1,1,2-TeCA) 

values are roughly equivalent for all reductants. We acknowledge that under such 

conditions, assumptions of the pseudo-first order model used to obtain kobs(1,1,1,2-TeCA) 

values from which km(1,1,1,2-TeCA) fail, but comparison of 1,1,1,2-TeCA concentration 

loss over time (Figure 4-5) clearly reveals equivalent reactivity of Pd/NZVI and NZVI as 

the molar ratio of 1,1,1,2-TeCA to reductant approaches unity. Thus, little, if any, 

reactivity enhancement is provided by Pd/NZVI when it is not present in excess. Possible 

explanations for the equivalent reactivity of Pd/NZVI and NZVI could be surface site 

limitation resulting at such high solvent concentrations, or that Pd/NZVI reductants are 

more susceptible to surface passivation in the presence of such high concentrations of 

1,1,1,2-TeCA, which represents a relatively strong oxidant.  
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Figure 4-4. Change in Fe(II) production rate for NZVI and 0.35% Pd/NZVI as a 
function of ρm value. Fe(II) production rates were determined from the slopes of 
best-fit linear regression analyses of Fe(II) concentration over time in 1 g/L 
suspensions of each material at pH 8. Fe(II) concentration data were collected over 
the first 15 minutes of NZVI-based reductant dissolution, such that rates reflect 
initial rates of Fe(II) production. Regression analyses typically resulted in best-fit 
linear relationships with R2 values greater than 0.95. Essentially no difference in 
Fe(II) production rate was observed for any of the NZVI-based reductants explored 
in this work.  
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Figure 4-5. Change in normalized 1,1,1,2-TeCA concentration as a function of time in 
NZVI, 0.05% Pd/NZVI, and 0.35% Pd/NZVI suspensions. Data are shown for an initial 
1,1,1,2-TeCA concentration of (a) 30 µM and (b) 330 µM. All experiments were 
conducted at a ρm value of 0.05 g/L and at pH 8 in 25 mM HEPES/25 mM NaCl solution. 
Data are also shown for NZVI-free control reactors, in which small amounts of 1,1,1,2-
TeCA loss were observed due to sorption to the septa used to seal reactors. Where a clear 
influence of Pd loading on 1,1,1,2-TeCA decay rate is observed in reactors with initially 
30 mM 1,1,1,2-TeCA, the reactors with a higher initial concentration exhibit no clear 
influence of Pd on the reactivity of NZVI-based reductants toward 1,1,1,2-TeCA.  
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Solvent Kinetic Isotope Effects for 1,1,1,2-TeCA Reduction by NZVI 

and Pd/NZVI 

Figure 4-6 shows plots of ln[1,1,1,2-TeCA] versus time in NZVI, 0.05% Pd/NZVI 

and 0.35% Pd/NZVI systems in H2O and D2O at pH 8. Semi-log concentration versus 

time plots are shown for two different ρm values (0.03 and 0.6 g/L) for each reductant. No 

significant SKIE was observed in unamended NZVI systems at the ρm values explored, 

with essentially equivalent loss of 1,1,1,2-TeCA over time in H2O and D2O solutions. For 

0.05% Pd/NZVI, systems at a ρm value of 0.03 g/L also did not exhibit an appreciable 

SKIE, although at the higher reductant loading of 0.6 g/L a clear reactivity differences 

was observed between H2O and D2O systems, resulting in a measured SKIE 

[kobs(H2O)/kobs(D2O)] of 4. For 0.35% Pd/NZVI, both low and high  ρm values produced 

obvious SKIEs, but the magnitude of the effect was considerably greater (SKIE of ~20) 

at 0.6 g/L relative to 0.03 g/L (SKIE of 2.3).   

These SKIE measurements clearly indicate that different processes govern 

1,1,1,2-TeCA reduction in NZVI and Pd/NZVI systems. Moreover, the range in 

magnitude of SKIEs observed for Pd/NZVI systems as a function of Pd loading and ρm 

value support a scenario in which multiple mechanisms or reactive entities are likely 

responsible for 1,1,1,2-TeCA reduction by Pd/NZVI, and that system conditions appear 

to influence the relative contribution of these parallel reduction pathways.  

Figure 4-7 presents measured values of SKIEs as a function of the corresponding 

REF observed in different Pd/NZVI systems. Data are shown for 0.05% and 0.35% 

Pd/NZVI reacted over a range of ρm values at pH 8. In Figure 4-7, two distinct regimes 
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for SKIEs as a function of REF are observed. The first regime is characterized by a 

relatively slight rate of increase in SKIE for REFs up to ~100, while the second regime 

displays a much steeper rate of increase in SKIE as REFs exceed 100.   

We believe the regime of large magnitude of SKIEs (≥ 4) corresponds to 

conditions where some form of atomic hydrogen (i.e., adsorbed or absorbed H) is 

primarily involved in 1,1,1,2-TeCA reduction. As in Figure 4-5, the largest SKIEs were 

observed at high Pd loadings and high ρm values. In closed batch systems, these 

conditions promote the formation and accumulation of atomic hydrogen, a product of 

iron corrosion and intermediate in H2 production, at the reductant particle surface. Indeed, 

the much smaller to non-existent SKIE values observed at REFs up to almost two orders 

of magnitude suggests that some other mechanism must also be able to enhance rates of 

1,1,1,2-TeCA reduction by Pd/NZVI under conditions when accumulation of H on the 

reductant surface is less favorable (i.e., at low Pd loading and low ρm values).  

We propose that rate enhancement in the lower SKIE regime arises from the 

formation of a galvanic couple between deposited Pd and the underlying metallic NZVI 

particle core. As shown in Figure 4-8, displacement plating produces numerous 3-4 nm 

Pd nanoparticles widely distributed on NZVI particles at both 0.5 and 0.35% Pd 

concentration. On freshly prepared Pd/NZVI, these Pd nanodeposits represent more ideal 

sites for electron transfer to 1,1,1,2-TeCA than surface oxides, which will predominate on 

NZVI particles at pH 8. Thus, their addition to the NZVI surface should enhance 1,1,1,2-

TeCA reduction without the involvement of atomic hydrogen species. A line of evidence 

in support of such a scenario is a relatively strong, first-order correlation between 
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kobs(1,1,1,2-TeCA) values and measured Fe(II) production rates for Pd/Fe systems within 

the low SKIE value regime (Figure 4-9), behavior that was not observed for NZVI. 

This scenario is also analogous to the rate enhancement typically observed in Fe(0) 

systems pretreated via acid-washing or in response to a decrease in suspension pH, both 

of which will thin the surface oxide layer so as to enhance electron transfer from the 

metallic Fe(0) core. For several ρm values of NZVI at pH 6, we examined SKIEs as a 

function of the rate increase achieved from a decrease in suspension pH from pH 8 to pH 

6 (defined as REFpH = kobs(pH 6)/kobs(pH 8)). Over the ρm values investigated, a decrease 

from pH 8 to 6 produced as much as a 6-fold increase in reactivity. Notably, however, 

SKIEs did not increase significantly above 1, indicated as the dashed line in Figure 4-7, 

which is comparable to those values observed for Pd/NZVI systems with low Pd and low 

ρm values.  

 The shift in 1,1,1,2-TeCA reduction from primarily a galvanic couple promoted 

pathway to a reaction with atomic H likely depends on the available mass of Pd to serve 

as a reservoir for  atomic H. The average size of Pd deposits (determined by TEM) was 

identical for 0.05% and 0.35% Pd/NZVI (Figure 4-8), although the Pd distribution on 

0.05% Pd/NZVI was generally more heterogeneous (see white arrows in Figure 4-8b 

where little to no Pd islands were observed for 0.05% Pd/NZVI) relative to more 

uniformly coated 0.35% Pd/NZVI particles. Collectively, TEM analysis suggests that the 

total of mass of Pd in the system and not the size of individual Pd islands dictates 

accumulation of H in Pd/NZVI systems.   
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Figure 4-6. Semi-log plots of 1,1,1,2-TeCA concentration versus time for (a) NZVI, (b) 
0.05% Pd/NZVI, and (c) 0.35% Pd/NZVI. Data are shown for experiments conducted in 
H2O and D2O solutions, as well as for two ρm values (0.03 and 0.5 g/L). All experiments 
were conducted at pH 8 using the same molar ratio (0.019 M:M) of initial 1,1,1,2-TeCA 
to NZVI-based reductant. Data at each ρm value are shown on the same y-axis scale for 
ease of comparison. Measured SKIEs and REFs are provided for each system, clearly 
illustrating the lack of solvent isotope effects in NZVI systems and their increase in 
magnitude with increasing Pd loading and ρm value.  

  



161 
 

 

 

 

 

 

Figure 4-7. Correlation between solvent kinetics isotope effect [kobs(H2O)/kobs(D2O)] and 
reactivity enhancement factor [kobs(Pd/Fe)/kobs(Fe)] for (a) the reduction of 1,1,1,2-TeCA 
and (b) the reduction of cis-DCE (note that data for 1,1,1,2-TeCA are also shown for 
comparison). Data presented were collected at different ρm values in a variety of Fe(0) 
and Pd/Fe based reductant systems, as indicated in the key. The majority of data were 
collected at pH 8, although in panel (a) data for NZVI are also presented to illustrate the 
SKIE achieved with a the rate increase associated with a change from pH 8 to pH 6 (open 
circles in green). For this data collected at pH 6, the magnitude of rate enhancement 
(shown on the x-axis) was by normalizing the kobs(1,1,1,2-TeCA) value at pH 6 to the 
corresponding value measured in an otherwise identical pH 8 suspension.   

  



162 
 

 

Figure 4-8. Representative TEM images of (a) NZVI, (b) 0.05% Pd/NZVI, and (c) 0.35% 
Pd/NZVI. Images are shown for freshly prepared NZVI and Pd/NZVI reductants (left 
panel) as well as after 40 days of aging in 2 g/L suspensions at pH 8. The pH of aged 
suspensions was maintained with 25 mM HEPES buffer prepared in 25 mM NaCl. 
Arrows for freshly prepared 0.05% Pd/NZVI indicate regions on the particle surface 
where surface deposits of Pd were not evident, supporting a more heterogeneous 
distribution at lower Pd loadings. Notably, the diameter of Pd deposits (dPd, determined 
from sizing of at least 100 particles with TEM) was equivalent for both 0.05 and 0.35% 
Pd/NZVI particles. 
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Figure 4-9. Plot of kobs(1,1,1,2-TeCA) as a function of Fe(II) production rate for NZVI 
and 0.35% Pd/NZVI shown on (a) linear and (b) logarithmic scales. Values of 
kobs(1,1,1,2-TeCA) and Fe(II) production rate were measured at pH 8 over a range of ρm 
values from 0.03-0.7 g/L, for which only the subset of data (from 0.03-0.15 g/L) 
producing a linear, first-order relationship between these variables for Pd/NZVI are 
shown. The correlation between kobs(1,1,1,2-TeCA) and Fe(II) production rate at low ρm 

values is consistent with a mechanism for rate enhancement of 1,1,1,2-TeCA reduction 
involving formation of a galvanic cell between deposited Pd and Fe(0) in the NZVI 
particle core.  
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Figure 4-10. Concentration profiles for 1,1,1,2-TeCA decay and formation of 1,1-
dichloroethylene (1,1-DCE), the only reduction production observed from 1,1,1,2-TeCA 
transformation in both Fe(0) and Pd/Fe systems. Concentration data for 1,1,1,2-TeCA 
and 1,1-DCE are shown for (a) NZVI and (b) 0.35% Pd/NZVI at pH 8 and a ρm value of 
0.22 g/L. Also shown are carbon mass balances over time in these systems, which were 
generally greater than 95% for experiments conducted herein. Thus, 1,1,1,2-TeCA 
transformation occurred entirely by reductive β-elimination in all reductant systems, 
regardless of the presence of Pd on the Fe(0) particle surface.  
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Finally, we note that despite strong evidence for multiple mechanism for 1,1,1,2-

TeCA reduction in Pd/NZVI systems, there was no observable change in reduction 

product formation. Reduction of 1,1,1,2-TeCA yielded 1,1-dichloroethene via 

reductive β-elimination in NZVI and all Pd/NZVI systems (Figure 4-10). The only 

difference for Pd/NZVI was that 1,1-DCE was then rapidly degraded to ethane and 

ethylene, which was not observed in unamended NZVI systems.  

 

Solvent Kinetic Isotope Effects for cis-DCE Reduction by NZVI and Pd/NZVI 

For cis-DCE reduction by NZVI, a solvent isotope was observed but was not 

quantifiable. As shown in Figure 4-11 for a 0.6 g/L NZVI suspension , cis-DCE decay 

was observed in H2O, but the cis-DCE loss in D2O was equivalent to that observed in 

NZVI-free controls, in which modest loss of cis-DCE (~ 1% per h) occurred via sorption 

onto septa used to seal our reactors (Figure 4-11). This observation is in contrast to 

1,1,1,2-TeCA, for which SKIEs were not observed during reduction by NZVI.    

In Pd/NZVI systems, significant SKIEs were observed for cis-DCE reduction. As 

with 1,1,1,2-TeCA, SKIEs were not constant, but rather increased with increasing Pd 

loading and Pd/NZVI concentration (Figure 4-12). Using initial kobs(cis-DCE) values 

measured in NZVI systems (the first 60 minutes of decay as shown in Figure 4-11), 

measured SKIE values for cis-DCE reduction by Pd/NZVI were also evaluated as a 

function of the REF achieved with Pd/NZVI relative to unamended NZVI. Figure 4-7b 

shows that SKIE values for cis-DCE as a function of REF agree well with the trends 
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observed for 1,1,1,2-TeCA, with low SKIEs corresponding to relatively low REFs and 

SKIE values increasing rapidly as REFs exceed 100.  

The general agreement in SKIE data as a function of REF for 1,1,1,2-TeCA and 

cis-DCE suggests that the same reduction mechanisms are operative for both compounds; 

as previously hypothesized, low SKIEs likely correspond to cis-DCE reduction primarily 

via galvanic electron transfer through Pd from Fe(0), whereas larger SKIEs are consistent 

with atomic hydrogen as the primary reductant for cis-DCE. However, measured SKIE 

values at a specific Pd loading and ρm value were consistently considerably greater for 

cis-DCE than 1,1,1,2-TeCA. For example, in 0.5 g/L suspensions of 0.35% Pd/NZVI, 

SKIE values for 1,1,1,2-TeCA and cis-DCE are 20 and 400 respectively. Thus, in 

otherwise identical experimental systems, in which we assume equal concentrations of 

surface associated atomic hydrogen are available, cis-DCE appears most prone to 

reduction. This could simply reflect a greater affinity for atomic hydrogen reaction at a 

sp2 hybridized carbon center arising from the π-bond of cis-DCE relative to the fully 

saturated sp3 hybridized carbon center on 1,1,1,2-TeCA.  

 

Solvent Kinetic Isotope Effects in ZVI Systems  

For comparison to NZVI-based reductants, a limited number of experiments 

explored SKIEs for 1,1,1,2-TeCA and cis-DCE reduction in ZVI and Pd/ZVI systems. 

For 1,1,1,2-TeCA reduction by ZVI, equivalent rates of 1,1,1,2-TeCA decay were 

observed in H2O and D2O systems (Figure 4-13a), consistent with results for NZVI. 

Values of SKIE were also measured for 1% Pd/ZVI, which enhanced 1,1,1,2-TeCA 
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reduction by roughly 10-fold (an REF comparable to that reported by Cwiertny et al. [10] 

for Pd/ZVI toward 1,1,1-TCA, also an alkyl polyhalide). In 1% Pd/ZVI systems (Figure 

4-13b), an essentially negligible SKIE of 1.6 was observed, in good agreement with 

trends in SKIE as a function of REF developed for Pd/NZVI systems (Figure 4-7a). 

Unlike Pd/NZVI suspensions, however, Cwiertny et al. [10] showed that this 10-fold 

REF for alkyl polyhalide reduction represents a maximum for this particular Pd/ZVI 

formulation. Thus, Pd/ZVI reactivity toward 1,1,1,2-TeCA appears constrained to the low 

SKIE regime in Figure 4-7a, consistent with atomic hydrogen playing a less important 

role in ZVI suspensions relative to NZVI systems.   

As reported previously [10], the rate of cis-DCE reduction by this lot of Fisher 

electrolytic iron was too slow to furnish a measurable rate constant, thus SKIEs were not 

measurable in ZVI suspensions. However, in systems with 1% Pd/ZVI, cis-DCE was 

rapidly degraded, exhibiting a half-life of 6 minutes. Using estimates of the rate constant 

for cis-DCE reduction by ZVI described by Cwiertny et al. [10], this corresponds to a 

REF of at least 3000, a value far exceeding the REF for 1% Pd/ZVI reduction of 1,1,1,2-

TeCA and any REFs previously reported herein for 1,1,1,2-TeCA or cis-DCE reduction 

by Pd/NZVI. Despite this large REF, a relatively small SKIE of 5.3 was measured via 

comparison of cis-DCE decay in H2O and D2O suspensions (Figure 4-14). In Figure 4-7b, 

this SKIE and REF value deviate considerably from the trend developed for NZVI-based 

reductants, suggesting different molecular-level processes govern cis-DCE reduction in 

NZVI- and ZVI-based reductant systems, although the same reduction products (ethane 

and ethane) were observed in each case. Based on trends in SKIE values, it appears that 
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reduction of cis-DCE by Pd/ZVI proceeds primarily via appears via a pathway that does 

not include atomic hydrogen. Although the mechanistic details for cis-DCE in Pd/ZVI 

and Pd/NZVI suspensions are not yet entirely clear, distinct rate-determining steps must 

govern cis-DCE reduction in each system.   

Figure 4-11. Plots of ln cis-DCE concentration as a function of time in NZVI suspensions of H2O 
and D2O. Experiments were conducted at 0.6 g/L NZVI with initial cis-DCE concentration of 176 
µM in 25 mM HEPES/25 mM NaCl solutions at pH 8. Data are also shown for a NZVI-free 
control system, in which a modest amount of loss (~1% by mass per h) was observed due to 
sorption to septa. Loss of cis-DCE in NZVI H2O systems was significant (an order of magnitude 
greater than loss in controls based on slopes obtained from linear regression analyses). However, 
loss of cis-DCE in NZVI D2O systems was equivalent to controls. The observation of a solvent 
kinetic isotope effect for cis-DCE reduction by NZVI is in contrast to results for 1,1,1,2-TeCA, 
for which a lack of SKIE was observed via reduction by NZVI in identical experimental systems.  
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Figure 4-12. Semi-log plots of cis-DCE concentration versus time for (a) 0.05% 
Pd/NZVI and (b) 0.35% Pd/NZVI. Data are shown for experiments conducted in H2O 
and D2O solutions, as well as for two ρm values (0.03 and 0.5 g/L). All experiments were 
conducted at pH 8 using the same molar ratio (0.018 M : M) of initial cis-DCE to NZVI-
based reductant. Data at each ρm value are shown on the same y-axis scale for ease of 
comparison. Measured SKIEs and REFs are provided for each system, clearly illustrating 
the increase in SKIE magnitude with increasing Pd loading and ρm value.  
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Figure 4-13. Change in1,1,1,2-TeCA concentration as a function of time in suspensions 
of (a) ZVI and (b) 1% Pd/ZVI. Reactions were conducted in 5.7 g/L suspensions prepared 
at pH 8 in H2O and D2O. Experiments used an initial 1,1,1,2-TeCA concentration of 176 
µM.  
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Figure 4-14. Natural log of cis-DCE concentration as a function of time for 1% Pd/ZVI 
prepared in H2O and D2O suspensions of 5.7 g/L. Experiments used an initial 

concentration of  cis-DCE at 175 µM at pH 8 (25 mM HEPES/25 mM NaCl).   
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4. 5. Implications for Pd/NZVI Applications 

Our results support multiple mechanisms for chlorinated solvent reduction, either 

involving direct electron transfer or via reaction with atomic hydrogen, occurring in 

Pd/NZVI systems. To evaluate if the relative importance of these mechanisms evolves 

over time during Pd/NZVI application, we measured SKIEs for NZVI and 0.35% 

Pd/NZVI particles aged for up to one month at pH 8. As shown in Figure 4-15, the 

reactivity of 0.35% Pd/NZVI, measured in both H2O and D2O solutions, decreased nearly 

50-fold over two weeks and then remained essentially constant for the remainder of the 

month long aging study. In contrast, the reactivity of bare NZVI, while initially far less 

than 0.35% Pd/NZVI, exhibited only modest amounts of reactivity loss over 30 days.   

As anticipated from earlier results, negligible SKIEs were observed in NZVI 

systems over the duration of aging. In contrast, significant SKIEs were measured in 0.35% 

Pd/NZVI systems during the first 10 days of aging, but the magnitude of SKIE decreased 

over time, ultimately approaching the magnitude of SKIEs observed in NZVI systems. 

Notably, the decrease in SKIE for Pd/NZVI coincides with the timescales of greatest 

reactivity loss.  

If we use measured SKIEs to assess the dominant mechanism of 1,1,1,2-TeCA 

transformation, atomic hydrogen species only appear to be active in Pd/NZVI systems on 

the order of one or two weeks. The concomitant decrease in reactivity and SKIEs over 

this time likely arises from the growth of surface oxides on the reductant surface that 

bury deposited Pd and in turn limit the production, accumulation and access to solution of 

atomic hydrogen at the Pd surface. Such a scenario is supported by TEM images (Figure 
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4-8); although aged 0.35% Pd/NZVI maintained greater reactivity than aged NZVI, the 

Pd deposits initially visible on the NZVI surface were no longer apparent after 40 days of 

aging, coated by oxides that accumulated on the reductant surface over time. Accordingly, 

the long-term reactivity of 0.35% Pd/NZVI is likely derived from an enhanced rate of 

electron transfer from the underlying metallic iron core to the oxide-solution interface of 

the aged particles. Electron transfer from Fe(0) through a conductive surface oxide is also 

the most probable mechanism responsible for 1,1,1,2-TeCA reduction in aged NZVI 

systems, consistent with the negligible SKIE measured over the duration of NZVI aging. 

A schematic of the proposed mechanism and aging pathways as a function of Pd loading 

is shown in Figure 4-16.  

Consequently, during application of Pd/NZVI, multiple mechanisms for 

chlorinated solvent transformation in are potentially at play, and the nature of the 

reductant particle (e.g., Pd loading), the type of pollutant target (e.g., alkyl versus vinyl 

polyhalide) and characteristics of the subsurface treatment system (Pd/NZVI 

concentration) will dictate the relative importance of each mechanism. From a practical 

perspective, the mechanism involving atomic H is most desirable, as it coincides with the 

greatest rates of pollutant transformation. Participation of atomic hydrogen will be 

favored at early timescales in treatment systems utilizing reductants with high Pd 

loadings and very high Pd/NZVI subsurface concentrations such that excess reductant is 

present within the treatment zone. All indications herein also support atomic H formation 

only occurs extensively in NZVI-based Pd/Fe systems and not for unpalladized NZVI or 

larger ZVI particle sizes. The role of atomic H is prominent in NZVI systems presumably 
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due to the enhanced rates of corrosion exhibited by these materials relative to larger 

commercially available iron particles.  

However, many of our results raise questions as to the value of Pd/Fe applications. 

It is noteworthy that in order to achieve the best performance of Pd/NZVI, systems 

attributes long thought to be disadvantageous from the standpoint of economics (e.g., 

high Pd loading and high ρm values will produce high material costs) must be embraced. 

Further, our results show that at high solvent to reductant ratios, which would be typical 

of most saturated contaminant plumes, there is little reactivity difference between 

Pd/NZVI and NZVI, potentially indicating surface site limitation in Pd/NZVI systems 

that may negate any benefit of their use. A final point of concern relates to conditions 

required for atomic H formation. All results presented herein were conducted in closed 

batch systems, which allow Fe(0) corrosion products such as atomic or molecular 

hydrogen to accumulate. During field scale applications, it remains to be seen if levels of 

atomic hydrogen needed to attain optimal reactivity can be achieved in more dynamic, 

flow-through, open systems that might alter the driving force for H accumulation on or 

within Pd. Thus, while the results herein shed new light on the mechanisms driving 

contaminant transformation at palladized-iron surfaces, future efforts must demonstrate 

that the favorable Pd/Fe reactivity achievable in the laboratory is also attainable in the 

field. To date, the limited availability of data from Pd/NZVI field-scale installations 

precludes such an analysis. 
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Figure 4-15. Change in the kobs values for 1,1,1,2-TeCA reduction over time for bare 
NZVI (blue data) and 0.35% Pd/NZVI (red data) in the presence of H2O (solid symbols) 
and D2O  (open symbols) during anaerobic aging. Measured solvent kinetic isotope 
effects as a function of time are provided for Pd/NZVI (red numbers) and NZVI (blue 
numbers). Suspensions of 2 g/L were aged over one month in pH 8 solution. The 
reactivity of aged NZVI-based reductants was measured periodically at a ρm value of 0.22 
g/L and an initial 1,1,1,2,-TeCA concentration of 77 µM at pH 8. All solutions were 
prepared in 25 mM HEPEs and 25 mM NaCl. 

  



176 
 

 

Figure 4-16. Schematic of the dominant reaction pathway responsible for organohalide 
(RX) reduction in Pd/NZVI systems. (a) At relatively low Pd loadings and low ρm values, 
deposits of Pd represent more favorable sites for electron transfer relative to the passive 
iron oxide film typically coating the NZVI particle surface, thereby promoting RX 
reduction via the galvanic flow of electrons from the underlying Fe(0) to the Pd/solution 
interface. Over time, growth of passive iron oxide covers the Pd islands, ultimately 
inhibiting RX reduction. (b) At high Pd loadings and high ρm values, sufficient Pd exists 
to serve as a reservoir for accumulation of atomic hydrogen, which represents the primary 
reactive entity under these conditions. During aging, growth of the passive iron oxide 
begins to limit the accessibility of Pd to the solution interface, in turn slowing the 
production and storage of atomic hydrogen. Aging studies revealed that reactivity of 
Pd/NZVI was greater than NZVI over the entire duration of aging. We attribute the 
enhanced reactivity of Pd/NZVI over longer timescales (i.e., > 2 weeks) to the galvanic 
corrosion mechanism postulated in (a), where the small amounts of Pd left exposed to 
solution represent more ideal sites for electron transfer than the surface of the thickening 
iron oxide film.   
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5. Hybrid hematite/multi-walled carbon nanotube (αααα-
Fe2O3/MWCNT) nanostructures as sorbents for Cu(II) 
and Cr(VI) 

5.1.  Abstract 

Major hurdles in the application of nanomaterials for water treatment include loss 

of reactive surface area from particle aggregation and the development of application 

platforms that limit the potential release of nanomaterials into the treated water supply. 

Here, we develop a novel class of hybrid nanostructures through the growth of hematite 

(α-Fe2O3) nanoparticles, which are recognized sorbents for heavy metals, on multi-

walled carbon nanotubes (MWCNTs). The hybrid nanostructures were synthesized via 

the hydrolysis of ferric nitrate in the presence of carboxylated MWCNTs, and their 

activity as sorbents toward Cu(II) and chromate (CrO4
2-) was examined as a function of 

pH (i.e., pH edge experiments) and initial metal concentration (i.e., adsorption isotherms). 

Characterization of α-Fe2O3/MWCNT nanostructures revealed that the amount (0.07 and 

0.5 g/g α-Fe2O3/MWCNT) and size [5.9 (± 1.1) and 8.9 (± 1.5) nm, respectively] of 

hematite nanoparticles immobilized on MWCNT surfaces were tunable during synthesis. 

Generally, mass normalized concentrations of adsorbed Cu(II) and CrO4
2- were greatest 

for α-Fe2O3/MWCNT relative to adsorption on either MWCNTs or freely suspended  α-

Fe2O3 nanoparticles.  The enhanced sorption capacity of the hybrid nanostructures is due, 

at least in part, to their greater available surface area of MWCNT-immobilized α-Fe2O3 

when compared to extensively aggregated α-Fe2O3 nanoparticles in suspension. 
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Differences in the pH-dependent trends of Cu(II) and CrO4
2- uptake on α-

Fe2O3/MWCNT nanostructures also suggest that the immobilized α-Fe2O3 nanoparticles 

exhibit unique and enhanced surface reactivity relative to their freely suspended 

nanoparticle analogues.       

5.2.  Introduction 

Since their discovery by Iijima [1], carbon nanotubes (CNTs) have received 

considerable research focus because of their unique properties including their high 

mechanical strength [2], large external specific surface area [3], and electrical and 

thermal superconductivity [4]. CNTs consist of one or more graphene sheets rolled into a 

cylinder with a nanoscale diameter that is several microns in length [5]. They can exist as 

single-wall (SWNT), double-wall or multi-wall (MWNT) varieties depending on their 

number of graphene layers. Their unique morphological, mechanical, physicochemical 

and electrical properties have led to their extensive industrial application as sorbents [6-8], 

catalyst supports [9], construction materials [10], and in drug delivery [11] and sensor 

development [12]. 

As sorbents, CNTs are gaining popularity. Previous bench-scale experiments have 

demonstrated their superior sorption capacity toward gases (e.g., hydrogen [13], methane 

[14], argon [14] and xenon [14], NO2 [15] and CO [15]) and aqueous phase organohalides 

(e.g., trihalomethane [16] and dioxin [17]) and metals (e.g., Pb(II) [18], Cd(II) [8], 

Am(III) [19], Ni(II) [20], Zn(II) [21] and Cu(II) [6]). For metals, in particular, CNTs 

represent promising sorbents because oxygen-containing surface functionalities added to 
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promote their aqueous solubility and dispersivity also represent sites for metal 

complexation. However, their application is likely limited to cationic metal species only, 

as most of these oxygen containing surface moieties will be negatively charged over the 

range of environmentally relevant pH values [22, 23], and thus adsorption of anionic 

species will be limited by unfavorable electrostatic interactions. 

Iron oxides are recognized sorbents for both cationic and anionic metal species, 

and they too are growing in popularity as nanoscale adsorbents [24-29]. Nanoparticles of 

iron oxides such as hematite (α-Fe2O3) and goethite (α-FeOOH) are ideal sorbents 

because they possess large surface area-to-volume ratios, are relatively easy and 

inexpensive to synthesize, and, as earth abundant materials [30], pose little threat of 

adverse environmental impacts. The application of iron oxide nanoparticles as sorbents 

may be hindered, however, by their limited stability in suspension [31], which results in 

extensive aggregation that consumes reactive surface area [32, 33]. One approach to 

overcome the limitations of nanoparticle aggregation is to immobilize the iron oxide 

nanoparticles on a support structure, thereby preventing nanoparticle-nanoparticle 

interactions. Examples of support materials previously employed for various sizes of iron 

oxides include activated carbon [34], clay particles [35] and sand [29].  

Multi-walled carbon nanotubes (MWCNTs) represent a promising new support 

material for iron oxide nanoparticle sorbents. CNTs have been successfully applied as 

nanoparticle supports in catalysis [36-39] and numerous methods are available for the 

synthesis of CNTs decorated with metal and metal oxide nanoparticles [40-47], most of 

which are tunable for systematic variation of the distribution and size of the nanoparticles 
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deposited on the CNT surface. To date, the most common iron oxide immobilized on 

CNT surfaces is magnetite (Fe3O4) [48-51] because of its magnetic nature, which may 

enable CNT recovery via collection in a magnetic field. Notably, some studies have 

focused on the application of Fe3O4/CNT hybrid nanostructures as sorbents [48, 52, 53], 

although these studies have failed to establish if CNT-immobilized Fe3O4 nanoparticles 

hold any clear advantage as sorbents relative to the individual components from which 

they are constructed. Further, Fe3O4 may be a poor choice of sorbent material for water 

treatment, as it is also redox active and therefore unstable in the presence of oxygen. 

Nevertheless, hybrid CNTs prepared with more traditional iron oxide sorbents such as 

hematite or goethite have not been investigated. 

In this study, we prepare MWCNTs decorated with hematite (α-Fe2O3) 

nanoparticles and demonstrate the application of these hybrid nanostructures as sorbents 

for metals in water. Hybrid α-Fe2O3/MWCNT nanostructures were prepared via the 

forced hydrolysis of a ferric nitrate precursor solution in the presence of oxidized (i.e., 

carboxylated) MWCNTs. The synthesis products were extensively characterized to 

examine how the amount and size of α-Fe2O3 nanoparticles on the MWCNT surface 

could be tuned during synthesis. Subsequently, the activity of these hybrid nanostructures 

as sorbents for Cu(II) and chromate (CrO4
2-) was examined as a function of suspension 

pH (i.e., pH edge) and metal concentration (i.e., adsorption isotherm). A key objective of 

this work was to determine if the α-Fe2O3/MWCNT hybrid nanostructures exhibited 

unique and different reactivity from the sum of their individual nanomaterial components 

(i.e., suspensions of MWCNT and α-Fe2O3 nanoparticles).   
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5.3. Experimental Section 
 
Reagents 

MWCNTs synthesized by chemical vapor deposition (CVD) were acquired from 

CheapTubes.com. These MWCNTs have a vendor-reported purity of >95%, with an outer 

diameter (OD) of less than 8 nm, an inner diameter (ID) of 2-5 nm, a length of 10-30 µm, 

and a specific surface area of 500 m2/g. Ferric nitrate nonahydrate (Fisher; 100%) was 

used as an iron precursor in the synthesis of hematite nanoparticles and hematite-coated 

MWCNTs. Adsorption experiments were conducted with hexavalent chromium [Cr(VI)] 

prepared from potassium chromate (K2CrO4; Fisher; reagent grade) and copper(II) 

chloride dihydrate (CuCl2⋅2H2O; Acros Organics; 98%). Reagents used for CrO4
2- 

colorimetric analysis included diphenyl carbazide (Fisher; Certified ACS grade) and 

sulfuric acid (H2SO4, Acros Organics; 95-98%). Zincon monosodium salt (Fluka 

Analytical) was utilized for measurement of aqueous Cu(II) concentration. Colorimetric 

analysis of aqueous Fe(III) utilized 1,10-phenanthroline (Aldrich, 99+%), ammonium 

acetate (Sigma-Aldrich; >98%), hydroxylamine hydrochloride (Sigma-Aldrich; 99%) and 

glacial acetic acid (Fisher; ACS grade). Sodium chloride (NaCl; ACS reagent; ≥99.0%) 

was used to poise ionic strength and all solutions were prepared in deionized water 

(Milipore, Q-Grad 2). Solution pH was adjusted via hydrochloric acid (Fisher, trace metal 

grade) and sodium hydroxide (NaOH; 97+%; ACS reagent grade). 

 

Oxidation of MWCNTs 
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As received MWCNTs were treated prior to use with concentrated (70%) HNO3 

according to established protocols [54, 55]. Briefly, 100 mg of as received MWCNTs was 

dispersed in 250 mL of 70% HNO3 and sonicated for 1 h. The dispersed suspension was 

then refluxed for 1.5 h at 140° C in a temperature controlled oil bath while stirring. After 

cooling overnight, the acid-treated tubes were then collected on a 0.2 µm nitrocellulose 

filter and washed extensively with deionized water until the wash solution reached pH 5. 

Washed MWCNTs were then dried at 80 °C overnight and ground via mortar and pestle 

prior to suspending in DI water at a final concentration of 1 g/L. Suspensions were then 

sonicated for 20 h to promote oxidized MWCNT dispersion prior to use in synthesis.   

 

Preparation of hematite nanoparticles 

Hematite nanoparticles were synthesized according to “Method 4” in 

Schwertmann and Cornell [56]. Adapted from the work of Sorum [57], this approach is 

known to produce unidimensional crystals with diameters between 7-10 nm. Briefly, 60 

mL of 1 M ferric nitrate solution was added drop-wise via peristaltic pump (rate of 0.5 

mL/min) into 750 mL of boiling water that was well-mixed with a magnetic stirrer. At 

early stages of ferric nitrate addition, the boiling water was red in color but transparent. 

Eventually the solution thickened to form a suspension with red particles. After the drop-

wise addition was completed, the nanoparticle suspension was removed from the hot 

plate and allowed to cool overnight. Once cool, the suspension was loaded into dialysis 

tubing (MWCO of 3500) and dialyzed against DI water, with the DI water being 

exchanged 3-4 times a day over a period of 4 days. After dialysis, the suspension was 
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dried in air via partitioning suspension aliquots into several plastic weight boats. After 

drying, the particles were ground with mortar and pestle and passed through a 53 µm 

sieve. 

 

Synthesis of MWCNTs decorated with hematite nanoparticles  

2 mL of 1 g/L oxidized MWNTs were added to 40 mL of boiling water that was 

well mixed with a magnetic stir bar and stir plate. After stirring for 5 minutes, either 0.8 

or 3.2 mL of 0.016 M Fe(NO3)3 was added drop wise to the boiling mixture. These 

volumes of ferric nitrate were selected based upon their mass relative to the starting mass 

of MWCNTs; assuming complete conversion to α-Fe2O3, these conditions would produce 

final mass ratios of α-Fe2O3 to MWCNT of 0.5:1 and 2:1, respectively. The mixture was 

stirred for an additional 10 min. The mixture was allowed to sit overnight prior to 

separation of the solids via centrifugation, followed by several washes with deionized 

water to remove any residual aqueous Fe(III) or Fe(III) oxide particles not associated 

with the MWCNT surface. Finally, the washed material was resuspended in 2 mL of DI 

water to produce a 1 g/L suspension based on the available MWCNT mass, which was 

used as concentrated stock suspension in subsequent adsorption experiments.  

 

Quantifying total iron mass deposited on MWNTs  

The total mass of iron deposited on MWCNTs was determined via acid digestion 

of α-Fe2O3-MWCNT hybrid nanostructures. For acid digestion, 1 mL of a 0.5 g/L  

suspension (based on available MWCNT mass) of hybrid nanostructures was transferred 
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to a 2 mL microcentrifuge tube, centrifuged at 10000 RPM for 10 min, and the 

supernatant was removed via pipette and discarded. To the solids residual in the 

centrifuge tube, 1 mL of 5 N HCl was added and the acidified tubes were allowed to sit 

for 24 hr, over which time the deposited oxide was solubilized. Longer dissolution times 

(e.g., 48 h) produced identical results. After 24 h, centrifugation was used to separate the 

MWCNTs from the acidified solution containing dissolved ferric iron. An aliquot of 40 

µL was taken and diluted into 1 mL of DI water and immediately analyzed for total 

dissolved iron via the colorimetric methods described below.  

 

Adsorption experiments 

Adsorption experiments with nanomaterials were conducted with a model metal 

cation, Cu(II), and an model metal anion, Cr(VI) as chromate (CrO4
2-), both of which are 

regulated by EPA in drinking water [58]. For all nanomaterials, Cu(II) and CrO4
2- 

sorption was examined as a function of initial metal concentration (i.e., sorption isotherm) 

and as a function of the suspension pH (i.e., pH edge experiment).   

For sorption experiments with Cu(II), sorption isotherms and pH edge 

experiments with freely suspended hematite nanoparticles used a solid loading of either 

0.05 or 0.1 g/L. For MWCNT-based sorbents (i.e., oxidized MWCNT and hybrid α-

Fe2O3-MWCNT nanostructures), sorption experiments used a solid loading of 0.05 or 0.1 

g/L based upon available MWCNT mass.  

For Cu(II), pH edge experiments were collected over the range from pH 3 to 7 

with an initial Cu(II) concentration of 80 µM (5.1 mg/L). This concentration of Cu(II) 



188 
 

represented the maximum value that was stable at pH 7 in homogeneous controls 

conducted in the absence of nanomaterial sorbents; at higher concentrations and pH 

values, loss of Cu(II) over time was observed in sorbent-free controls consistent with the 

precipitation of copper hydroxide. Sorption isotherm experiments were conducted at pH 6 

with initial Cu(II) concentrations ranging from 5 to 100 µM (0.3-6.4 mg/L), with all 

sorbent-free controls exhibiting stable Cu(II) concentration over time.         

Sorption experiments were conducted in solutions of 25 mM NaCl and without 

any pH buffer, with all pH control achieved through the addition of weak acid (HCl) or 

base (NaOH) to achieve and maintain the desired pH value. For experiments with Cu(II), 

a small volume (between 5-200 µL) of a10 mM CuCl2 stock solution prepared in pH 3 DI 

water was delivered via pipet to 10 mL of pH-adjusted 25 mM NaCl to produce the 

desired initial Cu(II) concentration.   The initial Cu(II) concentration was then measured 

and an aliquot of sorbent stock suspension was added subsequently to the Cu(II) solution 

to initiate the sorption experiment.  After sorbent delivery, the suspension pH was 

measured again, and, if necessary, adjusted immediately to the desired value (i.e., initial 

pH ± 0.1 unit). The pH value was also measured at the end of the sorption experiment (1 

h). Typically, the pH was relatively constant over the duration of the sorption experiment 

(within ± 0.2 pH units of the initial value). On a few occasions, larger pH drifts were 

observed. In these instances, reported pH values represent the average of the pH values 

measured at the start and end of the adsorption experiment, and the standard deviation is 

presented as a measure of the uncertainty associated with the system pH.   
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Sorption experiments were conducted in 20 mL vials that were crimp-sealed with 

grey butyl rubber septum coated with PTFE. Once assembled, these vials were placed on 

an apparatus that mixed the reactors end-over-end at 60 RPM for 1 h, which was 

sufficient for sorption equilibrium to be achieved. After 1 h, the vials were removed from 

the rotator and 1 mL of suspension was withdrawn for analysis. To remove the solid 

phase, samples were passed through 0.2 µM syringe-driven filters (PTFE). All samples 

were analyzed via the colorimetric methods described below, and the amount of adsorbed 

metal was determined via mass balance from the difference between the initially 

measured metal concentration and the dissolved phase concentration measured at 

equilibrium.  

Sorption experiments with CrO4
2- were conducted in a similar fashion, using the 

same sorbent loadings as in experiments with Cu(II). These experiments used a stock 

solution of 10 mM of Cr(VI) prepared from potassium chromate in DI water.  pH edge 

experiments were collected over the pH range from 2 to 10 at an initial CrO4
2- 

concentration at 15 µM (1.7 mg/L). Sorption isotherms were collected at pH 2 and pH 6 

at initial CrO4
2- concentrations ranging from 5 to 200 µM (0.6-23 mg/L). Other 

experimental details are as previously described for sorption experiments with Cu(II). 

 

Materials characterization  

Nitric acid treated MWCNTs were characterized with X-ray photoelectron 

spectroscopy [54, 55] to determine total surface oxygen content and the fraction of total 

oxygen content attributable to specific oxygen-containing surface functionalities. The 
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morphology of MWCNTs, α-Fe2O3 nanoparticles, and hybrid α-Fe2O3/MWCNT 

nanostructures was examined via transmission electron microscopy (TEM; FEI Tecnai 12 

G2 equipped with a LaB6 electron gun) operated at 120 kV. Prior to characterization, 

aqueous samples of nanomaterial suspensions were centrifuged to separate the solids 

from the supernatant and then resuspended in methanol. This procedure limited 

interference from NaCl originally present in suspension during TEM imaging. For sample 

preparation, a drop of diluted nanomaterial suspension was dried on a carbon-coated Cu 

grid (300 mesh). Higher resolution TEM images with electron energy loss spectroscopy 

were conducted using a JEOL JEM-2100F field emission microscope operating at 200 kV. 

High contrast imaging was performed using a HAADF detector and a 0.2 nm electron 

probe operating in scanning mode (STEM). Images were acquired using commercially 

available Digital Micrograph software. 

Nanomaterial suspensions were characterized via measurements of zeta potential 

collected over pH values ranging from 2 to 9. Suspensions of each nanomaterial (i.e., 

hematite, MWCNT and hybrid hematite-MWCNT nanostructures with different loadings 

of deposited iron) were prepared via dilution to produce an absorbance at λ=546 nm 

between 0.3 to 0.35. These suspensions were allowed to equilibrate overnight prior to 

zeta potential analysis so as to produce steady-state conditions in the suspension. 

Approximately 1.5 mL of well-mixed suspension was then transferred to a 3 mL 

microcuvette for analysis using a ZetaPals zeta potential analyzer (Brookhaven 

Instruments Corporation, Holtsville, NY).   
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Nanomaterial suspension stability was also examined via measurement of 

sedimentation rates. Suspensions of each nanomaterial were prepared at pH 6.0 in 25 mM 

NaCl. A portion of the suspensions was transferred to a quartz microcuvette with 1 cm 

pathlength, and the change in suspension absorbance at λ of 510 nm was measured over 

one hour.  For suspensions of hematite nanoparticles, a 20 mg/L solid loading was 

employed. For MWCNT-based sorbents (i.e., oxidized MWCNT and hybrid α-Fe2O3-

MWCNT nanostructures), sedimentation experiments used a solid loading of 20 mg/L 

based upon available MWCNT mass.  

 

Analytical methods  

Total dissolved iron was quantified using the 1,10-phenanthroline method [59, 60]. 

Briefly, 40 µL of acidified supernatant from digestion of hematite-MWCNT 

nanostructures was diluted with 1 mL of DI water. For colorimetric analysis, 20 µL of a 

10 g/L hydroxylamine solution was first added to the diluted sample to reduce all Fe(III) 

to Fe(II). Then, 200 µL of a 1 g/L solution of 1,10-phenanthroline, which complexes 

Fe(II), and 200 µL of a 100 g/L ammonium acetate buffer were added to the sample.  The 

mixture was allowed to sit in the dark for ~30 min prior to analysis. Absorbance 

measurements were then performed on a Shimadzu UV-visible spectrophotometer at 

λ=510 nm. Standards for Fe(II) were prepared from anhydrous beads of ferrous chloride 

(FeCl2, 99.9%, Sigma-Aldrich).  

Dissolved concentrations of Cr(VI) were determined colorimetrically with the 

reagent diphenylcarbazide [61]. Briefly, 80 µL of filtered sample was diluted with 1 mL 
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of deionized water and then combined with 40 µL of 5N sulfuric acid and 40 µL of a 

solution prepared by dissolving 250 mg of diphenylcarbazide in 50 mL acetone. The 

mixture was allowed to react for 30 min in the dark, over which time a pink color 

developed if Cr(VI) was present above the detection limits (~36 µg/L). The solutions 

were analyzed on a Shimadzu UV/visible spectrophotometer at λ=540 nm. Standards of 

Cr(VI) were made from potassium chromate and were prepared for analysis in a manner 

identical to the experimental samples. 

       Dissolved concentrations of Cu(II) were measured colorimetrically with 2-carboxy-

2’-hydroxy-5’-sulfoformazylbenzene (also known as Zincon [62]). The procedure called 

for 0.130 g of Zincon powder to be dissolved in 2 mL of 1 M sodium hydroxide and 

subsequently diluted to a final volume of 100 mL with DI water, yielding a final Zincon 

concentration of 0.002 M. The solution was deep red in color and tests showed it to be 

stable for one week. A 60 µL aliquot of the Zincon solution was added to 940 µL of 

filtered sample, and the mixture was allowed to react for 40 min in the dark, over which 

time color developed if Cu(II) was present above the method detection limit (~0.1 mg/L). 

The color of the sample changed from red to dark brown with increasing dissolved Cu(II) 

concentrations. The samples were analyzed on a Shimadzu UV/visible spectrophotometer 

at λ = 600 nm. Standards of Cu(II) from copper(II) chloride dihydrate (CuCl2⋅2H2O) were 

prepared for UV/vis analysis in a fashion identical to the experimental samples. 

 

5.4.  Results and Discussion 

Morphology and Size Characteristics of αααα-Fe2O3/MWCNT Nanostructures   
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 TEM images of nitric acid oxidized MWCNTs and α-Fe2O3 nanoparticles 

synthesized via hydrolysis of ferric nitrate in the absence of MWCNTs are shown in 

Figure 5-1. Products of the hydrolysis of ferric nitrate in the presence of MWCNTs are 

shown in Figure 5-2 for two total masses of iron utilized during synthesis. For the 

MWCNTs and α-Fe2O3 nanoparticles, details of their characterization are provided 

elsewhere [63, 64]. Briefly for oxidized MWCNTs [64], reaction of as-received 

MWCNTs with concentrated nitric acid increased the total surface oxygen content of the 

MWCNTs from 1.9 to 8.25 atomic percent, with the majority of oxygen resulting from 

the formation of carboxylic acid (-COOH), hydroxyl (–OH) and carbonyl (-C=O) groups 

on the CNT surface. Briefly for hematite nanoparticles [63], X-ray diffraction analysis 

confirmed the nanoparticles to be hematite (α-Fe2O3) based on comparison to a reference 

diffraction pattern and corresponding d-spacings [29]. Particle sizing via TEM revealed 

roughly spherical particle geometry with a primary particle size of 7.5 (± 1.3) nm 

(determined from TEM sizing of at least 100 particles) and a specific surface area from 

N2 BET of 80 m2/g. However, as observed in Figure 5-1b, and explored at length 

elsewhere [63], the α-Fe2O3 nanoparticles tend to be extensively and densely aggregated 

in most aqueous suspensions. 

Comparison of Figures 5-1 and 5-2 shows clear differences between the 

individual α-Fe2O3 and MWCNT nanomaterials and the synthesis products generated 

from hydrolysis of ferric nitrate in the presence of MWCNTs. TEM images in Figure 5-2 

are consistent with the deposition and growth of iron oxide nanoparticles on the surface 

of MWCNTs during synthesis. Selected area electron diffraction (SAED) conducted with  
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Figure 5-1.  TEM images of (a) oxidized MWCNTs (with inset of a single MWCNT at 
high magnification and (b) aggregated hematite (α-Fe2O3) nanoparticles synthesized from 
the hydrolysis of ferric nitrate.  
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Figure 5-2.  TEM images for 0.07 and 0.5 g/g α-Fe2O3/MWCNT at low (a and b, 
respectively) and high (c and d, respectively) magnifications. Also shown for each 
material (e and f, respectively) are dark field TEM images, in which contrast indicates 
differences in elemental mass. In dark field images, heavier elements are brighter, 
consistent with the bright regions on the CNT surface representing α-Fe2O3 nanoparticles. 
Electron energy loss spectroscopy (EELS; not shown) confirmed that the bright regions 
in the dark field images are iron.    
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TEM indicated the iron oxide particles were crystalline with d-spacings representative of 

hematite. 

From acid digestion, the amount of iron deposited on the MWCNT surface was 

determined to be tunable during synthesis. The synthesis route involving the addition of 

3.2 mL of 0.016 M Fe(NO3)3 resulted in the deposition of 0.49 ± 0.04 g of α-Fe2O3 per g 

MWCNT (which we hereafter refer to as 0.5 g/g α-Fe2O3/MWNT). This value represents 

the average and standard deviation of nine measurements of total iron concentration 

obtained via acid digestion of four different synthesis batches at these conditions. The 

low standard deviation across four different synthesis batches suggests our synthesis 

approach and final product were highly reproducible. For comparison, the synthesis route 

utilizing only 0.8 mL of 0.016 M Fe(NO3)3 yielded 0.068 ± 0.005 g of α-Fe2O3 per g of 

MWCNT (hereafter referred to as 0.07 g/g α-Fe2O3/MWNT). Notably, the theoretical 

maximum yields, assuming complete conversion and deposition of Fe(NO3)3 to α-Fe2O3, 

are 0.5 and 2 g/g, respectively, for the addition of 0.8 and 3.2 mL of 0.016 M Fe(NO3)3 

during the synthesis. Thus, only 13% and 24% of the total available Fe(III) was deposited 

on the MWCNTs during synthesis.  

Based on TEM particle sizing, α-Fe2O3 nanoparticles deposited on MWCNTs 

were roughly hemispherical, but their diameter increased with the total mass of iron 

deposited on the MWCNT surface. For 0.07 g/g α-Fe2O3/MWCNT, an α-Fe2O3 particle 

size of 5.9 (± 1.1) nm was observed (value represents the mean and standard deviation of 

TEM sizing of at least 50 surface deposited α-Fe2O3 particles), whereas similar analysis 

of 0.5 g/g α-Fe2O3/MWCNT produces an average particles size of 8.9 (± 1.5) nm. 
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Notably, for this larger mass of deposited α-Fe2O3, the particles are nominally greater 

than that observed for the hematite nanoparticles synthesized in the absence of MWCNTs.   

 

Characteristics of αααα-Fe2O3/MWCNT Suspensions  

Zeta potential values measured as a function of pH are shown in Figure 5-3 for 

suspensions of α-Fe2O3 nanoparticles, oxidized MWCNTs, and both iron loadings of α-

Fe2O3/MWCNT nanostructures. As expected from previously reported behavior [22, 23], 

oxidized MWNTs were negatively charged over the entire pH range, dropping slightly 

from -25 to -40 mV as pH increased from pH 2 to pH 9. Such behavior is consistent with 

the surface carboxyl and hydroxyl groups added during oxidation with nitric acid being 

predominantly deprotonated over the environmentally relevant range of pH values.  

Suspensions of α-Fe2O3 nanoparticles displayed behavior typically expected from 

established trends in the acid-base surface character of hematite. For hematite 

suspensions, pH values of zero point of charge ranging from 7.5-9.5 and isoelectric points 

ranging from 7.0-9.3 have been reported previously [29], whereas suspensions of the 

aggregated α-Fe2O3 nanoparticles transition from a positive to negative zeta potential 

between pH 6.5-8.0. Thus, the pH-dependent surface charge of the synthesized α-Fe2O3 

nanoparticles is within the typical range displayed by other synthetic forms of hematite. 
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Figure 5-3. Zeta potential values measured as a function of pH for suspensions of α-

Fe2O3 nanoparticles, 0.07 and 0.5 g/g α-Fe2O3/MWCNT and oxidized MWCNTs. 
Suspension preparation for zeta potential analysis is described in the text. Notably, all 
zeta potential values were measured in 25 mM NaCl without pH buffer, which is 
identical to the conditions used in adsorption studies.   
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In α-Fe2O3/MWCNT nanostructures, values of zeta potential were dependent on 

the total amount of iron deposited on the MWCNT surface. For suspensions of 0.5 g/g α-

Fe2O3/MWCNT, trends in zeta potential as a function of pH were roughly equivalent to 

values measured in suspensions of α-Fe2O3 nanoparticles. Notably, from pH 6.0 to 7.5, 

values of zeta potential for 0.5 g/g α-Fe2O3/MWCNT were consistently and repeatedly 

more negative than values measured in α-Fe2O3 suspensions, although this behavior is 

slightly obscured from the scatter in zeta potential values from one pH value to the next.   

The pH-dependent trends in zeta potential for the lower iron loading on 

MWCNTs (i.e., 0.07 g/g α-Fe2O3/MWCNT) varied markedly from the nanostructures 

with higher iron loading. While the zeta potential at pH 3 was equivalent to that observed 

for α-Fe2O3 suspensions (and, therefore, 0.5 g/g α-Fe2O3/MWCNT), the zeta potential at 

all other pH values fell in between the range of values measured for suspensions of α-

Fe2O3 and oxidized MWCNTs.  Thus, 0.07 g/g α-Fe2O3/MWCNT nanostructures appear 

to exhibit surface chemistry that is unique from their building blocks.  Notably, the zeta 

potentials for suspensions of 0.07 g/g α-Fe2O3/MWCNT are not mass weighted averages 

of the zeta potential values measured for α-Fe2O3 and MWCNT suspensions; such a 

small mass of α-Fe2O3 relative to MWCNTs would be expected to produce negligible 

deviation from the behavior of pure MWCNT suspensions.  

In addition to zeta potential measurements, the stability of α-Fe2O3/MWCNT 

suspensions relative to suspensions of oxidized MWCNTs and α-Fe2O3 was explored via 

sedimentation experiments conducted at pH 6 (Figure 5-4). MWCNTs exhibited high 
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suspension stability, as anticipated from established behavior for the aqueous stability of 

oxidized carbon nanotubes. Their high stability is derived from the deprotonated surface 

oxide groups added via functionalization with nitric acid. The stability is also expected 

from the relatively large, negative zeta potential measured for these materials at pH 6, 

which results in strong electrical double layer repulsive forces between particles.  

Surprisingly, the extensive deposition of α-Fe2O3 nanoparticles on the MWCNT 

surface exerted little effect on suspension stability. MWCNTs coated with 0.5 g/g of α-

Fe2O3 exhibited stability in suspension that was nearly equivalent to that observed for 

MWCNTs (7% and 3% loss in initial absorbance after one hour, respectively). Notably, 

suspensions of α-Fe2O3 nanoparticles at pH 6 exhibited the least stability of all 

nanomaterials considered, with absorbance decreasing by roughly 40% over one hour.  

 

Adsorption of Cu(II)as a function of suspension pH 

 Trends in the pH-dependent adsorption of Cu(II) on each nanomaterial are shown 

in Figure 5-5. Over the pH range investigated (pH 3-7), Cu(II) adsorption occurred to 

some extent on all nanomaterial substrates. For the purpose of comparing Cu(II) 

adsorption on hybrid nanostructures to sorption in suspensions of each individual 

nanomaterial, adsorbed Cu(II) concentrations as a function of pH are presented after 

normalization by the mass concentration of MWCNT (Figure 5-5a with units of mg 

Cu(II)/g MWCNT) and α-Fe2O3 (Figure 5-5b with units of mg Cu(II)/g α-Fe2O3).    
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Figure 5-4. Sedimentation results for suspensions of oxidized MWCNTs, 0.5 g/g α-

Fe2O3/MWCNT and α-Fe2O3 nanoparticles. The nanomaterial concentration of each 
suspension was 0.02 g/L (for MWCNT-based sorbents, this mass reflects the total 
available MWCNT mass in suspension). All suspensions were prepared at pH 6 in 25 
mM NaCl. Data represent the change in normalized absorbance (A measured at 510 nm) 
over time due to particle settling in a 1 cm path length quartz microcuvette. 
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Figure 5-5. Adsorption of Cu(II) as a function of pH in suspensions of oxidized 
MWCNTS, α-Fe2O3 nanoparticles and 0.5 g/g α-Fe2O3 /MWCNT hybrid nanostructures. 
Adsorbed concentrations of Cu(II) are presented after normalization by the total mass of 

(a) MWCNT and (b) α-Fe2O3 in suspension. Experiments were conducted in 25 mM 
NaCl without pH buffer. pH values represent the average over the duration of the 
adsorption experiment based upon measurements at the start and end of the sorption 
experiment (with duration of 1 h). The uncertainties associated with these average pH 
values represent the standard deviation associated with the initial and final pH measured 
in the adsorption experiment. Experiments used an initial Cu(II) concentration of 80 µM 

(5.1 mg/L), and suspension concentrations of 0.05 g/L for MWCNT and α-Fe2O3 

/MWCNT (based on total MWCNT mass) and 0.05 and 0.1 g/L for α-Fe2O3 
nanoparticles.  
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 For oxidized MWCNTs (Figure 5-5a), the amount of Cu(II) adsorbed on the 

MWCNT surface increased steadily with increasing pH. At lower pH values (e.g., pH 3 

and 4), Cu(II) uptake was measurable, albeit slight, in MWCNT suspensions only, 

whereas adsorption in the 0.5 g/g α-Fe2O3/MWCNT system was essentially negligible at 

pH values below 4. As the pH increased, the concentration of adsorbed Cu(II) increased 

more rapidly in the 0.5 g/g α-Fe2O3/MWCNT suspensions, with the mass of adsorbed 

Cu(II) in hybrid nanostructure systems surpassing that measured in MWCNT suspension 

when normalized to the total mass of MWCNT in suspension.  

 Because the zeta potential of the 0.5 g/g α-Fe2O3/MWCNT closely resembles that 

of the freely suspended hematite nanoparticles, a more appropriate comparison of sorbent 

activity is the amount of Cu(II) adsorbed per gram of α-Fe2O3 available in suspension. 

For both freely suspended α-Fe2O3 nanoparticles and 0.5 g/g α-Fe2O3/MWCNT 

nanostructures, adsorbed Cu(II) increased with increasing pH. This is typical behavior for 

the pH-dependent adsorption of cations on iron oxide surfaces, consistent with 

electrostatics as the primary driver for Cu(II) uptake [29]. Over the range of pH values 

investigated (Figure 5-5b), α-Fe2O3 nanoparticles grown on MWCNTs exhibited a far 

greater capacity for Cu(II) than α-Fe2O3 nanoparticles suspended freely. For example, at 

pH 5.9 Cu(II) uptake per gram of hematite was roughly 6-fold greater on 0.5 g/g α-

Fe2O3/MWCNT relative to suspended α-Fe2O3 nanoparticles. Thus, on a per mass basis, 

α-Fe2O3 nanoparticles grown on MWCNTs are considerably more reactive toward Cu(II) 

than their suspended nanoparticle analogues.  
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This improved Cu(II) sorption capacity per gram of α-Fe2O3 exhibited by the 

hybrid nanostructures is at least partially attributable to the increase in reactive surface 

area arising from dispersion of the α-Fe2O3 nanoparticles on the MWCNT substrate. 

Nanoparticles of α-Fe2O3 appear extensively aggregated in suspension (see Figure 5-1b), 

which will limit the amount of reactive surface area available per gram of α-Fe2O3. 

Deposition and growth of α-Fe2O3 nanoparticles on the MWCNTs, while consuming 

some reactive surface area via contact with the underlying substrate, appears to limit 

extensive interaction between α-Fe2O3 nanoparticles (see Figure 5-2), in turn increasing 

the amount of surface area per gram of α-Fe2O3 available to Cu(II) at the particle-water 

interface.   

Evidence also supports, however, unique surface chemistry of the hybrid 

nanomaterials relative to their building blocks. Figure 5-6 examines the functional 

relationship between adsorbed Cu(II) (in mg/g of either MWCNT or α-Fe2O3) and 

solution pH. Data from the pH edge experiments (shown in Figure 5-5) are now 

presented on a log-log scale, more clearly illustrating the unique pH dependence 

exhibited by 0.5 g/g α-Fe2O3/MWCNT relative to the relationships observed for 

MWCNTs and α-Fe2O3. Notably, based on the slopes of best-fit regression lines shown 

in Figure 5-6, uptake of Cu(II) on 0.5 g/g α-Fe2O3/MWCNT is most sensitive to 

increasing pH relative to adsorption on oxidized MWCNTs and α-Fe2O3 nanoparticles. 

We contend that if the increased activity of hybrid nanomaterial sorbents was entirely the  
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Figure 5-6. Data from pH edge adsorption experiments presented on a log-log scale for 
adsorbed concentrations of Cu(II) normalized by the total mass of (a) MWCNT and (b) 

α-Fe2O3 in suspension. Lines represent best-fits from linear regression analyses. The 
equations provided show the slope of these best fit regression lines for each sorbent 
material, revealing that 0.5 g/g α-Fe2O3 /MWCNT is the sorbent most sensitive with 
respect to changes in suspension pH.  
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result of increases in available α-Fe2O3 surface area, then similar pH dependencies 

between MWCNT-immobilized and suspended α-Fe2O3 particles would be observed. 

Rather, evidence suggests that α-Fe2O3 grown on MWCNTs exhibit unique reactivity 

that is distinct from that of either oxidized MWCNTs or α-Fe2O3 nanoparticles. 

Adsorption Isotherms for Cu(II) 

 Trends in Cu(II) adsorption examined over a range of initial aqueous Cu(II) 

concentrations at pH 6 are shown in Figure 5-7. As with pH edge data, the amount of 

adsorbed Cu(II) is presented after normalization by the mass concentration of MWCNT 

(Figure 5-7a with units of mg Cu(II)/g MWCNT) and α-Fe2O3 (Figure 5-7b with units of 

mg CuII)/g α-Fe2O3) available in suspension. Sorption isotherms are presented for 

oxidized MWCNTs, α-Fe2O3 nanoparticles and 0.07 and 0.5 g/g α-Fe2O3/MWCNT. For 

all sorbents, isotherms followed Langmuir-type adsorption, and Langmuir model fits 

obtained from non-linear regression analyses are also shown in Figure 5-7, along with 

best-fit values for model parameters including the Langmuir coefficient (K) and the 

maximum adsorption capacity (Γmax) for each material. 

 As expected from pH edge experiments, 0.5 g/g α-Fe2O3/MWCNT considerably 

outperformed MWCNTs and α-Fe2O3 on a per mass basis. Most notable, however, are 

the isotherm results obtained for the hybrid nanostructures with a lower loading of α-

Fe2O3 (0.07 g/g) on MWCNTs. When normalized to MWCNT mass (Figure 5-7a), 0.07 

g/g α-Fe2O3/MWCNT exhibited comparable performance relative to oxidized MWCNTs 

at pH 6. While it may be tempting to attribute the uptake of Cu(II) on 0.07 g/g α-Fe2O3/ 
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Figure 5-7. Cu(II) adsorption isotherms at pH 6.0 in suspensions of oxidized MWCNTS, 
α-Fe2O3 nanoparticles and 0.07 and 0.5 g/g α-Fe2O3/MWCNT hybrid nanostructures. 
Adsorbed concentrations of Cu(II) are presented after normalization by the total mass of 
(a) MWCNT and (b) α-Fe2O3 in suspension. Experiments were conducted in 25 mM 
NaCl without pH buffer at suspensions concentrations of 0.05 g/L for MWCNT and α-
Fe2O3 /MWCNTs hybrid nanomaterials and 0.05 and 0.1 g/L for α-Fe2O3 nanoparticles. 
Lines represent Langmuir model fits obtained from non-linear regression analysis. Best 
fit Langmuir isotherm parameters (i.e., the Langmuir isotherm coefficient, K, and the 
maximum adsorbed Cu(II) concentration, Γmax for the units shown) are presented for each 
sorbent material.       
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MWCNT entirely to interactions of Cu(II) with the underlying MWCNT substrate, we 

note that appreciable uptake in these low iron hybrid systems was not observed below pH 

6. Because pH edge experiments with oxidized MWCNTs (see Figure 5-5a) revealed 

measureable uptake of Cu(II) at pH 4 and 5, similar pH-dependent behavior would also 

be expected for 0.07 g/g α-Fe2O3/MWCNT if Cu(II) uptake was driven entirely by the 

underlying MWCNT substrate in these systems. Thus, we conclude that the deposited 

hematite nanoparticles must contribute to, if not dominate, the Cu(II) uptake observed in 

isotherm experiments at pH 6 with 0.07 g/g α-Fe2O3/MWCNT.  

If Cu(II) adsorption on 0.07 g/g α-Fe2O3/MWCNT is driven primarily by the 

deposited hematite nanoparticles, then these α-Fe2O3 particles are highly reactive on a 

per mass basis relative to the α-Fe2O3 nanoparticles in other sorbent systems. 

Normalization of adsorbed Cu(II) concentrations by available α-Fe2O3 mass in 

suspension (Figure 5-7b) suggests hematite on the 0.07 g/g α-Fe2O3/MWCNT exhibits an 

extraordinary capacity for Cu(II) uptake that is roughly an order of magnitude (200-fold) 

greater than the α-Fe2O3 nanoparticles in suspension.   

As with 0.5 g/g α-Fe2O3/MWCNTs, the superior reactivity per mass of α-Fe2O3 

likely arises, in part, from the greater degree of available hematite surface area in 0.07 g/g 

α-Fe2O3/MWCNT suspensions. We also propose it reflects the unique surface chemistry 

inherent to the 0.07 g/g α-Fe2O3/MWCNT nanostructures. Zeta potential measurements 

at pH 6 (see Figure 5-3) revealed the surface charge on 0.07 g/g α-Fe2O3/MWCNT to be 

more negative than other hematite-containing adsorbents, presumably due to the large 
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negative charge associated with the MWCNT substrate used to immobilize the hematite 

nanoparticles. This negatively charged surface should be more ideal for Cu(II) sorption; 

favorable electrostatics will promote interaction between negatively charged surface sites 

and positively charged Cu(II) ions. Note that complexation with hydroxide ions (OH-) 

yields equimolar concentrations of Cu2+ and Cu(OH)+ at pH 6.3 [65]. Thus, for freely 

suspended hematite nanoparticles or hematite nanoparticles on the 0.5 g/g α-

Fe2O3/MWCNT surface, both of which are more positively charged at pH 6.0, 

electrostatic interactions between dissolved Cu complexes and the sorbent surface will be 

weaker. Finally, we must not discount the potential for unique size-dependent reactivity 

for hematite on the surface of 0.07 g/g α-Fe2O3/MWCNT. Recall the size of hematite 

particles grown on MWCNT surfaces are roughly 6 and 9 nm in diameter for 0.07 and 0.5 

g/g α-Fe2O3/MWCNT nanostructures, respectively. Notably, most size-dependent 

properties (so-called “nanoeffects”) are observed below a size threshold of 10 nm [66], 

and this may also explain the superior mass normalized reactivity of 0.07 g/g α-

Fe2O3/MWCNT nanostructures. 

 

Adsorption of Chromate (CrO4
2-) 

 The pH-dependent sorption of chromate (CrO4
2-) on freely suspended α-Fe2O3 

nanoparticles and 0.5 g/g α-Fe2O3/MWCNT hybrid nanostructures is shown in Figure 5-8. 

Notably, CrO4
2- sorption on MWCNTs was not observed over the entire pH range, as was 

anticipated from the unfavorable electrostatic interactions between the negatively charged 

MWCNT surface and CrO4
2-. For hematite-containing sorbents, the amount of adsorbed 
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CrO4
2-  decreased with increasing pH, as is the expected behavior for anionic uptake on 

iron oxides [29]. When normalized to the available mass of hematite for each sorbent 

system, 0.5 g/g α-Fe2O3/MWCNT hybrid nanostructures are once again superior 

adsorbents. This is particularly evident at low pH values (pH < 6), whereas the difference 

in CrO4
2- uptake between sorbent systems narrowed slightly with increasing pH increases.   

 Sorption isotherms with CrO4
2- were also conducted at pH 2 and pH 6 (Figure 5-

9). Isotherms were modeled assuming a Langmuir-type sorption process (note that 

adsorption reversibility, a key assumption of the Langmuir isotherm, was not tested). 

Consistent with the trends observed in pH edge experiments, the 0.5 g/g α-

Fe2O3/MWCNT hybrid nanostructures exhibit roughly a 3-fold greater sorption capacity 

than freely suspended hematite nanoparticles at pH 2 based upon Γmax values obtained 

from Langmuir model fits. At pH 6, on the other hand, mass normalized concentrations 

of adsorbed CrO4
2- were roughly two-fold greater for 0.5 g/g α-Fe2O3/MWCNT relative 

to freely suspended hematite nanoparticles.   

 As with Cu(II) sorption, the enhanced sorption activity of 0.5 g/g α-

Fe2O3/MWCNT toward CrO4
2-  may be partially attributed to an increase in available 

hematite surface area in hybrid nanostructure suspensions relative to freely suspended, 

and extensively aggregated, hematite nanoparticles. Once again, however, there is 

evidence to support a scenario in which hematite nanoparticles grown on MWCNT 

possess reactivity that is fundamentally different from their suspended analogues. 

Specifically, pH-dependent sorption data for CrO4
2- reveal that uptake is essentially 

independent below pH 5 in suspensions of hematite nanoparticles. However,  mass-   
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Figure 5-8. Adsorption of CrO4

2- as a function of pH in suspensions of α-Fe2O3 
nanoparticles and 0.5 g/g α-Fe2O3/MWCNT hybrid nanostructures. Adsorbed 
concentrations of CrO4

2- are presented after normalization by the total mass of hematite 
in suspension. Experiments were conducted in 25 mM NaCl without pH buffer, where pH 
values represent the average value over the duration of the adsorption experiment (1 h) 
based upon measurements at the start and end of reaction. The uncertainties associated 
with these average pH value represent the standard deviation associated with the initial 
and final pH value measured in the adsorption experiment. Experiments used an initial 
CrO4

2- concentration of 15 µM (1.7 mg/L), and suspensions concentrations of 0.05 g/L 
for α-Fe2O3 /MWCNT (based on total MWCNT mass) and 0.05 and 0.1 g/L for α-Fe2O3 
nanoparticles. No adsorption was observed on the surface of oxidized MWCNTs, as 
would be expected from the unfavorable electrostatic interactions between anionic CrO4

2- 
and the negatively charged MWCNT surface.  
 



212 
 

 

 
Figure 5-9. CrO4

2- adsorption isotherms at (a) pH 2.0 and (b) pH 6.0 in suspensions of α-
Fe2O3 nanoparticles and 0.5 g/g α-Fe2O3/MWCNT hybrid nanostructures. Adsorbed 
concentrations of CrO4

2- are presented after normalization by the total hematite mass in 
each suspension. Experiments were conducted in 25 mM NaCl without pH buffer at 
suspension concentrations of 0.05 g/L for α-Fe2O3/MWCNTs hybrid nanomaterials 
(based on total MWCNT mass) and 0.05 and 0.1 g/L for α-Fe2O3 nanoparticles. Lines 
represent Langmuir model fits obtained from non-linear regression analysis. Best fit 
Langmuir isotherm parameters (i.e., the Langmuir isotherm coefficient, K, and the 
maximum adsorbed CrO4

2- concentration, Γmax for the units shown) are presented for 
each sorbent material.  
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normalized concentrations of adsorbed CrO4
2- nearly doubled from pH 5 to pH 2 in 

hybrid nanostructure suspensions. The different dependence exhibited by 0.5 g/g α-

Fe2O3/MWCNT at low pH values suggests that the surface sites present on the hematite 

deposited on MWCNTs exhibit unique reactivity relative to hematite nanoparticles 

suspended in solution 

 

5.5.  Environmental Significance 

 
 Advanced materials will play a prominent role in society’s progress toward more 

sustainable water supplies. Here, we show that a novel class of hybrid nanomaterial can 

considerably outperform both traditional (i.e., α-Fe2O3 particles) and emerging (i.e., 

oxidized MWCNTs) sorbent materials. From a practical perspective, the value of these 

hybrid nanostructures is not limited to simply their superior capacity for Cu(II) and 

CrO4
2-. Notably, the deposition and growth of α-Fe2O3 on MWCNT does not 

significantly change suspension stability. Thus, aggregation of these α-Fe2O3/MWCNT 

nanostructures will be limited over environmentally relevant pH values, and potentially 

over a broad range of water chemistries, in turn maximizing their reactive surface area 

during treatment applications.   

 The results with 0.07 g/g α-Fe2O3/MWCNT are most promising because these 

materials provide the clearest example of a hybrid nanostructure exhibiting unique 

physicochemical properties relative to the individual nanomaterials from which it was 

constructed. Specifically, the zeta potential values measured for these materials are 
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different from values measured independently for α-Fe2O3 nanoparticles and MWCNTs. 

The key variable in governing surface chemical activity appears to be the amount of α-

Fe2O3 deposited. Accordingly, the surface chemistry of these hybrid nanostructures is 

highly tunable. While this work was limited to only two loadings of α-Fe2O3 on 

MWCNT, there is the potential that other synthetic formulations can be developed that 

will further optimize reactivity toward Cu(II) and CrO4
2-. It is also likely that the surface 

chemistry of α-Fe2O3/MWCNT nanomaterials can be tailored to optimize treatment 

efficiency of alternative targets of concern in water and wastewater.  
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6. Conclusions 

6.1. Predicting nanoscale zero-valent iron longevity in complex 

geochemical environments 

 Prior to this work, limited information was available regarding the timescales over 

which nanoscale zero-valent iron (NZVI) remained redox active. Most prior work had 

considered reactivity loss in relatively idealized systems, in which no attempts were made 

to control suspension pH or to examine the influence that common co-solutes in 

groundwater exert on NZVI reactive lifetime or longevity. Both pH control and co-solute 

effects merit consideration during such studies to better simulate groundwater 

geochemical conditions. Mass loadings of NZVI delivered to the subsurface (typically 

1.9-30 g/L) [1] may not be high enough to overcome the buffering capacity typically 

encountered in most groundwater and soil systems. While co-solute effects for larger-

scale, micron-to-millimeter sized granular iron are relatively well understood [2-4], the 

enhanced rates of corrosion reported for NZVI make it difficult to predict a priori the 

timescales and magnitude over which co-solutes influence NZVI corrosion product 

formation, and in turn, system reducing capacity. 

 Work in Chapter 2 quantifies NZVI lifetime over a range of geochemical 

conditions, in which experimental variables include co-solute anion identity and 

concentration, environmentally relevant pH values, and different pollutant (oxidant) 

classes. Experiments aged 2 g/L suspensions of NZVI in oxygen-free systems in the 

absence of a pollutant, modeling a system in which reaction with water (i.e., corrosion) 
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represents the dominant mode of NZVI reactivity loss (i.e., passivation). Collectively, 

batch experiments monitored the reactivity change of NZVI towards model pollutants 

1,1,1,2-tetrachloroethane (1,1,1,2-TeCA) and hexavalent chromium [Cr(VI)] over one 

month during this aging protocol. Reactive lifetime or longevity of NZVI towards 

1,1,1,2-TeCA in the presence of Cl-, SO4
2- and ClO4

- lasted approximately 30 days, over 

which reactivity loss was on the order of 95%. This reactive lifetime is considerably 

shorter than those reported previously when NZVI was aged under more idealized 

conditions.  For 1,1,1,2-TeCA reduction, the longevity of NZVI was relatively insensitive 

to the concentration of these three anions, nor did it vary significantly over the range of 

pH values considered (pH 7 and 8). For chlorinated solvent reduction, therefore, sites 

impacted by these particular anions (i.e., Cl-, SO4
2- and ClO4

-) appear to be most ideal 

with respect to minimizing the impact of co-solute anions on NZVI longevity.   

The lifetime of NZVI was considerably shorter in the presence of HCO3
- and 

NO3
-, with reactivity toward 1,1,1,2-TeCA lasting anywhere between 1 and 14 days 

depending on the anion concentration at both pH 7 and 8. Specifically, NZVI suspensions 

containing low HCO3
- concentration (5 mM) exhibited comparable longevity to Cl-, SO4

2- 

and ClO4
-, with measurable reactivity toward 1,1,1,2-TeCA over 30 days. In contrast, an 

increase to 25 mM concentration shortened NZVI longevity to 14 days. Similar 

concentration-dependent behavior for nitrate-containing NZVI suspensions produced a 

lifetime toward 1,1,1,2-TeCA lasting anywhere from 1 day (at 25 mM) to 30 days (at 5 

mM).   
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Interestingly, the longevity of NZVI toward Cr(VI), the other model groundwater 

pollutant considered, exhibited vastly different trends than those observed for 1,1,1,2-

TeCA. For instance, pH exerted a far more significant influence on NZVI longevity 

toward Cr(VI), whereas the anion concentration had little impact. Specifically, in the 

presence of Cl-, SO4
2-, ClO4

- and HCO3
-, Cr(VI) removal capacity at pH 7 was 

approximately 2-3 times greater than that at pH 8, and, most notably, activity toward 

Cr(VI) was sustained over entire duration of aging (30 d) in nearly all systems including 

nitrate.  

           The primary conclusion drawn from all reactivity data collected over time is that 

different entities are responsible for reduction of 1,1,1,2-TeCA and Cr(VI) in aged NZVI 

suspensions. Available Fe(0) content governed 1,1,1,2-TeCA transformation. Thus, co-

solutes that compete for reducing equivalents or that form passive surface oxides that 

limit the access of Fe(0) in the particle core to the solution interface both dampen 

reactivity and dramatically shorten longevity. In contrast, reduction of Cr(VI) was 

controlled by the amount of Fe(II) generated during Fe(0) corrosion, as supported by a 

clear linear relationship between the Fe(II) production rate and extent of Cr(VI) removal 

in aged suspensions.  

The practical implication to be drawn from results in Chapter 2 is that knowledge 

of groundwater characteristics will be imperative in assessing whether NZVI application 

is suitable at a particular contaminant site. Clearly, those groundwaters that are low in 

alkalinity and do not have nitrate as a co-contaminant are most ideally suited for NZVI 

performance toward chlorinated solvents. At sites with high alkalinity or background 
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nitrate, as is the case for the chlorinated solvent plume present at 100D Area of the 

Hanford Site in Washington [5], alternative treatment strategies will merit consideration.  

Another clear implication of the work in Chapter 2 is that not only NZVI 

reactivity but also longevity should be viewed as target compound (i.e., oxidant) specific. 

Prior research has tried extensively to establish generalizable trends in Fe(0) reactivity 

that can be broadly applied to various pollutants over a range of solution chemistries [3, 4, 

6].  However, as is exemplified by the contrasting results with 1,1,1,2-TeCA and Cr(VI) 

in Chapter 2, trends in longevity and co-solutes effects are compound-specific because 

different reactive entities are responsible for the transformation of 1,1,1,2-TeCA and 

Cr(VI) in aged NZVI suspensions.    

Based on such considerations, work herein shows that the most effective and 

efficient use of NZVI is to plumes and source zones of contaminants susceptible to 

reduction by ferrous iron [Fe(II)]. It is well established that NZVI is a greater source of 

Fe(II) relative to granular Fe(0), which tends to exhibit corrosion rates that are several 

orders of magnitude less than those reported for NZVI. Further, during application to 

Fe(II)-reducible compounds, evidence herein suggests that NZVI suspensions exhibit 

slower rates of reactivity loss, are less influenced by co-solute anion identity and 

concentration, are effective over environmentally relevant pH values, and the extent of 

pollutant removal can likely be predicted from metrics of Fe(0) corrosion. These findings 

should be of interest to engineers and regulators attempting to identify whether NZVI 

treatment systems, which are rapidly growing in popularity, are an appropriate 

technology at a particular contaminant site.   
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6.2. Extending nanoscale zero-valent iron longevity via 

chemical regeneration 

 A major hurdle in the widespread application of nanoscale zero-valent iron for 

treatment of contaminated groundwater and source zone control will be the limited 

timescales over which reductant particles maintain their reducing capacity. Indeed, work 

in Chapter 2 revealed that in some groundwater systems and for specific pollutant targets, 

NZVI longevity may be limited to only a few days due to the formation of corrosion 

products on the reductant particle surface, which will limit the availability of electrons 

from the metallic Fe(0) particle core. 

 Work in Chapter 3 demonstrated that a promising approach for extending the 

practical lifetime of NZVI treatment zones is through the use of a chemical regenerant. In 

particular, dithionite, a sulfur-based reductant previously used for in situ redox 

manipulation [5, 7], represents a suitable reductant for transforming passive ferric iron 

corrosion products generated via air oxidation of NZVI into redox-active solid phases 

capable of reducing several common groundwater contaminants including Cr(VI). A 

noteworthy result was found during air aging of NZVI suspensions at pH 8; rapid 

oxidation of NZVI produced a passive shell that trapped a considerable portion of Fe(0) 

in the particle core, thereby suppressing the transfer of reducing equivalents to the 

particle-solution interface. For this scenario, relatively low levels of dithionite were used 

to reduce this passive surface coating and expose the underlying Fe(0) particle core, in 
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turn restoring reactivity of the once passivated particles toward both a chlorinated solvent 

(1,1,1,2-TeCA) and hexavalent chromium (Cr(VI)).   

 For the use of dithionite as a chemical regenerant of passivated NZVI, the key 

operational parameters were found to be the solution pH at which the NZVI particles 

underwent air oxidation, which influenced the identity of the Fe(III) oxide phases 

generated via oxidation, and the amount of dithionite used for regeneration, which 

influenced the products of its reaction with NZVI oxidation products. In particular, in 

systems where residual Fe(0) remained in the passivated NZVI particle core, it was 

critical to limit the amount of dithionite used for regeneration because excess dithionite 

was able to oxidize Fe(0) to produce iron sulfides that exhibited less reactivity toward 

1,1,1,2-TeCA than Fe(0).   

 Overall, the use of dithionite as a regenerant for passivated NZVI treatment zones 

is very promising because the process can be repeated multiple times to sustain the long-

term reactivity of the treatment zone. This in turn will increase the amount of pollutants 

that can be removed per gram of NZVI applied in the field. For example, experiments in 

Chapter 3 revealed that multiple, sequential reactions of passivated NZVI with dithionite 

could be used to enhance the removal capacity of Cr(VI) by roughly a factor of 15. Given 

concerns over the material costs associated with commercially available forms of NZVI, 

the ability to increase and sustain the reducing capacity of NZVI treatment zones should 

be attractive to engineers intending to use this technology for treatment of pollutant 

source zones or deep contaminant plumes in the subsurface. 
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6.3. Enhancing zero-valent iron reactivity through the use of 

noble metal surface additives 

 The use of palladium surface deposits to enhance Fe(0) reactivity has gained 

considerable popularity, resulting in numerous instances of field-scale applications of 

palladized iron (Pd/Fe) for treatment of contaminated groundwater plumes and pollutant 

source zones [8, 9]. Despite the extensive laboratory scale research and now numerous 

field scale applications of these so-called bimetallic reductants, relatively little remains 

known about the practical and theoretical considerations impacting their performance. 

Prior to this work, few studies attempted to identify the optimal conditions for their 

application, nor has any consensus regarding the mechanism of pollutant transformation 

in Pd/Fe systems been achieved. This is evident from the broad range of rate 

enhancements reported in the literature for Pd/Fe reductants relative to traditional 

unamended iron systems, as well as the limited amount of information regarding the 

influence of variables such as iron particle size (e.g., NZVI relative to micron-sized or 

granular zero valent iron) and oxidant concentration on Pd/Fe reactivity. 

 In Chapter 4, both practical and fundamental insights into the performance of 

Pd/Fe reductants are provided. Experiments explored the relationship between reactivity 

metrics for Pd/Fe reductants (e.g., pseudo-first-order rate constants for 1,1,1,2-TeCA 

reduction or kobs values) and reductant loading (ρm values) in both unamended Fe(0) and 

Pd/Fe systems for commercially available granular iron (i.e., Fisher electrolytic iron) and 

NZVI. Notably, a more linear, first-order relationship between kobs and ρm values was 
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observed for Pd/Fe reductants regardless of Fe(0) particle size, whereas kobs values in 

unamended Fe(0) systems exhibited a weaker, non-linear dependence on reductant 

loading. Consequently, the degree of rate enhancement afforded by Pd/Fe varied 

considerably as a function of reductant loading in experimental systems, which likely 

helps to explain, at least in part, the range of rate enhancement factors reported in the 

literature for Pd/Fe reductants.  

 Another finding with practical consequence is that in Pd/NZVI systems with high 

chlorinated solvent concentrations, reactivity toward 1,1,1,2-TeCA was comparable to 

that observed in unamended NZVI systems. The similarity in reactivity between 

Pd/NZVI and NZVI systems is noteworthy, as it calls into question the benefit of using 

Pd/NZVI at sites characterized by high or near saturated concentrations of chlorinated 

solvent, which is typical of many groundwater plumes and pollutant source zones. The 

root cause of the similar reactivity between Pd/NZVI and NZVI under such conditions is 

not entirely understood and merits further investigation. It may reflect surface site 

limitations in Pd/Fe systems, where the amount of deposited Pd dictates the number of 

sites available for chlorinated solvent reduction. It may also reflect the ability of such 

high concentrations of chlorinated solvent to oxidize the reductant surface, which would 

work to bury Pd islands with passive Fe(III) oxides and thereby negate their rate-

enhancing effect.    

 Fundamental insights in Chapter 4 shed new light on the mechanism of 

chlorinated solvent reduction in Pd/Fe and Fe(0) systems using measurements of solvent 

kinetic isotope effects [SKIEs; defined as kobs(H2O)/kobs(D2O)]. Notably, in Pd/Fe 
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systems, SKIEs change as a function of the rate enhancement provided by Pd, with the 

largest SKIEs occurring in systems with high Pd loading and large values of ρm. This 

observation indicates that multiple rate-determining steps for solvent reduction are 

available in Pd/Fe systems, and that the relative contribution of these mechanisms 

changes as a function of Pd and reductant loading.   

Because two distinct regimes of SKIEs were observed as a function of rate 

enhancement, we propose that two mechanisms for chlorinated solvent reduction occur in 

Pd/Fe systems. One pathway involves direct electron transfer from the metallic Fe(0) 

core to the chlorinated solvent at the particle-solution interface via formation of a 

galvanic couple between Pd and Fe(0). The second mechanism, which predominates at 

high Pd loadings and high ρm values in our closed experimental systems, involves some 

form of reactive atomic hydrogen (e.g., adsorbed or absorbed atomic hydrogen), which is 

generated as an intermediate during H2 evolution, associated with the Pd surface. Notably, 

evidence for atomic hydrogen formation was only observed in NZVI systems, 

presumably due to their far greater rate of corrosion (i.e., H2 evolution) relative to larger 

scale Fe(0) particles.  

  These two mechanisms appear to be relevant both for saturated alkyl polyhalides 

(e.g., 1,1,1,2-TeCA) and π-bond containing vinyl polyhalides (e.g., cis-DCE). However, 

evidence suggests that vinyl halides are more susceptible to reduction by atomic 

hydrogen, as indicated by the much higher values of SKIEs measured for cis-DCE 

relative to 1,1,1,2-TeCA in otherwise identical experimental Pd/Fe systems. The largest 

rate enhancements were also observed for vinyl polyhalides. From a practical perspective, 
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therefore, Pd/Fe reductants will be best suited for the treatment of vinyl polyhalides such 

as cis-DCE and TCE, and their application should likely be limited to such plumes.  

Other practical insights for Pd/NZVI reactivity were obtained through aging 

studies. Aging studies revealed that large SKIEs indicative of atomic hydrogen 

involvement only persisted on the order of two weeks in Pd/NZVI systems. Beyond two 

weeks, Pd/NZVI reactivity diminished and SKIEs values were relatively low, suggesting 

that long term reactivity in Pd/NZVI systems is attributable primarily to galvanic electron 

transfer.  Collectively, the practical and fundamental results presented in Chapter 4 

should guide the development of Pd/Fe reductants with optimal activity while also 

establishing the field-scale conditions and pollutant targets most ideal for their 

application.  

 

6.4. Improving performance of iron-based nanomaterial 

sorbents through immobilization on carbon nanotube supports 

Despite growing interest in the application of engineered nanomaterials in water 

and wastewater treatment, a major application challenge is their extensive aggregation, 

which consumes reactive surface area and limits their treatment capacity. Concerns also 

exist about the safe application of engineered nanomaterials, particularly given rising 

concerns over adverse human and ecological health impacts in the event of their 

incidental release into the environment. In this regard, application of engineered 
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nanomaterials as slurries is impractical, given the complications associated with 

separating and recovering the reactive materials from the treated product water. 

In Chapter 5, hematite (α-Fe2O3) nanoparticles on the order of 7 nm in diameter 

were grown on the surface of carboxylated multi-walled carbon nanotubes (MWCNTs) 

via a forced hydrolysis mechanism, and the resulting hematite decorated MWCNTs were 

utilized as high surface area sorbents for Cu(II) and Cr(VI).  We observed several 

benefits of using α-Fe2O3 decorated MWCNTs as sorbents relative to the more 

conventional application of α-Fe2O3 nanoparticle sorbents in slurries or suspensions. 

Immobilization of α-Fe2O3 on MWCNTs limited nanoparticle aggregation, thereby 

increasing the available surface area for metal uptake. Indeed, on a per mass basis at pH 6, 

a much greater degree of Cu(II) uptake was observed for α-Fe2O3-MWCNTs hybrid 

nanostructures relative to α-Fe2O3 nanoparticles suspended as aggregates in solution. 

Notably, heterogeneous deposition and growth of α-Fe2O3 on MWCNTs allows for a 

high degree of control of sorbent properties, with both the total amount of α-Fe2O3 

deposited and the average size of deposited α-Fe2O3 nanoparticles representing tunable 

variables during material synthesis.   

Another benefit of using hybrid α-Fe2O3-MWCNT nanostructures is that they 

allow for potential synergistic reactive properties in which the new material exhibits 

properties different from the sum of its individual parts. For example, the amount of 

Cu(II) sorption observed for α-Fe2O3-MWCNT hybrid nanostructures at pH 6 was 

greater than that predicted from the sum of Cu(II) uptake in suspensions of each 
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component. While this result is in part due to the greater availability of α-Fe2O3 surface 

area when grown on MWCNTs, it may also reflect unique surface chemical properties of 

the hybrid nanostructures. Notably, zeta potentials of the hybrid nanostructures were 

dependent on total α-Fe2O3 loading, providing a route to tune nanostructure surface 

chemistry to yield characteristics distinct from either pure α-Fe2O3 or MWCNT 

suspensions. Similarly, pH-dependent trends in Cu(II) and Cr(VI) adsorption on hybrid 

nanostructures were distinct from those trend observed with the other sorbent materials, 

suggesting that α-Fe2O3-MWCNT possess new and unique surface chemistry relative to 

their individual nanomaterial building blocks. 

 

6.5. Future work   

Predicting the Reactivity and Longevity of NZVI in Diverse Aquatic 

Chemical Systems  

The impact of a broader range of groundwater conditions on NZVI reactivity 

needs to be investigated. For instance, work in Chapter 3 only considered aging of NZVI 

in O2-saturated water, which is unlikely for most groundwaters, and there remains the 

need to explore the influence of prolonged exposure to trace levels of oxygen, 

particularly given the large number of contaminated groundwater sites with low levels of 

dissolved oxygen (DO). Also, the aging mechanism considered focused primarily on 

reaction with water (i.e., corrosion). There remains a need to consider how NZVI 

longevity changes in response to continuous exposure to relatively concentrated solutions 
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of pollutants (e.g., chlorinated solvents or reducible metals). In most field scale 

applications with high concentrations of target pollutants, reactions with water, oxygen 

and the target oxidant will all contribute to NZVI passivation. The relative importance of 

these aging pathways, as well as potential differences in their impact on the nature of 

NZVI corrosion products, requires future investigation. It would be optimal to conduct 

the aforementioned experiments in flow-through column studies, which better reflect the 

dynamic nature of NZVI in situ treatment zones.   

From results in Chapter 2, another focus for future investigation is the relationship 

observed herein between Cr(VI) removal capacity and Fe(II) production rate for NZVI. 

The generality of this trend must be extended to other commercially available forms of 

Fe(0), as well as to other Fe(II) reducible contaminants (e.g., nitroaromatics). This 

correlation may represent a key diagnostic for predicting Fe(0) reactivity toward Fe(II) 

reducible contaminants, which would be incredibly valuable in attempting to identify a 

priori the most reactive material for deployment at a contaminated site.  

 

Chemical Regeneration Mechanisms for NZVI Treatment Zone Reactivity 

Future efforts should explore other potential reductants that could be used as 

regenerants for the reducing capacity of NZVI in situ treatment zones. In particular, 

several organics including ascorbic acid, hydroquinone and hydroxylamine are known 

reductants for Fe(III) and could potentially function in a role similar to dithionite. Given 

that dithionite can oxidize residual Fe(0) to yield less active iron sulfides, it would be 
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desirable to identify other chemical regenerants that would not interact with any Fe(0) 

persisting in passivated NZVI particles.  

The use of dithionite or similar chemical regenerant also needs to be extended 

into practical application. As NZVI installation sites increase in number, there will be 

opportunities for demonstrating in situ treatment zone regeneration at the field scale once 

the initial reducing capacity for the treatment system is lost. Of course, it will be 

necessary to further optimize the regeneration process in a more dynamic flow through 

laboratory or pilot-scale system (e.g., columns) prior to implementation at the field-scale. 

Finally, the implications for chemical regeneration on improving the storage and 

handling of highly reactive NZVI particles merit examination. For example, the high 

reactivity and limited selectivity of NZVI makes preserving reactivity during storage, 

handling and delivery challenging. With chemical regeneration, it may be possible to 

manipulate NZVI surface chemistry to make storage and handling less problematic. 

Specifically, the controlled oxidation of NZVI by O2 could be used to produce a passive 

surface layer that protects and preserves the Fe(0) in the particle core. This “passive” 

NZVI could be delivered to the treatment zone, followed by application of a suitable 

regenerant to restore its reducing capacity once in the subsurface, thereby limiting loss of 

reducing equivalents during storage, handling, delivery and subsurface transport. It may 

even be possible to tailor the nature of the surface oxide generated during the controlled 

oxidation so as to promote NZVI subsurface transport; passive layers should limit the 

role that magnetism plays in promoting aggregation [10]. 
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Enhancing NZVI Reactivity through the Use of Noble-Metal Additives   

As noted in Chapter 4, there is a need to examine further the production and 

activity of atomic hydrogen under conditions more representative of open, field-scale 

systems to address questions as to whether atomic hydrogen can be generated in 

sufficient quantities outside of closed batch systems. Also, other lines of evidence need to 

be collected to confirm the presence and involvement for atomic hydrogen in Pd/Fe 

systems. Potential routes for validation include the use of probe compounds that exhibit 

specific activity toward forms of atomic hydrogen. For example, Miehr et al. [11]utilized 

2-chloroacetophenone as a probe for distinguishing reduction by electron-transfer and 

hydride transfer mechanisms.   

It would also be worthwhile to extend the experimental findings, especially the 

relationship between rate enhancement and solvent kinetic isotope effects, to other 

bimetallic systems. Cwiertny et al. observed a relationship between metrics for hydrogen 

solubility in metals (Pd, Ni, Co, Cu, Au and Pt) and kobs values for 1,1,1-TCA reduction 

in bimetallic systems of these metal additives on granular Fe(0) [12]. If forms of atomic 

hydrogen are involved in other bimetallic systems, a similar trend in SKIEs and atomic 

hydrogen solubility might also be anticipated as well.  

A particularly interesting bimetal worthy of future investigation is Pt/Fe. In 

preliminary studies conducted in complement to Chapter 4, we found Pt/NZVI enhanced 

reactivity toward 1,1,1,2-TeCA relative to NZVI. However, Cwiertny et al. observed that 

deposition of Pt onto Fisher electrolytic iron actually inhibited Fe(0) reactivity toward 

1,1,1-TCA [12], a trend also observed herein toward 1,1,1,2-TeCA via preliminary work 
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not shown in Chapter 4. The source of the disparate influence of Pt on NZVI and granular 

iron reactivity merits additional exploration. 

 

 Improving Iron Nanomaterial Performance via Production of High Surface 

Area Hybrid Nanostructures 

Many fruitful areas of future research exist in the development and application of 

hybrid nanostructures for environmental quality control. Work in Chapter 5 focused 

solely on iron oxide nanoparticles immobilized on multi-walled carbon nanotubes. To 

increase the range of application of such hybrid nanostructures, synthesis methods for the 

immobilization of other nanoparticles on CNTs need to be developed. In the context of 

this work, metallic Fe(0) nanostructures could be immobilized on CNTs for application 

as reductants. Opportunities also exist to expand beyond iron-based nanostructures. There 

are also more opportunities to tune the reactivity of hybrid nanostructures through the use 

of other carbonaceous nanomaterial substrates. Commercially available options that could 

serve as novel supports for nanoparticle immobilization include single-walled CNTS, 

graphene, and electrospun carbon nanofibers. Once the reactivity of these hybrid 

nanostructures is optimized, future efforts should shift toward establishing innovative 

application platforms for these advanced materials, particularly identifying ways to 

immobilize the hybrid nanostructures for application in flow-through, filtration type 

systems.  
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