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A B S T R A C T   

Antimicrobial resistance (AMR) in the environment is a globally concerning issue. This study sought to improve 
the understanding of human health risks from an environmental AMR proliferation perspective. Surface water 
concentrations of 11 most used antibiotics in the United States were simulated for the Columbia and Sacramento 
River watersheds using the Pharmaceutical Assessment and Transport Evaluation (PhATE) model. The predicted 
environmental concentrations (PECs) and literature-reported measured environmental concentrations (MECs) of 
antibiotics were compared to the predicted no effect concentrations (PNECs) of three frameworks proposed as 
protective of AMR selection. For all of the studied antibiotics, PECs (except for moxifloxacin, a 4th generation 
fluoroquinolone), and at least one published MEC, were above the safe limit proposed by at least one of the three 
frameworks. The results indicate that a variety of different antibiotics with different mechanisms of action and 
physico-chemical properties are likely in environmental compartments at or above the concentrations currently 
proposed as safe from an AMR proliferation perspective. Understanding environmental occurrence of antibiotics 
is important for assessing environmental exposures and, when compared to PNECs for resistance selection, ca
n—either alone or in combination with other methods— more specifically indicate where there are potential 
risks of AMR proliferation.   

1. Introduction 

Subtherapeutic levels of antibiotics in the aquatic environment pose 
a potential threat to both human health and the integrity of natural 
ecosystems. Antibiotic pollution has been implicated in the exacerba
tion of antimicrobial resistance (AMR; Rodriguez-Mozaz et al., 2015) 
and in influencing non-target organisms, putting at risk the function of 
organisms that perform essential services in the environment (Grenni 
et al., 2018). In addition to exerting selective pressure on environ
mental microbiomes (Xiong et al., 2015), the release of antibiotic re
sidues in the environment may also pose hazard to human microbiomes 
via ingested food or drinking water (Ben et al., 2019). However, current 
risk assessment practices are inadequate to evaluate the effect of anti
biotics on AMR emergence and selection, especially in non-clinical 
environments (Vikesland et al., 2017). 

Based on current regulations, the potential environmental risk of 
pharmaceutical substances, like all other chemicals, is calculated from 
the ratio between the predicted environmental concentration (PEC) of 
the substance in the aquatic environment and the predicted no effect 

concentration (PNEC), a concentration below which no adverse effects 
on the environment are expected (Lee and Choi, 2019). Among the 
countries where assessment of environmental impacts of human phar
maceuticals before marketing authorization is required by law — the 
EU (Directive, 2001/83/EC), the U.S. (National Environmental Policy 
Act of 1969), and Canada (Canadian Environmental Protection Act of 
1999) — the EU has recently adopted a tailored risk assessment for 
antibiotics (EMA, 2018). Despite the antibiotic-specific assessment re
quirements, these may not be followed in cases where the released 
amounts of antibiotics are predicted to be low. These regulations 
overlook the aspect that antibiotic effects can have broader impacts 
than causing toxicity. For instance, sub-minimum inhibitory con
centrations (sub-MICs) of antibiotics may select for AMR (Gullberg 
et al., 2011; Andersson and Hughes, 2012). The emergence and mobi
lization of novel resistance genes in environmental bacteria and sub
sequent transfer to human pathogens has been identified as a major 
human health risk associated with environmental AMR (Bengtsson- 
Palme et al., 2018). These events are more likely to occur in environ
ments under strong selection pressures such as these exerted by 
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antibiotic pollution from industrial sources. Moreover, the effects of 
antibiotics may be potentiated by other stress factors or contaminants, 
such as heavy metals and biocides, which may enhance the spread and 
evolution of AMR (Davies, 2009; Seiler and Berendonk, 2012). While 
not all contributing factors and routes of transfer of resistance genes 
from environmental bacteria to human pathogens are understood, one 
of the interventions that can be taken for mitigation of environmental 
AMR selection involves better control of antibiotic discharges from 
manufacturing plants (Berendonk et al., 2015; Bengtsson-Palme et al., 
2018). 

Considering the uncertainties involved in correlating environmental 
antibiotic concentrations with AMR proliferation, it is difficult to define 
safe release levels in a strict sense. However, the scientific community 
and industry stakeholders have made efforts to estimate antibiotic 
concentrations that, based on current empirical knowledge, should 
provide safety limits for protecting human health from risks of AMR 
selection (Bengtsson-Palme and Larsson, 2016; Le Page et al., 2017; Tell 
et al., 2019). Specifically, two international frameworks have been 
proposed which have established PNECs protective of AMR selection: i)  
Bengtsson-Palme and Larsson (2016) proposed the establishment of 
compound-specific safe antibiotic emission limits (PNECs) derived from 
MICs for clinically relevant bacteria; and ii) Le Page et al. (2017) sug
gested a single-value production discharge limit of 100 ng/L, based on 
no observed effect concentrations (NOECs) of antibiotics for environ
mental bacteria and minimum selective concentrations (MSCs) for 
clinical bacteria, to be protective of ecosystems and AMR development. 
The latter framework was later updated with antibiotic-specific PNECs 
based on the ecotoxicology data generated by a group of pharmaceu
tical companies (AMR Industry Alliance) as per Brandt et al. (2015). 

To test the ecological relevance of their proposed PNECs, Bengtsson- 
Palme and Larsson (2016) compared measured antibiotic concentra
tions in municipal sewage treatment plant effluents to PNECs and found 
that, in the case of 28% of antibiotics, the effluent concentrations ex
ceeded the PNECs. These results indicated that advanced treatment may 
be needed for reduction of AMR selection in treatment plants. Still, 
post-discharge environmental fate and transport processes, including 
dilution and degradation, may influence effluent antibiotics’ con
centration effects on receiving water bodies at the watershed scale. 
However, the proposed PNECs have not been evaluated with regard to 
PECs or measured environmental concentrations (MECs) of antibiotics 
in surface waters. Further, simultaneous co-consideration of current 
international frameworks for guiding antibiotic PNECs for reducing 
AMR proliferation and human health risk has not been performed. 
Here, we asked: for antibiotics in major use in the U.S., how do PECs 
and/or MECs compare at the watershed scale to PNECs, according to 
current international frameworks? 

Accordingly, the aim of this study was to evaluate the performance 
of the proposed frameworks (Bengtsson-Palme and Larsson, 2016; Le 
Page et al., 2017) in the context of environmental antibiotic con
centrations in surface waters for two major U.S. watersheds and com
pare the performance of published frameworks to in-house calculated 
highest acceptable human drinking water concentrations (HDWC) of 
antibiotics, protective of AMR. For this, PECs in the Columbia and Sa
cramento watersheds were simulated for the 11 most sold antibiotics in 
the U.S. (FDA, 2012; Table 1) and compared to PNECs for AMR selec
tion: 1) proposed by Bengtsson-Palme and Larsson (2016); 2) proposed 
by Le Page et al. (2017) and updated by AMR Industry Alliance (Tell 
et al., 2019) and 3) the HDWC of antibiotics, based on the guidance 
issued by Food and Drug Administration’s Center for Veterinary Med
icine (VICH, 2012). PNECs and modeled PECs were also compared to 
literature-reported MECs of antibiotics for surface waters. The study 
aims to place the established safe antibiotic threshold concentrations 
(PNECs), intended for contributing to the reduction of AMR emergence 
and selection in the environment, in the context of predicted antibiotic 
levels in two North American rivers and globally reported surface water 
antibiotic MECs. The presented analysis contributes to the 

understanding of human health risks associated with environmental 
AMR. 

2. Materials and methods 

2.1. Determination of PECs of antibiotics using the PhATE model 

Antibiotic concentrations in Columbia and Sacramento watersheds 
were predicted using the PhATE (Pharmaceutical Assessment and 
Transport Evaluation) model (Anderson et al., 2004). The model was 
developed as a tool to estimate concentrations of active pharmaceutical 
ingredients (APIs) in the United States surface waters that result from 
patient use (or consumption) of pharmaceuticals. The model divides 
rivers into discrete segments. It estimates the mass of API that enters a 
segment from upstream or from the wastewater treatment plant 
(WWTP), and is subsequently lost from the segment via in-stream loss 
mechanisms or flow diversions (i.e., manmade withdrawals). WWTP 
discharge loads are estimated based on the population served, the API 
use per capita, the potential loss of the compound associated with 
human use (e.g., metabolism), and the portion of the API removed in 
the WWTP (Table 2). 

2.1.1. Literature search 
The values for antibiotic physico-chemical properties (water solu

bility, biodegradation rate coefficients, pKa, n-octanol/water partition 
coefficient or logKow and chemical type; Table S1) and input values in 
PhATE to account for WWTP and in stream losses of antibiotics were 
collected from peer reviewed sources that were retrieved from 
EBSCOhost databases (GreenFile, Academic Search Complete, 
Environment Index), SciFinder, and Google Scholar between July 2018 
and September 2018. 

2.1.2. Determination of antibiotic regional usage rates for Sacramento and 
Columbia watersheds 

National- and state-level antibiotic usage rates in number of pre
scriptions per 1,000 people during 2011 were retrieved from the Patient 
Safety Atlas of the Centers for Disease Control and Prevention (CDC, 
2011; Table S2) and were used for calculations of State per capita 
usage, the input for the PhATE model, as explained in the SI. The da
taset contains dispensing data for oral antibiotic prescriptions that are 
extracted from the Xponent database from QuintilesIMS (Danbury, 
Connecticut). QuintilesIMS collects dispensing data from community 
and mail-order pharmacies which report their entire business to 
QuintilesIMS each week. QuintilesIMS reports capturing  >  70% of 
outpatient prescriptions dispensed in U.S. community and mail-order 

Table 1 
Antibiotics, their classification and national sales.     

Antibiotic Antibiotic sub-class National sales (kg/year)1  

amoxicillin Penicillins 1,140,920 
cephalexin Cephalosporins (1st gen.) 298,205 
ciprofloxacin Fluoroquinolones (2nd gen.) 209,832 
levofloxacin Fluoroquinolones (3rd gen.) 55,827 
moxifloxacin Fluoroquinolones (4th gen.) 11,003 
doxycycline Tetracyclines 64,956 
clindamycin Lincosamides 71,173 
azithromycin Macrolides 104,499 
metronidazole Nitroimidazoles 120,021 
sulfamethoxazole Sulfonamides 398,379 
trimethoprim Microbial DHFR inhibitors 81,304 

DHFR - dihydrofolate reductase 
1 Antibiotics sold in 2011 by manufacturers across all combined retail 

(chain, independent, food store, mail order, discount house, and mass mer
chandise pharmacies) and non-retail (hospitals, long-term care facilities, clinics, 
home healthcare providers, and health maintenance organizations or HMOs) 
U.S. distribution channels (FDA, 2012).  
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pharmacies and reconciles them to wholesale deliveries. Then, using a 
patented projection methodology, QuintilesIMS projects to 100% cov
erage of dispensed medications to produce estimated prescription 
counts. Antibiotic usage rates for each antibiotic were refined by class 
when available (“state data” for 4 antibiotic classes were available); 
otherwise data from the “all classes” category were collected (Table 
S2). 

National drug sales statistics for all antibiotics were retrieved from a 
U.S. Food and Drug Administration (FDA) analysis reporting 2011 
masses (kg) of clinical antibiotics sold (Table 1; FDA, 2012). The ana
lysis included selected systemic antibacterial drug products sold from 
manufacturers to various retail and non-retail channels of distribution 
as a surrogate for nationwide antibacterial drug use in humans. The 
PhATE model assumes that per capita usage is the same across the 
entire U.S. To account for regional variation in antibiotic usage, the 
sales data were adjusted to the Columbia and Sacramento River wa
tersheds (Tables S3 and S4). In the PhATE model, the Columbia River 
watershed is contained within Idaho, Montana, Oregon, and Wa
shington, while the Sacramento watershed predominately resides inside 
of California. The PhATE model uses annual mass (kg per year) as input 
for drug usage, which it converts to usage per capita by dividing the 
mass by the total population of the U.S. The antibiotic usage (kg/year) 
input for each watershed (i.e., Sacramento and Columbia River) was 
modified so that the per capita values would reflect the State per capita 
usage (for calculations see SI). 

This study used drug consumption data from 2011 because, at the 
time of the planning and during data collection, the latest antibiotic 
sales data, sourced from the FDA Antibiotic Drug Use Review, was 
available for 2011. This, however, is not expected to affect the current 
impact of the study due to small number of new antibiotics in the de
velopment phase, the median of 6-year clinical trial time and 8-month 
FDA review time (Deak et al., 2016). 

2.1.3. Accounting for human metabolism of antibiotics 
Antibiotic metabolism rate information was obtained from drug 

information sheets registered with the FDA. The fraction of active in
gredient excreted in urine, and fecal matter when available, was used to 
calculate the inputs for the fractional loss from humans for PhATE by 
subtracting the fraction excreted from 1 (Table S5). Fractional losses of 
metronidazole, levofloxacin, and moxifloxacin include excretion both 
in urine and fecal matter. When more than one value for the fraction of 
active ingredient excreted was given, the higher value was chosen for a 
conservative estimate. 

2.1.4. Accounting for antibiotic removal in WWTPs 
All WWTPs in both watersheds provide secondary treatment, “ad

vanced treatment I”, or “advanced treatment II” (PhATE User Manual 
V4.0). Advanced treatment I is defined in the PhATE user’s manual as 
“10 ≤ biological oxygen demand (BOD)  <  25 mg/L and/or nutrient 
removal,” while advanced treatment II is described as “BOD  <  10 mg/ 
L and/or nutrient removal.” WWTP aqueous removal efficiencies of 
antibiotics during secondary treatment were found in the literature 
(Table S5). Search terms during the literature search included either 
“antibiotic” or the name of a given active ingredient AND “wastewater” 
AND “review” AND “removal.” When possible, averaged values mea
sured from multiple WWTPs were selected as input for PhATE. For a 
conservative estimate, the secondary values were also used for ad
vanced treatment I and II. The removal efficiency percentages were 
entered into PhATE as the WWTP fractional losses. For clindamycin, the 
only value available in the literature for WWTP aqueous removal effi
ciency was a negative value (-1.5). This may be caused by very low 
concentrations (0.002–0.005 ng/L) reported in the influent and effluent 
and possible measurement errors (Verlicchi et al., 2012). In PhATE, the 
fractional secondary WWTP loss was set at 0 for clindamycin. 

2.1.5. Accounting for antibiotic in-stream loss 
In-stream loss coefficients for the antibiotics were collected from the 

literature (Table S5). A literature search was completed with the fol
lowing search terms: the active ingredient name AND (hydrolysis OR 
aqueous OR “waste water” OR wastewater) AND (rate OR degradation) 
AND (effluent), as well as photodegradation, environmental fate, per
sistence, microcosm, and simulated environment. Values were selected 
from studies simulating the natural environment through microcosms, 
simulated natural light, simulated or real stream water, or other similar 
methods estimating the fate and persistence of antibiotics in the aquatic 
environment. Values that were reported as half-lives were converted to 
first order rate loss coefficients by dividing 0.6931 by the half-life. The 
in-stream loss input for doxycycline was reported in the literature as a 
percent loss, and was input into PhATE as such (Zaranyika et al., 2015). 

2.2. Characterization and evaluation of frameworks 

In this study, the approach proposed by, and the PNECs derived in,  
Bengtsson-Palme and Larsson (2016) are referred to as the “Larsson 
framework”. PNECs in this framework were derived by extrapolating 
MIC values for clinically relevant bacteria from the EUCAST database 
and applying a safety factor of 10 to account for AMR selection risk. In 
the second framework considered here, by Le Page et al. (2017), a safe 

Table 2 
Summary of key inputs for PhATE model (Anderson et al., 2004).       

Parameter type Parameter Category Parameter Unit Information source  

User input API Usage per capita kg/person- 
year 

Centers for Disease Control and Prevention; 2012 FDA Antibiotic Drug Use 
Review; U.S. Census Bureau (2012) 

In-stream first-order loss 
coefficients 

day−1 Peer-reviewed literature 

Loss by human metabolism % FDA-approved prescribing information 
API removal efficiency % Peer-reviewed literature 

Provided in the model WWTP Name, location and type NA BASINS/U.S. EPA Clean Water Needs Survey-1996 and BASINS/U.S. EPA 
Permit Compliance System Population served persons 

Flow rate m3/day 
Dams and reservoirs Names NA BASINS/U.S. Army Corps of Engineers National Inventory of Dams 

Volumes m3 

Surface areas m2 

Lengths and depths m 
River segments Numbers and sequences NA RF1, complemented with USGS Enhanced River Reach File 2.0 (ERF1-2) 

data Mean and low flow (7-day, 10-year 
low flow) 

NA 

Mean and low-flow velocity m3/day 
Length, depth and width m 

API - active pharmaceutical ingredient, WWTP – wastewater treatment plant.  
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limit for antibiotic manufacturing discharges was derived from aquatic 
ecotoxicity data for antibiotics (NOECs and 50% effective concentra
tions or EC50) and MSCs for clinically relevant bacteria. A single value 
of 100 ng/L for all antibiotics was proposed to be protective of en
vironmental bacterial populations with 95% confidence and to conform 
with the lowest empirical data for AMR selection. However, it was also 
suggested that the value could be used as an interim measure in the 
absence of reliable empirical clinical, and environmental, data. To up
date the data, the members of the AMR Industry Alliance conducted 
ecotoxicological tests with antibiotics and provided antibiotic-specific 
“environmental PNEC” values (Tell et al., 2019) for the updated “Le 
Page framework”. The third framework which was evaluated here, 
along with the two published frameworks, involved HDWCs calculated 
per the guidance by the FDA’s Center for Veterinary Medicine (VICH, 
2012) with modifications which accounted for potential AMR selection 
in clinically relevant bacteria. The latter framework is referred to as the 
“VICH framework”. The frameworks were evaluated by calculating the 
ratios between the antibiotic PEC obtained by the simulations as de
scribed above and the PNECs proposed in the Larsson and Le Page 
frameworks and HDWCs as per the VICH framework. The values for the 
Larsson framework PNECs originate from Bengtsson-Palme and Larsson 
(2016) and the Le Page framework PNECs were taken from AMR In
dustry Alliance report (IFPMA, 2018; Tell et al., 2019) when available. 
For all antibiotics with no available value from the AMR Industry Al
liance, the standard limit of 100 ng/L was used according to the re
commendation by Le Page et al. (2017). VICH framework HDWC values 
were determined as described below. 

2.3. Calculation of highest acceptable human drinking water concentrations 
(HDWCs) 

According to VICH guidance (VICH, 2012), calculations of safe an
tibiotic levels in drinking water should consider two aspects: (1) pro
tection against disruption of the intestinal colonization barrier, and (2) 
protection against the increase of resistant populations of bacteria. 
Thus, microbiologically acceptable daily intake (ADI) values are re
commended to be calculated for each of these considerations sepa
rately, and the lower value should be used for estimation of the HDWC. 

For calculating the ADI for the intestinal colonization barrier dis
ruption consideration, calculated minimum inhibitory concentrations 
(MICcalc) were determined, using minimum inhibitory concentrations at 
which growth of 50% of the bacterial isolates is inhibited (MIC50) for a 
set of ten specified genera of human intestinal microflora recommended 
by the VICH guidance (Table S6). MIC50 were used rather than MIC90 

because the intent of the microbiological ADI is to protect normal 
growth of intestinal microflora, not inhibit growth. The lowest MIC50 

values reported in the Antimicrobial Index, http://antibiotics.toku-e. 
com/ (Amirkia and Qiubao, 2011) were selected, and values ≥ 32 µg/ 
mL were considered intrinsically resistant, i.e., excluded from calcula
tions. Since data were not available for all genera, the lowest available 
MIC50 values were divided twice by two (4-fold). This approach is as
sumed to provide sufficient protection for species that may be sensitive 
to lower antibiotic concentrations than the lowest reported MIC50. The 
data were log-transformed before calculating means and standard de
viations. 

For calculating the ADI to protect against the population increases 
of resistant bacteria, calculated no-observable adverse effect con
centrations (NOAECcalc) were derived from the minimum MIC (MICmin) 
for medically relevant sensitive bacterial genera, i.e., nonresistant 
genera (Table S7). MICmin data were again collected from the 
Antimicrobial Index. MICmin values were divided three times by two (8- 
fold) and then log-transformed before calculating means and standard 
deviations. Detailed calculations of MICcalc, NOAECcalc, and micro
biological ADI (µg/kg) (Table S8 and S9) are described in the SI. The 
microbiological ADI (µg/kg) was used to calculate the HDWC using the 
principles of U.S. EPA Water Quality Criteria Guidance (EPA, 2000) by 

assuming that humans could be exposed to an antibiotic via drinking 2 
L of water (for an adult) as well as eating an average of 17.5 g of fish 
from water near the drinking water intake (see SI for calculations). 

3. Results 

3.1. PECs of antibiotics in the Sacramento and Columbia River watersheds 

The PhATE model was applied to the Sacramento and Columbia 
River watersheds, assuming two different river flows (mean and low 
flow) and four different loss scenarios: 1) “All”, which included in 
stream loss and WWTP loss; 2) “In Stream”, which included in stream 
loss only; 3) “WWTP”, which included loss from WWTPs only; and 4) 
“None”, which was the most conservative assumption with neither 
WWTP or in stream loss. All four types of loss scenarios considered loss 
by human metabolism. The model output was antibiotic concentrations 
in each river segment (750 segments in the Columbia River and 55 
segments in the Sacramento River). Concentrations representing the 
mean, 90th, 95th and 99th percentile in the river segments were cal
culated (Table A1 and A2). The antibiotic concentrations simulated 
when assuming “no loss” were expectedly higher compared to the va
lues obtained when assuming in stream and WWTP losses together, i.e., 
“all loss” conditions. However, the magnitude of difference between 
concentrations was antibiotic specific. For clindamycin, azithromycin, 
sulfamethoxazole, trimethoprim and levofloxacin the differences be
tween the mean concentrations under the “all loss” and “no loss” con
ditions were only between 2 and 6 times, whereas the concentrations of 
amoxicillin, doxycycline and cephalexin were one order of magnitude 
higher than the “no loss” modeling assumption. The simulated mean 
concentrations of ciprofloxacin, metronidazole and moxifloxacin, in 
contrast, were three orders of magnitude higher at “no loss” settings 
than when assuming “all loss”. 

3.2. Comparison of PECs of antibiotics in the Sacramento and Columbia 
River watersheds to PNECs of Larsson, Le Page and VICH frameworks 

PNECs of the Larsson and Le Page framework for the selected an
tibiotics were sourced from published literature as described in section 
2.2. (Table 3). Additionally, HDWCs for selected antibiotics were de
termined using publicly available MICmin values, since no NOAEC va
lues—which are recommended as a point of departure for HDWC cal
culations—were available. The NOAECcalc was derived using 
assessment factors to take into account that AMR can be induced at 1/ 
230 to 1/4 MICs, depending on the bacterial genus and environmental 
conditions (Gullberg et al., 2011). The calculated NOAECcalc values 

Table 3 
Predicted no effect concentrations (PNECs) of the Larsson and Le Page frame
works and highest acceptable human drinking water concentrations (HDWCs) 
of the VICH framework.      

Antibiotic Larsson1 (ng/L) Le Page2 (ng/L) VICH3 (ng/L)  

amoxicillin 250 100 552 
cephalexin 4000 80a 76,350 
ciprofloxacin 64 450a 208 
levofloxacin 250 100 1490 
moxifloxacin 125 100 272 
doxycycline 2000 100 984 
clindamycin 1000 100 290 
azithromycin 250 20a 10 
metronidazole 125 100 2360 
sulfamethoxazole 16,000 600a 1232 
trimethoprim 500 100,000a 63,214 

1 Bengtsson-Palme and Larsson (2016); 
2 Le Page et al. (2017); 
3 Calculated in this study; 
a IFPMA (2018); Tell et al. (2019)  
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were lower than the MICcalc values that were derived from published 
MIC50 values (Table S8). Thus, the microbiological ADI values derived 
from the NOAECcalc were used in the HDWC calculations for all of the 
selected antibiotics. The resulting HDWCs were, overall, much lower 
than previously reported for the same antibiotics using the ADI calcu
lation approach. For example, Schwab et al. (2005), reported PNEC 
values, which correspond to the HDWCs calculated here (Table 3), for 
doxycycline 430 µg/L, ciprofloxacin 23 µg/L, sulfamethoxazole 
1900 µg/L and trimethoprim 60 µg/L (Schwab et al., 2005). These 
values are 2–3 orders of magnitude higher than the HDWCs in this 
study, except for trimethoprim, for which the HDWC was at a com
parable concentration. The reason for these differences is the applica
tion of more conservative safety factors in this study, to account for 
AMR development, which was not considered by Schwab et al. (2005). 
Consequently, the VICH framework limit concentrations in this study 
are, in general, lower than estimated in previous reports. 

3.2.1. Comparison of PECs to PNECs by river segments 
PEC values simulated using PhATE for each river segment were 

compared to the PNEC values established in each of the three frame
works (Table 3) and the results were expressed as a fraction of river 
segments which exceeded the PECs for antibiotics (percent segments 
above Larsson, Le Page, or VICH limits, Tables A1 and A2). Expectedly, 
for both the Columbia and Sacramento River watersheds, the fraction of 
river segments where the limit concentrations were predicted to be 
exceeded was larger for simulated low flow conditions than for mean 
flow conditions (Figs. 1 and 2). Overall, the patterns across different 
“loss scenarios”, frameworks, and antibiotic types were similar for the 
two rivers (correlation coefficients  >  0.9). Under the most con
servative assumptions of no antibiotic loss and low flow conditions 
(Fig. 1D and Fig. 2D), the antibiotics estimated to reach concentrations 
above all framework limits were amoxicillin (21–49% of segments in 
Columbia and 33–64% in Sacramento River waters) and ciprofloxacin 
(10–22% of segments in Columbia and 15–35% in Sacramento River 
waters). 

Levofloxacin, metronidazole, azithromycin and sulfamethoxazole 
concentrations were predicted to be above at least two frameworks’ 
limits in at least 10% of river segments both in the Columbia and 
Sacramento River watersheds. Cephalexin was estimated to be over the 
Le Page framework limit in 32% of segments in the Columbia and 56% 
of segments in the Sacramento River watersheds. The simulated con
centrations of doxycycline and clindamycin exceeded Le Page frame
work limits in 11% and 3% of segments in Columbia River, respectively, 
and in 15% of segments in Sacramento River. Simulated trimethoprim 
concentrations exceeded the Larsson framework limit in 4% of seg
ments in Columbia and 15% of segments in Sacramento River waters. 
Moxifloxacin was the only antibiotic for which concentrations were 
estimated not to exceed framework limits in the Sacramento River and 
to only exceed the Larsson and Le Page framework limits in < 1% of 
segments in the Columbia River (Fig. 1D and Fig. 2D; Tables A1 and 
A2). 

3.2.2. Comparison of mean, 90th, 95th and 99th percentile PECs to PNECs 
The PEC/PNEC ratios (Tables A1 and A2) were calculated for 

mean, 90th, 95th and 99th percentile PECs in the Columbia (Fig. 3, S1, 
S3 and S4) and Sacramento (Fig. 4, S2, S5 and S6) River watersheds, 
modeled in low (Figs. 3 and 4, S1 and S2) and mean (Fig. S3-S6) river 
flow conditions and under four different antibiotic loss conditions: “All” 
or “None” (Fig. 3, Fig. 4, S3 and S5) and “WWTP” or “In-stream” (Fig. 
S1, S2, S4 and S6). The ratios  <  1 indicate that simulated PECs are 
lower than the antibiotic levels expected to pose risks for AMR ac
cording to the frameworks and ratios  >  1, in turn, indicate that PECs 
in watersheds are higher than the lowest AMR-promoting antibiotic 
concentrations. For PECs simulated under mean flow conditions, PEC/ 
PNEC ratios ≥ 1 occurred only for a few antibiotics: amoxicillin, ce
phalexin, metronidazole and azithromycin (Table S10 and Fig. S3-S6). 

However, at more conservative conditions of low river flow, the PNECs 
exceeded the PECs for amoxicillin, metronidazole, ciprofloxacin, levo
floxacin and trimethoprim per the Larsson framework, amoxicillin, 
metronidazole, cephalexin, levofloxacin, doxycycline, clindamycin, 
azithromycin and sulfamethoxazole per the Le Page framework, and 
amoxicillin, ciprofloxacin, azithromycin and sulfamethoxazole per the 
VICH framework (Table S10 and Fig. 3 and 4, S1 and S2). 

Overall, the simulation results for the Columbia and Sacramento 
River watersheds indicated the same set of antibiotics having PEC va
lues above framework limits (Table S10). Antibiotic concentrations in 
both watersheds at the same conditions (mean or low flow, and as
sumed “loss” conditions) were similar, and thus resulted in similar PEC/ 
PNEC ratios. Overall, under mean flow conditions, the PEC/PNEC ratios 
were not higher than five for three out of four antibiotics which had 
ratios at or above one. The highest PEC/PNEC ratios were predicted for 
amoxicillin, both in low flow and mean flow conditions. When com
paring the frameworks, applying the Le Page framework resulted in the 
highest PEC/PNEC ratios, while the VICH framework indicated the 
lowest PEC/PNEC ratios (Table S10). Also, the number of antibiotics 
with a PEC/PNEC ratio at or above one was highest when using the Le 
Page framework (eight out of 11 antibiotics in low flow conditions), 
and lowest when using the VICH framework PNECs (four out of 11 
antibiotics in low flow conditions, Table S10). 

3.3. Comparison of PECs of antibiotics in the Sacramento and Columbia 
River watersheds and PNECs of the three frameworks to MECs 

To corroborate PEC-based evaluations of the frameworks, antibiotic 
MECs for surface waters, WWTP effluents, and groundwaters were re
trieved from peer reviewed literature for comparison (Table S11). The 
MECs from locations throughout the world and different compartments 
were averaged to yield representative MECs. The MECs which were 
orders of magnitude higher than the rest of the reported values for the 
same antibiotic were excluded from the analysis. Still, reported con
centrations of antibiotics varied by up to two orders of magnitude for 
the same antibiotic. The largest maximum concentrations were reported 
for sulfamethoxazole (2100 ng/L) and trimethoprim (1288 ng/L) 
(Anderson et al., 2012). The lowest number of MECs was available for 
levofloxacin and moxifloxacin (one value for each, in one publication), 
indicating either that the levels of these antibiotics are generally below 
the detection limit or analytical detection of these compounds is pro
blematic. 

The comparisons of MECs to PNECs from the Larsson, Le Page and 
VICH frameworks indicated that at least one MEC/PNEC ratio was  >  1 
for six antibiotics out of 11 according to the Larsson framework, all 
antibiotics except for trimethoprim according to Le Page framework 
and for four antibiotics out of 11 according to the VICH framework 
(Fig. 5). When comparing the maximum MECs and most conservative 
assumption PECs, both MEC/PNEC and PEC/PNEC ratios indicated ei
ther identical or a very similar set of antibiotics that exceeded the PNEC 
limits for each framework. Specifically, the antibiotics with environ
mental concentrations above Larsson threshold limits (based on both 
MECs and PECs) were amoxicillin, ciprofloxacin, metronidazole, and 
trimethoprim (Fig. 3B, Fig. 4B and Fig. 5). The MEC, but not the PEC, 
of azithromycin was ≥ PNEC of the Larsson framework. In addition, the 
PEC of cephalexin (99th percentile, simulated in low flow and “no loss” 
conditions) was ≥ the PNEC for the Columbia River only. Interestingly, 
the moxifloxacin MEC was above the Larsson limit while its PEC was 
not, and levofloxacin’s PEC was above the limit while its MEC was not. 
This inconsistency may derive from uncertainty in the scarce MEC data 
available for both antibiotics (only one value for each, Table S11). For 
the Le Page framework, as mentioned above, all antibiotics except for 
trimethoprim were above threshold limits based on MEC/PNEC values. 
PEC/PNEC yielded the same results as MEC/PNEC ratios with the ex
ception of moxifloxacin which had a PEC/PNEC ratio below the Le Page 
limit (Fig. 3B, Fig. 4B and Fig. 5). Again, this discrepancy may have 
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been caused by the availability of only one MEC for moxifloxacin. For 
the VICH framework, both MEC/PNEC and PEC/PNEC ratios indicated 
the same set of antibiotics—amoxicillin, ciprofloxacin, azithromycin 
and sulfamethoxazole—as being above the threshold limit (Fig. 3B,  
Fig. 4B and Fig. 5). 

4. Discussion 

The three frameworks evaluated here each proposed PNECs, derived 
from either MICs or NOECs of clinically relevant or environmental 
bacteria, to be used as safe limit antibiotic concentrations for AMR. The 
estimation of PNECs relied on the assumption that AMR development 

and proliferation correlates with antibiotic exposure concentrations. 
This assumption is based on published data showing that, in laboratory 
experiments, several clinically used antibiotics at extremely low 
concentrations, similar to the concentrations found in natural 
environments, could select for resistant bacteria (Gullberg et al., 2011). 
However, laboratory MIC tests measure acute effects on bacteria rather 
than chronic effects, and also measure growth inhibition under high 
nutrient availability. In the environment, the selection for AMR occurs 
during much longer timescales and the longer generation times may 
potentially narrow the sub-MIC selective window for many antibiotics 
(Bengtsson-Palme and Larsson, 2016). Further complicating the issue of 
environmental AMR selection is the limited knowledge of how 

Fig. 1. Percent Columbia river segments (out of 750 total segments in PhATE) that had antibiotic concentrations above framework limit concentrations for each 
antibiotic, accounting for antibiotic losses due to (A) human metabolism, in stream degradation and wastewater treatment plant (WWTP) removal; (B) human 
metabolism and WWTP removal; (C) human metabolism and in-stream degradation and (D) only human metabolism. Model was run assuming either “mean river 
flow” (left) or “low river flow” (right). Low flow means drought conditions, i.e., 7 consecutive day low flow that occur once every 10 years. 
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co-exposure to multiple antibiotics or other contaminants such as me
tals affects AMR development. Adding to the uncertainty are the con
flicting reports of the influence of antibiotic residues on the fate of 
AMR. Several studies have established a positive correlation between 
the occurrence of antibiotics and resistant bacteria (Li et al., 2015; 
Rodriguez-Mozaz et al., 2015; Bengtsson-Palme et al., 2016). However, 
a recent European antibiotic resistance surveillance which analyzed 
229 resistance genes and 25 mobile genetic elements in the influent and 
treated effluent of 12 WWTPs located in seven countries found no 
correlation between the relative abundance of AMR genes and > 50 
antibiotics in the effluent samples (Parnanen et al., 2019). Also, no 
statistically significant correlations could be established between the 

relative abundance of AMR genes in the treated effluents and country- 
level information on antibiotic consumption in the primary care sector 
(Parnanen et al., 2019). 

Thus, the causes for AMR are complex and may include multiple 
mechanisms, such as horizontal gene transfer, genetic mutation and 
recombination, and selective pressures by antibiotics and other con
taminants (Vikesland et al., 2017). Still, considering the urgency of 
managing the problem of AMR spread, mitigation practices need to be 
implemented proactively while the research on the mechanisms of AMR 
development and proliferation is ongoing. This study focused on the 
role of selective pressures by antibiotics on AMR and the applicability 
of safe limit concentrations for reducing the increased dissemination of 

Fig. 2. Percent Sacramento river segments (out of 55 total segments in PhATE) that had antibiotic concentrations above framework limit concentrations for each 
antibiotic, accounting for antibiotic losses due to (A) human metabolism, in stream degradation and wastewater treatment plant (WWTP) removal; (B) human 
metabolism and WWTP removal; (C) human metabolism and in-stream degradation and (D) only human metabolism. Model was run assuming either “mean river 
flow” (left) or “low river flow” (right). Low flow means drought conditions, i.e., 7 consecutive day low flow that occur once every 10 years. 
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AMR. The rationale behind this approach is that reduced antibiotic 
releases are expected to decrease selection pressure, which would result 
in diminished AMR bacterial populations. This study evaluated how the 
antibiotic threshold concentrations that are set as targets by stake
holders compare to the predicted and measured antibiotic concentra
tions in the surface waters to improve the understanding of the required 
treatment effectiveness and associated costs for reaching the targets. 
The study included two frameworks reported in the literature and 
adopted by the AMR industry alliance members (Tell et al., 2019) – the 
Larsson framework and the Le Page framework. Since the Le Page 
framework has been criticized for its overly conservative approach 
caused by using NOECs of environmental bacteria (cyanobacteria) 

which may incur higher manufacturing costs (Bengtsson-Palme and 
Larsson, 2018) and the Larsson framework has received criticism for the 
use of MICs which have been determined in test conditions that are 
largely environmentally irrelevant (Le Page et al., 2018) a third ap
proach for estimating safe antibiotic threshold limits was included for 
comparison in the evaluation here. Specifically, HDWCs were calcu
lated according to VICH guidelines, which are aimed at protecting 
human health via managing the exposure to veterinary drugs by in
gestion of drinking water and fish. Since human antibiotics have similar 
pathways from the production facilities to surface waters as veterinary 
antibiotics, the human exposure assessment methodology outlined in 
the VICH guidelines was deemed suitable for the purposes of this study. 

Fig. 3. Ratios of antibiotic predicted environmental concentrations (PEC) in the Columbia River watershed and predicted no effect concentrations (PNEC) of the 
Larsson, Le Page and VICH frameworks. PEC values were simulated using PhATE, assuming low river flow and accounting for antibiotic losses due to (A) human 
metabolism, in stream degradation and wastewater treatment plant removal, i.e. assumed loss: “All”, or (B) only human metabolism, i.e. assumed loss: “None”. Mean, 
90th, 95th and 99th percentile PEC of 750 segments of the Columbia River watershed were used in PEC/PNEC ratio calculations. Red lines mark PEC/PNEC ratio 
equal to one. (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.) 
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An important observation that emerges from the comparison of the 
PNECs of the three frameworks (Table 3) is the large variation between 
the values proposed to be protective of AMR for the same antibiotic by 
different frameworks. For example, the values for cephalexin range 
from 80 ng/L in the Le Page framework to 76 350 ng/L in the VICH 
framework, and for trimethoprim from 500 ng/L in the Larsson fra
mework to 100 000 ng/L in the Le Page framework. The differences in 
PNECs for the same antibiotic are in some cases up to three orders of 
magnitude, comparable to the range of variability between PNECs for 
different antibiotics. The threshold values of only two antibiotics, 
amoxicillin and moxifloxacin, are in the same order of magnitude in all 
three frameworks. The large differences exist despite the fact that all 
three frameworks are based on the assumption that AMR selection oc
curs at sub-MIC levels as per Gullberg et al. (2011). Both the Larsson 
and VICH frameworks use MICs of clinically relevant bacteria as a point 
of departure for calculations of PNECs and HDWCs, respectively. 
However, the VICH framework, proposed herein, differs from the 
Larsson framework in that it connects environmental antibiotic con
centrations with human health by calculating safe antibiotic levels in 
drinking water and fish consumed by humans, so that PNECs (or 
HDWCs) would be protective of intestinal microorganisms that are 
sensitive to the particular antibiotic. The Le Page framework is expected 
to be more conservative because of using the lowest NOEC values for 
the most sensitive environmentally relevant phyla (cyanobacteria) as a 
point of departure for estimating PNECs. Indeed, in the case of most 
antibiotics included in this study, Le Page PNECs are lower than PNECs 
of the Larsson or VICH framework (Table 3). The exceptions are ci
profloxacin and trimethoprim, which have the highest PNEC values in 
the Le Page framework. Overall, the discrepancies in the PNECs of the 
three frameworks suggest that, for informed decisions on choosing the 
threshold limits for antibiotic releases, all available frameworks should 
be compared and considered. 

To enable comparison and evaluation of the three frameworks, PECs 
for 11 most sold antibiotics in the U.S. were simulated for the 
Sacramento and Columbia River watersheds using PhATE. The model 
was executed for several different conditions (assuming antibiotic loss 
across the WWTP, in stream, both, or no loss, each at low or mean river 
flow) which yielded different PEC values (Table A1 and A2). 
Simulations under “no loss” conditions resulted in 2–10 times higher 
PECs than under “all loss” conditions for most of the antibiotics. 
However, the simulated mean PECs of ciprofloxacin, metronidazole and 
moxifloxacin were three orders of magnitude higher at “no loss” set
tings than when assuming “all loss”. To corroborate the simulated PECs 
and place them in the context of antibiotic levels in the surface waters 
measured in different locations in the world, MECs were collected from 
the peer reviewed literature. When MECs and PECs were compared to 
PNECs of each of the three frameworks, both measured and simulated 
antibiotic concentrations indicated the same or a very similar set of 
antibiotics that exceeded the PNECs (Fig. 3B, Fig. 4B and Fig. 5). This 
confirmed that the PECs, simulated here for two North American rivers, 
were in a similar range compared to MECs reported for the same an
tibiotics in different geographical locations and surface water com
partments (Table S11). It is worth noting that the PhATE model, used 
for deriving PECs, only accounted for antibiotics that resulted from 
human consumption, which could result in lower values than MECs that 
reflect all sources of antibiotics, including veterinary use. Still, PECs 
and MECs for several antibiotics in this study were in the same range 
(order of magnitude). However, since the conservative PECs for some 
antibiotics (moxifloxacin, doxycycline, clindamycin, azithromycin and 
trimethoprim) were lower than maximum reported MECs, maximum 
PEC values (99th percentile) obtained in conservative simulation con
ditions (low flow and no loss) were used when drawing conclusion on 
the performance of the three frameworks. 

A comparison of the PEC/PNEC ratios established for the three 
frameworks (Table S10, Figs. 3 and 4) indicates that, expectedly, the Le 
Page framework is the most conservative in estimating the risk for 

AMR, with the highest number of antibiotics having PEC/PNEC as well 
as MEC/PNEC ≥ 1. The Larsson and VICH frameworks both had similar 
results, with five and four antibiotics, respectively, having MEC/PNEC 
or PEC/PNEC ≥ 1. In Bengtsson-Palme and Larsson (2016), the original 
publication of the Larsson framework, it was established that for 28% of 
111 studied antibiotics the highest reported concentrations in effluents 
from conventional WWTPs, as reported by Michael et al. (2013), ex
ceeded the proposed PNECs. Additionally, the measured concentrations 
of ciprofloxacin in surface waters were shown to exceed not only the 
proposed PNECs but also the upper boundary of minimum selectable 
concentrations (MSCs) and reported MICs (Bengtsson-Palme and 
Larsson, 2016). Recently, Booth et al. (2020) compared the environ
mental concentrations of 12 antibiotics in municipal WWTP effluent, 
industrial wastewater effluent, hospital wastewater effluent, surface 
water, and drinking water, across 47 countries, to the PNECs for AMR 
selection proposed by Bengtsson-Palme and Larsson (2016). The study 
found that 7.9% of all reported concentrations of antibiotic residues 
exceeded the PNEC values while ciprofloxacin (along with clari
thromycin) emerged as an antibiotic with the greatest proportion 
(> 30%) of residues exceeding the PNEC (Booth et al., 2020). 

However, in addition to determining if antibiotic environmental 
concentrations are greater than proposed PNECs, analyzing the mag
nitude of PEC/PNEC or MEC/PNEC ratios provides additional insight 
into the potential impacts of the contaminating antibiotics. Specifically, 
AMR risk evaluation is unique in that environmental antibiotic con
centrations slightly higher or equal to PNECs for AMR selection may 
pose a greater risk from an AMR propagation perspective than anti
biotic concentrations which are orders of magnitudes higher than 
PNECs and closer to MIC values of the antibiotic or even bactericidal. 
Clearly, the proposed PNECs as well as the MICs used as departure 
points for PNEC calculations include uncertainties and do not accu
rately predict antibiotic effects to all bacterial strains and natural 
communities, so even at very high antibiotic concentrations AMR se
lection may occur in certain resistant or stress-tolerant bacteria. Still, in 
the case of AMR selection risk, higher PEC/PNEC or MEC/PNEC ratios 
do not necessarily predict greater risk for AMR propagation than lower 
ratios which are ≥ 1. Considering that the assessment factors applied in 
estimating the framework PNECs were in the range of 8–10, the PEC/ 
PNEC or MEC/PNEC ratios  >  10 could be considered potentially in the 
range of MICs for some bacteria. Based on our results, while modeling 
in low flow and “All” loss scenarios did not indicate that the antibiotic 
PECs exceeded the PNEC > 10 times (Fig. 3A and Fig. 4A), PECs 
modeled in low flow and “No loss” conditions resulted in PEC/ 
PNEC  >  10 for amoxicillin (all three frameworks), metronidazole 
(Larsson and Le Page frameworks), ciprofloxacin (Larsson framework), 
cephalexin (Le Page framework) and azithromycin (VICH framework) 
(Fig. 3B and Fig. 4B, Table S10). MEC/PNEC  >  10 occurred in the 
case of ciprofloxacin (Larsson framework) and azithromycin (Le Page 
and VICH framework) (Fig. 5). The high levels of these antibiotics in the 
environment are of concern not only for AMR selection risk but also for 
environmental risk. 

Based on PEC/PNEC and MEC/PNEC ≥ 1, PECs and at least one 
MEC of two antibiotics, amoxicillin and ciprofloxacin, were higher than 
their PNECs of all three frameworks (Table S10, Figs. 3-5). This in
dicates that the levels of these two antibiotics may be above the AMR 
promoting concentrations in surface waters, and that lowering their 
discharge levels should be a priority. Amoxicillin is a beta lactam an
tibiotic, a class of antibiotics known to be readily degradable by hy
drolysis, both in biotic and abiotic processes (Arsand et al., 2018). Thus, 
due to the known lability of beta lactam structures, PhATE may over
estimate amoxicillin concentrations in surface waters under “No loss” 
modeling scenario (Fig. 3B and Fig. 4B). Still, under assumed “WWTP”, 
“In-Stream” and “All” loss scenarios and also in mean flow conditions, 
the PEC/PNEC ratios of amoxicillin were ≥ 1 and in some cases the 
highest among the antibiotics studied across all three frameworks 
(Table S10). Also, even when environmental concentrations of 
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amoxicillin are mostly expected to be low, hotspots can appear (Hughes 
et al., 2013; Table S11, Fig. 5), warranting scrutiny even for antibiotics 
known to be labile in the environment. This is particularly relevant 
when considering the reportedly high sensitivity of cyanobacteria to 
beta lactam antibiotics, including amoxicillin (Dias et al., 2015). Ci
profloxacin, in contrast, belongs to a class of fluoroquinolones which 
are resistant to biodegradation and are found in high concentrations in 
WWTP effluents (Mirzaei et al., 2018). In general, the highest MEC/ 
PNEC ratio of ciprofloxacin was the highest among these of 11 anti
biotics in the Larsson framework and second highest in the VICH 

framework (Fig. 5). Thus, limits for fluoroquinolones should likely re
ceive special scrutiny due to their low degradation and thus high per
sistence and accumulation potential in the environment. Further, a 
correlation between fluoroquinolone usage and resistance rates has 
been demonstrated (Redgrave et al., 2014), suggesting that limiting the 
release rates could serve as an effective measure for reducing AMR 
spread. 

Azithromycin stands out as an antibiotic with the lowest PNECs 
both in the Le Page and VICH frameworks (20 and 10 ng/L, respec
tively; Table 3), which resulted in PEC/PNEC  >  1 at low flow 

Fig. 4. Ratios of antibiotic predicted environmental concentrations (PEC) in the Sacramento River watershed and predicted no effect concentrations (PNEC) of the 
Larsson, Le Page and VICH frameworks. PEC values were simulated using PhATE, assuming low river flow and accounting for antibiotic losses due to (A) human 
metabolism, in stream degradation and wastewater treatment plant removal, i.e. assumed loss: “All”, or (B) only human metabolism, i.e. assumed loss: “None”. Mean, 
90th, 95th and 99th percentile PEC of 55 segments of the Sacramento River watershed were used in PEC/PNEC ratio calculations. Red lines mark PEC/PNEC ratio 
equal to one. In panel B, yellow data points overlap with orange and grey data points. (For interpretation of the references to colour in this figure legend, the reader is 
referred to the web version of this article.) 
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conditions (Figs. 3 and 4, Table S10) and the highest MEC/PNEC ratios 
for both frameworks, while all reported MECs exceeded PNECs (Fig. 5). 
Azithromycin is a macrolid class antibiotic and is the most hydrophobic 
antibiotic included in this study (logKow 4, Table S1). Due to its hy
drophobicity, it adsorbs readily to sludge in WWTPs. However, negative 
removal rates of this antibiotic have been reported (i.e., concentrations 
of azithromycin have been higher in WWTP effluent than in influent;  
Mirzaei et al., 2018). This has been explained by certain antibiotics 
reverting back into their parent compound or into their original form 
during the treatment processes (Mirzaei et al., 2018). Additionally, 
azithromycin-containing effluent release from pharmaceutical manu
facturing has been associated with the enrichment of macrolide-re
sistance genes and integrons in receiving river sediments (Milaković 
et al., 2019). 

The Le Page and VICH frameworks both indicated sulfamethoxazole 
PEC/PNEC ≥ 1 at low flow simulation conditions. This is significant, 
because sulfamethoxazole is a sulfonamide which was recently reported 
to be among the four most frequently detected pharmaceuticals in 
groundwater used as a source of drinking water in the U.S. (Bexfield 
et al., 2019). Thus, its environmental release concentrations should 
likely receive special attention. 

Metronidazole was among the few antibiotics (also amoxicillin, 
cefalexin, ciprofloxacin and azithromycin) which had PECs that were 
modeled in mean river flow conditions that exceeded PNECs (Table 
S10, Fig. S3B and S5B), and most reported metronidazole MECs ex
ceeded the PNECs (Fig. 5). Metronidazole is a nitroimidazole, active 
against protozoa and mainly anaerobic bacteria, meaning that it targets 
both prokaryotic and eukaryotic microorganisms. Metronidazole re
sistance has been reported both in pathogenic bacteria (Dingsdag and 
Hunter, 2018) and protozoa (Rajamanikam et al., 2019) for which it is 
used as a first line therapy. Due to the potential for resistance devel
opment in pro- and eukaryotic microorganisms, high environmental 
metronidazole concentrations could pose an elevated risk for AMR 
proliferation. 

Overall, this study indicated that simulated and measured en
vironmental concentrations of several antibiotics in two major Western 
U.S. rivers may exceed concentrations predicted to have no effects on 
microorganisms from an AMR proliferation perspective. Among the 
different environmental surveillance objectives of antibiotic resistance 
(Huijbers et al., 2019), data on antibiotic exposure concentrations can 
inform risk assessment of AMR expansion, and thus comparing en
vironmental antibiotic concentrations to PNECs for resistance selection 
is a feasible immediate measure, either alone or in combination with 
other approaches, towards managing AMR risks. 

5. Conclusions 

Here we simulated PECs of 11 most used antibiotics, which belong 
to nine different sub-classes, for two North-American river watersheds 
and compared the resulting PECs to PNECs of three frameworks which 
address the issue of AMR propagation. The analysis showed that PECs of 
all the studied antibiotics, except moxifloxacin, a 4th generation 
fluoroquinolone, and at least one literature reported MEC of all the 
studied antibiotics, were above the safe limit proposed by at least one of 
the three frameworks. The results indicate that a variety of different 
antibiotics with different mechanisms of action and physico-chemical 
properties may be present in environmental compartments at or above 
the concentrations currently proposed as safe from an AMR spread 
perspective. The analysis herein identified amoxicillin and cipro
floxacin as two antibiotics which exceed safe environmental limits ac
cording to all three frameworks evaluated. Concentrations of other 
antibiotics were also shown to be higher than PNECs at certain condi
tions and at varying levels. While this study was oriented towards do
mestic use with release into two western U.S. rivers, the approach could 
also guide prioritization and management control of release levels of 
antibiotics from manufacturing plants. While selective pressure by an
tibiotics is only one factor that may contribute to AMR development 
and proliferation, controlling the effluent antibiotic concentration is an 
immediately applicable measure that can be taken to act on the globally 
concerning issue of AMR. 
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Table S1. Physico-chemical properties of antibiotics. 

Antibiotic Chemical type 

at pH7 

Water 

solubility 

(mg/L) 

pKa1 Biodegradation 

rate coefficient 

(1/h)v 

logKow 

amoxicillin zwitteriona 4000l 2.8a 0.9 -1.56w 

cephalexin zwitterionb 13500l 2.6q 1.8 -2.14x 

ciprofloxacin zwitterionc 10000l 2.9r 0.3 0.28y 

levofloxacin zwitteriond insoluble in 

waterm 

5.7d 0.1 0.51x 

moxifloxacin zwitterione 19600n 8.9s 0.1 -0.28z 

doxycycline neutralf 100l 3.7r 0.07 -3.19x 

clindamycin baseg 100000l 7.7t 0.5 1.04x 

azithromycin baseh 2.37o 8.96u 0.01 4.02A 

metronidazole basei 10000l 2.4q 0.1 -0.22B 

sulfamethoxazole neutralj 10l 1.7r 0.1 0.86C 

trimethoprim neutralk 405.3p 3.2r 0.1 0.802D 

aFelix et al. (2016); bMatsumoto et al. (1994); cJin et al. (2018); dHirano et al. (2006); eQuiming et al. 

(2007); fLegendre et al. (2012); gKlempner and Styrt (1983); hAucamp et al. (2015); iErah et al. (1997); 
jKimura et al. (2004); kIm et al. (2016); lJjemba (2006); mGonzalez et al. (2000); nVaranda et al. (2006); 
oHSDB (2018); pYalkowsky and He (2003); qShalaeva et al. (2008); rQiang and Adams (2004); sRefaat et 

al. (2016); tWan et al. (2003); uZrnčić et al. (2015); vObach et al. (2008); wWiniwarter et al. (1998); 
xViswanadhan et al. (1989); yTakács-Novák et al. (1992); zLanglois et al. (2005); ALombardo et al. 

(2000); BMcFarland et al. (1997); CRafols et al. (2017); DKansy (2007). 

  



Table S2. Antibiotic prescription rates (number of prescriptions per 1000 persons) at national 

and state levels in 2011(CDC, 2011). 

Antibiotic Corresponding 

antibiotic class 

in CDC 

database 

National California Oregon Washington Idaho Montana 

amoxicillin Penicillins 196 156 147 142 171 159 

cephalexin Cephalosporins 117 77 73 87 108 84 

ciprofloxacin Fluoroquinolones 101 71 73 67 71 77 

levofloxacin Fluoroquinolones 101 71 73 67 71 77 

moxifloxacin Fluoroquinolones 101 71 73 67 71 77 

doxycycline All classes 877 629 636 662 740 724 

clindamycin All classes 877 629 636 662 740 724 

azithromycin Macrolides 190 135 120 136 142 163 

metronidazole All classes 877 629 636 662 740 724 

sulfamethoxazole All classes 877 629 636 662 740 724 

trimethoprim All classes 877 629 636 662 740 724 

CDC - Centers for Disease Control and Prevention 

  



Table S3. Estimated antibiotic sales in kilograms (kg) in 

Sacramento and Columbia watershed areas in 2011.1 

Antibiotic Sacramento Columbia 

amoxicillin 908,079 862,736 

cephalexin 196,255 217,139 

ciprofloxacin 147,506 145,399 

levofloxacin 39,245 38,684 

moxifloxacin 7,735 7,624 

doxycycline 46,588 49,506 

clindamycin 51,047 54,245 

azithromycin 74,249 73,743 

metronidazole 86,081 91,474 

sulfamethoxazole 285,725 303,625 

trimethoprim 58,313 61,966 
1Data was calculated based on prescription rates at national and state 

levels (Table S2), national sales data (Table 1), and populations of four 

states in the Columbia watershed (Table S4). 

 

 

Table S4. Populations in the Columbia River Watershed States in 

2010 (U.S. Census Bureau). 

State Population 

Oregon 3,831,074 

Washington 6,724,540 

Idaho 1,567,582 

Montana 989,415 

 

  



Table S5. Fractional losses and first order loss coefficients of antibiotics by source. 

Antibiotic Fractional loss 

by human 

metabolism 

Fractional loss in 

wastewater 

treatment plant 

First order loss 

coefficients in 

stream (1/day) 

amoxicillin 0.4 0.96a 0.035d 

cephalexin 0.1 0.82a 2.9e 

ciprofloxacin 0.5 0.7a 63f 

levofloxacin 0.09 0.55b 0.14g 

moxifloxacin 0.55 0.4c 490h 

doxycycline 0.6 0.71a 67.6%i 

clindamycin 0.86 -1.5a 0.43j 

azithromycin 0.94 0.44a 0.0084k 

metronidazole 0.05 0.38a 145l 

sulfamethoxazole 0.16 0.52a 0.032j 

trimethoprim 0.33 0.4a 0.12g 

aVerlicchi et al. (2012); bPark et al. (2017); cJia et al. (2012); dBraschi et al. (2013); eYan 

et al. (2017); fWang et al. (2018); gLam et al. (2004); hSturini et al. (2012); iZaranyika et 

al. (2015); jHenzler et al. (2014); kVermillion Maier and Tjeerdema (2018); lTong et al. 

(2011) 

 
 



Table S6. Minimum inhibitory concentrations at which growth of 50% of the bacterial isolates is inhibited (MIC50, µg/mL)1 for the 

relevant intestinal microflora described in VICH (2012). 

Genera 

amoxi-

cillin 

cepha-

lexin 

cipro-

floxacin 

levo-

floxacin 

moxi-

floxacin 

doxy-

cycline 

clinda-

mycin 

azithro-

mycin 

metro-

nidazole 

sulfa-

methox-

azole 

trimetho-

prim 

Bacteroides 2 32 0.5 0.06 0.125 0.25 ≤ 0.015 0.06 0.125 NA NA 

Bidfidobacterium 0.25 NA 1 0.5 0.125 0.25 0.015 0.03 2 NA NA 

Clostridium ≤ 0.125 32 1 0.125 0.25 8 ≤ 0.03 0.25 0.06 NA NA 

Enterococcus 0.5 32 0.5 0.25 0.125 0.12 2 1 > 1024 NA NA 

Escherichia coli 6.25 4 0.008 0.015 0.03 1 2 4 NA > 0.06 0.5 

Eubacterium 1 NA 0.5 0.5 0.25 NA 0.015 ≤ 0.03 0.06 NA NA 

Fusobacterium  ≤ 0.125 NA 1 0.5 0.125 0.25 0.032 0.125 ≤ 0.125 NA NA 

Lactobacillus 1 NA 0.5 0.5 0.25 0.25 0.03 0.03 > 8 NA NA 

Peptococcus NA 32 0.5 NA NA NA 0.125 NA 1 NA NA 

Peptostreptococcus ≤ 0.125 32 0.5 0.06 0.12 NA 0.03 0.06 0.25 NA NA 
1Data are from the Antimicrobial Index Knowledgebase (http://antibiotics.toku-e.com/antimicrobial_528_26.html, accessed: Feb. 12, 2019). 

NA – no value available 

  



Table S7. Minimal minimum inhibitory concentrations (MICmin, μg/mL)1 for bacterial species sensitive to 

selected antibiotics as listed in drug datasheets. 

amoxicillin cephalexin doxycycline 

Sensitive strains  MICmin Sensitive strains  MICmin Sensitive strains  MICmin 

Enterococcus faecalis 0.25 Staphylococcus aureus 
(including penicillinase-

producing strains) 

0.78 Ureaplasma urealyticum 
(doxycycline susceptible) 

0.06 

Staphylococcus spp. (β-

lactamase-negative strains only) 
0.1 Staphylococcus epidermidis 

(penicillin-susceptible strains) 
0.5 Mycoplasma pneumoniae 0.03 

Streptococcus pneumoniae 0.008 Streptococcus pneumoniae 0.5 Chlamydia pneumonia 0.016 

Streptococcus pyogenes 0.03 Streptococcus pyogenes 0.2 Haemophilus influenzae 0.5 

Escherichia coli (β-lactamase-

negative strains only) 
1.56 Escherichia coli 2 Klebsiella species 0.5 

Haemophilus influenzae (β-

lactamase-negative strains only) 
0.125 Haemophilus influenzae 4 Streptococcus pneumoniae 0.12 

Proteus mirabilis (β-lactamase-

negative strains only) 
0.5 Klebsiella pneumoniae 0.78 Borrelia 0.06 

Helicobacter pylori 0.0005 Proteus mirabilis 1.6 Campylobacter 

jejuni (Finland) 

0.06 

Moraxella catarrhalis 0.008 
  

Brucella 0.128     
Escherichia coli  0.25     
Enterobacter aerogenes 0.12     
Fusobacterium spp. 0.032     
Clostridium 4 

1Values are from the Antimicrobial Index Knowledgebase, http://antibiotics.toku-e.com/, accessed: Feb. 12, 2019. 

Only sensitive strains that had MICmin data available are included in the table. 

  



Table S7, continued. 

ciprofloxacin levofloxacin moxifloxacin 

Sensitive strains  MICmin Sensitive strains  MICmin Sensitive strains  MICmin 

Aeromonas hydrophila 0.008 Chlamydophila pneumoniae 0.5 Chlamydia pneumoniae 0.125 

Campylobacter jejuni 0.03 Citrobacter freundii 0.00625 Citrobacter freundii 0.03 

Citrobacter diversus 0.008 Citrobacter koseri 0.015 Enterobacter cloacae 0.015 

Citrobacter freundii 0.004 Clostridium perfringens 0.12 Escherichia coli 0.004 

Enterobacter aerogenes 0.008 Enterobacter aerogenes 0.008 Fusobacterium species 0.06 

Enterobacter cloacae 0.00625 Enterobacter cloacae 0.008 Haemophilus influenzae 0.004 

Enterococcus faecalis 0.25 Enterobacter sakazakii 0.25 Haemophilus parainfluenzae 0.016 

Escherichia coli 0.002 Enterococcus faecalis 0.006 Klebsiella oxytoca 0.03 

Haemophilus influenzae 0.004 Escherichia coli 0.004 Klebsiella pneumoniae 0.008 

Haemophilus parainfluen 0.008 Haemophilus influenzae 0.006 Legionella pneumophila 0.004 

Klebsiella pneumoniae 0.008 Haemophilus parainfluenzae 0.006 Moraxella catarrhalis 0.008 

Legionella pneumophila 0.008 Klebsiella oxytoca 0.015 Mycoplasma pneumoniae 0.016 

Moraxella catarrhalis 0.004 Klebsiella pneumoniae 0.008 Peptostreptococcus species 0.03 

Morganella morganii 0.00625 Legionella pneumophila 0.002 Prevotella species 0.03 

Neisseria gonorrhoeae 0.004 Moraxella catarrhalis 0.006 Proteus mirabilis 0.06 

Pasteurella multocida 0.008 Morganella morganii 0.0125 Staphylococcus aureus 0.016 

Proteus mirabilis 0.008 Mycoplasma pneumoniae 0.063 Staphylococcus epidermidis 0.008 

Proteus vulgaris 0.008 Pantoea agglomerans 0.015 Streptococcus agalactiae 0.03 

Providencia rettgeri 0.00625 Proteus mirabilis 0.015 Streptococcus pneumoniae 0.03 

Providencia stuartii 0.008 Proteus vulgaris 0.0125 Streptococcus pneumoniae 
(levofloxacin-susceptible) 

0.03 

Pseudomonas aeruginosa 0.03 Providencia rettgeri 0.025 Streptococcus pyogenes 0.06 

Salmonella enteritidis 0.00313 Providencia stuartii 0.06 Streptococcus spp. (Viridans 

group) 
0.12 

Salmonella typhi 0.008 Pseudomonas aeruginosa* 0.008 
  

Shigella boydii 0.008 Serratia marcescens 0.015 
  

Shigella dysenteriae 0.008 Staphylococcus aureus 0.006 
  

Shigella flexneri 0.008 Staphylococcus epidermidis 0.006 
  

Shigella sonnei 0.004 Staphylococcus haemolyticus 0.03 
  

Staphylococcus aureus 0.06 Staphylococcus saprophyticus 0.03 
  

Staphylococcus 

epidermidis 

0.0006 Streptococcus agalactiae 0.06 
  

Staphylococcus 

haemolyticus 

0.015 Streptococcus milleri 0.25 
  

Staphylococcus hominis 0.06 Streptococcus pneumoniae 0.03 
  

Staphylococcus 

saprophyticus 

0.06 Streptococcus pyogenes 0.025 
  

Streptococcus 

pneumoniae (levofloxacin-

susceptible) 

0.06 Viridans group streptococci 0.03 
  

Streptococcus pyogenes 0.0125 β-hemolytic Streptococcus 0.06 
  

Vibrio cholerae 10 
    

Vibrio parahaemolyticus 10 
    

Yersinia enterocolitica 0.008 
    

zae Serratia marcescens 0.008 
    

 



Table S7, continued. 

clindamycin azithromycin metronidazole 

Sensitive strains  MICmin Sensitive strains  MICmin Sensitive strains  MICmin 

Clostridium clostridioforme 0.015 Beta-hemolytic streptococci 
(Groups C, F, G) 

0.06 Bacteroides 

thetaiotaomicron 

0.2 

Clostridium perfringens  0.008 Chlamydia trachomatis 0.016 Bacteroides caccae 0.5 

Eubacterium lentum 0.03 Chlamydophila pneumoniae 0.015 Bacteroides distasonis 0.125 

Finegoldia 

("Peptostreptococcus") 

magna 

0.03 Haemophilus influenzae 0.001 Bacteroides fragilis  0.06 

Fusobacterium 

necrophorum 

0.015 Legionella pneumophila 0.008 Bacteroides ovatus 0.25 

Fusobacterium nucleatum  0.015 Moraxella catarrhalis 0.008 Bacteroides uniformis 0.25 

Micromonas 

("Peptostreptococcus") 

micros 

0.03 Mycoplasma pneumoniae 0.0006 Bacteroides vulgatus 0.12 

Peptostreptococcus 

anaerobius 

0.016 Peptostreptococcus 0.03 Clostridium 0.015 

Prevotella bivia 0.015 Prevotella bivia 0.25 Eubacterium 0.12 

Prevotella intermedia 0.016 Staphylococcus aureus 0.12 Fusobacterium 0.008 

Prevotella melaninogenica 0.016 Streptococcus agalactiae 0.008 Peptococcus 0.25 

Propionibacterium acnes 0.03 Streptococcus pneumoniae 0.008 Peptostreptococcus 0.12 

Staphylococcus aureus 

(methicillin-susceptible 

strains)  

0.06 Streptococcus pyogenes 0.001 Prevotella bivia 0.12 

Staphylococcus epidermidis 
(methicillin-susceptible 

strains) 

0.06 Ureaplasma urealyticum 
(doxycycline-susceptible) 

0.06 Prevotella buccae 0.06 

Streptococcus agalactiae 0.02 Viridans group streptococci 0.008 Prevotella disiens 0.06 

Streptococcus anginosus 0.064 
    

Streptococcus mitis 0.064 
    

Streptococcus oralis 0.064 
    

Streptococcus pneumoniae 
(penicillin-susceptible strains) 

0.008 
    

Streptococcus pyogenes  0.016 
    



Table S7, continued. 

sulfamethoxazole trimethoprim 

Sensitive strains  MICmin Sensitive strains  MICmin 

Enterobacter 0.03 Enterobacter 156 

Escherichia coli 0.015 Escherichia coli 0.062 

Haemophilus influenzae 0.06 Haemophilus influenzae 0.25 

Klebsiella 0.06 Klebsiella 0.25 

Streptococcus pneumoniae  152 Morganella morganii 156   
Proteus vulgaris 156   
Shigella flexneri 156   
Shigella sonnei 9.8   
Streptococcus pneumoniae  2 

 

  



Table S8. Calculated minimum inhibitory concentrations (MICcalc), calculated no-observable adverse 

effect concentrations (NOAECcalc) and respective microbiological acceptable daily intake (ADI) 

values for selected antibiotics for human intestinal microflora. 

Antibiotic MICcalc 

(µg/mL) 

NOAECcalc 

(µg/mL) 

ADI 

(MICcalc),1 

µg/kg day 

ADI 

(NOAECcalc),2 

µg/kg day 

amoxicillin 0.3 0.002 2.16 0.016 

cephalexin NA 0.07 NA 2.182 

ciprofloxacin 0.2 0.001 1.15 0.006 

levofloxacin 0.1 0.002 2.24 0.043 

moxifloxacin 0.1 0.002 0.39 0.008 

doxycycline 0.2 0.01 0.66 0.028 

clindamycin 0.03 0.002 0.1 0.008 

metronidazole 0.1 0.01 0.84 0.068 

azithromycin 0.06 0.001 0.2 0.003 

sulfamethoxazole NA 0.002 NA 0.036 

trimethoprim NA 0.2 NA 1.842 

ADI - acceptable daily intake, i.e., ADI for antibiotic intake via drinking water and 

fish; NA - not calculated because no MIC data was available for the set of 10 bacterial 

genera used in estimating MICcalc 
1MICcalc were used to calculate the ADI values; 2NOAECcalc were used to calculate the 

ADI values. 

 

  



Table S9. Fractional oral doses of antibiotics available to intestinal microflora. 

Antibiotic Fraction of oral dose 

available to 

microorganisms (%)1 

amoxicillin 40 

cephalexin 10 

ciprofloxacin 60 

levofloxacin 13 

moxifloxacin 80 

doxycycline 99 

clindamycin 90 

metronidazole 40 

azithromycin 94 

sulfamethoxazole 16 

trimethoprim 33 
1Calculated by subtracting the percentage excreted in 

urine, as reported in drug information sheets registered 

with the FDA, from 100. 

 

  



Table S10. Ratios of predicted environmental concentrations (PEC, 99th percentile values) and predicted no effect concentrations 

(PNEC) which were at or above one for Columbia (C) and Sacramento (S) River watersheds (red values from Tables A1 and A2, 

respectively). 

Frame-

work 

River 

flow 

Assumed 

loss 
River 

amoxi-

cillin 

cepha-

lexin 

cipro-

floxacin 

levo-

floxacin 

moxi-

floxacin 

doxy-

cycline 

clinda-

mycin 

metro-

nidazole 

azithro-

mycin 

sulfa-

methoxa-

zole 

trimetho-

prim 

Larsson 

frame-

work 

Mean 

flow 

All 
C            

S            

In stream 
C 3           

S 5           

WWTP 
C            

S        1    

None 
C 3       1    

S 5  3     1.5    

Low 

flow 

All 
C 1.5           

S 1           

In stream 
C 37   2       1 

S 31  3 2    2    

WWTP 
C 2  8 1.4    9   1 

S 1.4  6 1    7    

None 
C 46  25 3    15   2 

S 36  19 2    11   1 

Le Page 

frame-

work 

Mean 

flow 

All 
C            

S            

In stream 
C 7 1          

S 12           

WWTP 
C            

S  1          

None 
C 6 4      1    

S 13 5      2  1  

Low 

flow 

All 
C 4 1  2     3 4  

S 3 1  2    1 2 3  

In stream 
C 93 5  4  1.4   5 8  

S 77 6  4  1  2 4 6  

WWTP 
C 5 10 1 3  1.4 1.6 12 3 5  

S 4 7  3   1 8 2 3  

None 
C 114 54 4 8  4 1.6 19 5 9  

S 90 36 3 6  3 1 13 4 7  



VICH 

frame-

work 

Mean 

flow 

All 
C            

S            

In stream 
C 1           

S 2        1   

WWTP 
C            

S            

None 
C 1           

S 2        1   

Low 

flow 

All 
C         6 2  

S         4 1  

In stream 
C 17        10 4  

S 14  1      7 3  

WWTP 
C   2      6 2  

S   2      4 1.5  

None 
C 21  8      11 5  

S 16  6      8 3  

  



Table S11. Measured environmental concentrations (MEC) of antibiotics (ng/L) in surface and ground water and WWTP effluents 

collected from literature. 

Source amoxi-

cillin 

cepha-

lexin 

cipro-

floxacin 

levo-

floxacin 

moxi-

floxacin 

doxy-

cycline 

clinda-

mycin 

metro-

nidazole 

azithro-

mycin 

sulfa-

methoxazole 

trimetho

-prim 

Kolpin et al. 

(2002)a 

NR NR 30 NR NR 50 NR NR NR 1900 710 

Anderson et al. 

(2012)b 

NR NR NR NR NR NR NR NR 337 2100 120 

Anderson et al. 

(2012)c 

NR NR 182 NR NR NR NR NR NR 1340 1288 

Verlicchi et al. 

(2012)d 

NR 130 860 NR NR 40 10 250 160 280 360 

Hughes et al. 

(2013)e 

60 NR NR NR NR 26 21 NR 188 83 53 

Hughes et al. 

(2013)f 

622 NR NR NR NR 400 NR NR NR NR NR 

Klosterhaus et 

al. (2013)g 

NR NR NR NR NR NR NR NR NR 67 4 

Rodriguez-

Mozaz et al. 

(2015)h 

NR NR 174 NR NR NR NR 144 135 73 125 

Rodriguez-

Mozaz et al. 

(2015)i 

NR NR 72 NR NR NR NR 28 115 72 93 

Carvalho and 

Santos (2016)j 

176 1.4 772 ND NR 33 27 187 89 216 102 

Carvalho and 

Santos (2016)k 

146 ND NR 239 253 678 198 451 444 547 388 

Lautz et al. 

(2017)l 

NR NR 58 NR NR 336 NR NR NR 244 309 

Grenni et al. 

(2018)m 

17 NR 124 NR NR NR NR 68 NR 68 NR 

Bexfield et al. 

(2019)n 

NR NR NR NR NR NR NR NR NR 34 15 



aKolpin et al. (2002): measured concentrations in U.S. streams; bAnderson et al. (2012): Table E1: Aqueous concentration values and data sources 

for occurrence metric and Los Angeles Regional Board (LARB) River Study maximum occurrence values, streams and effluents in the U.S.; 
cAnderson et al. (2012): Table E2: Aqueous concentrations (ng/L) utilized in hazard calculations for WERF CEC5R8a (Diamond et al., 2011), 

streams and effluents in the U.S.; dVerlicchi et al. (2012): review of literature data, WWTP secondary effluents from 78 WWTPs across the world; 
eHughes et al. (2013): extensive literature review on concentrations in freshwater ecosystems of 41 countries, median values; fHughes et al. (2013): 

maximum values; gKlosterhaus et al. (2013): urban estuary in California, the U.S.; hRodriguez-Mozaz et al. (2015): one WWTP in Spain, WWTP 

effluent; iRodriguez-Mozaz et al. (2015): downstream of WWTP; jCarvalho and Santos (2016): literature data on European environmental aqueous 

matrices, means of reported values were calculated for this study, river water; kCarvalho and Santos (2016): WWTP effluents; lLautz et al. (2017): 

literature data, WWTP effluents in Europe; mGrenni et al. (2018): literature data on concentrations in three Italian Rivers, maximum reported 

concentrations were included in the table; nBexfield et al. (2019): 1114 wells and six springs sampled in the U.S. and measured for 21 hormones and 

105 pharmaceuticals, groundwater. NR – not reported or excluded from the current analysis if the value was orders of magnitude higher than the 

rest of the collected values; ND – not detected. 

 



Calculation of antibiotic sales in kilograms (kg) in Sacramento and Columbia River watershed 

areas in 2011. 

To estimate the antibiotic usage (kg/year) for the Sacramento River watershed (Table S3), the national 

sales data (Table 1) was adjusted by the ratio of California prescription rate to national prescription rate 

(Table S2) as follows: 

𝑈𝑠𝑎𝑔𝑒(𝑆𝑎𝑐𝑟𝑎𝑚𝑒𝑛𝑡𝑜) =  
𝑃𝑟𝑒𝑠𝑐𝑟𝑖𝑝𝑡𝑖𝑜𝑛𝑠𝐶𝑎𝑙𝑖𝑓𝑜𝑟𝑛𝑖𝑎

𝑃𝑟𝑒𝑠𝑐𝑟𝑖𝑝𝑡𝑖𝑜𝑛𝑠𝑛𝑎𝑡𝑖𝑜𝑛𝑎𝑙
× 𝑆𝑎𝑙𝑒𝑠𝑛𝑎𝑡𝑖𝑜𝑛𝑎𝑙 

where: PrescriptionsCalifornia = antibiotic prescription rate (number of prescriptions per 1000 persons) in 

California 

 Prescriptionsnational = antibiotic prescription rate (number of prescriptions per 1000 persons) at 

national level 

 Salesnational = national sales of the antibiotic (kg/year) 

To estimate the antibiotic usage (kg/year) for the Columbia River watershed (Table S3), the national 

sales data (Table 1) was adjusted by the ratio of each of the four state’s prescription rate to national 

prescription rate (Table S2) and weighted by each state’s population (Table S4). Population for the four 

States in the Columbia River watershed was obtained from 2010 government censuses (U.S. Census 

Bureau, 2012). 

𝑈𝑠𝑎𝑔𝑒(𝐶𝑜𝑙𝑢𝑚𝑏𝑖𝑎) =  
∑ (

𝑃𝑟𝑒𝑠𝑐𝑟𝑖𝑝𝑡𝑖𝑜𝑛𝑠𝑠𝑡𝑎𝑡𝑒
𝑃𝑟𝑒𝑠𝑐𝑟𝑖𝑝𝑡𝑖𝑜𝑛𝑠𝑛𝑎𝑡𝑖𝑜𝑛𝑎𝑙

4 𝑠𝑡𝑎𝑡𝑒𝑠 × 𝑃𝑜𝑝𝑢𝑙𝑎𝑡𝑖𝑜𝑛𝑠𝑡𝑎𝑡𝑒)

𝑃𝑜𝑝𝑢𝑙𝑎𝑡𝑖𝑜𝑛4 𝑠𝑡𝑎𝑡𝑒𝑠
× 𝑆𝑎𝑙𝑒𝑠𝑛𝑎𝑡𝑖𝑜𝑛𝑎𝑙 

where: Prescriptionsstate = antibiotic prescription rate (number of prescriptions per 1000 persons) in each 

of the 4 states of Columbia River watershed 



 Prescriptionsnational = antibiotic prescription rate (number of prescriptions per 1000 persons) at 

national level 

Populationstate = population of each of the 4 states of Columbia River watershed 

Population4 states = total population of the 4 states of Columbia River watershed 

 Salesnational = national sales of the antibiotic (kg/year) 

 

Calculation of highest acceptable human drinking water concentrations (HDWC) based on the 

guidance issued by FDA’s Center for Veterinary Medicine (VICH, 2012). 

The lower 90% confidence limit (CL) of means of log-transformed MICmin or MIC50 values was 

calculated using the following formula: 

𝐿𝑜𝑤𝑒𝑟 90% 𝐶𝐿 = 𝑚𝑒𝑎𝑛(𝑀𝐼𝐶𝑚𝑖𝑛 𝑜𝑟 𝑀𝐼𝐶50) −  
𝑆𝑡𝑑𝐷𝑒𝑣(𝑀𝐼𝐶𝑚𝑖𝑛 𝑜𝑟 𝑀𝐼𝐶50)

√𝑛
× 𝑡0.10,𝑑𝑓 

where: mean(𝑀𝐼𝐶𝑚𝑖𝑛 or MIC50) = the mean of the log-transformed MICmin or MIC50 values 

StdDev(𝑀𝐼𝐶𝑚𝑖𝑛 or MIC50) = the standard deviation of the log-transformed MICmin or MIC50 values 

n = the number of MICmin or MIC50 values used in the calculations 

t0.10, df = the 90th percentile from the central t-distribution with n-1 degrees of 

freedom (df) 

Then the NOAECcalc and MICcalc (Table S8) were derived as follows: 

𝑁𝑂𝐴𝐸𝐶𝑐𝑎𝑙𝑐  𝑜𝑟 𝑀𝐼𝐶𝑐𝑎𝑙𝑐 = 2[𝐿𝑜𝑤𝑒𝑟 90%𝐶𝐿+ 𝐿𝑜𝑔2((𝑀𝐼𝐶𝑚𝑖𝑛𝑜𝑟 𝑀𝐼𝐶50)/2)] 

where: MICmin or MIC50= the lowest MICmin or MIC50 value for all strains (untransformed) 

 



A microbiological ADI (µg/kg) for an antibiotic was calculated using either MICcalc or NOAECcalc, 

whichever was lower, as follows: 

𝑀𝑖𝑐𝑟𝑜𝑏𝑖𝑜𝑙𝑜𝑔𝑖𝑐𝑎𝑙 𝐴𝐷𝐼 =
(𝑀𝐼𝐶𝑐𝑎𝑙𝑐𝑜𝑟 𝑁𝑂𝐴𝐸𝐶𝑐𝑎𝑙𝑐) × 𝑀𝑎𝑠𝑠𝑐𝑜𝑙𝑜𝑛

% 𝑎𝑣𝑎𝑖𝑙𝑎𝑏𝑙𝑒 × 𝑏𝑜𝑑𝑦 𝑤𝑒𝑖𝑔ℎ𝑡
 

where: MICcalc = the lower 90% confidence interval for the mean MIC50 of relevant human gut 

genera for which the drug is active (protects for disruption of the colonization 

barrier) 

NOAECcalc =  the lower 90% confidence interval for the mean MICmin from in vitro systems 

(reduces the potential for resistance selection in label indications) 

Masscolon = 220g, based on the colon content measured from human accident victims 

% available = the fraction of oral dose available for intestinal microorganisms (Table S9) 

body weight = body weight of adult humans, assumed to be 70 kg 

The microbiological ADI (µg/kg) was used to calculate HDWC (Table 3) using the principles of US 

EPA Water Quality Criteria Guidance document (EPA, 2000) by assuming that humans could be 

exposed to an antibiotic via drinking 2 L of water (for an adult) as well as eating an average of 17.5 g 

of fish from water near the drinking water intake: 

𝐻𝐷𝑊𝐶 =  
𝑀𝑔𝑇ℎ𝑢𝑚𝑎𝑛

𝑉𝑤𝑎𝑡𝑒𝑟 + (𝐶𝑜𝑛𝑠𝑢𝑚𝑝𝑡𝑖𝑜𝑛𝑓𝑖𝑠ℎ × 𝐵𝐶𝐹)
 

where: MgThuman = ADI for 70 kg person 

Vwater = 2 L/day (average for adult) 

 Consumptionfish = 0.0175 kg/day (average for adult) 

BCF = bioconcentration factor (in fish) 



BCF was estimated based on a model by Veith et al. (1979) recommended for substances with logKow 

between 0 and 6 (Table S1; Muller and Nendza, 2011) and was corrected for fish lipid content. 

  



 

Figure S1. Ratios of antibiotic predicted environmental concentrations (PEC) in the Columbia River watershed 

and predicted no effect concentrations (PNEC) of the Larsson, Le Page and VICH frameworks. PEC values 

were simulated using PhATE, assuming low river flow and accounting for antibiotic losses due to (A) human 

metabolism and wastewater treatment plant removal, i.e. assumed loss: “WWTP”, or (B) human metabolism 

and in stream degradation i.e. assumed loss: “In-stream”. Mean, 90th, 95th and 99th percentile PEC of 750 

segments of the Columbia River watershed were used in PEC/PNEC ratio calculations. Red lines mark 

PEC/PNEC ratio equal to one. 



 

 

Figure S2. Ratios of antibiotic predicted environmental concentrations (PEC) in the Sacramento River 

watershed and predicted no effect concentrations (PNEC) of the Larsson, Le Page and VICH frameworks. PEC 

values were simulated using PhATE, assuming low river flow and accounting for antibiotic losses due to (A) 

human metabolism and wastewater treatment plant removal, i.e. assumed loss: “WWTP”, or (B) human 

metabolism and in stream degradation i.e. assumed loss: “In-stream”. Mean, 90th, 95th and 99th percentile PEC 

of 55 segments of the Sacramento River watershed were used in PEC/PNEC ratio calculations. Red lines mark 

PEC/PNEC ratio equal to one. In panel A, yellow data points overlap with orange and grey data points.  



 

Figure S3. Ratios of antibiotic predicted environmental concentrations (PEC) in the Columbia River watershed 

and predicted no effect concentrations (PNEC) of the Larsson, Le Page and VICH frameworks. PEC values 

were simulated using PhATE, assuming mean river flow and accounting for antibiotic losses due to (A) human 

metabolism, in stream degradation and wastewater treatment plant removal, i.e. assumed loss: “All”, or (B) only 

human metabolism, i.e. assumed loss: “None”. Mean, 90th, 95th and 99th percentile PEC of 750 segments of the 

Columbia River watershed were used in PEC/PNEC ratio calculations. Red lines mark PEC/PNEC ratio equal 

to one. 

  



 

Figure S4. Ratios of antibiotic predicted environmental concentrations (PEC) in the Columbia River watershed 

and predicted no effect concentrations (PNEC) of the Larsson, Le Page and VICH frameworks. PEC values 

were simulated using PhATE, assuming mean river flow and accounting for antibiotic losses due to (A) human 

metabolism and wastewater treatment plant removal, i.e. assumed loss: “WWTP”, or (B) human metabolism 

and in stream degradation i.e. assumed loss: “In-stream”. Mean, 90th, 95th and 99th percentile PEC of 750 

segments of the Columbia River watershed were used in PEC/PNEC ratio calculations. Red lines mark 

PEC/PNEC ratio equal to one. 



 

Figure S5. Ratios of antibiotic predicted environmental concentrations (PEC) in the Sacramento River 

watershed and predicted no effect concentrations (PNEC) of the Larsson, Le Page and VICH frameworks. PEC 

values were simulated using PhATE, assuming mean river flow and accounting for antibiotic losses due to (A) 

human metabolism, in stream degradation and wastewater treatment plant removal, i.e. assumed loss: “All”, or 

(B) only human metabolism, i.e. assumed loss: “None”. Mean, 90th, 95th and 99th percentile PEC of 55 segments 

of the Sacramento River watershed were used in PEC/PNEC ratio calculations. Red lines mark PEC/PNEC ratio 

equal to one. 



 

Figure S6. Ratios of antibiotic predicted environmental concentrations (PEC) in the Sacramento River 

watershed and predicted no effect concentrations (PNEC) of the Larsson, Le Page and VICH frameworks. PEC 

values were simulated using PhATE, assuming mean river flow and accounting for antibiotic losses due to (A) 

human metabolism and wastewater treatment plant removal, i.e. assumed loss: “WWTP”, or (B) human 

metabolism and in stream degradation i.e. assumed loss: “In-stream”. Mean, 90th, 95th and 99th percentile PEC 

of 55 segments of the Sacramento River watershed were used in PEC/PNEC ratio calculations. Red lines mark 

PEC/PNEC ratio equal to one. 
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