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Figures 
Figure 1.1 (a) Conceptual model for MnOx and MOMAC treatments showing MnOx 
adhered onto AC at a low, medium, and high concentrations to combine sorption and 
redox buffering. (b) Scanning electron microscopy images showing representative images 
of (i) MnOx, (ii) AC, and (iii) MOMAC solids dispersed on carbon tape with (iv) an 
energy dispersive spectroscopic image showing Mn fluorescence (red) on the surface of 
MOMAC particles. 
 
Figure 1.2 Mn concentrations in synthesis supernatant solutions of MnOx and MOMAC. 
Green: initial solution after synthesis; Red: washes with 1 M CaCl2; Blue: washes with 
ultrapure water; *: Sample measurement below detection limit (2.5 µg/L). Instrumental 
uncertainty (2σ) from triplicate measurements of each sample is shown by the black lines. 
Note break in y-axis for data visualization 
 
Figure 1.3 a) Image of a MOMAC particle (AC substrate with MnOx granules) captured 
with scanning transmission electron microscopy (STEM). Energy dispersive X-ray 
spectroscopy (EDX) fluorescence mapping of the same area showing the distribution of 
b) Mn and c) O on the AC surface. 
 
Figure 1.4 Mn K-edge X-ray absorption spectra (blue lines) of synthetic MnOx and 
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MOMAC samples divided into (a) XANES (fit region 6530-6590 eV) and (b) EXAFS 
(k-range fit region of 1.5-10 Å-1) with linear combination fits (red lines show component 
sum). Linear combinations were conducted with a library of Mn reference compounds. 
Fractions of the best-fit components, normalized to 100%, are represented by the bar 
plots. Tabulated values and representative deconvolution for MOMAC are given in Table 
A4 and Fig. A10. 
 
Figure 1.5 Estimation of Mn oxidation states in MnOx and MOMAC through analysis of 
(a) Mn 3p peak collected with X-ray photoelectron spectroscopy (XPS) and (b) expanded 
Mn K-edge pre-edge region from X-ray absorption spectra (shown in Fig. 1.4). For XPS, 
non-linear least-squares curve fits were used to determine distribution of oxidation states 
in MnOx and MOMAC based on curves defined by analysis of reference compounds. 
The Mn pre-edge was fit with sets of 2 or 3 pseudo-Voigt functions (FWHM = 1.3 eV; 
Gaussian/ Lorentzian = 0.45; peaks shown) for reference compounds where each peak 
was allowed to shift ±0.1 eV. Bar plots show fractions of Mn(II), (III), and (IV) fit in 
each sample. Tabulated values for XPS and pre-edge fits reported in Table A5 and Table 
A6, respectively. 
 
Figure 1.6 Eh-pH diagrams and measured Eh and pH as a function of time in batch 
screening experiments of amendments (a) mixed with artificial creek water only, or (b) 
homogenized with Hg-contaminated sediment and mixed with artificial creek water. Eh-
pH diagrams show Mn aqueous and solid speciation (solid red lines) and S aqueous 
species (dashed green lines). Chemical formulas for minerals: rhodochrosite: MnCO3; 
hausmannite: Mn3O4; bixbyite: Mn2O3; pyrolusite: MnO2. Calculations were done using 
the Act2 program from Geochemist Workbench. Experimental data are plotted at the end 
of reaction (15 d) on the Eh-pH diagrams. Solid lines on the Eh and pH time plots 
represent statistical smoothing of the data calculated with a generalized additive model. 
 
Figure 1.7 Total Hg measured in solutions of batch screening experiments after 15 d of 
reaction with contaminated sediment and amendment treatments (untreated control vs. 
amendment with MnOx, AC, or MOMAC (H)). Total Hg in sediment was 11.5±1.3 
mg/kg dry weight (mean ± standard error, n = 3). Uncertainty calculated as the average 
percent recovery from ongoing precision and recovery samples ± 2 standard deviations 
from the mean (96-122%). 
 
Figure 1.8 Illustration of MOMAC depicting Mn surface species on activated carbon. The 
Mn oxide species and crystal morphology found in the Mn aggregates located on the 
surface of the activated carbon substrate. Octahedral vacancies (marked by the empty 
space) or Mn(III) in octahedral sites (marked by darkened octahedra) found within δ-
MnO2 result in negative charges that are balanced by hydrated cations in the interlayers, 
such as Mn(II). Surface of the activated carbon with Mn(II) sorbed and/or diffused into 
pore spaces following equilibration with MnCl2∙4H2O for 24 h prior to oxidation with 
KMnO4. 
 
Figure 2.1 Experimental setup and procedures used to investigate the effects of organic 
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carbon (OC) and soil saturation on net mercury (Hg)-methylation in contaminated 
sediments with or without in-situ amendments. (a) Schematic for flow-through column 
experiments showing upflow movement of the influent solution. The table lists major 
components used in column construction. (b) Flow procedure for experiments to mimic 
fluctuations in soil saturation. The procedure involves three phases: (1) Initial flow of 
artificial creek water through the sediment columns over approximately 3 days 
(equivalent to ~80 pore volumes), (2) A 3-day stop flow period allowing for equilibration 
after saturation, and (3) Resumption of flow for an additional 4 days (~100 pore 
volumes). (c) Overview of sediment treatments and experimental conditions applied to 
the sediment columns. Sediment treatments included untreated sediment, manganese 
oxide-modified activated carbon (MOMAC)-treated sediment, or activated carbon (AC)-
treated sediment. Three separate experimental conditions were evaluated: columns with 
no additional OC, columns with dissolved OC (acetate and pyruvate) introduced into 
influent, and columns with solid OC (spirulina powder) mixed into sediment. 
 
Figure 2.2 Average pH and redox potential (Eh) measured in column effluent. The pH 
and Eh of the influent solution are marked by the horizontal black line. The stop-flow 
event (3 d) is marked by the vertical blue line. Uncertainty was determined based on 
replicates and shown as mean ± standard error. Values with no uncertainty shown are due 
to single replicates. 
 
Figure 2.3 Concentrations of redox sensitive analytes and non-purgeable organic carbon 
(NPOC) from filtered effluent. Concentrations for the influent solution are marked by the 
horizontal black line. The stop-flow event is marked by the vertical blue line. Values 
below detection were omitted. Detection limits are shown on Table B2. Uncertainty was 
determined based on replicates and shown as mean ± standard error. Values with no 
uncertainty shown are due to single replicates. 
 
Figure 2.4 Concentrations of total mercury (THg) and methylmercury (MeHg) from 
unfiltered column effluent with calculated percent MeHg ([MeHg]/[THg] × 100%). The 
stopped-flow state (3 d) is marked by the vertical blue line. Values below detection were 
omitted. Detection limits are shown on Table B2. Note the first sample from untreated 
sediment is off scale at 8600±3200 ng/L. Uncertainty was determined based on replicate 
column experiments and shown as mean ± standard error. Values with no uncertainty 
shown are due to single replicate columns. For MeHg, only 1 set of samples for each 
column met QA/QC standards and therefore no uncertainty was calculated. 
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Figure 2.5 (a) Total mass of mercury (THg) and methylmercury (MeHg) eluted from 
column experiments. (b) %MeHg is ratio of MeHg mass to total Hg mass. (c) Log(Kd) 
(Kd = mass MeHgsed/ mass MeHgsol) represents the partitioning of methylmercury 
(MeHg) between the solid and aqueous phase calculated from total mass of MeHg in 
sediments. Comparison without accounting for initial flush out sample shown in Figure 
B4. Error bars are based on relative uncertainty from QA/QC samples (i.e. matrix spikes, 
matrix spike duplicates) measured along with unknown samples, ±11% for THg and 
±14% for MeHg. 
 
Figure 2.6 Eh−pH diagram with measured pH and Eh values of effluent from sediment 
flow-through column experiments. Eh−pH diagrams show Mn aqueous and solid 
speciation (solid red lines). Chemical formulas for minerals: rhodochrosite: MnCO3; 
hausmannite: Mn3O4; bixbyite: Mn2O3; pyrolusite: MnO2. Calculations were done using 
the Act2 program from Geochemist Workbench. 
 
Figure 3.1 Field deployment sites along the East Fork Poplar Creek (EFPC) showing 
experimental setup at four different locations. Soil cores were extracted, homogenized 
with (or without) treatment (AC, MOMAC, or untreated controls), placed in fine mesh 
bags, fine mesh bags were packed into a plastic mesh tube, and inserted back into the 
original extraction locations across all sites. Picture A shows an example plastic mesh 
tube packed with fine mesh bags prior to deployment while Picture B shows a plastic 
mesh tube retrieved during sample collection. At EFK 3.1, cores were positioned near the 
creek shoreline in a flood-prone area. At EFK 5.0 and EFK 19.1, horizontal cores were 
collected along left-descending banks near the water surface, with soil moisture sensors 
installed at both sites to monitor precipitation and potential inundation. EFK 13.8, located 
near a small incipient oxbow lake, featured vertical cores collected from sandy floodplain 
soils. 
 
Figure 3.2 (a) Total organic carbon measured by loss on ignition at 550 °C for each 
sampled field site. (b) Percent reactive carbon calculated as the ratio of permanganate 
oxidizable carbon (POxC) (shown in Figure C5) to total organic carbon measured by loss 
on ignition at 550°C for each sampled field site.  Error bars show averages from 
replicates across the transect and all time points (mean ± standard error; n = 12) 
 
Figure 3.3 Volumetric water content measured with soil moisture sensors throughout the 
experiment from bank sites EFK 5.0 (P4: Decagon EC-5) and EFK 19.1 (P1-P3: TEROS 
10). Sensors were placed along the same elevation as samples to indicate potential 
inundation following storm events. Vertical red lines indicate sampling times with respect 
to the start of the experiment. 
 
Figure 3.4 Total mercury (THg) measured for each sampled field site. Error bars show 
averages from replicates across the transect and all time points (mean ± standard error; n 
= 12). 
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Figure 3.5 High energy resolution detected – X-ray absorption near edge spectroscopy 
spectra (left) of soil samples (blue lines) with linear combination fits showing component 
sum (red lines). Linear combinations were conducted with a library of Hg reference 
standards. Fractions of best-fit components, normalized to 100%, are shown in bar plots 
(right). Tabulated values and fit statistics are shown in Table C2. 

Tables 
Table 1.1 Chemical composition of the artificial creek water solution 
 
Table 1.2 Mean Mn average oxidation state estimated with XAS (pre-edge, XANES, and 
EXAFS) and XPS analysis 
 
Table 2.1 Composition of the Artificial Creek Water (ACW) Solution Measured from 
Influent Solutions 
  
Table 2.2 Total Hg and MeHg Extracted from Native EPFC Sediment and After 
Experiment Termination 
 
Table 3.1 Field Deployment Sites at East Fork Poplar Creek 
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Abstract 
Mercury (Hg) contamination in aquatic soils poses significant environmental and 

public health risks due to its ability to undergo microbial transformation into 
methylmercury (MeHg), a neurotoxin that bioaccumulates in food webs. Production of 
MeHg in soil is largely driven by microbial pathways associated with sulfate reduction or 
iron-reduction, which are active under anaerobic conditions and low redox potentials. 
Although MeHg is typically found with trace concentrations in soils, bioaccumulation 
and biomagnification of MeHg in the food web can lead to high, and often hazardous, 
concentrations in higher trophic levels. The complexity of the mercury cycle, involving 
interactions between redox conditions, microbial activity, bioaccumulation, chemical 
speciation, and many other factors necessitates a variety of treatment approaches to 
address the dynamic behavior of Hg in sediment-water systems. Among these, in-situ 
remediation strategies offer an advantage by targeting the source of Hg and Hg-
methylation, limiting Hg and MeHg diffusing from soils into overlying waters and 
entering the food web. This dissertation explores the development and evaluation of 
manganese oxide-modified activated carbon (MOMAC) as an in-situ remediation 
strategy for redox-sensitive contaminants, with a focus on Hg and MeHg. MOMAC 
presents a novel approach, combining the redox buffering capacity of manganese oxides 
with the high sorption capacity of activated carbon to disfavor production of MeHg, 
while sequestering Hg and MeHg species in soil. 

The first chapter focuses on the synthesis and characterization of MOMAC 
compared to homogenously precipitated manganese oxide (MnOx) and unaltered 
activated carbon (AC). Factors influencing sorption capacity (surface area) and redox-
buffering capacity (average Mn redox state and Mn speciation) were investigated and 
compared for all materials using a variety of techniques including X-ray absorption 
spectroscopy, X-ray photoelectron spectroscopy, X-ray diffraction, electron microscopy, 
and surface area analysis. This chapter also included incubation experiment to show how 
characterized properties translated into redox buffer and sorption capacity in a system 
with artificial creek water or Hg-contaminated soils. Results showed a lower average 
oxidation state in MOMAC compared to homogenous MnOx and a lower surface area 
compared to unaltered activated carbon. However, while MnOx-treated sediments 
exhibited a large release of Hg, MOMAC was able to buffer redox potential compared to 
untreated or AC-treated sediments while maintaining Hg concentrations similar to AC.  

The second chapter utilized flow-through column experiments to compare 
MOMAC treatments against untreated or AC-treated sediments. Addition of organic 
carbon was incorporated into these experiments to promote microbial activity by adding 
dissolved organic carbon into the influent solution as acetate and pyruvate or by 
homogenizing solid OC into sediment as powdered spirulina, lyophilized cyanobacteria. 
A stopped-flow state was implemented in the experiments to assess performance under 
saturated, stagnant conditions, reflecting flooding from precipitation events that can 
induce changes in redox potentials and reaction kinetics. Results showed that MOMAC 
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can lower production of MeHg in soils compared to untreated and AC-treated soils. 
However, both abiotic and biotic reductive dissolution, particularly during the stopped-
flow state, can rapidly exhaust redox-buffering capacity.  

The third chapter was a pilot in-situ field trial to assess whether MOMAC could 
lower MeHg in soils compared to AC or untreated soils. Soil cores were collected from 
two floodplain sites and two bank sites and amended with or without treatment. These 
soils, or soil admixtures, were aliquoted into three fine mesh bags, packed into a plastic 
mesh tube, and returned to point of extraction. Fine mesh bags were retrieved over the 
course of 11 weeks. The main Hg-species in soils across sites was analyzed using high 
energy resolution X-ray absorption spectroscopy. Results did not show that Hg or MeHg 
were significantly different across treatments but showed variability across sites, 
suggesting the experiment did not perturb the system sufficiently to observe changes. In 
contrast, the Hg species were largely similar across sites with some differences in 
MOMAC-treated soils, suggesting oxidative reaction with Hg-bearing analytes, such as 
organic associated Hg complexes. 
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1 Characterization of Manganese Oxide Modified Activated 
Carbon for Remediation of Redox-Sensitive Contaminants 

 
*This chapter is a reproduction of a published article: Rivas Meraz, E.; Traina, 

S.J.; Beutel, M.W.; O’Day, P.A. Characterization of Manganese Oxide Modified 
Activated Carbon for Remediation of Redox-Sensitive Contaminants. ACS Earth and 
Space Chemistry. 2023, 7, 7, 1281–1293. 

 
1.1 Abstract 

Manganese oxide-modified activated carbon (MOMAC) was synthesized as a novel 
in situ sediment and soil amendment for treatment of redox-sensitive contaminants, such 
as mercury (Hg), through buffering of reduction-oxidation (redox) potential and sorption. 
This study characterized MOMAC synthesis products at three different Mn 
concentrations on activated carbon (AC) surfaces and compared them with 
homogeneously precipitated Mn oxide (MnOx) and unmodified AC for properties 
influencing redox buffering and sorption capacity. Bulk spectroscopic analyses (XAS and 
XPS), XRD, and electron microscopy showed that homogeneous MnOx matched the 
local structure of vernadite (δ-Mn(IV)O2), while MOMAC formed aggregates on the AC 
surface composed mostly of vernadite with fractions of manganite (γ-Mn(III)OOH) (17-
46%) and sorbed Mn(II) (11-21%). Higher bulk surface area and lower Mn average 
oxidation state were associated with MOMAC and are attributed to the reduction of 
Mn(IV) by Mn(II) adsorbed on AC or diffused into AC pores. Cation exchange reactions 
of Na+ and Ca2+ also contributed to Mn oxidation state changes by driving 
disproportionation of Mn(III) to Mn(II) and Mn(IV). In batch slurry experiments with 
and without Hg-contaminated sediment from Oak Ridge National Laboratory (TN, USA), 
addition of MOMAC and MnOx resulted in higher solution redox potential and lower pH 
compared to AC and no-amendment controls. MnOx poised solution redox at higher 
potential than MOMAC, but MOMAC was more effective at sorbing Hg released by the 
oxidation of sediment HgS(s), Hg0, and/or organic-associated Hg. By combining redox 
buffering with sorption, MOMAC is a promising in situ amendment that may more 
efficiently target redox-sensitive contaminants in aquatic sediments. 

 
1.2 Introduction 

Sediments and soils within freshwater aquatic ecosystems can be sinks for 
hazardous organic and inorganic contaminants sourced from both anthropogenic and 
natural activity.1–3 Accumulation of pollutants in sediments degrades aquatic ecosystems 
and poses a global threat to water quality.2 Investigating effective remediation strategies 
for natural sediments remains a challenge due to the myriad of biological, chemical, and 
physical mechanisms that influence the fate of contaminants.2,3 Among these, reduction-
oxidation (redox) reactions and sorption processes occupy a large role in the chemical 
speciation, mobility, bioavailability, and toxicity of metal, metalloid, and organic 
compounds.4,5 

Gaseous6–8, aqueous9,10, and solid-phase11–13 amendments have been applied to 
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freshwater systems to target redox-sensitive contaminants with promising results. Solid 
phase amendments can be cost-effective, can combine redox buffering with sorption, and 
can be engineered to withstand diverse environmental conditions.14,15 Manganese (Mn), 
commonly present as Mn(II), (III), or (IV) in environmental systems, has a rich redox 
chemistry where all oxidation states above Mn(II) possess strong oxidizing 
capabilities.16–21 Solid Mn(IV) oxide phases are ubiquitous minerals in environmental 
systems that can directly influence the chemical speciation of redox-sensitive constituents 
and contaminants.16,21–24 However, a potential limitation to the use of Mn oxides as a 
remedial amendment is rapid reductive dissolution of Mn(IV) oxides to aqueous Mn(II) 
in some environments. Dissolution of Mn(IV) oxides is favored at acidic pH25 and may 
be accelerated by reaction with major electron donors in sediment (e.g., Fe(II), sulfide, or 
organic carbon) and mediated by microorganisms.26–31 Rapid dissolution may also lead to 
accumulation of aqueous Mn(II), which can impair potable water treatment systems.13,32 

Remediation approaches that promote oxidation and sorption in aquatic sediments 
can be utilized to: 1) provide an oxidizing barrier that buffers redox potential (Eh) at the 
sediment-water interface, 2) expand the zone of oxidized porewater below the sediment-
water interface to impede diffusion of contaminants into the water column, and 3) 
sequester and oxidatively degrade contaminants, thus limiting diffusion into overlying 
waters. Supplementing Mn(IV)O2, hereafter MnOx, with an additional high-surface area 
sorbent may help slow Mn(IV) reduction by adsorbing electron donors, limiting the 
accumulation of aqueous Mn(II) through adsorption, and/or providing additional sorption 
of redox-sensitive species.32–34 Activated carbon (AC) is a commonly used sorbent for the 
sequestration of organic and inorganic contaminants from water and sediment.33,35,36 
However, implementing two separate media in situ as an amendment cap or sediment 
admixture is challenging, adds cost, or may be infeasible. Adhering MnOx onto the AC 
surface to form a manganese oxide modified activated carbon (MOMAC) potentially 
combines the effects of both amendments while simplifying field application. 

This study characterized MOMAC prepared with three different Mn concentrations 
on AC particle surfaces, and compared them to MnOx homogeneously precipitated from 
solution and to unmodified AC (Fig. 1.1). Properties that influence the redox buffering 
capacity, sorption capacity, and longevity of each amendment, such as surface area, 
particle size, pore diameter, and Mn chemical species and oxidation states, were 
compared. To evaluate the ability of MOMAC and MnOx amendments to regulate Eh 
and pH in sediment-water systems and sorb contaminants, batch experiments were done 
with mercury (Hg)-contaminated sediments collected from East Fork Poplar Creek 
(EFPC), Oak Ridge National Laboratory, TN, USA. 

Despite several large remediation efforts, discontinuous layers of high Hg 
concentration persist in bank sediments along EFPC.37,38 The periodic erosion of these 
contaminated sediment layers introduces high amounts of Hg into EFPC where 
methylation can occur.39 Redox buffering (by MnOx) or redox buffering and sorption (by 
MOMAC) could potentially be used to limit Hg and MeHg transport into the creek by 
surface or subsurface application of solid amendments to bank sediments. Additionally, 
the calcareous, slightly alkaline (pH ~7.8) environment at EFPC favors stability of 
Mn(III), (IV) oxide and Mn(II) carbonate phases, while elevated levels of nitrate from 
treated wastewater discharges may provide additional redox buffering and favor potential 
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reoxidation of Mn(II).40 
1.3 Methods 
1.3.1 Materials 

Ultrapure water (18.2 MΩ cm, Millipore-Sigma Milli-Q) was utilized for all 
syntheses and analytical experiments. Reagent grade chemicals (Sigma Aldrich, St. 
Louis, MO, USA) and powder AC (Fisher Scientific, Hampton, NH, USA) were 
purchased and used in syntheses without further alteration. Reagent grade (β-MnO2) and 
trace metal grade (Mn2O3, MnO) Mn reference materials were purchased (Sigma Aldrich, 
St. Louis, MO, USA) and kept under an inert atmosphere (N2). 

 
1.3.2 Preparation of MnOx and MOMAC Amendments 

Preparation of synthetic MnOx and MnOx surface modified AC (MOMAC) was 
adapted from the synthesis of poorly crystalline vernadite (δ-MnO2)20 as follows: 

 
2 KMnO4 + 3 MnCl2∙4H2O + 4 NaOH → 5 MnO2 + 2 K+ + 4 Na+ + 6 Cl– + 10 H2O
 (1) 

 
A 66.67 mL solution of 0.29 M MnCl2·4H2O was equilibrated for 24 h with 

(MOMAC) or without (MnOx) 13.3 g AC. A solution of 0.19 M KMnO4 was slowly 
added to a solution of 0.38 M NaOH (66.67 ml of each). The combined solution was then 
added to the MnCl2·4H2O ± AC solution dropwise and stirred for approximately 1 h. The 
pH was kept above 7.0 during the synthesis process by small additions of 0.1 M NaOH. 
Particles were allowed to settle for 1 h before recording the final pH. Solids were 
separated from the reaction solution by centrifugation at 10,000 relative centrifugal force 
(rcf). The supernatant solution was carefully extracted, filtered through a 0.45 µm PES 
filter, acidified with 0.4% HCl (v/v), and stored at 4 °C until analysis. The solid was 
washed three times by mixing with 50 mL 1 M CaCl2, shaken vigorously, vortexed for up 
to 30 s or until well-mixed, and then centrifuged to separate solids and solution. The 
supernatant solution was collected for Mn analysis as described above. The CaCl2 wash 
was followed by three washes with 50 mL ultrapure water before drying in the oven at 55 
°C for 24 h. The dried solids were stored in amber glass jars and frozen. Solution samples 
were analyzed for total Mn by inductively coupled plasma-optical emission spectrometry 
(ICP-OES) (see Text A1).41 

 
1.3.3 Amendment Characterizations 

Synthesized products were characterized with several spectroscopic and analytical 
techniques to assess differences between synthetic MnOx, unmodified AC, and 
MOMAC. Scanning and scanning transmission electron microscopic (SEM and STEM) 
imaging and energy-dispersive X-ray (EDX) spectroscopy were used to assess Mn 
presence and surface distribution on AC particles in MOMAC solids (see Text A2). 
Extractable Mn was determined by reacting 0.5 g of solid with 25 mL of 0.1 M 
hydroxylamine hydrochloride (HHCl) solution prepared in 0.01 M HNO3 and placed on a 
rotating mixer at 40 rpm for 30 m.42 Slurries were centrifuged at 7000 rcf to separate 
solid and solution, and supernatant solutions were analyzed for total Mn with ICP-OES. 
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Surface area was analyzed using the BET method and pore size distribution by the BJH 
method with a Micromeritics® Tristar II Plus (see Text A3).43 Determination of Mn 
oxidation states and phases was conducted using X-ray absorption spectroscopy (XAS), 
X-ray photoelectron spectroscopy (XPS), and X-ray diffraction (XRD). Changes to the 
AC were also investigated with C1s XP spectroscopy. 

 
1.3.3.1 X-ray Absorption Spectroscopy 

Samples for XAS analysis were prepared (see Text A4) in a glovebox under a 
95% N2 and 5% H2 to minimize changes in oxidation state. Bulk Mn K-edge XAS was 
conducted on beam line 4-1 at the Stanford Synchrotron Radiation Lightsource (SSRL). 
Spectral analyses were done using SIXpack and Athena programs.44,45 Multiple scans (at 
least three and up to six) were averaged to improve signal to noise. Averaged spectra 
were separated using Athena to isolate the XANES and EXAFS regions for individual 
background subtraction to obtain uniform normalization and improve reference spectra 
matching for linear combination (LC) fits. Background was subtracted using a linear fit 
through the pre-edge region and a spline fit through the EXAFS region. Linear 
combination fits were conducted on XANES and EXAFS regions using a reference 
library of thoroughly characterized Mn compounds (Fig. A1; Table A1). To help with LC 
fits, a sample of Mn(II) sorbed to AC was synthesized in which 0.9 g of AC was reacted 
for 24 h with 30 mL of 10 mM MnCl2∙4H2O and collected as a reference spectrum 
(additional information in Text A4). Components that constituted less than 5% of the LC 
fit of an unknown spectrum were rejected. 

The pre-edge region (6530-6550 eV) was extracted from the normalized XANES 
spectra and modeled using Larch XAS46 with parameters described in Farges et al. 
2005.47 An estimation of the Mn valence could be obtained from the pre-edge region 
within ±5% accuracy.47 The pre-edge for 2-3 representative samples of Mn(II), (III), and 
(IV) oxidation states were fit. For each reference sample, the baseline was subtracted 
using a linear-Lorentzian curve and a least-squares fit was performed with 2-3 peaks of 
fixed width (FWHM = 1.3 eV) and shape (0.45 Gaussian-Lorentizan mix). The centroids 
of each peak for each reference sample were averaged (Fig. A2; Table A2). The averaged 
centroids for each peak were used to fit secondary standards and unknown samples with 
shifts of ± 0.1 eV allowed for each peak. Secondary standards were samples with known 
mixed oxidation states (Mn3O4 and triclinic Na-birnessite20) that were utilized to check 
reliability of AOS estimations (Fig. A3). Comparisons of the fit centroids were used as an 
additional estimate of Mn valency states for MnOx and MOMAC. 

 
1.3.3.2 X-ray Photoelectron Spectroscopy 

X-ray photoelectron spectroscopy (XPS) was used for estimation of MnOx 
oxidation states on particle surfaces of homogeneously precipitated MnOx and 
MOMAC.48–51 Samples and references were ground with a CerCo DiamoniteTM synthetic 
sapphire mortar and pestle and dispersed onto copper tape adhered on a silicon wafer 
(Ted Pella) for Mn3p, O1s, or C1s XPS. Data were collected with a Thermo ScientificTM 
Nexsa G2 X-Ray Photoelectron Spectrometer equipped with a monochromatic Al Kα 
source. Samples were scanned using a 400 µm spot size and 50 ms dwell time for both 
survey and narrow scans. Survey wide scans were collected with a 150 eV pass energy, 
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0.5 eV step size, and represent averages of 10-15 sweeps. Narrow scans were collected 
with a 20 eV pass energy, 0.1 eV step size, and represent averages of 10-15 (O 1s, C 1s) 
or 100 (Mn 3p) sweeps. An electron flood gun was utilized during data collection to 
minimize sample charging.52 Data analysis was carried out with Thermo Avantage 
software. A charge correction was applied based on the observed deviation from the 
adventitious carbon peak (284.1 eV in this study). An iterative Shirley background 
subtraction was employed to account for differences in intensity across the spectrum.53–55 
A non-linear least square curve fitting approach described in Ilton et al. 201656 was 
utilized to analyze the unknown mixed oxidation states. Details of the fitting procedures 
to Mn3p, O1s, and C1s regions and fits with reference standards are shown in Text A5 
and Fig. A4, respectively. A second set of Mn(II), (III), and (IV) reference standards was 
scanned and fit to assess consistency of curve shapes associated with each oxidation state 
(Fig. A5; Table A3). Goodness-of-fit was assessed by comparing the reduced 
(normalized) chi-square and Abbe criterion (see Table A5 for equation).57 A spectrum of 
an Ag sample that was etched clean and collected at 80 eV pass energy was used for 
calibration, yielding a confidence interval at or above 90%. 

 
 

1.3.3.3 Powder X-ray Diffraction 
Powder X-ray diffraction (XRD) was used to verify the identity of Mn crystalline 

reference phases (Fig. A6) and identify any crystalline phases in either synthesized 
MnOx or MOMAC samples. Data were collected using a PANalytical X’pert PRO Theta 
diffractometer operated at 50 kV and 40 mA with a Co Kα source and an X’Celerator 
detector. Samples were mounted on Si zero diffraction plates and scanned from 5° to 80° 
2θ angle. Data were converted to Cu Kα wavelength, stripped of Kα2, background 
subtracted, and peak matched using the X’pert HighScore software and ICDD PDF-4+ 
library. 

 
1.3.4 Batch Experiments 

Mercury-contaminated stream sediment from EFPC was collected along a left 
descending bank (36° 0’ 16’’ N, 84° 16’ 56’’ W) on the Oak Ridge National Lab site. 
Total Hg (THg) in the sediment was measured using a Direct Mercury Analyzer 
(Milestone DMA-80) via thermal decomposition, amalgamation, and atomic absorbance 
spectrophotometry.58 Sequential thermal desorption was used to estimate weakly and 
strongly bound Hg species present in sediment. Approximately 0.1 g of wet sediment was 
ignited sequentially at 100°C, 225°C, 325°C, 475°C, and 750°C for 480 s.59 These 
measurements were supplemented with sequential selective chemical extractions that 
target the exchangeable fraction and organic Hg fractions in sediments.60 Approximately 
2 g of sediment was reacted with 20 mL of solvent (1 M CaCl2, followed by 0.2 M 
NaOH, and lastly 4% (v/v) acetic acid) in a 50 mL polypropylene tube, shaken for 2 h at 
150 rpm (Thermo Scientific Solaris™ Open Air Orbital Shaker), and centrifuged at 7000 
rcf for 15 m. Following extractions with CaCl2 and acetic acid, the sediment was rinsed 
twice with ultrapure water (20 mL and then 10 mL) for 15 minutes, centrifuged, and 
combined with the supernatant solution from the respective solvent extraction. Total Hg 
in the extracted solutions was measured on a MERX-T Hg system through oxidation, 
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purge and trap, and cold vapor atomic fluorescence spectroscopy (CVAFS) (Brooks-
Rand MERX-T) following standard quality assurance/control protocols with a reporting 
limit of 0.2 ng/L.61 

Batch experiments were prepared with either 0.30 g MnOx, 1.02 g MOMAC, or 
0.89 g of AC to normalize for mass of Mn added and surface area of AC provided. The 
MnOx was added at 2% dry weight (gamend/ gdry sed), slightly below the dose used for in 
situ sediment remediation at Hg-contaminated sites (2.5-5%).62 Dosing for MOMAC was 
normalized to the mass of Mn added in the MnOx to compare the redox buffering effect 
between homogeneous MnOx and Mn in MOMAC. In one set, amendments (synthetic 
MnOx, AC, or MOMAC with the highest Mn concentration) were mixed with 40 mL of 
an artificial creek water (ACW) solution designed to match the water chemistry of EFPC 
(Table 1.1). In another set, 15 g of EFPC wet sediment was homogenized with the 
amendment and mixed with 40 mL of ACW. Experiments were prepared and carried out 
in an N2-filled glove box. Measurements of pH (ROSS Sure-Flow) and redox potential 
were taken by probe (Thermo Scientific Orion Triode) every 24 h over a 2-week period. 
Redox measurements were converted to Eh by correcting for the electrode potential of 
the reference electrode (Ag/AgCl; Eref = 207 mV).63 

 
1.4 Results 
1.4.1 Solid Synthesis and Selective Extractions 

Chemical extractions and analyses of reaction solutions were used to characterize 
Mn synthesis products (MnOx and MOMAC). The initial pH of each synthesis reaction 
solution was 1.32, 4.40, 5.30, and 5.40, and was adjusted to a final pH of 7.49, 7.68, 7.17, 
and 7.08 for MnOx, and MOMAC with low (L), medium (M), and high (H) Mn 
concentrations, respectively. The HHCl treatments to measure total extractable Mn 
yielded 3.1±0.05, 7.4±0.01, and 11.9±0.04 gMn/gMOMAC (mean ± standard error, n = 3) in 
MOMAC (L), (M), and (H), respectively. The Mn concentration in CaCl2 and ultrapure 
water wash solutions was measured as an indicator of residual Mn(II) removed from the 
solid via ion exchange or desorption. Low to non-detectable (< 0.1 mg/L) concentrations 
of Mn(II) were measured in the supernatant solutions from the MnOx and MOMAC 
syntheses and in subsequent washes with CaCl2 (Fig. 1.2). However, higher 
concentrations of Mn(II) were observed in solution after the first wash, or subsequent 
washes, with ultrapure water rather than CaCl2 solutions. The Mn(II) released by 
MOMAC products was much higher than from MnOx solid (Fig. 1.2). 

1.4.2 Solid Characterizations 
Images captured with SEM and STEM coupled with EDX showed fluorescence 

from both Mn and O on the surface of AC particles for MOMAC solids (Fig. 1.3). Mn 
oxide particles were aggregated in small areas on the AC surface rather than uniformly 
coated. Similarly, synthetic MnOx particle sizes ranged from nanoparticulate to larger 
(~20-50 µm) aggregates based on SEM images (Fig. A7). Surface areas (measured by the 
BET method) of synthetic MnOx (130 m2/g) and activated carbon (958 m2/g) were lower 
and higher, respectively, than BET surface areas measured from MOMAC samples, 
which decreased with increasing MnOx concentration (L: 785±56, M: 736±71, H: 
616±47 m2/g; mean ± standard error, n = 3) (Fig. A8). Average pore diameter (measured 
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by the BJH method) was lowest for AC (4.8 – 5.1 nm) and highest for MnOx (12.4 – 13.1 
nm). For MOMAC samples, average pore diameter increased with increasing MnOx 
concentration (L:5.4 – 5.7 nm; M:5.6 – 6.0 nm; H: 7.0 – 7.4 nm). Diffractograms of 
synthetic MnOx and MOMAC showed no significant reflections attributed to Mn(IV)Ox 
minerals (Fig. A9). MOMAC samples exhibited reflections attributed to graphite with an 
additional reflection in the MOMAC (M) sample that matched the major reflection for 
feitknechtite (β-Mn(III)OOH). 

 
1.4.3 X-ray absorption spectroscopy (XAS): XANES and EXAFS 

Estimation of Mn species determined from XAS was consistent with separate 
analysis of the XANES and EXAFS regions (Fig. 1.4; Table A4). Linear combination 
(LC) fits of reference spectra to MOMAC samples were similar across concentrations and 
consisted of three components (Fig. A10), compared to synthetic MnOx, which was fit by 
one component. Fits to MnOx XANES and EXAFS regions matched best with synthetic 
vernadite (δ-Mn(IV)O2); additional components did not statistically improve the fit. Fits 
of MOMAC samples included fractions of manganite (γ-Mn(III)OOH, 17-46%) and 
Mn(II) sorbed on AC (11-21%), in addition to vernadite (42-63%). The AOS estimated 
from LC fits of separated XANES and EXAFS regions were within 5% (Table A5). 

. 

1.4.4 X-ray Photoelectron Spectroscopy and X-ray Absorption Spectroscopy Pre-
edge Peak 
Manganese oxidation states in MnOx and MOMAC were estimated independently 

by analysis of XPS Mn 3p binding energy peaks and XAS Mn K-edge (1s) pre-edge peak 
region extracted from the total X-ray absorption spectrum (Fig. 1.5). Unlike LC fits to 
MnOx XANES and EXAFS, Mn 3p XPS data collected on MnOx was fit with fractions 
of Mn(II) (~10%) and Mn(III) (~15%) in addition to Mn(IV) (Table A6). There was little 
difference among MOMAC samples, but a consistently lower Mn AOS was observed in 
MOMAC samples compared to MnOx (Table 1.2). The MOMAC XPS data were fit with 
smaller fractions of Mn(IV) and contained higher fractions of low-valent Mn, mostly as 
Mn(II). Distinctions between MnOx and MOMAC were also seen with O1s XPS where 
MOMAC exhibited lower fractions of lattice oxide groups and greater fractions of 
hydroxl groups or sorbed H2O (Fig. A11; Table A7). Analyses of C1s XPS data showed 
negligible differences between the unmodified AC and MOMAC (Fig. A12; Table A8). 
Among MOMAC samples, the AOS estimated from XPS agreed with analysis by 
XANES and EXAFS (±5%) (Table 1.2; Table A5). 

Analysis of the X-ray absorption pre-edge features of the Mn K-edge was 
conducted as an additional indicator of Mn redox states.47,64–66 The pre-edge features 
reflect electronic transitions from the 1s core level to the lowest unoccupied valence 
orbitals, i.e., 3d or 4p orbitals, the latter if hybridized by Mn ligands.47,64 Peak fits to 
synthetic MnOx showed entirely Mn(IV) whereas MOMAC samples were fit with 32-
46% Mn(III) and 15-19% Mn(II) (Table A9). The fit centroid was highest for synthetic 
MnOx (6541.9 eV) and lower for all MOMAC samples (6541.7 eV). The AOS of 
MOMAC and MnOx samples estimated with the pre-edge fits agreed with the analysis by 
XPS, XANES, and EXAFS (±5% and ±10%, respectively) (Table 1.2). 
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1.4.5 Batch Experiments with Hg-Contaminated Sediments 
Batch experiments with AC, MnOx, or MOMAC amendment and ACW, with and 

without Hg-contaminated sediment, were monitored for solution Eh and pH to assess 
regulation of these parameters by each amendment. Eh-pH diagrams (Fig. 1.6) show 
measured Eh and pH from batch experiments plotted on equilibrium stability regions for 
Mn aqueous and solid species and sulfur (S) aqueous species. Total Hg in the sediment 
was 11.5±1.3 mg Hg/kg (mean ± standard error, n = 3) measured by thermal desorption 
on a DMA, with the largest fractions associated with thermal desorption at temperatures 
of 100 and 225 °C, which are assigned to Hg0 and other common Hg species including 
HgCl2 and methylmercury (Fig. A13).59,67 Other non-mobile, compounds such as β-HgS 
or Hg2Cl2 are also associated with decomposition at 225°C. Selective extractions 
intended to target the exchangeable and organic fractions of sediment Hg yielded only 
0.07 and 0.275 mg Hg/kg, respectively, which is ~0.007% and 0.02% of total Hg (Fig. 
A14). 

In batch experiments with amendment and ACW (Fig. 1.6a), the pH of the control 
(ACW, no solid) and AC treatments decreased slightly (pH ~7.80 to 7.10) from the initial 
conditions (pH ~ 7.82), but Eh remained constant (~0.440 V). In contrast, a higher Eh 
was observed in ACW amended with MnOx (0.700 to 0.840 V) compared to the ACW 
control and initial conditions. However, ACW amended with MnOx also had the lowest 
pH of all treatments (pH ~5.40). ACW amended with MOMAC had higher Eh (~0.600 
V) compared to AC and control treatments, but lower Eh than ACW with MnOx. 
Similarly, the pH of ACW-MOMAC solutions decreased (pH ~6.50) compared to initial 
conditions but remained higher than ACW-MnOx treatments. 

Batch experiments with Hg-contaminated sediment (Fig. 1.6b) had similar overall 
trends as the ACW-amendment experiments, but differences among the three solids were 
much less pronounced. There were slight decreases in Eh (~0.500 to 0.400 V) and pH 
(~7.80 to 7.20) in the control (ACW and sediment) and AC samples compared to initial 
conditions (Table 1.1). Sediments treated with either MnOx or MOMAC showed an 
increase in Eh (~0.500 to 0.600 V), but similar pH (~7.00), over time compared to the 
sediment control. Measured THg in solution (by CVAFS) was similar between the 
control, AC, and MOMAC experiments at around 2.0-2.4 µg/L, whereas the MnOx 
treatment exhibited higher dissolved Hg concentrations at 6.2 µg/L (Fig. 1.7). 

 

 

 
1.5 Discussion 
1.5.1 Bulk and Surface Properties of Amendments 

Results from spectroscopic characterizations identified synthetic vernadite (δ-
MnO2) as the primary Mn(IV) phase in both MnOx and MOMAC (Fig. 1.8). The absence 
of major reflections in XRD patterns, however, indicated that it formed as an XRD-
amorphous precipitate, indicating a lack of long-range atomic structural order, both 
homogeneously from solution and on the AC surface. Synthetic vernadite resembles a 
birnessite-like layered structure with interlayer cations, but exhibit turbostratically 
disordered layer stacking of Mn(IV)-O6 octahedra linked by shared edges,18,68–70 which 
leads to an absence of major reflections in XRD.68,69 Additionally, synthetic manganese 
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oxides that have not been annealed at high temperatures are typically disordered and 
amorphous to XRD.71 MOMAC solids identified by XAS included fractions of sorbed 
Mn(II) (11-21%) and γ-Mn(III)OOH (17-46%) in addition to vernadite (Fig. 1.8). The 
presence of γ-Mn(III)OOH, or other Mn(III)OOH polymorphs, is further supported by 
XPS O1s fits that suggest higher fractions of hydroxyl associated with MOMAC (Fig. 
A11; Table A7). Fractions of Mn(II) fit in both MnOx and MOMAC were attributed to 
sorbed Mn(II) (Fig. 1.8). In MnOx, lower AOS observed with XPS compared to bulk 
XAS analyses (pre-edge, XANES, and EXAFS) could be attributed to the surface 
sensitivity of XPS where the surface may contain sorbed Mn(II) and can be more reduced 
than the bulk.56 

Gas adsorption-desorption isotherms used to measure surface area and pore size 
distribution utilized N2 as probing molecule and has previously been reported to 
underestimate the internal surface area of microporous structures such as MnOx.72,73 
Nitrogen gas adsorption-desorption isotherms collected on amendments indicated higher 
surface areas associated with MOMAC and AC compared to MnOx, and larger average 
pore size in MnOx and MOMAC compared to AC. High surface area is often correlated 
with higher contaminant sorption, while larger average pore size can prevent pore 
blockage from competing sorbates like dissolved organic matter.74–76 Aggregation of 
MnOx particles, observed with SEM, can decrease accessible surface area and limit 
sorption of contaminants.77 Images of the MOMAC solids coupled with EDX also 
showed Mn oxide aggregated in small areas rather than uniformly dispersed on the AC 
surface. Similarly, higher Mn concentrations among the three MOMAC samples 
corresponded to a decrease in surface area compared to unmodified AC. Decreasing 
surface area may indicate aggregation of Mn oxide on the AC surface onto AC. While 
aggregation may decrease sorption on the surface, unmodified AC surface may be 
beneficial as it would allow sorption of other constituents on the AC substrate.77 
1.5.2 Role of Mn(II) and AC During Amendment Synthesis 

Synthesis of MnOx and MOMAC was driven by a comproportionation reaction 
between MnCl2∙4H2O and KMn(VII)O4, to form Mn(IV)O2, in the absence or presence of 
AC, respectively (reaction 1). Prior studies78–80 have also suggested formation of 
nanoparticulate MnO2 on carbonaceous surfaces, such as AC, through spontaneous 
surface oxidation of carbon and reduction of MnO4- through the following reaction: 

 
4MnO4- + 3C + H2O ⇌ 4MnO2 + CO32- + 2HCO3- (2) 

The formation of CO32- or HCO3- through this mechanism buffered pH during 
MOMAC synthesis and resulted in higher initial pH compared to homogeneous MnOx 
precipitation. However, no major changes in the AC characteristics were observed with 
C1s XP spectroscopy (Fig. A12).  

For MOMAC synthesis, a MnCl2∙4H2O solution was equilibrated with AC to 
promote sorption of Mn2+ ions prior to addition of KMnO4, which could serve as 
nucleation sites for the oxidative precipitation of MnOx by reaction of sorbed Mn(II) 
with KMnO4. The presence of dissolved Mn in multiple sequential washes of MOMAC 
after synthesis supports the hypothesis of Mn(II) diffusion into AC pores and delayed 
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release during washes (Fig. 1.2). Aqueous or adsorbed Mn(II) can undergo electron 
exchange with structural Mn(IV) and initiate reductive transformation to Mn(III)OOH by 
the reaction:81–83 

 
MnO2 + Mn2+ + 2H2O → 2MnOOH + 2H+  (3) 

Therefore, a fraction of MnO2 formed on the MOMAC surface through either 
reaction 1 or 2 could have been reduced by surface Mn(II) form Mn(III) by reaction 3. 
For homogeneously precipitated MnOx, fractions of Mn(II) and (III) were observed with 
XPS but not by bulk XAS, which showed only Mn(IV). These results suggest that 
reduction of MnO2 by reaction 3 was likely restricted mostly to the surface due to particle 
aggregation and lower overall surface area.84 

 
 

1.5.3 Role of Cation Exchange During Amendment Synthesis 
Synthesis of MnOx and MOMAC was followed by triplicate washes with 1 M 

CaCl2 and ultrapure water. Results indicated that these post-synthesis steps can further 
alter Mn oxide solids. Synthetic vernadite commonly exhibits defect sites where Mn(IV) 
in octahedral layers is substituted by either Mn(III) or other trivalent cations, or may be 
vacant, with charge-balancing cations present above or below the vacancy site.18,69 
Substitution of Mn(IV) by Mn(III) induces charge deficits within structural birnessite 
layers that are balanced by the presence of interlayer hydrated cations such as Na+, K+, 
Ca2+, or Mn2+. Cation exchange within interlayers of Na-birnessite, such as where Na+ is 
exchanged by Ca2+, has been shown to change the oxidation state of octahedrally 
coordinated Mn(III) in structural layers.69,85. The exchange of Ca2+ for Na+ favors a 
destabilization of the Mn(III)-O bond and subsequent disproportionation:85 

 
2Mn(III) → Mn(II) + Mn(IV) (4) 

During synthesis of MnOx and MOMAC with NaOH, Na+ would be incorporated 
initially into Mn oxide interlayers. Post-synthesis washes with 1 M CaCl2 would 
exchange Na+ with Ca2+, driving a Ca-induced disproportionation of Mn(III) by reaction 
(4). Mn(II) cations produced by this reaction are too large to occupy octahedral sites in 
the Mn oxide layers and are instead relocated as strongly sorbed species either above or 
below the vacancy site, or lost to solution.85 During the CaCl2 wash steps, Mn was below 
detection in the extracted supernatant solutions, which indicates retention of Mn(II) on 
the MnOx or MOMAC solid by either relocation to vacancy sites or adsorption to other 
surface sites rather than released into solution.85 In either case, sharp changes to the ionic 
strength and cation composition of the washing solution can cause changes in sorption 
(on AC in case of MOMAC) or incorporation of metals into the MnOx interlayers.86,87 
The removal of interlayer cations such as Mn(II) to solution following washes with 
ultrapure water may have also contributed to structural disorder observed with XRD. In 
addition to Mn(II) released through disproportionation of Mn(III), these washes may have 
also released Mn(II) diffused into AC pores during equilibration, which may account for 
the higher concentrations of Mn in solution from the CaCl2 and ultrapure water washes of 
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MOMAC samples compared to homogeneous MnOx. Bulk and surface characterizations 
of MnOx and MOMAC suggest that changes to Mn oxidation state associated with cation 
exchange reactions were largely confined to the surface. 

 
1.5.4 Role of Mn Species in Redox and pH Buffering 

Results from the batch experiments suggest that solution redox buffering was 
affected by differences in Mn species between MnOx and MOMAC.88  Homogeneous 
MnOx was matched best with synthetic vernadite by XAS analysis, which is 
predominantly Mn(IV), whereas MOMAC contained Mn(III) as γ-Mn(III)OOH (or other 
polymorphs) and sorbed Mn(II). Results from batch experiments with ACW showed that 
measured solution Eh was highest for MnOx amendment followed by MOMAC 
amendment, which was higher than unamended or AC treatments. The larger fraction of 
Mn(III)OOH in MOMAC likely decreased the redox buffering potential when compared 
to MnOx in ACW.89 For example, Mn(III) sites within MnOx are expected to be less 
effective than Mn(IV) in the oxidation of contaminants such as As(III) by Mn oxides.89,90 
Although Mn(III)OOH would poise Eh at a lower equilibrium potential than Mn(IV) in 
synthetic vernadite (MnOx) in the ACW solution, MOMAC with both Mn(III) and 
Mn(IV) was shown to poise Eh higher than no-amendment controls or AC treatments.89 

The electron configuration of Mn(II), consisting of a half-filled d-shell, generates 
a stable atom that does not readily oxidize other compounds in aquatic systems.22 Rather, 
several studies have reported reductive transformations of birnessite (Mn(IV) oxide) to 
Mn(III)OOH, or mixed-valent Mn(II,III)3O4, while in the presence of aqueous Mn(II), 
which lowers the overall redox buffering capacity.81,82,89 Additionally, Mn(II) can 
passivate reactive surface sites, block sorption sites on AC, or occupy vacancy sites on 
Mn oxide that can decrease total sorption capacity.83,91,92 Reactions between Mn(III) or 
(IV) oxides and electron donors such as sulfide minerals or organic matter can cause 
reductive dissolution and generate high concentrations of aqueous Mn(II).13 There is 
increasing concern about Mn contamination of drinking water, which can lead to 
neurotoxic health effects.93,94 Precipitation of Mn(II) compounds such as rhodochrosite 
(MnCO3), or oxidation to Mn(III) or Mn(III,IV) solids, may limit the concentration of 
Mn(II) in solution, but these processes can be kinetically slow and are strongly pH 
dependent.95,96 Oxidation of Mn(II) can be catalyzed both abiotically through 
complexation with organic compounds or by Mn(IV) oxide mineral surfaces, and 
biotically through various enzymatically driven bacterial or fungal pathways.97,98 
Calcareous systems such as EFPC can promote stability of Mn(II) solids, and the 
presence of additional electron acceptors (e.g., nitrate) can potentially re-oxidize Mn(II) 
to provide additional redox buffering.99 

Another potential consequence of applying amendments such as MnOx or 
MOMAC to sediment is the oxidative dissolution of sulfide minerals, such as HgS(s) or 
FeS(s), or oxidation of metallic Hg0 that can introduce dissolved Hg species into the 
water phase.13,100,101 Prior Hg speciation studies of EFPC sediment report HgS(s) as a 
dominant Hg species (~10-35%) and have also noted fractions of Hg0 ranging from ~10-
15%.101–104 Thermal desorption gradient measurements performed on EFPC sediment in 
this study showed that ~6% of Hg is present as HgS and ~10% is volatilized at low (~100 
°C) temperatures, suggesting the presence of a small fraction of Hg0 in the 
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sediment.59,67,104 Release of Hg to solution observed in batch experiments with MnOx 
may be associated with oxidation of Hg0, HgS(s), Hg complexed with organic matter, 
and/or other easily exchangeable Hg. The additional sorption capacity of AC and 
MOMAC may have limited Hg release to solution compared with MnOx. 

While oxidative dissolution may increase dissolved Hg concentrations, high redox 
potential should suppress the microbial transformation of Hg(II) to methylmercury. 
Methylmercury is a neurotoxic form of mercury that typically comprises < 1% of THg in 
the sediment by mass, but bioaccumulates in aquatic food webs.6,13 Methylmercury is 
favored to form under low redox conditions through microbial iron-reducing or sulfate-
reducing pathways105–108 and can be disfavored through redox buffering by addition of 
Mn oxides.11–13 The mobility and toxicity of other redox-sensitive contaminants in 
sediments, such as As(III) or Cr(III), can also be affected by addition of poorly crystalline 
Mn oxides.90,91,109 For example, redox buffering by Mn oxides has been hypothesized to 
limit large arsenic releases from sediment in a seasonally anoxic lake by favoring 
oxidation to As(V) and sorption onto solid phases such as ferrihydrite.92 Conversely, 
Cr(III) in soils can be oxidized by Mn oxides to the more mobile and toxic form 
Cr(VI).109,110 

In addition to redox buffering, the MnOx and MOMAC amendments decreased 
the pH of solutions in batch experiments compared to controls and AC treatments. 
Solution pH is a key variable that can control the speciation and fate of MnOx-based 
amendments. Mn(III, IV) oxides are thermodynamically unstable at lower pH for a given 
Eh (Fig. 1.6).25 Intermediate Mn(II,III) oxide phases such as hausmannite are favored to 
form at high pH (> ~8) and can provide additional redox buffering or limit release of 
aqueous Mn(II). The pH decrease observed when MnOx was mixed with ACW favors 
reductive dissolution to aqueous Mn(II) without the formation of intermediate phases 
(Fig. 1.6), particularly in slightly acidic (pH < 7) or highly reducing environments, 
resulting in higher aqueous Mn(II) concentrations.13 In limestone-rich environments such 
as EFPC37, high concentrations of dissolved bicarbonate can buffer pH > 7, as seen in the 
sediment batch experiments, while favoring stabilization of Mn(II) as MnCO3, which 
may form given sufficient reaction time.12 In the absence of pH buffering, reductive 
dissolution of Mn(IV) solids can occur rapidly and diminish redox buffering capacity3,6. 

 
1.6 Conclusion 

Characterization of MnOx and MOMAC revealed differences in properties that 
impact redox buffering and sorption capacity, which are largely influenced by Mn 
species, Mn AOS, pore size, and surface area. Results suggest that aqueous and sorbed 
Mn(II) and cation exchange processes involving Na+ and Ca2+ can influence Mn redox 
states during synthesis and, in turn, the performance of the final MOMAC product as a 
redox buffer. MOMAC solids contained fractions of Mn(III) as Mn(III)OOH and sorbed 
Mn(II) that resulted in lower solution Eh in batch experiments than MnOx (identified as 
amorphous synthetic vernadite, δ-Mn(IV)O2) when applied to ACW. In treatments with 
sediment, solution Eh was similar for MOMAC and MnOx, but MnOx amendments 
released more Hg to solution, probably by oxidation of sediment Hg0, HgS(s) and/or 
organic-Hg. Treatment with AC did not alter redox potential in either ACW or sediment 
experiments, and release of Hg into solution was similar to MOMAC and no-amendment 
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control, which may reflect the higher surface area and thus sorption capacity of AC and 
MOMAC. Experimental results suggest that the lower AOS of MOMAC resulted in less 
reduction in pH compared with MnOx, which is favorable due to the thermodynamic 
instability of Mn oxide solids at low pH. Mn AOS impacts redox buffering capacity and 
can affect the treatment of organic16 and inorganic contaminants in freshwater 
systems.90,91,109 Our results suggest that the Mn(III) fraction can be adjusted by altering 
the cation (either Na+ or Ca2+) and mass of Mn(II) used during syntheses. While changes 
to Mn redox states occurred during synthesis in this study, cation exchange and release of 
Mn(II) also commonly occur in aquatic ecosystems, and these processes can be used to 
inform in situ implementation strategies. 

Application of MOMAC to sediment-water systems contaminated with redox-
sensitive contaminants should consider environmental conditions that affect stability and 
fate of Mn oxide amendments. For example, sediment-water systems with low pH and 
high concentrations of sulfide, Fe(II), or other electron donors can lead to rapid reductive 
dissolution of Mn oxides.13,27,29 Reductive dissolution of Mn oxides releases aqueous 
Mn(II), which drives an autocatalyzed reductive dissolution that further depletes the 
redox buffering capacity if not removed from solution through precipitation.13 
Understanding the impact of these processes on Mn-based in situ amendments can inform 
both future synthesis methods and favorable environmental conditions for 
implementation. Our findings suggest that applying multifaceted techniques, such as 
combining redox buffering and sorption, can have a compounding effect that can more 
effectively remediate redox-sensitive contaminants, such as Hg, compared to redox 
buffering or sorption alone. 

 
1.7 Figures 

 

 
Figure 1.1 (a) Conceptual model for MnOx and MOMAC treatments showing MnOx 
adhered onto AC at a low, medium, and high concentrations to combine sorption and redox 
buffering. (b) Scanning electron microscopy images showing representative images of (i) 
MnOx, (ii) AC, and (iii) MOMAC solids dispersed on carbon tape with (iv) an energy 
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dispersive spectroscopic image showing Mn fluorescence (red) on the surface of MOMAC 
particles. 
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Table 1.1 Chemical composition of the artificial creek water solution 

 
a Calculated with PHREEQC111 
b Initial value measured in solution 
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Figure 1.2 Mn concentrations in synthesis supernatant solutions of MnOx and MOMAC. 
Green: initial solution after synthesis; Red: washes with 1 M CaCl2; Blue: washes with 
ultrapure water; *: Sample measurement below detection limit (2.5 µg/L). Instrumental 
uncertainty (2σ) from triplicate measurements of each sample is shown by the black lines. 
Note break in y-axis for data visualization.  
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Figure 1.3 a) Image of a MOMAC particle (AC substrate with MnOx granules) captured 
with scanning transmission electron microscopy (STEM). Energy dispersive X-ray 
spectroscopy (EDX) fluorescence mapping of the same area showing the distribution of b) 
Mn and c) O on the AC surface. 
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Figure 1.4. Mn K-edge X-ray absorption spectra (blue lines) of synthetic MnOx and 
MOMAC samples divided into (a) XANES (fit region 6530-6590 eV) and (b) EXAFS (k-
range fit region of 1.5-10 Å-1) with linear combination fits (red lines show component sum). 
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Linear combinations were conducted with a library of Mn reference compounds. Fractions 
of the best-fit components, normalized to 100%, are represented by the bar plots. Tabulated 
values and representative deconvolution for MOMAC are given in Table A4 and Fig. A10. 
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Figure 1.5. Estimation of Mn oxidation states in MnOx and MOMAC through analysis of 
(a) Mn 3p peak collected with X-ray photoelectron spectroscopy (XPS) and (b) expanded 
Mn K-edge pre-edge region from X-ray absorption spectra (shown in Fig. 1.4). For XPS, 
non-linear least-squares curve fits were used to determine distribution of oxidation states 
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in MnOx and MOMAC based on curves defined by analysis of reference compounds. The 
Mn pre-edge was fit with sets of 2 or 3 pseudo-Voigt functions (FWHM = 1.3 eV; 
Gaussian/ Lorentzian = 0.45; peaks shown) for reference compounds where each peak was 
allowed to shift ±0.1 eV. Bar plots show fractions of Mn(II), (III), and (IV) fit in each 
sample. Tabulated values for XPS and pre-edge fits reported in Table A5 and Table A6, 
respectively.  
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Table 1.2. Mean Mn average oxidation state estimated with XAS (pre-edge, XANES, and 

EXAFS) and XPS analysis. 

 
a Mean average oxidation state ± standard error (3×) 
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Figure 1.6. Eh-pH diagrams and measured Eh and pH as a function of time in batch 
screening experiments of amendments (a) mixed with artificial creek water only, or (b) 
homogenized with Hg-contaminated sediment and mixed with artificial creek water. Eh-
pH diagrams show Mn aqueous and solid speciation (solid red lines) and S aqueous species 
(dashed green lines). Chemical formulas for minerals: rhodochrosite: MnCO3; 
hausmannite: Mn3O4; bixbyite: Mn2O3; pyrolusite: MnO2. Calculations were done using 
the Act2 program from Geochemist Workbench. Experimental data are plotted at the end 
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of reaction (15 d) on the Eh-pH diagrams. Solid lines on the Eh and pH time plots represent 
statistical smoothing of the data calculated with a generalized additive model. 
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Figure 1.7. Total Hg measured in solutions of batch screening experiments after 15 d of 
reaction with contaminated sediment and amendment treatments (untreated control vs. 
amendment with MnOx, AC, or MOMAC (H)). Total Hg in sediment was 11.5±1.3 mg/kg 
dry weight (mean ± standard error, n = 3). Uncertainty calculated as the average percent 
recovery from ongoing precision and recovery samples ± 2 standard deviations from the 
mean (96-122%).  
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Figure 1.8. Illustration of MOMAC depicting Mn surface species on activated carbon. The 
Mn oxide species and crystal morphology found in the Mn aggregates located on the 
surface of the activated carbon substrate. Octahedral vacancies (marked by the empty 
space) or Mn(III) in octahedral sites (marked by darkened octahedra) found within δ-MnO2 
result in negative charges that are balanced by hydrated cations in the interlayers, such as 
Mn(II). Surface of the activated carbon with Mn(II) sorbed and/or diffused into pore spaces 
following equilibration with MnCl2∙4H2O for 24 h prior to oxidation with KMnO4. 
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2 Manganese Oxide Modified Activated Carbon Lowers 
Mercury and Methylmercury in Legacy Contaminated 
Sediments: A Flow-Through Column Study 

 
2.1 Abstract 

Mercury (Hg) contamination in sediments threaten aquatic ecosystems due to 
potential mobilization and methylation into neurotoxic methylmercury (MeHg) under 
anaerobic, chemically reducing conditions. For example, historical Hg use at Y-12 
National Security Complex (Oak Ridge, TN) resulted in dispersal of Hg throughout East 
Fork Poplar Creek (EFPC). Manganese(III)/(IV) oxide-modified activated carbon 
(MOMAC) was synthesized as a cost-effective sediment amendment intended to lower 
net Hg methylation through redox control while sequestering Hg species in sediments 
through sorption. Bench-top flow-through column experiments compared Hg dynamics in 
MOMAC-treated, activated carbon-treated (AC), and untreated sediments, with dissolved 
organic carbon (OC) additions (acetate + pyruvate) or solid OC (spirulina powder) to 
stimulate microbial activity and Hg methylation. For each column, ~80 pore volumes of 
ACW flowed through, the flow was stopped for 3 days and flushed for ~100 pore 
volumes. MOMAC and AC treatments effectively reduced THg elution, demonstrating 
enhanced Hg sequestration even with ample OC. MeHg production was associated with 
lower redox states in untreated sediments with solid OC, whereas MOMAC-treated 
sediments maintained higher redox potential, limiting MeHg release. Redox buffering 
from MOMAC may decline over time due to MnOx dissolution, which is affected by 
higher flow rates and OC levels. 

 
2.2 Introduction 

Mercury (Hg) released from anthropogenic activities such as coal combustion, 
mining, waste incineration, or other industrial processes have led to contamination of 
aquatic sediments and soils, causing long-term adverse effects on the surrounding 
environment and biota.1–4 The neurotoxic form, methylmercury (MeHg), can form in 
sediments through microbial pathways and bioaccumulate in aquatic food webs, posing 
significant health risks to humans and wildlife that consume contaminated organisms.5–7 
The 2018-2019 National Rivers and Streams Assessment conducted by the EPA sampled 
fish tissue across 41,099 river miles in the continental United States and found that all 
fish sampled contained MeHg, with 26% exceeding the EPA regulatory limit of 300 
mg/kg.8,9 A lack of improvement from the 2013-2014 assessment, which found 24% of 
the sampled fish exceeded regulatory standard, highlights the need for effective 
approaches that can limit MeHg production, bioavailability and, in turn, 
bioaccumulation.10 

One prominent example of legacy Hg contamination is from the use of elemental 
Hg0 for lithium isotope separation in the development of thermonuclear weaponry at the 
Y-12 National Security Complex (Oak Ridge, TN) during the mid-20th century, which 
resulted in environmental Hg contamination of East Fork Poplar Creek (EFPC).2,11,12 
Presently, legacy Hg at EFPC is found primarily along the creek banks, where erosion 
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processes introduce Hg into the creek, which can then be converted into MeHg and enter 
the aquatic food web. Prior work showed that Hg in water from EFPC was isotopically 
similar with Hg0 used in industry, which indicates ongoing adverse impacts from 
historical use of elemental Hg.1,13 Legacy contamination at Oak Ridge, along with many 
other case studies14–19, demonstrates the necessity for innovative treatments that address 
Hg contamination and limit the production of MeHg in legacy contaminated soils and 
sediments. 

Mercury in soils and sediments is generally dominated by Hg(II) bonded with 
sulfide, as HgS(s), or complexed with organic matter (OM), with a particularly high 
affinity for thiol groups (R–SH).20–22 Competing biogeochemical interactions between 
Hg(II), sulfide, and OM largely govern the speciation, bioavailability, mobilization, and 
fate of mercury in soils and sediments.21,23 Riparian soils, such as those at EFPC, are 
critical interfaces between terrestrial and aquatic systems. They control the mobility of 
contaminants into surface waters but exhibit fluctuating biogeochemical conditions due, 
in part, to their proximity to converging hydrologic flows, the influence of precipitation 
events, biological activity, and many other factors.24,25 Notably, changes in redox 
potential (expressed as Eh), as a consequence of soil saturation and drying, is a primary 
control in the speciation of Hg(II) and the formation of MeHg in soils.25 Studies have 
reported a redox potential window where peak MeHg production occurs under mildly 
reducing conditions (Eh = -200 – -300 mV), generally associated with microbial sulfate 
reduction or, to a lesser extent, iron-reduction.26–31 In highly reduced environments, the 
presence of reduced sulfur, from dissimilatory sulfate reduction, can result in sulfide 
mineral precipitation that immobilizes Hg(II) as HgS(s), while methanogenesis, favored 
in highly reduced environments, balances methylation and demethylation microbial 
pathways, often neutralizing net MeHg production.29,32,33 Aquatic environments with 
redox potentials above the Hg-methylation window typically favor microbial populations 
not highly associated with MeHg production (Mn oxide reducers, nitrate reducers, 
aerobic respirators).27,34–37 Among these, solid Mn oxide can elevate redox potential 
directly in sediments, potentially disfavoring microbial production of MeHg at the 
source. Supplementing Mn oxide with an additional sorbent, such as activated carbon can 
further help sequester Hg and MeHg in the sediment, limiting transport to overlying 
water.34,37–40 

Manganese oxide-modified activated carbon (MOMAC) is an in-situ amendment 
designed to treat redox-sensitive contaminants in soils and sediments, such as Hg and 
MeHg.37 MOMAC combines the high sorption capacity of activated carbon (AC) with 
the redox buffering properties of manganese(III, IV) oxide (MnOx). High surface area 
and sorption capacity can help sequester Hg species in sediment, while MnOx poises 
redox at potentials that favor Mn-reducing microbial pathways above redox potentials 
typically associated with Hg-methylation.34,37,41,42 However, prior studies have shown 
that the effectiveness of sorbents is decreased in the presence of OM due to competitive 
ligands occupying limited sorption sites.43–45 Additionally, oxidation of OM in sediments 
by MnOx can reduce high-valent Mn and lower redox buffering capacity of MOMAC 
amendment.41,46–49 Therefore, the redox control and sorption efficiency of oxidizing in-
situ sediment amendments, such as MOMAC, depends heavily on the concentration of 
OM in sediments. Furthermore, altered biogeochemical conditions caused by changes in 
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sediment saturation and water stagnation can impact both abiotic and biotic reduction of 
MnOx in MOMAC, the retention of contaminants on sorbent surfaces, and overall 
treatment longevity. These factors should be thoroughly investigated as they pose 
potential obstacles for implementation of in-situ treatments. 

Flow-through column experiments were used to investigate whether combining 
redox buffering and sorption with MOMAC can limit Hg-methylation while sequestering 
Hg in EFPC sediment compared to sediment treated with AC, just providing sorption, or 
untreated sediment (Figure 2.1).  These experiments were carried out under conditions 
that mimic natural fluctuations in sediment saturation/ water stagnation and varying 
organic matter content. Organic matter was added to artificial creek water either as 
simple aqueous organic carbon compounds, acetate and pyruvate, or as spirulina powder, 
a lyophilized biomass of cyanobacteria, homogenized into sediment to stimulate 
microbial activity and evaluate changes in MeHg production, sorption, and redox 
buffering capacity of MOMAC in a system with high OM. A stopped-flow state was 
incorporated in each experiment to simulate flooding and stagnant porewaters that can 
induce transient redox conditions. Organic carbon (OC), Hg, MeHg, ions, and other 
metrics (pH, Eh) were measured in effluent to assess how the sediment (±treatment) 
responded to changes in sediment saturation and the amount of reactive organic carbon 
over time. 
2.3 Methods 
2.3.1 Materials and Equipment 

Reagent grade chemicals (KCl, CaCl2, MgSO4, MgCl2, CaCO3, NaHCO3, 
MnCl2·4H2O, KMnO4, NaOH, glacial acetic acid, sodium pyruvate) (Sigma-Aldrich, St. 
Louis, MO, U.S.A.), powder AC (Fisher Scientific, Hampton, NH, U.S.A.; CAS 7440-
44-0), and spirulina powder (Micro Ingredients), were purchased and used without 
further alteration. Ultrapure water (18.2 MΩ cm, MilliporeSigma Milli-Q) was used as 
reagent water for all experiments. Sediment columns (7.9 x 2.0 cm ID; 22.2 cm3) were 
machined from polyether ether ketone (PEEK) due to its chemically inert properties. 
Mercury-contaminated sediment from EFPC was collected and composited from the top 
4 inches of sediment in the flowing stream, approximately ~0.5 meters from a left 
descending bank (36° 0′ 16″ N, 84° 16′ 56″ W), and approximately 3 kg were shipped on 
dry ice to UC Merced in a large bag. Upon arrival at the laboratory, the sediment 
transferred to an anaerobic glovebox (95% N2; 5% H2), aliquoted into several bags (~100 
g each), and sealed.  Bags were stored at –20° C until needed in an effort to limit freeze-
thaw cycles between column experiments. 

Manganese oxide modified activated carbon (MOMAC) was prepared as 
described in Rivas Meraz et al. 2023.37 Briefly, 13.3 g of powder AC was reacted with 
66.67 mL of a 0.29 M MnCl2·4H2O solution for 24 h. Solutions of 0.19 M KMnO4 and 
0.38 M NaOH (66.67 mL each) were thoroughly mixed and added dropwise to the 
reaction vessel for approximately 1 h. Throughout the reaction, the pH was maintained 
above 7.0 using 0.1 M NaOH solution. The solid was separated via centrifugation and 
washed three times with 1 M CaCl2 followed by three times with ultrapure water. The 
final solid was oven dried at 55 °C for 24 h and stored in the freezer. 

An artificial creek water (ACW) solution composed of the average major ion 
concentrations of water from EFPC3, was prepared and used as the influent solution for 
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all column experiments (Table. 2.1). Nitrate was omitted from the water mixture to avoid 
the presence of additional redox buffers. 

 
2.3.2 Column Packing 

A day prior to packing the column, Hg-contaminated sediment from EFPC was 
thawed in a, and 30 g of wet sediment, with addition of MOMAC or AC as treatments 
homogenized into sediment, was mixed with 10 mL ACW in a 40 mL polypropylene 
copolymer (PPCO) tube and placed on a rotating mixer overnight. Treatment dosing was 
about 2% dry weight, or about 0.46 g of MOMAC and about 0.30 g of AC (~958 m2/g) 
for 30 g of wet sediment.  This dosing gave approximately equal bulk surface areas for 
both treatments (~616 m2/g). The equilibration step with ACW was incorporated to 
dampen large changes in analyte concentrations associated with the initial column flush 
out and removal of constituents weakly sorbed to the sediment surfaces. Just before 
column packing, the tube was centrifuged at 18725 relative centrifugal force, the 
supernatant was carefully extracted and discarded, and the sediment was packed into the 
column. A PEEK rod was used to lightly pack and score the surface of the sediments 
between layers to improve hydraulic conductivity. PEEK columns were packed with an 
average of 30.16±1.02 g of Hg-contaminated sediment based on column mass measured 
after packing. At each end of the column, 4.0 – 5.0 g of quartz sand (0.5 – 0.6 cm thick) 
were packed above and below the sediment to help uniformly distribute flow throughout 
the column. A 100 µm nylon mesh was included at each end of the column to limit 
sediment entrainment and transport into the tubing or samples. 

 
2.3.3 Column Experiment 

The conditions used for the flow-through column experiments are summarized in 
Table B1. In one set, dissolved OC was added as a solution of acetate and pyruvate into 
the influent solution at environmentally relevant concentrations (~10 mgcarbon/L). A 100 
mL acetate and pyruvate stock solution (~1000 mgcarbon/L) was prepared by adding 0.120 
mL of glacial acetic acid and 152.6 mg of sodium pyruvate into 99.88 mL of ultrapure 
water. To prepare the influent solution, a 10 mL aliquot of the acetate and pyruvate stock 
was added to 990 mL of ultrapure water and  pH adjusted to 7.8-8.0 using 0.1 M NaOH. 
In another set of experiments, solid OC was added as powdered spirulina, a lyophilized 
biomass of cyanobacterium at high concentration to investigate the behavior of 
treatments when OC is not a limiting factor for Hg-methylation. The loss on ignition 
(LOI) of dry sediment at 550°C, measured at 1.4 ± 0.2% OC (mean ± standard deviation; 
n=3), was used to estimate the OC content in untreated EFPC sediment. The spirulina 
powder was assumed to contain roughly 50% carbon, similar to other forms of OM.53 To 
approximately double the resident organic carbon content, 0.34 g of spirulina powder was 
added to 30 g of wet sediment (~24 g dry sediment). Spirulina was homogenized into the 
sediment after extracting the supernatant solution following the equilibration step. 

Before each experiment, PEEK tubing, fittings, and columns were placed in a 2% 
HCl bath for at least 24 h before being rinsed thoroughly with ultrapure water. PharMed 
BPT tubing was replaced for each column experiment. The influent solution was pumped 
upflow through the column using an Ismatec IPC peristaltic pump fitted with 1.52 mm 
(yellow-blue) PharMed BPT tubing that fed into 2 mm PEEK tubing at a rate of 0.118-
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0.119 mL/min or ~1.6 sediment pore volume (PV)/hr), assuming an average pore volume 
of 6.68 mL. Effluent solution was collected for 3d (~80 PVs) before a stopped-flow state 
was initiated by turning off the pump, closing both stopcocks, and allowing the sediment 
and porewater to react for 3 d (Figure 2.1). Column flow was resumed, and effluent was 
collected for an additional 4 d (~100 PVs) before terminating the experiment. 

 
2.3.4 Effluent Solution Collection, Processing, and Analysis 

Effluent solution (~7.0 mL) was collected into 13 mm polypropylene tubes with a 
Spectra/Chrom CF-2 fraction collector. The empty and filled mass of each tube were 
recorded to measure the mass of effluent eluted for every fraction. Fractions were 
collected every hour and tubes were combined every 12 h (12 tubes) to constitute one 
sample for analysis. Total volume collected for each sample is shown in Figure B1. These 
volumes were used to convert eluted concentrations of select analyses (Hg, MeHg, Mn) 
to total mass eluted for a given sample. The cumulative masses of each sample were used 
to determine total mass eluted throughout the experiment. Measurements of pH (Orion 
ROSS Sure-flow) and redox potential (Mettler Toledo Redox Micro ORP) were collected 
with a probe. Redox measurements were converted to Eh by correcting for the electrode 
potential of the reference electrode (Ag/AgCl; Eref = 207 mV).54 Part of the combined 
effluent (~45 mL) was filtered through a pre-rinsed 0.7 µm GF/F filter fitted to a luer-
lock plastic syringe and aliquoted into containers for various analyses. Additional details 
for analyses performed on effluent are discussed in Text B1, while corresponding 
detection limits and practical quantitation levels are shown in Table B2. Approximately 
10-13 mL was filtered into a 15 mL polypropylene tube and frozen for ion 
chromatography analysis to measure anion concentrations (SO42–, NO3-, Cl-). For element 
analysis by ICP-OES, ~10 mL was filtered into a polypropylene tube, preserved with 2% 
(v/v) trace metal grade nitric acid, and refrigerated until analysis. Samples for non-
purgeable organic carbon (NPOC) analysis were collected every 24 h where ~15 mL of 
filtered effluent from each sample were mixed into a 30 mL HDPE bottle, and frozen 
until analysis. The remaining effluent (~45 mL) was left unfiltered for total Hg (THg) 
and MeHg analyses. About 5 mL of effluent were stored in a Hg-free clear glass vial and 
preserved with 1% (v/v) BrCl for THg analysis. Total Hg was measured through 
oxidation, purge and trap, and cold vapor atomic fluorescence spectrometry (CVAFS). 
Approximately 30 – 40 mL were stored in an Hg-free amber vial and preserved with 
0.4% (v/v) Optima grade HCl for MeHg analysis. The contents of the vial were decanted 
into a PTFE vessel, diluted to 55 mL, and distilled for 3 h at 125 °C under nitrogen-flow. 
Approximately 20-30 mL of distillate was placed into a new Hg-free amber vial and pH-
adjusted to 4.5-5.0 using 500 µL 2M sodium acetate buffer. Dissolved Hg species in the 
sample were volatilized via ethylation using 50 µL of sodium tetraethylborate and 
measured with CVAFS. The percentage of total Hg that is present as MeHg was 
calculated as [MeHg(aq)]/[THg(aq)] Additional details for Hg and MeHg analyses are 
described in Text B2 and associated QA/QC are shown in Table B3. 

Raw data were grouped by type of organic carbon addition (no C added, Acetate 
+ Pyruvate, Spirulina) for statistical analysis using R v4.4.155 and rstatix package56. 
Normality of the data was assessed using the Shapiro-Wilk test.57 Because many groups 
showed distributions significantly different from normal distribution (Shapiro-Wilk p-
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value < 0.05), non-parametric tests were used. Pairwise comparisons between treatments 
were conducted using the Wilcoxon Rank Sum test58, and p-values were adjusted for 
multiple comparisons using the Bonferroni correction.59 

 
2.3.5 Sediment Collection and Analysis 

Total Hg in unamended sediment was measured using a Direct Mercury Analyzer 
(Milestone DMA-80) via thermal decomposition, amalgamation, and atomic absorption 
spectrophotometry.60 At the end of each column experiment, sediment was extruded with 
a PEEK rod, split into lower and upper halves, each half transferred to a 20 mL amber 
vial, and frozen at –20° C until analysis. Sediment THg was measured by igniting 0.02-
0.04 g of solid using a direct mercury analyzer (Milestone DMA-80). MeHg 
concentration in sediment was measured with a KOH-methanol digestion method.61 
Approximately 0.1 – 0.2 g of wet sediment was placed into a 15 mL polypropylene 
centrifuge tube and digested with 0.5 mL 1 N HCl in methanol for 30 minutes. 
Afterward, 2.5 mL of 25% KOH in methanol was added and the tubes were placed in an 
oven at 60°C for 4 h and vortexed every hour. The samples were diluted with 10 mL of 
ultrapure water and measured for MeHg. Samples were pH-adjusted to 4.5-5.0 using 300 
µL of a 2 M sodium acetate buffer, volatilized via ethylation using 50 µL of sodium 
tetraethylborate, and measured with CVAFS. To validate results from our lab, untreated 
sediment samples from columns with and without spirulina and certified reference 
material used as a standard for our measurements (TORT 2) were sent to Brooks Applied 
Labs for MeHg analysis. For these two samples, both sediment halves were homogenized 
into one sample. Partitioning of MeHg between the aqueous and solid phase were 
calculated from total mass of MeHg eluted compared to total mass of MeHg in the 
sediment, this was shown as log(Kd) where Kd = mass MeHgsed/mass MeHgaq. 

 
2.4 Results 
2.4.1 Native Sediment and Artificial Creek Water Properties 

The average pH, redox potential (as Eh), concentrations of major ions, OC, and 
inorganic C that were measured in the influent ACW solution for each set of experiments 
are reported in Table 2.1. The pH was slightly alkaline ranging from 7.85 to 8.03 and Eh 
was about 0.40 to 0.41 V. Total Hg in the native sediment was 16.1 ± 1.4 mg Hg/kg 
(mean ±standard error, n = 3).  

 
2.4.2 Columns with No Organic Carbon Added 

In the absence of added OC, effluent chemistry remained relatively stable across 
treatments, with only a few variations in analyte concentrations between MOMAC-
treated and untreated sediments. Fluctuations in pH were observed in effluent from both 
untreated and MOMAC-treated sediments throughout the experiment but stabilized to 
values reflecting the influent solution by the experiment end. The redox potential 
measured in the effluent from MOMAC-treated sediment was significantly different (adj. 
p-value ≤ 0.001) compared to effluent from untreated sediment (Figure 2.2). Results for 
major cation concentrations measured in in solution are discussed and shown in Text B3 
and Figure B2, respectively. 

Concentrations of ions associated with terminal electron acceptor processes 
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(nitrate, dissolved Mn, dissolved Fe, sulfate) and other redox-sensitive analytes (non-
purgeable organic carbon) were similar for both treatment conditions, with the exception 
of dissolved Mn (Figure 2.3). Although nitrate was not added to the influent and was 
undetectable in the stock solution, low concentrations (<1 mg/L) were measured in the 
effluent. Some Mn was eluted after the stopped-flow state from the MOMAC-treated 
sediment column but was absent in the effluent from untreated sediment columns. Sulfate 
and organic carbon concentrations in the effluent solution remained consistent with those 
in the ACW stock solution at 40 – 44 mg/L and ~0.1 mg/L, respectively. Chloride, total 
C, and inorganic C (calculated as TC-NPOC) are shown in Figure B3. 

Total Hg eluted from sediment with no OC added was significantly lower when 
treated with MOMAC compared to the untreated control (adj. p-value ≤ 0.001). The Hg 
concentration in the initial effluent from the untreated sediment measured up to 159 ng/L 
and decreased gradually to toward 15 ng/L before the stopped-flow state. After the 
stopped-flow state, the concentration continued to decrease until stable at 8 ng/L (Figure 
2.4). The Hg concentration in the initial effluent from the MOMAC-treated sediment 
began around 10 ng/L and slowly decreased to 5 ng/L before the stop flow. No increase 
in Hg was observed after the stopped-flow state and the concentration continued to 
decrease until remaining stable at 1-2 ng/L. Total Hg and MeHg measured in column 
sediments are shown in Table 2.2 as averages from bottom and top fraction and replicate 
columns. Individual measurements for each half are shown in Table B4. Total Hg 
measured from column sediment was similar to Hg in native sediment. 

There were no notable differences or trends for MeHg eluted from columns. 
MeHg concentrations in effluent from untreated and MOMAC-treated sediments columns 
were similar to background concentrations measured in method blank samples (Table 
B2.), with averages of 0.07 and 0.04 ng/L and maxima 0.17 and 0.05 ng/L, respectively 
(Figure 2.4), and concentrations remained steady throughout both experiments. The 
%MeHg (concentrations of [MeHg]/[THg] × 100%) in untreated sediment column 
effluent increased slightly but remained <1%, while MOMAC-treated sediment measured 
between 1-2% (Figure 2.4). Table 2.2 shows extracted MeHg in sediment measured at 1.5 
pg/mg as reported by Brooks Applied Labs which agreed with values from a replicate 
column carried out under the similar conditions, but without an equilibration step, within 
relative percent difference allowed for replicates based on EPA Method 1630 (35%).62 
MOMAC-treated sediments exhibited similar concentrations as untreated sediments at 
0.9±0.1 pg/mg. 
2.4.3 Columns with Organic Carbon Added as Acetate + Pyruvate 

Compared to columns without added OC, the addition of acetate and pyruvate 
moderately changed the effluent chemistry and increased the concentrations of some 
analytes. The initial pH for the influent solution was adjusted after addition of the DOC 
stock and measured at 8.03 for both the untreated and MOMAC-treated columns. The 
initial Eh of the influent solutions was between 0.44 and 0.45 V. The pH decreased 
before the stopped-flow for both treatments but stabilized at values similar to the influent 
solution after the stopped-flow state. The Eh of the untreated sediment column remained 
stable and reflected the value measured in the influent whereas there was a significant 
increase (adj. p-value ≤ 0.001) in Eh from MOMAC-treated sediment effluent (Figure 
2.2). 
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The concentration of ions sourced from terminal electron acceptors showed 
slightly varied behavior between untreated and MOMAC-treated sediment effluent 
(Figure 2.3). Nitrate concentrations varied between treatments, with higher 
concentrations detected in the effluent from MOMAC-treated sediment (1-5 mg/L) 
compared to untreated sediment (0.1 – 1 mg/L). Similar to columns with no OC added, 
Mn was only eluted from MOMAC-treated sediment, but a modest increase of Mn eluted 
was observed with the addition of acetate and pyruvate. Unlike columns with no OC 
added, Mn was detectable immediately following the stopped-flow state, rather than a 
delayed elution, and stabilized around 2.1 mg/L for the remainder of the experiment. 
Sulfate behaved conservatively, with effluent concentrations mirroring those in the 
influent solution. Dissolved organic carbon stock solutions ranged from 3.3 to 3.9 mg/L. 
Dissolved OC in the effluent from the untreated sediment column initially reflected the 
influent concentration, then rapidly increased to 7.6 mg/L and gradually decreased before 
finally stabilizing around 1.6 mg/L. In the MOMAC-treated sediment column, dissolved 
organic carbon concentrations reached 9.0 an average of mg/L after 26 pore volumes and 
then decreased, eventually dropping below detection limits soon after the stopped-flow 
state. 

The THg eluted from the untreated sediment column was significantly higher (adj. 
p-value ≤ 0.01) when acetate and pyruvate were added in the influent compared to no OC 
being added (Figure 2.4). The initial fraction had the highest THg measured at 174 ng/L 
and gradually decreased between 40-60 ng/L before the stopped-flow state compared to 
15 ng/L without OC. After the stopped-flow state, the concentration from the untreated 
sediment column began increasing again, reaching around 80 ng/L before returning to 40-
60 ng/L near the experiment end. Meanwhile, the THg concentration in the effluent from 
the MOMAC-treated sediment was similar with or without the addition of acetate and 
pyruvate as OC. The THg concentration was highest initially at 24 ng/L and, without any 
changes after the stopped-flow state, decreased to 1.5 ng/L in the final sample collected. 
Total Hg in sediment was similar to native sediment. 

The addition of acetate and pyruvate did not change MeHg concentrations in 
effluent or sediment compared to columns with no OC added (Figure 2.4). The MeHg 
eluted from both untreated and MOMAC treated columns were comparable to 
background concentrations measured from method blanks, with averages of 0.10±0.06 
and 0.05±0.01 ng/L and maxima of 0.24 and 0.06 ng/L, respectively. Percent MeHg 
remained stable in effluent from untreated sediment but increased slightly from 
MOMAC-treated sediment. MeHg in sediment was similar to sediment from columns 
with no C added (Table 2.2). 

 
2.4.4 Columns with Organic Carbon Added as Spirulina Powder 

 In spirulina-treated columns, effluent pH decreased from the influent value 
(~7.85) in all sediment columns, with a more significant decreases in the untreated and 
AC-treated columns (Figure 2.2). Before the stopped-flow state, effluent Eh decreased in 
all columns but decreased more in the AC-treated and untreated columns compared to the 
MOMAC-treated column. After the stopped-flow, Eh remained stable in the MOMAC-
treated column, while it gradually increased in the AC-treated and untreated columns, 
approaching values similar to MOMAC-treated effluent. Overall, the Eh measured in 
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effluent from MOMAC-treated sediment was significantly different from untreated (adj. 
P-value ≤ 0.0001) and AC-treated (adj. P-value ≤ 0.001) sediment. 

The response from terminal electron acceptors was more pronounced with the 
addition of solid OC and varied between treatments (Figure 2.3). In contrast to the prior 
experiments, nitrate was undetected in effluent from sediment columns mixed with 
spirulina powder. Unlike the other carbon addition experiments, dissolved Mn was eluted 
from treated and untreated columns. Dissolved Mn eluted was highest for MOMAC-
treated sediment, followed by in untreated sediment, and lowest in AC-treated sediment. 
All columns followed similar trends for dissolved Mn which consisted of a slow initial 
release prior to the stopped-flow event followed by a surge of dissolved Mn immediately 
after the stopped-flow state. After the surge, dissolved Mn from untreated and AC treated 
columns decreased, but remained stable in effluent from MOMAC-treated columns. 
Dissolved Fe was detected in the effluent, primarily from the untreated sediment column 
after the stopped-flow state. Sulfate concentrations in the effluent were mostly clustered 
around the influent baseline concentration, with occasional deviations downward in 
effluent from the untreated sediment column. The introduction of spirulina powder, a 
solid OC source, greatly elevated the DOC concentrations. The effluent from untreated 
sediment consistently exhibited the highest OC concentrations throughout the 
experiment, while MOMAC and AC treatments showed lower concentrations, with AC 
maintaining slightly higher levels than MOMAC. Similar to other analytes, there was a 
surge of OC released immediately after the stopped-flow state, followed by a drastic 
decrease that was sustained for the remainder of the experiment. 

Total Hg released from sediment columns mixed with solid OC increased over an 
order of magnitude compared to other column experiments (Figure 2.4). The initial 
release from untreated sediments was consistently high but varied widely between 
replicate columns at 8600 ± 3200 ng/L (mean ± standard error, n=3) (off scale in Figure 
2.4) but quickly decreased to ~250 ng/L prior to the stopped-flow state. Sediments treated 
with AC exhibited a higher initial THg release compared to MOMAC-treated sediments 
but generally showed no significant differences (adj. P-value ≥ 0.05). After the stopped-
flow state, a spike in Hg was observed from all treatments, particularly from untreated 
sediment columns and remained stable until the end of the experiment. Overall, the THg 
eluted from untreated sediment was significantly higher from AC-treated (adj. P-value ≤ 
0.01) and MOMAC-treated sediment (adj. P-value ≤ 0.0001). Similarly, the total mass of 
Hg eluted was lowest for MOMAC-treated sediment, followed by AC-treated sediment, 
and highest with untreated sediment (Figure 2.5). 

Addition of solid OC as spirulina powder enhanced MeHg measured in column 
effluent. Concentrations from untreated sediment columns quickly increased up to 12.0 
ng/L prior to the stopped-flow state. However, elution behavior for MeHg was erratic, 
particularly after the stopped-flow, where effluent concentrations of 10.0 – 12.0 ng/L 
were followed by sharp decreases in concentration to 0.6–1.0 ng/L. In contrast, MeHg 
eluted from the MOMAC-treated sediment remained low (0.1 – 0.2 ng/L) until just 
before the stopped-flow period. Following the stopped-flow state, MeHg concentrations 
peaked at 9.3 ng/L and decreased until stabilizing at ~2.0 ng/L. The total MeHg eluted 
did not differ significantly between untreated and MOMAC-treated sediments overall. 
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However, significant differences (adjusted P-value ≤ 0.05) were observed when 
comparing values before the stopped-flow state. 

 
2.5 Discussion 
2.5.1 MOMAC Lowered THg and MeHg Elution in Columns 

Results revealed distinct patterns in Hg and MeHg elution depending on the 
treatment applied or the type of OC introduced, highlighting the critical role of redox 
dynamics and organic matter in governing Hg mobility and methylation processes in 
contaminated sediments. In these experiments, native sediment Hg was the source for 
THg measured in effluent. However native sediment showed little to no MeHg without 
microbial stimulation with solid OC (Table 2.2). This indicates that redox conditions, 
organic matter, or microbial activity required for MeHg production were not present. 

Treating sediments with a sorbent MOMAC or AC lowered THg effluent 
concentrations and total mass eluted across all OC additions compared to untreated 
sediments, demonstrating that sorption can help sequester Hg in sediment (Figure 2.4; 
Figure 2.5). Furthermore, THg elution was significantly higher in untreated sediments 
with dissolved OC compared to those without OC added, suggesting that the presence of 
DOC increased Hg mobility. In contrast, THg concentrations and total mass eluted in 
MOMAC-treated sediments did not differ significantly between columns with and 
without DOC, demonstrating that MOMAC effectively sequestered Hg even in the 
presence of dissolved OC, which has been shown to reduce sorbent effectiveness (Figure 
2.4; Figure 2.5).43 

The introduction of solid OC as spirulina powder into the sediment amplified 
differences in sediment chemistry, leading to MeHg production, as shown by increased 
sediment MeHg concentrations (Table 2.2), and pronounced variations in analyte 
concentrations and other parameters between MOMAC-treated, AC-treated, and 
untreated effluent. In untreated sediments, solid OC decreased the redox state in the 
sediment. This is shown by a lower redox potential in effluent, compared to MOMAC 
treated sediment, in addition to a lack of nitrate in effluent, presence of native Mn in 
effluent, and elution Fe2+, suggesting nitrate reduction, Mn-reduction, and iron reduction 
was favored. Sediment treated with AC also exhibited lower redox potential compared to 
MOMAC-treated sediment, but sorption capacity likely played a role in limiting the 
amount of dissolved Mn and Fe2+ eluted as shown by lower total mass of Mn (Figure 
B4). The low redox potential in untreated and AC-treated sediments indicates that native 
Mn was not providing redox buffering capacity and was likely present as a reduced 
Mn(II) phase. Overall, a lower redox state corresponded to increased MeHg production in 
untreated sediments with sharp fluctuations in effluent concentrations (Figure 2.4). 
Demethylation, or degradation, of MeHg can occur through reductive and oxidative 
pathways from similar microbial communities associated with Hg-methylation.63–65 
Specifically, the reductive pathway, mer-detoxification, has been proposed to actively 
degrade MeHg in severely contaminated sediments (≥ 10 mgHg/kg dry wt.).64 This 
pathway can help explain the sharp decreases in MeHg concentration that were preceded 
by samples with high MeHg concentrations (≥ 10 ng/L). 

In contrast, sediments treated with MOMAC exhibited higher redox potentials in 
effluent, limited Fe2+ being eluted, and lack of changes in sulfate suggests a higher redox 
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state. Higher concentrations, and masses, of Mn were eluted in MOMAC-treated 
sediment compared to untreated or AC-treated sediments, indicating reductive dissolution 
of high-valent MnOx from MOMAC that provided a buffered redox state (Figure 2.3; 
Figure B4). Although MeHg concentrations in MOMAC-treated sediment were similar to 
those from untreated sediment at the end of the experiment (Table 2.2), a higher redox 
state likely limited production initially, resulting in a lower total mass of MeHg eluted 
(Figure 2.5a). Higher %MeHg in MOMAC treated sediment is due to a high mass of THg 
eluted from untreated sediment (Figure 2.5b). When excluding initial samples that 
contributed the majority of the THg mass eluted from untreated sediment, addition of 
MOMAC still showed lower THg and MeHg masses eluted but show a comparable 
%MeHg (Figure B5). Sorption likely played a role as shown by a higher partitioning 
coefficient for MeHg (Figure 2.5c). The surge in MeHg after the stopped-flow suggests 
this promoted a lower redox state that increased production or desorption, and subsequent 
elution of MeHg in MOMAC-treated sediments. These results show that MOMAC 
addition to sediment can effectively limit Hg-methylation through redox buffering and 
sorption, even when organic matter was abundant and microbial activity was elevated. 

 
2.5.2 MOMAC Reductive Dissolution and Estimated Longevity 

Solution pH and Eh are key variables that influence the speciation and fate of 
MnOx-based amendments. Average concentrations for dissolved Mn and inorganic C 
eluted were used to calculate an Eh-pH diagram that shows thermodynamically favored 
Mn aqueous and solid speciation across circumneutral pH (6.0 – 9.0) (Figure 2.6). This 
figure demonstrates thermodynamic stability fields under predetermined Mn2+ and HCO3- 
concentrations that are useful to predict the general trend of Mn stability. In practice, 
stability fields in Eh-pH diagrams are dynamic due to fluctuating concentrations of 
dissolved Mn, bicarbonate, or other reactive ions and offer no information regarding 
reaction kinetics. Without addition of solid OC, Eh and pH remained constant and 
thermodynamically favor stability of solid Mn(III) oxides, such as bixbyite (Mn2O3), 
which would limit reductive dissolution (Figure 2.6). This follows the observations in 
columns with no C added, or added as dissolved OC, where no dissolved Mn was eluted 
from untreated soils. 

With addition of solid OC, however, decreases in solution pH and Eh were 
observed across all treatments. The reductive dissolution of Mn oxides can be driven by 
organic compounds acting as electron donors, though other factors such as redox 
potential and microbial activity also play critical roles.50,70 In experiments with DOC or 
solid OC added, reactions with OC likely enhanced Mn-reduction. This is shown by an 
increased mass of Mn eluted when DOC was added increased compared to columns with 
no C added. Similarly, initial elution of OC was lower with addition of either AC or 
MOMAC in sediment suggesting sorption of organic molecules that may lead to 
reduction of MnOx. This was likely additional driver for Mn-reductive dissolution given 
that Mn(III, IV) oxides are thermodynamically unstable at lower pH under the solution 
Eh values measured (Figure 2.6).71 Although many values fall within the stability field 
for rhodochrosite, precipitation kinetics are reportedly slow and strongly pH 
dependent.72,73 Therefore, in the presence of excess OC, the longevity and redox 
buffering capacity for MOMAC can be limited. 
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Dissolved Mn was eluted in all sediments treated with MOMAC (Figure 2.3), 
suggesting Mn reductive dissolution of MnOx from MOMAC, or from native sediment. 
Dissolved Mn was only eluted from untreated or AC-treated sediments when mixed with 
solid OC, which indicated that the fraction of native Mn in sediment was recalcitrant and 
only mobilized when microbial activity was promoted ,when undergoing abiotic reactions 
with electron donors like OC, sulfide, or ferrous iron, or due to a decrease in pH that can 
make dissolve Mn-oxides such as rhodochrosite (MnCO3).41,66,67 The elution of dissolved 
Mn increased after the stopped-flow state in all treatments, which showed that many of 
these reactions, either biotic or abiotic, are generally favored under anaerobic conditions 
or under extended equilibrium times that allowed for different reaction types.68,69 The 
total mass of Mn eluted shows that MOMAC-treated sediments released 0.7, 1.1, and 6.4 
mg by experiment end from column experiments with no C added, DOC added, and solid 
OC added, respectively (Figure B4). Each MOMAC-treated sediment column received 
0.46g of MOMAC that provided ~55 mg of MnOx, assuming a Mn concentration of 0.12 
gMnOx/gMOMAC.37 However, in the columns with spirulina, part of the Mn eluted may have 
been due to native Mn, meaning that the mass of MnOx lost from MOMAC may be as 
low as 3.1 mg. This shows that only 6 – 12% of MnOx from MOMAC was lost to 
solution over 172 PV. 

To roughly estimate the longevity of the MOMAC amendment in the field, a 
range of infiltration rates were considered. Assuming a porosity of 0.30, the average 
porosity calculated in column experiments, and an amended area of the creek bank 
spanning 100 meters in length, 1 m in height, and 5 cm in depth, the total pore volume 
would be 1,500 liters. In the column experiment with MOMAC-treated sediment and 
solid OC added, 172 PV were passed, and the same number was used for comparison in 
the field scenario. At a low infiltration rate of 0.1 L/s, it would take approximately 30 
days to pass 172 PV with complete MnOx depletion occurring between 250 and 500 
days, depending on the MnOx loss rate (6-12% in 172 PV in this experiment). At a higher 
infiltration rate of 1 L/s, 172 pore volumes would pass in about 3 days, with total MnOx 
depletion occurring over 25 to 50 days. Notably, elution of dissolved Mn occurred 
primarily under stopped-flow conditions, which can favor reactions that require longer 
timescales for equilibrium.68,69 Dissolved Mn observed in effluent from MOMAC-treated 
sediment after stopped-flow state may be attributed to microbially mediated reductive 
dissolution, abiotic reactions with electron donors such as OC, or due to mobilization of 
adsorbed and/ or diffused Mn(II), shown to be present in MOMAC.37 This shows that 
increased flow, resulting in frequent flooding or inundation, can lower redox state of the 
system and drive reductive dissolution of MnOx faster than predicted. Therefore, 
MOMAC can continue to provide redox buffering capabilities for an extended period of 
time while minimizing MeHg production and elution but may vary depending on 
infiltration rates and precipitation events that lead to flooding. 

 
2.6 Conclusions 

This study found that MOMAC effectively lowers THg mobilization with a 
sorption capacity comparable to AC, as both treatments significantly decreased THg 
concentrations and total mass eluted compared to untreated sediments. However, 
MOMAC offers the added advantage of limiting MeHg production through its redox 
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buffering capabilities. The higher redox potential in MOMAC-treated sediments, 
compared to untreated or AC-treated sediments, likely maintained lower MeHg 
production and mobilization. The stopped-flow period played a significant role in 
revealing some limitations of redox buffering, as MeHg concentrations surged following 
the stagnant conditions. This suggests that while MOMAC can effectively control Hg 
mobilization under continuous flow, stagnant periods may promote MeHg remobilization 
or production. The long-term redox buffering capacity of MOMAC may decrease due to 
MnOx dissolution, either abiotically through reactions with OC, or other electron donors, 
or through microbial reduction processes that can be favored under transient chemically 
reducing conditions induced under stagnant sediment porewater. In field applications, 
periodic monitoring and potential reapplication may be necessary to maintain MOMAC’s 
effectiveness in mitigating Hg and MeHg mobilization, especially considering the 
potential impact of flow interruptions. MOMAC presents a promising approach for 
controlling Hg and MeHg mobilization in contaminated sediments, though its long-term 
effectiveness may be challenged under conditions of prolonged stagnation or elevated 
OC. Field applications should consider these factors and include strategies for 
maintaining redox control in environments prone to flooding or high OC inputs. 

 
2.7 Figures 

 
Figure 2.1. Experimental setup and procedures used to investigate the effects of organic 
carbon (OC) and soil saturation on net mercury (Hg)-methylation in contaminated 
sediments with or without in-situ amendments. (a) Schematic for flow-through column 
experiments showing upflow movement of the influent solution. The table lists major 
components used in column construction. (b) Flow procedure for experiments to mimic 
fluctuations in soil saturation. The procedure involves three phases: (1) Initial flow of 
artificial creek water through the sediment columns over approximately 3 days (equivalent 
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to ~80 pore volumes), (2) A 3-day stop flow period allowing for equilibration after 
saturation, and (3) Resumption of flow for an additional 4 days (~100 pore volumes). (c) 
Overview of sediment treatments and experimental conditions applied to the sediment 
columns. Sediment treatments included untreated sediment, manganese oxide-modified 
activated carbon (MOMAC)-treated sediment, or activated carbon (AC)-treated sediment. 
Three separate experimental conditions were evaluated: columns with no additional OC, 
columns with dissolved OC (acetate and pyruvate) introduced into influent, and columns 
with solid OC (spirulina powder) mixed into sediment. 
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Table 2.1. Composition of the Artificial Creek Water (ACW) Solution Measured from Influent 
Solutions 

 

 
 

Property

ACW Properties for 
Columns with No 

Carbon Added 
(mean ± standard 

error; n=4)

ACW Properties for 
Columns with 

Dissolved Organic 
Carbon Added (mean 

± standard error; 
n=2)

ACW Properties 
for Columns with 

Solid Organic 
Carbon Added 

(mean ± standard 
error; n=4)

pH 7.91 ± 0.02 8.03 ± 0.00 7.85 ± 0.01
Eh (V) 0.41 ± 0.00 0.41 ± 0.00 0.40 ± 0.00

Ca2+ (mg/L) 42.2 ± 0.8 40.7 ± 1.4 44.1 ± 2.7
Cl- (mg/L) 82.3  ± 6.3 75.2  ± 0.0 78.4  ± 1.8
K+ (mg/L) 2.7  ± 0.0 4.1 ± 1.2 2.2 ± 0.0

Mg2+ (mg/L) 12.2  ± 0.1 11.9 ± 0.0 10.6 ± 0.1
SO4

2- (mg/L) 40.4  ± 0.1 40.4  ± 0.2 43.5  ± 1.1
Na+ (mg/L) 13.19  ± 0.15 18.16 ± 0.11 12.4 ± 0.1
NO3

- (mg/L) - - -
Inorganic C (mg/L) 8.02 ± 0.24 9.28 ± 1.83 8.34 ± 0.12

Non-purgeable 
Organic C (mg/L) 0.18 ± 0.0 Filtered: 3.6 ± 0.04 0.17 ± 0.0
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Figure 2.2. Average pH and redox potential (Eh) measured in column effluent. The pH 
and Eh of the influent solution are marked by the horizontal black line. The stop-flow event 
(3 d) is marked by the vertical blue line. Uncertainty was determined based on replicates 
and shown as mean ± standard error. Values with no uncertainty shown are due to single 
replicates. 
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Figure 2.3. Concentrations of redox sensitive analytes and non-purgeable organic carbon 
(NPOC) from filtered effluent. Concentrations for the influent solution are marked by the 
horizontal black line. The stop-flow event is marked by the vertical blue line. Values below 
detection were omitted. Detection limits are shown on Table B2. Uncertainty was 
determined based on replicates and shown as mean ± standard error. Values with no 
uncertainty shown are due to single replicates. 
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Figure 2.4. Concentrations of total mercury (THg) and methylmercury (MeHg) from 
unfiltered column effluent with calculated percent MeHg ([MeHg]/[THg] × 100%). The 
stopped-flow state (3 d) is marked by the vertical blue line. Values below detection were 
omitted. Detection limits are shown on Table B2. Note the first sample from untreated 
sediment is off scale at 8600±3200 ng/L. Uncertainty was determined based on replicate 
column experiments and shown as mean ± standard error. Values with no uncertainty 
shown are due to single replicate columns. For MeHg, only 1 set of samples for each 
column met QA/QC standards and therefore no uncertainty was calculated. 
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Table 2.2. Total Hg and MeHg Extracted from Native EPFC Sediment and After 
Experiment Termination 

 
†Measured by Brooks Applied Labs  

Organic Carbon 
Addition Treatment

Mean 
THg 

(mg/kg)

SD THg 
(mg/kg)

SE THg 
(mg/kg) n THg

Mean 
MeHg 
(µg/kg)

SD MeHg 
(µg/kg)

SE MeHg 
(µg/kg) n MeHg

Native Sediment - 16.1 2.5 1.4 3 1.0 0.2 0.1 3
No C added Untreated 10.3 3.8 2.7 2 1.5† - - 1
No C added MOMAC 14.3 1.3 0.9 2 0.9 0.1 0.1 2
Acetate + 
pyruvate Untreated 16.1 0.7 0.5 2 1.2 0.4 0.3 2

Acetate + 
pyruvate MOMAC 14.2 2.0 1.4 2 1.2 - - 1

Spirulina 
Powder Untreated 18.1 3.7 1.7 5 11.3 0.8 0.4 5

Spirulina 
Powder MOMAC 12.6 4.9 2.4 4 19.6 4.1 1.7 4

Spirulina 
Powder AC 17.5 1.2 0.8 2 not run - - -
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Figure 2.5. (a) Total mass of mercury (THg) and methylmercury (MeHg) eluted from 
column experiments. (b) %MeHg is ratio of MeHg mass to total Hg mass. (c) Log(Kd) (Kd 
= mass MeHgsed/ mass MeHgsol) represents the partitioning of methylmercury (MeHg) 
between the solid and aqueous phase calculated from total mass of MeHg in sediments. 
Comparison without accounting for initial flush out sample shown in Figure B4. Error bars 
are based on relative uncertainty from QA/QC samples (i.e. matrix spikes, matrix spike 
duplicates) measured along with unknown samples, ±11% for THg and ±14% for MeHg. 
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Figure 2.6. Eh−pH diagram with measured pH and Eh values of effluent from sediment 
flow-through column experiments. Eh−pH diagrams show Mn aqueous and solid 
speciation (solid red lines). Calculations were done using the Act2 program from 
Geochemist Workbench. 
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3 Pilot Field Study of a Novel Amendment Treatment for 
Mercury-Contaminated Soils at East Fork Poplar Creek, 
TN 

3.1 Abstract 
East Fork Poplar Creek (EFPC), located in Oak Ridge, Tennessee, has been impacted by 
historical mercury (Hg) contamination originating from the Y-12 National Security 
Complex. Microbial methylation of Hg in anaerobic conditions leads to the formation of 
methylmercury (MeHg), a neurotoxin that bioaccumulates and poses significant 
ecological and public health risks. Manganese(III, IV) oxide modified activated carbon 
(MOMAC) has been shown to lower Hg and MeHg concentrations in benchtop studies 
but has not been tested in a field setting. This study aimed to develop and implement a 
pilot field trial to assess potential interactions and challenges associated with the field use 
of amendments such as MOMAC, particularly for remediation of mercury-contaminated 
EFPC soils. Soil cores were collected from floodplain and bank sites, homogenized, and 
packed into mesh bags before redeployment. Treatments included MOMAC and 
activated carbon (AC), and were compared to untreated controls. Soil samples were 
analyzed over an 11-week period to evaluate changes in total Hg, organic carbon (OC), 
reactive carbon (RC), and Hg speciation. Results from high energy resolution 
fluorescence detection - X-ray absorption near edge structure (HERFD-XANES) showed 
that most soils were dominated by Hg species similar to those found in historical release 
deposits (HRDs), layers with high Hg concentrations deposited during active Hg use at 
Y-12. Mercury species were stable throughout most treatments. Some soils treated with 
MOMAC showed shifts in organic matter complexes. Similarly, MOMAC-treated soils 
exhibited lower reactive carbon fractions, likely due to oxidation of organic matter. This 
study highlights the need to address oxidation of organic matter and Hg speciation with 
Mn oxides when considering MOMAC as a treatment for Hg-contaminated soils in 
EFPC. 

3.2 Introduction 
East Fork Poplar Creek (EFPC), located in Oak Ridge, TN, has been significantly 

impacted by historical use of Hg, making it an important site for understanding and 
mitigating Hg contamination.1,2 The contamination at EFPC originated from historical 
activities tied to operations at the Y-12 National Security Complex during the mid-20th 
century.3 During this time, large quantities of Hg were used at the Y-12 facility as part of 
lithium isotope separation processes, resulting in widespread Hg contamination. 
Presently, the Hg used in these processes primarily resides in clay-rich historical release 
deposit (HRD) soil layers along the streambanks of EFPC.3–6 Erosion of contaminated 
bank soils, particularly those containing HRD layers, contribute large amounts of Hg into 
the stream. A key concern is the microbial conversion of inorganic Hg to neurotoxic 
methylmercury (MeHg), which is promoted under anaerobic or low redox conditions, 
occurring largely through dissimilatory sulfate or iron reduction.7–9 The production of 
MeHg poses significant ecological and public health risks, as it readily bioaccumulates in 
aquatic organisms and magnifies up the food chain, reaching detrimental concentrations 
in higher trophic levels.10–12 
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Fluctuating water levels from precipitation or storm events can enhance MeHg 
production and mobilize both Hg and MeHg from historically contaminated floodplain 
and riparian soils.13–15 After microbial oxygen consumption, periods of soil saturation due 
to flooding create transient anaerobic conditions that promote microbial processes 
responsible for Hg methylation.13,14 Floodplain soils, often rich in organic matter (OM), 
create conditions that stimulate microbial activity, facilitating the conversion of inorganic 
Hg, or Hg-organic matter (Hg-OM) complexes, into MeHg.15–17 The concentration of 
reactive carbon, measured as permanganate oxidizable carbon (POxC), is a useful 
indicator for the biologically active fraction of C that may be available for Hg-
methylating organisms.18 When floodwaters recede, newly formed MeHg in floodplains 
can be flushed into nearby water bodies.19,20 In bank soils, elevated water levels and 
stronger flows from precipitation events can cause bank erosion that further contribute to 
Hg leaching into surface waters.5,6 The erosion of bank soils is a major source of Hg 
introduced into the creek, where it can then be methylated in bottom sediments. In-stream 
Hg-methylation was shown as a primary contributor to MeHg inputs at EFPC.6 This 
indicates that sequestering Hg in floodplain or bank soils through sorption could be an 
effective strategy for limiting MeHg concentrations. 

Common treatment strategies used to address Hg and MeHg soil contamination in 
aquatic ecosystems include exercising redox control by adding oxidizing reagents to 
inhibit Hg-methylation pathways under anaerobic conditions21–27, or sequestering Hg and 
MeHg species in the soil through the addition of sorbents.26–30 Recently, manganese(III, 
IV) oxide-modified activated carbon (MOMAC) has been explored as a promising 
treatment to remediate Hg-contaminated soils, as it not only sequesters Hg but also 
promotes oxidative conditions that limit Hg-methylation.27 

While promising in lab studies, in-situ application of MOMAC at a contaminated 
field site has yet to be tested and warrants further investigation to determine feasibility or 
potential obstacles when implementing this treatment. For example, environments rich in 
OM can reduce manganese oxide (MnOx), depleting the oxidative capacity and ability to 
inhibit methylation, while also reducing sorption capacity through sorption of organic 
compounds. Although studies directly investigating reactions of MnOx and Hg-species 
are limited, MnOx has been shown to release Hg from soils, potentially through oxidation 
of Hg(0)31, OM complexes (e.g. Hg-OM complexes)32–34, or HgS(s)26. Additionally, 
understanding native Hg-speciation at a contaminated site, such as those in HRD layers 
or in bulk soils, and as a function of treatment is critical for developing effective 
remediation strategies. A pilot field trial was conducted with MOMAC to assess 
interactions between treatments, organic carbon (OC), reactive carbon (RC), microbial 
populations, and Hg species to inform potential for implementing MOMAC as an in-situ 
treatment for Hg-contaminated soils at EFPC.  

3.3 Methods 
3.3.1 Materials  

A core hole sampler (2 x 6 in), plastic liners (2 x 6 in), and plastic end caps (2”) 
were purchased from Art’s Manufacturing & Supply (AMS) Inc. Plastic mesh squares 
were formed into cylinders (2 x 6 in), bound by partially melting and fusing ends of the 
plastic mesh together, and reinforced with interwoven nylon wire when needed. Small 
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nylon mesh bags fit with a zipper (2.4 x 4 in; 150 µm mesh) were used to pack soil with 
or without treatment. Soil moisture sensors (Decagon EC-5; TEROS 10) and data loggers 
(Em5B; ZL6) were used to monitor changes in soil moisture throughout the experiment. 
Granular activated carbon (Filtrasorb 400) was purchased from Calgon Carbon and used 
without further alteration. 

Manganese oxide modified activated carbon was synthesized using Filtrasorb 400 
as a substrate following the procedure detailed in Rivas Meraz et al. 2023.27 For the 
synthesis, 100.00 g of activated carbon were reacted with 500 mL of 0.54 M MnCl2∙4H2O 
in a 2 L beaker and stirred at moderate speed with an overhead mixer overnight. 
Additional 500 mL solutions of NaOH (0.73 M) and KMnO4 (0.36 M) were mixed in a 1 
L beaker until complete dissolution of the KMnO4 (~1 h). The NaOH+KMnO4 solution 
was slowly dripped into the MnCl2∙4H2O+AC mixture for ~1 h total while stirring at 
moderate speed. During this time, the pH was being monitored and adjusted using 2 M 
NaOH to remain between 7.0-8.0. The entire solution was allowed to react for ~10 
minutes after the last of the NaOH+KMnO4 solution was added and the final pH was 
recorded. Afterward, the supernatant was decanted and the granular activated carbon that 
settled at the bottom was transferred to 250 mL polypropylene copolymer (PPCO) 
centrifuge tubes for washing. The MOMAC was washed three times with CaCl2 followed 
by three washes with MQ water before being dried at 55°C for approximately 48 h. This 
process was repeated three times to supply sufficient material for field application. 

3.3.2 Experiment Location and Deployment 
Soils were collected at four sites along EFPC, East Fork Kilometer (EFK) 3.1, 

EFK 5.0, EFK 13.8, and EFK 19.1 (Figure 3.1; Table 3.1). The kilometer integer 
indicates the distance of that site from the confluence of EFPC with Poplar Creek. Sites 
were set up over the course of a week due to weather constraints that limited access. A 
slide hammer fit with a 2 x 6 in core sampler and plastic sleeve was used to collect the 
sediment. Horizontal core samples were collected from two bank sites (EFK 5.0 and 
19.1) along left-descending banks near the water surface (~90 cm from ground surface). 
Vertical core samples were collected from the surface of two sites (EFK 3.1 and 13.8) 
where flooding was observed following a moderate rain event. Site EFK 13.8 was placed 
along a small incipient oxbow lake while samples EFK 3.1 were placed near the creek 
shoreline. 

Two soil treatments (AC, MOMAC) were used in this study and compared 
against untreated soil controls. Nine soil cores were collected at each site arranged into 
three sets of three cores (Figure 3.1). Each set contained soil amended with AC, 
MOMAC, or left untreated. Within each set, the cores were spaced about 20 cm apart, 
and each set was positioned 0.5 – 2 meters apart. After core extraction, soil was 
transferred to a PPCO plastic container, and an unamended aliquot (~ 25 g) was 
transferred to a 20 mL scintillation vial as a field control (FC) sample. The remaining 
mass of soil was recorded (200-500 g), and MOMAC treatment was added at 5% dry 
weight (gamend/gdry_soil) assuming a water content (WC) of 21% from prior measurements, 
except for soils at EFK 13.8 where a WC of 30% was used because of higher sand 
content. Soils treated with AC were adjusted to provide an equal surface area as those 
treated with MOMAC (681 m2/g). Consequently, the amount of AC (876 m2/g) added 
was scaled down by approximately 22% before being homogenized into the soil. After 
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homogenization (with or without treatment), a second aliquot was transferred to a 20 mL 
scintillation vial for the t0 time point. The remaining soil was packed into three fine-mesh 
zipper bags with approximately 70-75 g in each for the 1w, 4w, and 11w time points. The 
bags were packed into a plastic mesh tube, capped with plastic end caps secured by zip-
ties, and returned to the extraction point (Figure 3.1a). For tubes placed along the bank, 
4.37 mm (5/32”) holes were drilled concentrically on the cap face to allow water to 
infiltrate from the creek to the mesh bags. Soil moisture sensors were installed near the 
soil cores at EFK 5.0 and 19.1 to monitor changes in soil moisture that may indicate 
precipitation or snow events and potential inundation of the sites. 

3.3.3 Sample Collection and Analysis 
Soil sample mesh bags were collected from each tube after 1, 4, and 11 weeks by 

cutting a zip-tie, extracting a fine mesh bag, and resecuring the end cap. The soil bag was 
returned to the lab where aliquots (30-35 g) were separated into 20 mL scintillation vials 
for different analyses and frozen at -80 °C. For soil DNA analysis, an aliquot (0.20-0.25 
g) was thawed, and DNA was extracted using the DNeasy PowerSoil Pro Kit according 
to the manufacturer instructions (Qiagen, Vedbæk, Denmark), quantified using a Qubit 
Fluorometer (ThermoFisher), and sent to QB3 Vincent J. Coates Genomics Sequencing 
Laboratory to target the prokaryotic V4 region of 16S rRNA genes using dual barcoded 
primers (515F/806R)35–37. 

Soil samples with and without amendment were characterized by the methods 
below. Samples of MOMAC and AC were characterized by the same methods, and 
results subtracted from amended soil samples on a mass basis. Soil water content was 
measured by heating ~1.00 g of soil at 105°C overnight and weighing mass difference 
before and after heating. Total organic carbon (OC) was estimated by loss on ignition 
(LOI) at 550 °C.  The permanganate oxidizable organic carbon (POxC) method18 was 
used to estimate the fraction of organic carbon that is biologically active, or the 
“reactive” carbon content. A five-point standard curve was measured prior to each run 
consisting of an ultrapure water blank, 0.005 M, 0.01 M, 0.15 M, and 0.02 M KMnO4 
solutions diluted from a 0.2 M stock in 1 M CaCl2. After preparation, 0.5 mL of each 
standard was diluted in 49.5 mL of ultrapure water and the light absorption at 550 nm 
was measured using a Perkin Elmer Lambda 20 UV/Vis spectrophotometer. For unknown 
samples, approximately 2.5 g of air-dried soil was reacted with 18 mL of ultrapure water 
and 2 mL of KMnO4 stock solution, totaling to 20 mL of a 0.02 M KMnO4 solution. The 
solution was reacted with the soil for 2 minutes at 120 rpm and allowed to settle for 10 
minutes before sampling the supernatant. A 0.5 mL aliquot of the reaction supernatant 
was then diluted into 49.5 mL of ultrapure water, being careful not to entrain any solid, 
and the light absorption at 550 nm of the diluted solution was measured. Untreated soil 
from EFK 19.1 was air-dried, homogenized with a mortar and pestle, and passed through 
a 250-µm sieve to serve as a soil standard. This standard was used to check consistency 
across runs and assess variability within a given sample. A soil standard sample was 
included for every 12 unknown samples along with a solution standard that had no soil 
added. Samples consisting of MOMAC or AC alone were measured to account for 
interference effects from the amendments in the soil. The concentration of POxC was 
calculated with the following equation: 
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[0.02 molKMnO4/ L - (a + b × Abs)] × (9000 mgC/ mol) × (0.02 L solution/ Wt)  (1) 
 

where a is the y-intercept of the standard curve, b is the slope of the standard curve, Abs 
is the absorbance of the unknown sample, and Wt is the mass of the air-dried soil sample 
used. This calculation assumes that 1 mol of KMnO4 is reduced (Mn7+  Mn2+) in the 
oxidation of 0.75 mol of C (9000 mg).18,38 
 Total Hg was measured through acid digestion, volatilization, purge and trap, and 
cold vapor atomic fluorescence spectrometry (CVAFS) using the MERX-T automated 
system. Approximately 0.5-1.0 g of soil, or certified reference material (NIST 2709a39), 
was aliquoted into a 20 mL scintillation vial, digested with 8 mL of nitric acid and 2 mL 
of hydrochloric acid overnight, and preserved with 0.5 mL of bromine monochloride. 
After preservation, 0.1 mL aliquot was diluted in 39.9 mL ultrapure water, then a 0.1-1.0 
mL aliquot of the diluted solution was diluted again into 23-25 mL ultrapure water and 
measured for THg. The initial concentrations of MeHg in soil were measured following a 
KOH-methanol digestion.40 Approximately 0.1 – 0.2 g of wet sediment was placed into a 
15 mL polypropylene centrifuge tube and digested with 0.5 mL 1 N HCl in methanol for 
30 minutes. Afterward 2.5 mL of 25% KOH in methanol was added and the tubes were 
placed in an oven at 60°C for 4 h and vortexed every hour. The samples were diluted with 
10 mL of ultrapure water and 150 uL of digestant was diluted into ~40 mL ultrapure 
water and measured for MeHg. 

3.3.4 Mercury Speciation by HERFD XANES 
Select soil samples were analyzed for Hg speciation with High Energy Resolution 

Fluorescence Detection X-ray Absorption Near Edge Spectroscopy (HERFD-XANES) 
measured at the Hg-LIII absorption edge by the Hg Lα1 emission line at Stanford 
Synchrotron Radiation Lightsource (SSRL) using beamline 15-2. All soil samples 
scanned were from the middle of each transect (field rep 2). The beam energy was 
calibrated relative to the first inflection point from a gold foil at the Au LIII edge (11918.7 
eV) and to a glitch in the Hg spectrum at 12291.5 eV, using a Si(311) double crystal 
monochromator. Consistency in spectra collected across runs were checked by comparing 
the spectrum from a HgSO4 standard diluted in boron nitride collected during each run. 
Samples were maintained in a helium flow cryostat (Oxford instruments, Abingdon, UK) 
at a temperature of 10-12 K and held at a 45° angle to the incident x-ray beam. High-
energy resolution X-ray fluorescence was measured using a 7-element array of 
spherically bent Si(555) crystal analyzers with Johann-type geometry focused on Hg Lα1 
emission41 and measured using a single-element silicon-drift Vortex detector (Hitachi 
High-Technologies Science America Inc., Northridge, CA, USA). Emission energy was 
scanned for each sample and the maximum emission used for XANES was 9988.9±0.1 
eV for all samples. HERFD X-ray spectra were collected from 12260 to 12550 eV. 
Unknown soil samples were scanned multiple times, at least 12 and up to 24, to improve 
signal-to-noise. Solid powder reference standards were diluted in boron nitride or 
smeared thinly on Kapton tape to lower count-rate and limit potential self-absorption 
effects. Aqueous Hg-ligand solutions were loaded into liquid sample holder cartridges 
and quench frozen in liquid N2. No beam damage or changes in spectra were observed for 
soil samples during collection. In some cases, aluminum filters were positioned between 
the incident beam and sample chamber to maintain the count-rates within the pseudo-
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linear range for the detector (< ~250,000 ct/s). Instrument control and data acquisition 
were carried out with the SPEC software package (Certified Scientific Software, 
Cambridge, Massachusetts, USA). Replicate scans were averaged with PyMCA42, and 
exported to Larix43 for data normalization and analysis. In some cases, raw scans were 
imported and averaged in Larix. Background was subtracted using a linear fit through the 
pre-edge region and post-edge regions. Sources and preparation of reference Hg 
compounds and species are described in Text C1. Spectra are shown in Figure C1 and 
summarized details are given in Table C1. Linear combination (LC) fits with reference 
spectra were carried out in Larch XAS over an energy range of 12270-12370 eV where 
components were not forced to sum to 1, no shifts in energy were allowed, components 
less than 5% were rejected, and goodness-of-fit were evaluated by comparing reduced 
chi-square values.43 Unknown sample spectra were initially fit with a maximum of 4 
components using the entire reference library. Major components (2-3) were identified, 
and the unknown spectrum was fit again with a maximum of 3 components. Components 
less than 5% were rejected as not significant. 

 

3.4 Results 
3.4.1 Soil Carbon and Water Content  

There were no major trends or changes observed for estimated total OC (Figure 
C2), reactive C (Figure C3), or percent reactive C (Figure C4) throughout the course of 
the experiment (0-11w). Therefore, differences in total OC (Figure 2a), reactive C 
(Figure C5), and percent reactive C (% reactive C = POxC/ total OC) (Figure 2b) were 
compared between treatments and across sites. The average reactive carbon content of the 
soil standard measured at 606.2 ± 34.5 (mean ± standard deviation, n=18) showing 
relative uncertainty of ~6% for these measurements. Both AC and MOMAC reacted with 
KMnO4 during measurement of reactive carbon at quantities of 765.0 ± 71.1 and 1289.0 ± 
282.2 mgPOxC/kgtreatment (mean ± standard error, n=4), respectively. This resulted in 4.8 ± 
0.4% and 11.5 ± 1.0% (mean ± standard error, n=48) of the total KMnO4 reacted in 
treated sediments due to the AC or MOMAC treatments, respectively. The amount of 
KMnO4 reacted with a given treatment was accounted for when calculating POxC to 
determine whether there were changes in reactive C from the soil alone. The mass of 
amendment lost when heating the sample to determine water content and LOI were also 
considered for each treated soil. Treatment mass lost at 105 °C was low for AC with only 
1.2 ± 0.4% while MOMAC lost 24.1 ± 3.1% (mean ± standard deviation, n=3). The 
majority of the remaining mass was lost at 550 °C with a 91.2 ± 0.0% loss in AC and 
88.0 ± 0.2% (mean ± standard deviation, n=3) loss in MOMAC. 

Soils treated with MOMAC or AC exhibited higher total OC compared to 
untreated soils, despite accounting for mass lost from treatments, at each field site but 
showed little difference in reactive carbon between soil treatments for a given field site. 
In contrast, AC and MOMAC treated soils exhibited a lower percent reactive carbon 
compared to untreated soils. In general, soils treated with MOMAC had the lowest 
percent reactive carbon, particularly in EFK 5.0 bank and EFK 13.8 floodplain sites 
(Figure 2b). Soils with the highest total OC (72 – 95 g kg-1) and reactive carbon (868.6 – 
938.9 mgPOxC kg-1) measured were from floodplain site EFK 3.1. Interestingly, the total 
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OC of EFK 5.0 bank site was lower than the EFK 19.1 bank site across all treatments but 
exhibited higher reactive carbon content in comparison. Similarly, EFK 5.0 exhibited the 
highest percent reactive carbon among all field sites (Figure 2b). Although EFK 13.8 
floodplain site was sandier than other sites, the site exhibited similar total OC as EFK 
19.1 bank site for treated soils, and similar total OC to EFK 5.0 for untreated soils. 

Periods of increased, and decreased, volumetric water content (VWC) were 
observed from the data collected by the soil moisture sensors (Figure 3.3). A moderate 
rain event was observed after setting up the EFK 5.0 site, which corresponded with 
increased VWC at EFK 5.0. This was followed by a large snow event during collection of 
the 1w time point samples, which corresponded with a decrease in VWC. The water 
contents measured from soil samples were stable throughout the experiment (Figure C6), 
and were similar across replicates, but differed between sites (Figure C7). EFK 13.8 
floodplain site exhibited the lowest WC, ranging from 18.8 – 20.1%, followed by EFK 
5.0 bank site with WC ranging from 23.9 – 24.6%, then EFK 19.1 bank site measured 
25.2 – 26.4% WC, and finally EFK 3.1 floodplain site had the highest WC spanning 29.5 
– 30.4 % WC. 

3.4.2 Soil Total Mercury and Methylmercury 
The THg extracted from the soil remained consistent throughout the experiment 

with few notable differences between treatment groups (Figure C8). However, there were 
notable differences in THg concentrations between the field sites (Figure 3.4). The EFK 
5.0 bank site had the highest average THg concentrations compared to other sites, with 
values ranging from 37.2 to 58.6 mgHg/kgdry_soil. However, there was considerable 
variation across the transect at EFK 5.0. Samples from the middle of the transect 
(replicate 2) showed higher THg concentrations, ranging from 60.2 to 165.8 
mgHg/kgdry_soil, compared to the upstream (replicate 1) and downstream (replicate 3) 
samples, which ranged from 8.7 to 23.6 mgHg/kgdry_soil and 10.2 to 35.5 mgHg/kgdry_soil, 
respectively (Figure C9). In comparison, the EFK 19.1 bank site had relatively consistent 
THg concentrations across all treatments, with untreated, MOMAC-treated, and AC-
treated samples ranging from 23.2 to 26.6 mgHg/kgdry_soil, all within similar uncertainty 
ranges. 

The floodplain sites, EFK 13.8 and EFK 3.1, exhibited lower THg concentrations 
across all treatments. For EFK 13.8, THg concentrations ranged from 14.6 to 17.7 
mgHg/kgdry_soil across treatments, with little variability between untreated, MOMAC-
treated, and AC-treated samples. The EFK 3.1 flood site displayed the lowest overall 
THg concentrations, with values close to 10 mgHg/kgdry_soil for all treatments, showing 
minimal variability. Overall, the bank sites, particularly EFK 5.0, displayed higher THg 
concentrations compared to the floodplain sites, where concentrations were more 
consistent and lower across treatments. 

Methylmercury was measured in the initial time points for each site and ranged 
from 2.8 to 14.0 µg/kg (Figure C10). Notably, bank sites with high THg did not show 
high MeHg concentrations. Rather floodplain soils which had lower THg concentrations 
exhibited higher MeHg concentrations, particularly in untreated soil. This was especially 
evident in EFK 3.1 which also contained the highest total OC and reactive C 
concentrations. 
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3.4.3 Mercury Speciation with High Energy Resolution Fluorescence Detection –
X-ray Absorption Spectroscopy 
Sample HERFD-XANES spectra, LC fits, and corresponding fractions of best-fit 

components are shown in Figure 5. Few differences were observed between all soil 
samples scanned. Samples exhibited slight variability in the first spectral feature along 
the rising edge between 12284.0 – 12288.0 eV. Some differences were observed in 
samples from MOMAC-amended bank sites at the 4w time point, which featured a peak 
in this region (12284.0 – 12288.0 eV) that was absent in all other samples. Linear 
combinations with pure reference compounds yielded poor fits. Instead, a sample 
collected from HRD deposits and/or residue from filtered leachate of the HRD were used 
in fits. The spectral signature of the residue was similar to the HRD source material 
(Figure C11), with a minor variation in the first spectral feature along the rising edge. 
These reference spectra, specifically the residue from the filtered leachate, matched well 
with the majority of the spectral features observed within soil samples, comprising ~72-
92% of the unknown soil spectra (Figure 5). The library of Hg standards was then used to 
determine slight differences between samples. Unknown soils mostly fit with two 
components, but some samples required up to three components (Figure C12). 

The fractions of reference standards fit in soil samples are shown in Table C2. 
Most soils fit with a combination of the HRD leachate residue and Hg-thiourea. Within 
some time points, distinct differences in Hg speciation were observed between 
treatments. At the EFK 5.0 bank site, the untreated samples across all time points (0w, 
4w, 11w) showed consistent fractions of HRD soil leachate residue and Hg-thiourea. 
MOMAC-treated samples (4w) showed a difference by fitting with Hg-selenocysteine, 
while the 11w MOMAC-treated samples displayed similar distributions of Hg species 
compared to untreated samples. AC-treated samples (11w) at this site also exhibited 
similar proportions of HRD soil leachate residue and Hg-cysteine4 as the untreated 
samples. 

At the EFK 3.1 and 13.8 floodplain sites, both untreated (0w) and MOMAC-
treated (4w) samples showed relatively stable distributions of HRD soil leachate residue 
and Hg-thiourea, with minimal variation between treatments. 

At the EFK 19.1 bank site, untreated (0w and 11w) and AC-treated (11w) samples 
were dominated by HRD soil leachate residue with smaller fractions of Hg-thiourea.  In 
contrast, MOMAC-treated samples at 4w did not show Hg-cysteine4 but rather had an 
increased fraction of Hg-cysteine2 and Hg-selenocysteine, while the 11w MOMAC-
treated sample displayed similar distributions of Hg species compared to untreated 
samples. 

3.5 Discussion 
3.5.1 Mercury Distribution and Site-Specific Behavior  

The comparison between sites revealed the localized nature of areas with Hg 
concentration but very similar Hg-speciation. While the EFK 19.1 bank site exhibited 
consistent THg concentrations, the EFK 5.0 bank site had variability across the transect. 
At EFK 5.0, the elevated THg concentrations in the middle of the transect (replicate 2) 
ranged from 60.2 to 165.8 mgHg kg-1drysoil which suggest the presence of a Hg-laden layer, 
likely associated with HRDs which prior studies have shown contains approximately 157 
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mg kg-1 on average.45,46 However, adjacent replicates 1 and 3 showed much lower 
concentrations (ranging from 8.7 to 35.5 mgHg kg-1dry_soil), illustrating the large variability 
in Hg concentrations over short distances (1–2 m). Erosion of bank soils, especially those 
containing high Hg, can release significant quantities of Hg, with contributions up to 
5,900 g of Hg per 100 meters per year, depending on the contamination level of the 
site.5,6,45 Identifying localized hotspots of Hg contamination can facilitate a more strategic 
and cost-effective implementation of in-situ remediation with MOMAC by targeting 
heavily contaminated sites in conjunction with erosion prevention techniques. 

Floodplain sites exhibited lower THg compared to bank sites. Differences 
between THg measured from bank and floodplain soils may be a factor of sampling 
depth. Bank soils were sampled about ~90 cm from the surface and likely captured Hg 
deposited during past Y-12 activities of high Hg use and release. In comparison, 
floodplain soils, sampled from the upper 15 cm, likely reflect more recent Hg deposition. 
Compared to bank sites, floodplain runoff contributes lower amounts of Hg, around 470 g 
of THg per year.4–6,44 However, initial time points for MeHg digestions show higher 
MeHg concentrations in soil floodplain soils, particularly those rich in organic matter 
such as EFK 3.1 (Figure C10). While floodplain sites showed comparatively low THg 
concentrations to bank sites, MeHg contributions can be higher. Therefore, in-situ 
application of MOMAC through strategies such as amendment capping can keep the soil 
oxidized and limit MeHg production and mobilization into the stream from surface 
runoff. 

 
3.5.2 Carbon Dynamics and Treatment Effects  

Both AC and MOMAC treatments increased the total OC in soils compared to 
untreated controls at all sites, demonstrating the contribution of these carbon-based 
amendments to the overall organic content despite accounting for mass contributions 
from each amendment. However, neither amendment showed increases in reactive carbon 
compared to untreated soil suggesting that the organic carbon added to the system was 
likely not bioavailable. In contrast, amended soils exhibited a decrease in percent reactive 
carbon compared to untreated soils, particularly in MOMAC-treated soils, suggesting a 
decrease in the amount of labile OC or a shift in the carbon pool toward more recalcitrant 
forms. This reduction was especially evident at the EFK 5.0 bank and EFK 13.8 
floodplain sites. This may be due to oxidation and destabilization of high molecular 
weight humic substances and other OM by MnOx, a well-established observation33,47–51. 
This reaction generally results in more aliphatic organic compounds with lower 
molecular weight which may have been mobilized into the stream and removed from the 
soil.50 However, other studies have also reported oxidative polymerization and 
stabilization of low molecular weight molecules by MnOx, leading to formation of humic 
substances in soil which may be less reactive or already oxidized, leading to lower 
reactive C.33,51,52. By limiting the availability of reactive carbon or labile OC, treatments 
may mitigate one of the key factors that contribute to Hg-methylation. However, 
MOMAC redox buffering capacity may be consumed by reacting with OM which would 
lower longevity of MOMAC, particularly in sites with high OC such as EFK 3.1. 
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3.5.3 Mercury Speciation in Soils and Treatment Effects  
The results of Hg speciation across the floodplain and bank sites provide 

important insights into how treatments like MOMAC and AC affect the stability and 
mobility of Hg. The dominant Hg species in all sampled soils was largely derived from 
HRDs, as indicated by the prevalence of HRD leachate residue across all sites, with a 
minor component of organically complexed Hg shown as Hg-thiourea, Hg-
selenocysteine, or Hg-cysteine2. Notably, fits with Hg-cysteine4 resulted in nearly equal 
goodness-of-fit as Hg-thiourea, likely indicating that sulfur is a prominent ligand for Hg 
bound to organic matter in this system. Interestingly, the spectral signature did not 
change across the creek, despite varying Hg-concentrations in soil, suggesting the 
distribution of Hg species is largely uniform throughout the creek. This reflects the 
persistence of historical Hg contamination across the EFPC system that, over time, 
reached an equilibration with the surrounding environment into a stable Hg species. The 
stability of Hg speciation is further demonstrated by the similarities between the HRD 
layer and leachate residue which show minimal changes in the spectral signature after 
being mobilized by creek water (Figure C11). The Hg-thiourea component likely reflects 
a recalcitrant fraction of organically complexed Hg given that the fraction is stable across 
sites and time points throughout the experiment with some variances in MOMAC 
samples. 

Two MOMAC-treated samples displayed slight variances compared to all other 
samples and were fit with Hg-selenocysteine or Hg-cysteine2, or a combination thereof. 
Both bank soils (EFK 5.0, EFK 19.1) treated with MOMAC at 4w showed a slight 
change in the first spectral feature along the rising edge between 12284.0 – 12288.0 eV. 
An increased intensity of this absorption peak is generally associated with linearly 
coordinated Hg(II), found in minerals like cinnabar (α-HgS), and is dampened or 
disappears upon a change to the tetrahedral coordination of Hg, found in minerals such as 
metacinnabar (β-HgS) or tiemannite (HgSe).52,61,63 This near edge feature was absent in 
nearly all samples, indicating tetrahedrally coordinated Hg may dominate but exhibited 
increased intensity at EFK 5.0 and 19.1. This difference is likely due to slight 
heterogeneity in soils of Hg complexed with various organic ligands. Alternatively, the 
application of oxidizing treatments, such as MOMAC, may shift the speciation of 
organically complexed Hg, as the two samples that were different were from MOMAC-
treated soils. Reaction of MOMAC with Hg bound OM is further supported by a lower 
percent reactive carbon in MOMAC-treated soil averaged across the transects, but 
specifically for replicate 2 which was the sample scanned at the beamline (Figure C13). 
This oxidation could potentially favor mobilization of otherwise recalcitrant Hg.62 
However, by the 11w time point, the feature disappeared in MOMAC-treated samples 
indicating that the Hg had restabilized as tetrahedrally coordinated Hg or, supporting that 
differences observed in 4w were due to slight heterogeneity within the soil sample.  
Moreover, in floodplain sites EFK 3.1 and 13.8, addition of MOMAC did not appear to 
have an effect on speciation, further supporting that observed differences were due to 
heterogeneity. While MOMAC may alter OM fraction in soils, which can include Hg-
OM complexes, the fraction of Hg associated with the HRD and organically complexed 
Hg is largely stable throughout the experiment. This indicates that despite the oxidative 
capacity of MOMAC, the impact on Hg speciation is minimal. However, areas with high 
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OM, or known Hg-OM complexes, may favor reaction which can alter Hg speciation, 
and, in turn, mobility and bioavailability. 

Several studies have reported the dominant Hg species in bank soils as authigenic 
HgS, likely as metacinnabar (β-HgS) with possible structural defects or as 
nanoparticulates.13,52–56 In this study, LC fits of soil samples from HRD layers, HRD 
residue, and bulk soils from the field trial did not fit with large fractions of either 
crystalline (α-HgS, β-HgS) or amorphous HgS (Figure 5). Prior studies have identified β-
HgS within bulk soils, HRD layers, and leachate residue using either diffraction with a 
transmission electron microscope, EXAFS shell fitting, and, more recently, HERFD-
XANES linear combination fits.52–54,56. These techniques can favor well-ordered or 
crystalline phases and may underestimate the fraction of Hg-OM complexes that often do 
not produce strong backscattering signatures or can only capture bulk properties of 
DOM.57 Diffraction techniques preferentially identify the presence of crystalline or semi-
crystalline inorganic Hg phases such as HgS. Similarly, studies that utilized conventional 
low resolution XAS tend to rely on EXAFS shell fitting, due to the relatively unfeatured 
absorption edge in the Hg LIII-edge, that may underestimate the fraction of organically 
complexed Hg that do not produce strong backscattering signals.53,58 HERFD-XAS can 
overcome some of the limitations of traditional XAS in Hg speciation analysis by 
providing enhanced spectral resolution that allows for the identification and 
quantification of diverse Hg species, including Hg-organic complexes.13,52,59–61 Two 
studies to-date have utilized HERFD-XANES linear combination fits to characterize soils 
from EFPC and have also identified a combination of nanoparticulate β-HgS and Hg 
bound to soil organic matter (Hg-SOM).13,52 However, a critical aspect to consider is the 
potential presence of residual organic matter in nanoparticulate β-HgS synthesized and 
used as a reference standard.52 The synthesis procedure, involving the complexation of 
Hg with an organic ligand (L-cysteine ethyl ester; L-Cys-OEt), may not have complete 
removal of organic components from the final β-HgS product, despite observing the 
presence of β-HgS.52 This potential contamination introduces uncertainty into the 
characterization of the nanoparticulate β-HgS, as any residual organic matter could 
influence the spectral signature. If the nanoparticulate β-HgS reference spectrum already 
includes spectral contributions from organically bound Hg, this could lead to an 
underestimation of organically bound Hg. Furthermore, authors also noted that reference 
spectra for Hg-SOM might contain contributions from nanoparticulate β-HgS from 
abiotic reactions between sulfurized OM and Hg.52 This further complicates the 
interpretation, making it challenging to deconvolve and quantify the spectral 
contributions of these two Hg forms accurately. Therefore, the fraction that fits with 
HRD leachate residue, while likely containing nanoparticulate or defected β-HgS, may 
also contain a notable fraction of Hg-OM complexes not entirely identified. 

3.6 Conclusions 
The findings from this study present some complexities for implementing 

MOMAC as an in-situ Hg remediation treatment EFPC. Due to the localized nature of 
HRD contamination at EFPC, implementation of in-situ treatments can be more cost-
effective by targeting heavily contaminated sites primarily. A combination of strategies 
that combine MOMAC with erosion-prevention techniques may be favorable to further 
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stabilize contaminated soils, reduce Hg inputs into the creek through sorption, and limit 
the potential for Hg methylation and downstream environmental impacts. Treating with 
oxidizing amendments may decrease the percent of total carbon present as labile carbon 
that could disfavor microbial activity and Hg-methylation. However, this may result in 
decreased redox buffering capacity and amendment longevity. Interestingly, the 
distribution of Hg-species was similar throughout all sampling sites spanning ~16.1 km 
which shows that legacy contamination has equilibrated with the surrounding 
environment to reach a stable state as HgS with a smaller, but possibly underestimated, 
fraction of Hg-OM complexes. However, oxidation with MOMAC may react with, and 
potentially liberate, some of these stable Hg-species, particularly Hg-OM complexes. 
Investigating changes in Hg-speciation at EFPC as a consequence of oxidation with 
MnOx should be carefully considered prior to large-scale implementation in Hg-
contaminated sites. 
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3.7 Figures 

 

 

Figure 3.1. Field deployment sites along the East Fork Poplar Creek (EFPC) showing 
experimental setup at four different locations. Soil cores were extracted, homogenized with 
(or without) treatment (AC, MOMAC, or untreated controls), and placed in fine mesh bags. 
Bags were then packed into a plastic mesh tube and inserted back into the original 
extraction locations across all sites. Picture A shows an example plastic mesh tube packed 
with fine mesh bags prior to deployment while Picture B shows a plastic mesh tube 
retrieved during sample collection. At EFK 3.1, cores were positioned near the creek 
shoreline in a flood-prone area. At EFK 5.0 and EFK 19.1, horizontal cores were collected 
along left-descending banks near the water surface, with soil moisture sensors installed at 
both sites to monitor precipitation and potential inundation. EFK 13.8, located near a small 
incipient oxbow lake, featured vertical cores collected from sandy floodplain soils.  
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Table 3.1. Field Deployment Sites at East Fork Poplar Creek 

 
1 EFK – East Fork Kilometer  

Site1 Sample 
Location Latitude Longitude

EFK 3.1 Floodplain 35° 57' 22" N 84° 22' 8" W
EFK 5.0 Streambank 35° 57' 47" N 84° 21' 34" W

EFK 13.8 Floodplain 35° 59' 32" N 84° 18' 56" W
EFK 19.1 Streambank 36° 0' 33" N 84° 16' 41" W
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Figure 3.2. (a) Total organic carbon measured by loss on ignition at 550 °C for each 
sampled field site. (b) Percent reactive carbon calculated as the ratio of permanganate 
oxidizable carbon (POxC) (shown in Figure C5) to total organic carbon measured by loss 
on ignition at 550°C for each sampled field site.  Error bars show averages from replicates 
across the transect and all time points (mean ± standard error; n = 12)  
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Figure 3.3. Volumetric water content measured with soil moisture sensors throughout the 
experiment from bank sites EFK 5.0 (P4: Decagon EC-5) and EFK 19.1 (P1-P3: TEROS 
10). Sensors were placed along the same elevation as samples to indicate potential 
inundation following storm events. Vertical red lines indicate sampling times with respect 
to the start of the experiment. 
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Figure 3.4. Total mercury (THg) averaged for each treatment at a given sampled field site. 
Error bars show averages from replicates across the transect and all time points (mean ± 
standard error; n = 12).  
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Figure 3.5. High energy resolution detected – X-ray absorption near edge spectroscopy 
spectra (left) of soil samples (blue lines) with linear combination fits showing component 
sum (red lines). Linear combinations were conducted with a library of Hg reference 
standards. Fractions of best-fit components, normalized to 100%, are shown in bar plots 
(right). Tabulated values and fit statistics are shown in Table C2. 
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Text A1. Chemical analysis methods 
Aqueous Mn was measured by inductively coupled plasma – optical emission 

spectrometry (ICP-OES; Perkin-Elmer Optima 5300DV).1 Calibration check standards 
(0.1, 0.5, 1.0, 2.5, and 5.0 mg/L) and blanks (ultrapure water; 18.2 MΩ cm, Millipore-
Sigma Milli-Q) were prepared and analyzed with a relative standard deviation of <5%. 
Five mL aliquots were removed from batch samples and filtered with a 0.45 µm PES filter, 
preserved with 12 M trace metal grade HCl (4% (v/v)), and stored for analysis. 

The remaining supernatant solutions from batch samples were transferred to Hg-free 
glass vials, oxidized with bromine chloride overnight (1% (v/v)), and analyzed for total Hg 
on a MERX-T Hg system (Brooks Rand Labs, Seattle, WA, USA) using cold vapor atomic 
fluorescence spectroscopy (CVAFS). Instrument calibration was performed using an 8-
point calibration from 0 to 1000 pg using mercury chloride standards with accepted 
recoveries between 75-125%. A pre-reduction step with 100 μL of hydroxylamine 
hydrochloride was performed to reduce halogens that cause trap degradation. 
Subsequently, 100 μL of stannous chloride was added to reduce Hg(II) to Hg(0) and 
analyzed using CVAFS. Method blanks using ultrapure water were prepared in parallel to 
samples. An ongoing precision and recovery sample containing 200 pg Hg was included 
in the run and deemed acceptable within 77-123%.2 
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Text A2. Electron microscopy 
Scanning and scanning transmission electron microscopic (SEM and STEM) imaging 

coupled with energy-dispersive X-ray spectroscopy (EDX) was used to assess Mn presence 
and surface coverage on AC particles in MOMAC solids. Approximately 1 mg of solid 
sample was mixed with 10 mL ethanol and placed in an ultrasonic bath to disaggregate 
particles. For SEM, approximately 100 µL of this solution was drop cast onto carbon tape 
adhered onto an aluminum stub and imaged using an FEI Quanta 200 SEM. For STEM, 3-
5 µL of solution was drop cast onto a copper grid with a holey carbon support film and 
imaged with a Talos F200C G2 TEM. The EDX detector for STEM was cooled with liquid 
nitrogen. 
 
Text A3. Surface area and pore size analysis 

Nitrogen gas (N2) adsorption-desorption isotherms were collected on MnOx, AC, and 
MOMAC samples to evaluate changes in the surface area (BET method) and pore size 
distribution (BJH method).3 Approximately 0.2-0.5 g of solid was weighed on a semi-micro 
analytical balance (readability 0.01 mg) and added into a sample tube (1.27 cm OD). The 
solid was degassed with N2 overnight (> 16 hours) prior to data collection. Isotherms were 
collected on a Micromeritics® TriStar II at 77.4 K and data were analyzed using 
Micromeritics software V3.03. 
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Text A4: Expanded methods for collection and analysis of XAS 
The MnOx and MOMAC samples were diluted 1:10 or 1:1 by mass with sucrose. 

Samples were homogenized in an agate mortar and pestle, mounted in Al holders, and 
sealed with sulfur-free tape. Samples were held in a liquid N2 cryostat and analyzed in 
fluorescence using a 30-element Ge detector. Energy was calibrated using a Mn foil 
standard with the inflection point of the initial edge rise set to 6539 eV. In linear 
combination fits of unknown spectra with reference spectra (Fig. A1), negative components 
were rejected, components were not forced to sum to 1 for all fits, and goodness of fit was 
evaluated using reduced chi-square values. Components constituting less than 5% of the 
fit were rejected. The accuracy of linear combination fits to determine average valence 
state of Mn oxides is estimated to be within 0.04 valence units.4 However, lower accuracies 
can be associated with birnessites (0.05 – 0.08 valence units), and particularly Mn oxides 
with greater than ~15% Mn(II) due to a larger variability in the shape of Mn2+ spectra.4 

A reference standard of Mn(II) sorbed onto activated carbon was prepared where 0.9 g 
of AC was reacted for 24 h with 30 mL of 10 mM MnCl2∙4H2O at circumneutral pH (6-
7). While the pre-edge feature and initial edge rise in the Mn(II)AC spectrum are consistent 
with Mn(II), comparison against hydrated Mn(II) reference standards (i.e. aqueous Mn2+) 
showed some changes in the coordination of Mn(II) when sorbed to AC. 
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Figure A1. XANES and EXAFS reference spectra used for linear combination fits of 
MnOx and MOMAC amendments. Chemical formulas for reference compounds are found 
in Table A1. 
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Table A1. Manganese reference compound spectra used in XANES and EXAFS linear 
combination fits. 

 

 
a Syn: synthetic; Nat: natural; Com: commercial 
b RT: room temperature; LN: sample holder placed in liquid nitrogen cryostat 
c (1) Birkner & Navrotsky 20125; (2) Seelos et al. 20216; (3) Villalobos et al. 20037; (4) 
Birkner & Navrotsky 20178; (5) Ironton, MT, USA, collection of L. Garvie; (6) Navajo 
County, AZ, USA, collection of L. Garvie; (7) Thomas Mountain, UT, USA, collection 
of L. Garvie; (8) Bargar et al. 20059; (9) Catamarca Province, Argentina, Ward's 
Scientific; (10) Villinski et al. 200110 
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Figure A2. Pre-edge peak fits of Mn(II), Mn(III), and Mn(IV) with two or three peaks 
(L/G = 0.45; FWHM = 1.3). Parameters collected from these standards are shown in Table 
A2 along with fits to secondary standards and unknown compounds. 
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Table A2. XAS pre-edge fitting parameters for Mn reference materials (see Text A5 for 
fitting approach). 

 
a Each reference sample was fit with 2-3 pseudo-Voigt peaks (FWHM = 1.3 eV; G/L: 0.45) 
b Fit centroids were calculated from the average position of peaks defined by pseudo-Voigt 
functions, weighted by their respective integrated areas after baseline subtraction.11 

c The first (P1), second (P2), and third (P3) peak positions from fits of each oxidation state 
were averaged to fit samples with known (Fig. A3) and unknown (Fig. 1.5) oxidation states. 
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Figure A3. Fits of the pre-edge region of X-ray absorption spectra for a natural 
hausmannite sample (Bargar et al, 2005)9 and triclinic Na-birnessite (Villalobos et al. 
2003)7. The average oxidation state (AOS) was estimated from peak fits. Ideal AOS for 
hausmannite is 2.66 and AOS for Na-birnessite was reported as 3.57 (Villalobos et al. 
2003).7 
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Text A5: Expanded methods for collection and analysis of XPS 
The Mn2p region (632 – 660 eV), specifically the Mn2p3/2 peak, generally exhibits the 

highest intensity in Mn XPS.12 Among Mn species with the same oxidation state, however, 
the bonding environment has a greater influence on the Mn2p3/2 peak shape than on the 
Mn3p peak, leading to inconsistencies or systematically lower estimates when used to 
determine oxidation state.13–15 Conversely, the Mn3p region (40 – 60 eV) is less sensitive 
to bonding environment and has been shown to exhibit consistent peak shapes and 
parameters across Mn species with the same oxidation state, and therefore was chosen in 
this study to estimate Mn oxidation states of MnOx and MOMAC. To minimize error 
associated with charge correction16, charge deviations greater than ±0.5 eV from the 
adventitious carbon peak were discarded and recollected at a different point that exhibited 
less charging.  

The Mn 3p region was fit with a non-linear least squares curve fitting technique described 
in Ilton et al. 2016.13 Reference compounds that corresponded to Mn(II), (III), or (IV) oxide 
were scanned as described in Section 2.3.2 (main text) and analyzed with the Thermo 
Avantage software. An iterative Shirley background subtraction was employed to account 
for differences in intensity across the spectrum.17–19 First, the Mn(II)O, Mn(III)2O3, and 
MnO2 samples were fit with approximately 3-4 pseudo-Voigt (G/L = 30) peaks to define 
curves for each oxidation state (Fig. A4; Table A3). Without changing the fit parameters, 
these curves were compared against a secondary set of Mn reference standards that 
included: Mn(II)CO3 (rhodochrosite), CaMn(III)2O4 (marokite), and an amorphous 
commercial Mn(IV) oxide (Carulite 400®) with an EXAFS spectrum that matched the 
local structure of synthetic vernadite (Fig. A1).6 Fits to Mn(III) Mn3p curves for both sets 
of standards were similar (Fig. A5).13There were slight differences in fit parameters 
between the Mn(II) standards, Mn(II)O and Mn(II)CO3, and the Mn(IV) standards, 
pyrolusite and amorphous Mn(IV) oxide. Similar differences were observed by Ilton et al. 
2016.13 The fit to amorphous Mn(IV) oxide was improved by including additional fit 
parameters for Mn(III), which yielded a small (5%) fraction of Mn(III) in the solid. 
Assuming the solid was entirely Mn(IV), this fraction may be interpreted as uncertainty in 
AOS estimated with these fits.  These parameters were used to empirically fit MnOx and 
MOMAC spectra and estimate relative fractions of Mn(II), (III), and (IV) oxidation states. 
In fitting unknown spectra, the FWHM and binding energy (BE) values were initially fixed 
to those shown on Table 3. Then for each oxidation state the peaks from fits to the reference 
spectra were merged into a curve. Subsequently, each curve was allowed to shift BE and 
FWHM as linked parameters rather than separate independent variables. Goodness-of-fit 
was assessed with normalized chi-square and Abbe criterion tests.  

The O1s peak was fit qualitatively to binding energies of oxide species associated with 
Mn oxides (lattice oxide, hydroxyl, sorbed H2O) for MnOx and MOMAC samples (Fig. 
A6).12 After employing a Shirley background subtraction, the O1s peak was compared with 
three pseudo-voigt peaks where the FWHM and BE was not constrained between samples. 
However, the FWHM of the hydroxyl and sorbed water peaks were forced to be equal 
during each fit. Although unconstrained during the fits, the BE for the first two fitted peaks 
were within ±0.1 eV between all samples and varied only slightly in the final peak. 
Interestingly, the second peak, which was attributed to hydroxide, was larger in the 
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MOMAC samples. This excess hydroxide may further indicate a higher fraction of 
MnOOH in the MOMAC samples compared to synthetic MnOx. 

The C1s region of unaltered activated carbon and MOMAC samples was fit qualitatively 
with binding energies of 3 peaks associated with C-C bonds, 3 oxygenated carbon peaks, 
and a π→π* transition peak following parameters reported in Smith et al. 201620 (Fig. A12; 
Table A8). The BE of the C-Cprimary peak was constrained from 284.2 – 284.8 eV and 
assigned to aromatic C-C/C-H bonds. The C-Chigh and C-Clow peaks were assigned to 
defective carbon structures at a slightly higher (285.0 – 285.4) or lower (283.4 – 284.0 eV) 
BE compared to the primary peak. The FWHM for each C-C peak was allowed to range 
from 0.9 – 2.0 eV but forced to be equal during the fit. The G/L ratio was constrained 
between 0 and 0.3 but also forced to be equal for each C-C peak. An additional satellite 
peak constrained to binding energies of 291.0 – 293.0 eV and FWHM of 2 – 3 eV was 
assigned to π→π* transitions for the primary C-C peak. Satellite features can occur in XPS 
when an outgoing core electron excites a valence electron and consequentially loses kinetic 
energy, resulting in satellite structures several eV lower than the core level position.21,22 
Three peaks with BE constrained to 285.9 – 286.6, 286.7 – 287.5, and 288.3 – 288.9 eV 
were used to estimate fractions of carbon associated with a single oxygen bond (e.g. 
hydroxyl: C-OH), two oxygen bonds (e.g. carbonyl: C=O), or three oxygen bonds (e.g. 
carboxyl: COOH), respectively.20 The FWHM was constrained from 1.8 – 2.2 eV during 
the fit but forced to be equal for each oxygenated carbon peak. The G/L ratio was 
constrained between 0 and 0.1 for each oxygenated carbon peak but forced to be equal 
during the fit. There were no significant differences between unmodified AC and MOMAC 
using C1s XPS. Notably, the C-Clow fraction, which is absent in unmodified AC, increases 
slightly with increasing Mn concentration. which may be a result of high-valent Mn(IV), 
or Mn(VII) used during synthesis, reacting with the AC surface (Fig. A12; Table A8).  
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Figure A4. Reference standards for Mn(II), (III), and (IV) oxidation states used in XPS 
empirical fits for the quantification of Mn oxidation states in synthetic MnOx and MOMAC 
samples. Values for peak parameters are reported in Table A4. 
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Figure A5.  Test set of Mn(II), (III), and (IV) oxidation state secondary reference standards 
fit with the parameters from the reference set (Table A3) to evaluate consistency of curve 
shapes for different Mn species with the same oxidation state. A commercial amorphous 
Mn(IV) oxide (Carulite 400) was fit with the parameters for pyrolusite and a small fraction 
(5%) of Mn(III), which may be used to estimate uncertainty in the fitting procedure.  
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Table A3. XPS Mn 3p peak parameters from Mn reference compounds. 
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Figure A6. X-ray diffraction patterns of Mn(II), (III), and (IV) oxide reference compounds. 
Red lines show major reflections associated with each mineral from the PDF 4+ database. 
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Figure A7. Low resolution SEM images of MnOx, AC, and MOMAC powder dispersed 
onto carbon tape. Particle sizes range widely (< 1 um to ~50 um) but are generally smaller 
for homogeneously precipitated MnOx than for AC. MOMAC has a mixture of large AC 
particles with surface Mn, MnOx not associated with AC grains, and grains of AC. 
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Figure A8. Nitrogen adsorption and desorption isotherms collected for AC, MnOx, and 
MOMAC samples to determine differences in surface area (BET method) and pore size 
distribution (BJH method). Samples for MOMAC were run in triplicate (runs shown by 
red, green, and blue lines). Surface area (SA) obtained from BET analysis of the data show 
decreasing surface area with increasing Mn concentration for low (L), medium (M), and 
high (H) MOMAC samples. Pore size distributions (PSD) showed the opposite trend and 
increased with increasing Mn concentrations in MOMAC samples. 
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Figure A9. X-ray diffraction patterns for activated carbon, homogeneously precipitated 
MnOx, and MOMAC samples. A reflection is present in the MOMAC (M) sample that 
matched a dominant reflection for feitknechtite, shown by the green lines. 
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Table A4. Summary results and statistics from XANES and EXAFS linear combination 
fits to MnOx and MOMAC samples using Mn reference spectra. 

 

a See Table A1 for the complete Mn reference compound library used in fits. 
b Uncertainty in fits reported in parentheses; bold values are fit percentages normalized to 
100%. 
c R-factor = ∑(data-fit)2 /∑(data)2 normalized sum of squared residuals of the fit. 
d Reduced χ2 = (F-factor) / (# of points - # of variables) 
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Figure A10. Mn K-edge X-ray absorption spectra divided into (a) XANES (6530-6590 
eV) and (b) EXAFS (k-range of 2-10 Å-1) showing a representative deconvolution of the 
linear combination fits to MOMAC using a library of Mn reference compounds shown in 
Fig. A1.  
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Table A5. Average oxidation states estimated from spectroscopic analyses of MnOx and 
MOMAC samples. 
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Table A6. Summary results and statistics from Mn3p XPS non-linear least squares 
combination fits of MnOx and MOMAC samples to estimate relative fractions of Mn 
oxidation states. 

 
a Reduced χ2 = (F-factor) / (# of points - # of variables) 

b Abbe =  1
2
∑ [R(i+1)−R(i)]2

∑ [R(i)]2N
i=1  

N−1
i=1 ; R(i)= residuals of the fit at the ith data point 
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Figure A11. O1s XPS fits for synthetic MnOx and MOMAC samples showing a larger 
fraction of hydroxide among the MOMAC samples than for MnOx. Fit results reported in 
Table A7.  
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Table A7. Results of O1s peak fits for synthetic MnOx and MOMAC samples showing 
relative fractions of lattice oxygen, hydroxyl groups, and sorbed water.1 

 
1 Values modeled from pseudo-voigt peak fits (L/G:30) in Biesinger et al. 201112 where the 
FWHM and BE of the peaks was allowed to vary between samples. However, the FWHM 
of the hydroxyl and sorbed water peaks were forced to be equal during the fit. 
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Figure A12. C1s XPS fits to unaltered AC and MOMAC samples where P2 represents the 
primary aromatic C-C/C-H bonds, P1 and P3 are considered C-C defect peaks, and P7 
represents π-π* transitions for the primary C-C peak. Three peaks are used to estimate 
fractions of oxygenated peaks where carbon is bonded to either a single oxygen bond (e.g. 
hydroxyl: C-OH) (P4), two oxygen bonds (e.g. carbonyl: C=O) (P5), or three oxygen bonds 
(e.g. carboxyl: COOH) (P6).20 



 

119 

 

Table A8. Results of C1s peak fits for unaltered activated carbon and MOMAC samples 
showing deconvolutions with C-C and C-O peaks.1 

 
1 Parameters for BE, FWHM, and L/G adapted from Smith et al. 201620 are discussed in 
Text A5. 
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Table A9. Summary results and statistics from XAS pre-edge peak fits of MnOx and 
MOMAC samples to estimate relative normalized fractions of Mn oxidation state. 

 
a Fit centroids were calculated from the average position of peaks defined by pseudo-Voigt 
functions, weighted by their respective integrated areas after baseline subtraction.11 
b Reduced χ2 = (F-factor) / (# of points - # of variables) 
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Figure A13. Thermal desorption gradient from the Direct Mercury Analyzer (Milestone 
DMA-80) used to determine total Hg in EFPC sediments and estimate Hg species. Species 
estimated from each temperature step, as reported by Saniewska & Beldowska (2017)23 
and others24 are as follows: 100 °C – Hg0, 225 °C – HgCl2, Hg2Cl2, Hg(ClO4)2, HgBr2, 
HgI2, CH3(COO)2Hg, Hg(CN)2, Hg(SCN)2, Hg(NO3)2, β-HgS, methylmercury and 
humus-like substance, 325 °C – α-HgS, 475 °C – HgO(red), HgSO4, HgF2, and 750 °C 
Hg strongly bound to minerals. Temperature fluctuations observed when heating the 
sediment shown on the right with the programmed temperature. Note slight overheating 
from 100°C step may overestimate Hg0 fraction along with a brief ~60 second overlap 
between 225°C and 325°C. 
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Figure A14. Chemical sequential extraction of Hg conducted in triplicate on EFPC 
sediments. Extractions with 1 M CaCl2 are representative of exchangeable Hg while 0.2 
M NaOH and 4% (v/v) acetic acid are used to determine the fraction of organic-associated 
Hg.25 
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Appendix B: Supporting Information for Manganese Oxide 
Modified Activated Carbon Lowers Mercury and 
Methylmercury in Legacy Contaminated Sediments: A Flow-
Through Column Study 
 

Contents: 
Table B1: Experimental Design Parameters 
Figure B1: Total volume eluted and combined for each sample 
Text B1: Additional Details for Sample Processing and Analysis of Dissolved Ions, Total 
Carbon and Organic Carbon. 
Table B2: Methods, Instruments, and Detection Limits for Analyses Performed Mercury, 
Methylmercury, Ions, and Dissolved Organic Carbon. 
Text B2: Additional Method Details for Hg and MeHg analyses 
Table B3: QA/ QC statistics for Hg and MeHg analyses 
Text B3: Results for Major Cations Measured in Effluent 
Figure B2: Concentrations of major cations measured from filtered column effluent. 
Figure B3: Concentrations of chloride, total carbon (TC), and inorganic carbon (IC) 
measured from filtered column effluent. 
Figure B4: Total mass of eluted Hg and MeHg and calculated %MeHg and partitioning 
coefficient excluding first sample.  
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Table B1: Experimental Design Parameters 

  

Soil
Treatment

Treatment
dosing (%dry wt)

Carbon
addition Carbon dose Replicates

Untreated 0 n = 1

MOMAC 2 n = 1

Untreated 0 n = 1

MOMAC 2 n = 1

Untreated 0 n = 3

MOMAC 2 n = 2

AC 1.3 n = 1

None None

Carbon added as 
acetate+pyruvate 

to feed water

~10 mg/L 
in influent soln.

Carbon added as 
spirulina powder 

to sediment

Roughly double 
native

OC in sediment
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Figure B1. Total volume eluted and combined for each sample. Fractions were collected 
over 12 h intervals and combined to constitute one sample.  
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Text B1: Additional Sample Processing Details for Dissolved Ions, Total Carbon and 
Organic Carbon Analyses. 

Aqueous cations (Na+, Ca2+, K+, Mg2+, Fe, Mn) were measured by inductively 
coupled plasma – optical emission spectrometry (ICP-OES; Perkin-Elmer Avio 550 Max).1 
Calibration check standards (Na+, Ca2+, K+, Mg2+: 0, 1.0, 5.0, 10.0, 25.0, 50.0, 100 
mg/kgw; Fe and Mn: 0, 0.1, 0.5, 1.0, 2.5, 5.0, 10.0 and 25.0 mg/kgw) and blanks (ultrapure 
water; 18.2 MΩ cm, Millipore-Sigma Milli-Q) were prepared and analyzed with a relative 
standard deviation of <5% for check standards. Effluent aliquots (~10 mL) were stored in 
15 mL polypropylene tubes, preserved with 2% (v/v) tracemetal grade nitric acid, and 
refrigerated until analysis. 

Inorganic aqueous anions (Cl-, NO3-, SO42-) were measured on a Dionex ICS-2000 
Ion Chromatograph.2 Samples were preserved by freezing at -20°C. Prior to running, 
samples were thawed at 4 °C overnight. Calibration check standards (1.0, 5.0, 10.0, 25.0, 
50.0 and 125 mg/L) and blanks (ultrapure water; 18.2 MΩ cm, Millipore-Sigma Milli-Q) 
were prepared and analyzed with a relative standard deviation of <5% for check standards. 

Dissolved carbon (non-purgeable organic carbon – NPOC, total carbon – TC, and 
inorganic carbon – IC) were measured on a Shimadzu TOC-L instrument.3 Samples were 
preserved by freezing at -20°C and thawing overnight prior to running. Inorganic carbon 
was calculated as TC-NPOC. 
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Table B2: Methods, Instruments, and Detection Limits for Analyses Performed Mercury, 
Methylmercury, Ions, and Dissolved Organic Carbon. 

  

Analysis Method Instrument Instrument DL; 
PQL (DL*3.0) RSD

Hg EPA Method 1631 MERX-T 0.2 ng/L Table S3
MeHg EPA Method 1630 MERX-M 0.02 ng/L Table S3
Ca2+ 30 µg/L; 90 µg/L
Na+

Cl- 30 µg/L; 90 µg/L
K+ 30 µg/L; 90 µg/L

Mg2+ 80 µg/L; 240 µg/L
Fe 6 µg/L; 18 µg/L
Mn 2 µg/L; 6 µg/L

Cl- 0.1 mg/L

SO4
2- 0.1 mg/L

NO3
- 0.1 mg/L

Non-
purgeable 
Organic C

Inorganic C

EPA Method 300.0
Dionex ICS-2000 

Ion 
Chromatograph

≤ 5%

EPA Method 415.3 Shimadzu TOC-L 0.1 mg/L < 5%

EPA Method 200.7 Avio 550 Max 
ICP-OES < 5%
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Text B2: Detailed Methods for Hg and MeHg analyses 
Samples for total mercury (Hg) were preserved with BrCl to oxidize all Hg forms within 

sample to Hg(II). Samples were analyzed on a MERX-T Hg system (Brooks Rand Labs, 
Seattle, WA, USA) using cold vapor atomic fluorescence spectrophotometry (CVAFS).4 
Depending on expected sample Hg concentration, 0.5 – 1.0 g of sample were diluted with 
23.0 – 25.0 g with ultrapure water. Instrument calibration was performed using an 8-point 
calibration from 0 to 1000 pg Hg using Hg chloride standards with accepted recoveries 
between 75-125%. Hydroxylamine hydrochloride was used (100 uL) to neutralize BrCl 
and pre-reduce Hg. Stannous chloride was used to reduce Hg(II) to Hg(0), which was 
subsequently sparged with ultra-high purity N2 and carried with ultra-high purity Ar to 
CVAFS detector. Every 12-sample batch contained two method blanks (MB), one matrix 
spike (MS), one matrix spike duplicate (MSD), and two ongoing precision and recovery 
(OPR) samples. Acceptable recoveries for MS/ MSD and OPR samples were 71-125% and 
77-123%, respectively. 

Samples were analyzed for methylmercury (MeHg) on a MERX-M automated Hg 
system (Brooks Rand Labs, Seattle, WA, USA) using cold vapor atomic fluorescence 
spectrophotometry (CVAFS).5 Approximately 25.0-35.0 g of effluent were transferred to 
a Teflon-vial and diluted to 55 mL with ultrapure water and distilled at 125 °C for 3 h under 
nitrogen flow. After distillation, 20 g of distillate were transferred to amber Hg-free vials 
and diluted to with ~20 g of ultrapure water. Diluted samples were pH-adjusted with 300 
µL of acetate buffer, volatilized via ethylation with 50 µL sodium tetraethylborate, and 
analyzed using a MERX-M instrument (purge and trap followed by CVAFS). Each 12-
sample batch of samples contained contained two method blanks (MB), one matrix spike 
(MS), one matrix spike duplicate (MSD), and two ongoing precision and recovery (OPR) 
samples. Recoveries of the MS/MSD and OPR samples must be 75-125%, and the MB 
sample must contain <0.1 ng/L. Results from these quality control/ quality assurance 
samples are shown in Table B3. 

Total Hg in unamended sediment was measured using a Direct Mercury Analyzer 
(Milestone DMA-80) via thermal decomposition, amalgamation, and atomic absorption 
spectrophotometry.6 Methylmercury in sediment was measured with a KOH-methanol 
digestion.7 Approximately 0.1 – 0.2 g of wet sediment was measured into a 15 mL 
polypropylene centrifuge tube, 0.5 mL 1 N HCl in methanol was added, and tubes were 
placed on a shaker table at 200 rotations per minute for 30 minutes. Afterward, 2.5 mL of 
25% KOH in methanol was added and the tubes were placed in an oven at 60°C for 4 h and 
vortexed every hour. The samples were diluted with 10 mL of ultrapure water and 
measured for MeHg. Samples were pH-adjusted to 4.5-5.0 using 300 µL of a 2 M sodium 
acetate buffer, volatilized via ethylation using 50 µL of sodium tetraethylborate, and 
measured with CVAFS on a MERX-M instrument.   
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Table B3: QA/QC Statistics for Hg and MeHg Analyses 

  

MB MS/ MSD OPR/ 
CRM

ng/L 
(mean ± 

SD)

Hg 0.2 ng/L 0.91 ± 
0.66

87.2 ± 
11.3 96.4 ± 7.3

MeHg 0.02 ng/L 0.03 ± 
0.01

91.1 ± 
14.1 93.6 ± 10.0

Hg 0.01 ng not 
detected N/A 99.7 ± 0.4

MeHg 0.02 ng/L not 
detected 87.9 ± 2.7 100.8 ± 3.5

Sediment

Effluent

Matrix Analyte

Method or 
Instrument 
Detection 

Limit
% Recovery (mean ± 

SD)
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Text B3: Results for Major Cations Measured in Effluent 
Text B3.1. Columns with no Organic Carbon added 

In the column effluent, most cations measured (Na+, K+, Mg2+) remained stable, 
mirroring the concentrations in the ACW influent solution (Figure C2). However, an initial 
flush of Ca2+ was observed, particularly from sediment treated with MOMAC.  
Text B3.2. Columns with Organic Carbon Added as Acetate and Pyruvate 

In the effluent from both untreated and MOMAC-treated sediment columns, most major 
cations behaved similarly (Figure C2). Na+ and Mg2+ concentrations in the effluent closely 
matched those in the influent solution. However, Ca2+ concentrations were slightly elevated 
in the effluent compared to the influent, particularly in the initial fractions. The K+ 
concentration in the influent was higher in solutions containing acetate and pyruvate 
compared to those without. For both untreated and MOMAC-treated columns, K+ 
concentrations in the effluent were elevated compared to the influent, with further increases 
observed after the stopped-flow state in the MOMAC-treated sediment, while the untreated 
sediment showed no increase. 
Text B3.3. Columns with Organic Carbon Added as Spirulina 

The major cations in the effluent from sediment homogenized with spirulina powder 
exhibited less conservative behavior compared to columns without added OC or with OC 
added as acetate and pyruvate (Figure C2). Despite this, the elution trends for each cation 
were similar across all treatments. Before the stopped-flow state, monovalent cations (Na+, 
K+) sharply decreased until stabilizing at approximately 15-17 mg/L for Na+ and around 2 
mg/L for K+ after the stopped-flow event. Prior to the stopped-flow, divalent cation (Ca2+, 
Mg2+) concentrations in the effluent were higher than the influent solution but stabilized to 
values consistent with the ACW solution. An exception was observed with Ca2+ in 
MOMAC-treated columns, where concentrations were slightly lower but gradually 
increasing (36-39 mg/L). Immediately following the stopped-flow event, a surge in Ca2+, 
Mg2+, and K+ concentrations occurred before stabilizing at concentrations similar to the 
ACW. 
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Figure B2. Concentrations of major cations measured from filtered column effluent. 
Concentrations for the influent solution are marked by the horizontal black line. The 
stopped-flow event is marked by the vertical blue line. Values below detection were 
omitted. Detection limits are shown on Table B2. Uncertainty was determined based on 
replicates and shown as mean ± standard error. Values with no uncertainty shown are due 
to single replicates. 
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Figure B3. Concentrations of chloride, total carbon (TC), and inorganic carbon (IC) 
measured from filtered column effluent. Concentrations for the influent solution are 
marked by the horizontal black line. The stopped-flow event is marked by the vertical 
blue line. Values below detection were omitted. Detection limits are shown on Table B2. 
Uncertainty was determined based on replicates and shown as mean ± standard error. 
Values with no uncertainty shown are due to a single column replicate. 



 

135 

 

Figure B4. Total mass (mg) of dissolved manganese eluted from column experiments. 
Error bars are based on propagated uncertainty of Mn mass eluted from replicate columns 
experiments. Column experiments with 1 replicate (No C added – MOMAC; Acetate + 
pyruvate – MOMAC; Spirulina – AC) used relative uncertainty from Spirulina – 
MOMAC column (± 7.6%). 
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Figure B5. Comparison to Figure 5 without initial sample included in calculations (a) Total 
mass of mercury (THg) and methylmercury (MeHg) eluted from column experiments. (b) 
%MeHg is ratio of MeHg mass to total Hg mass. (c) Log(Kd) (Kd = mass MeHgsed/ mass 
MeHgsol) represents the partitioning of methylmercury (MeHg) between the solid and 
aqueous phase calculated from total mass of MeHg in sediments. Error bars are based on 
relative uncertainty from QA/QC samples (i.e. matrix spikes, matrix spike duplicates) 
measured along with unknown samples, ±11% for THg and ±14% for MeHg. 
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Appendix C: Supporting Information for Pilot Field Study of a 
Novel Amendment Treatment for Mercury-Contaminated 
Soils at East Fork Poplar Creek, TN 
Contents: 
Text C1: Acquisition or preparation of Hg species used as reference standards 
Figure C1: Spectra of Hg-references used in HERFD-XAS fits 
Table C1: Library and Details of Hg-reference spectra used in HERFD-XAS fits 
Figure C2: Total organic carbon averaged across replicate experiments and compared for 
each site and treatment across time steps 
Figure C3: Total reactive carbon averaged across replicate experiments and compared for 
each site and treatment across time steps 
Figure C4: Percent reactive carbon averaged across replicate experiments and compared 
for each site and treatment across time steps 
Figure C5: Average total reactive carbon measured as permanganate oxidizable carbon 
(POxC) for each sampled field site. 
Figure C6: Soil water content averaged across replicate experiments and compared for 
each site and treatment across time steps 
Figure C7: Average soil water content for each sampled field site. 
Figure C8: Total mercury averaged across replicate experiments and compared for each 
site and treatment across time steps  
Figure C9: Total mercury shown for each replicate, site, treatment, and time step 
Figure C10: Methylmercury extracted from soil at the initial time point (t0) 
Figure C11: HERFD-XANES spectra for a historical release deposit sample and 
associated leachate residue 
Figure C12: Representative deconvolutions of linear combination fits for spectra from soil 
samples.  
Table C2: Summary results and statistics from HERFD-XANES linear combination fits to 
unknown soil samples 
Figure C13: Percent reactive carbon shown for each replicate, site, treatment, and time 
step   
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Text C1: Preparation of Mercury Reference Standards 
Reference spectra collected and tested in linear combination fits to unknown spectra are 

listed in Table C1 and shown in Figure C1. When available, Hg reference standards were 
purchased from commercial sources such as Acros (α-HgS, HgSO4), Alfa Aesar (HgSe), 
or American Elements (Hg0). A sample of a historical release deposit (HRD) layer near 
EFK 18.2 was acquired from Oak Ridge National Laboratory, courtesy of Dr. Alex Johs 
and Danielle Jones. A portion of the HRD sample was leached using an artificial creek 
water solution in batch reactions (5 g HRD to 1L artificial creek water) and reacted for 48h 
to remove weakly sorbed Hg. The leachate was filtered with a 0.45 µm filter and the residue 
remaining on the filter was isolated and scanned as a reference standard. Aqueous reference 
standards were prepared using deoxygenated ultrapure water (sparged with N2 or Ar gas 
overnight) and solutions of Hg(NO3)2 in 2% nitric acid. Solutions of 1 M NaOH or HCl, 
prepared in deoxygenated water, were used to adjust pH of aqueous solutions.  

Amorphous HgS was precipitated by mixing 5 mL of 20 mM Hg(NO3)2 with 5.5 mL of 
20 mM NaHS inside a nitrogen-filled glove box.2 The solution was aliquoted into multiple 
2 mL centrifuge tubes and centrifuged at 15,000 relative centrifugal force (rcf) to isolate 
the solid. The supernatant was carefully removed, solids were aggregated into a single tube, 
and the solid was quenched with liquid nitrogen.  

Aqueous standards of Hg bound to cysteine in either a linear (Hg-cysteine₂(aq)) or 
tetrahedral (Hg-cysteine₄(aq)) coordination were prepared in a glovebox following the 
methods described in Thomas et al. 20193 and Manceau et al. 20164. Solutions of 0.5 mM 
or 5 mM Hg(NO₃)₂ were mixed with L-cysteine at a metal-to-ligand ratio of 1:2 (1 mM 
cysteine) or 1:10 (50 mM cysteine), and adjusted to either pH 2.2 (Hg-cysteine2) or 11.6 
(Hg-cysteine4) with 1 M HCl or NaOH.  

Aqueous standards of Hg bound to glutathione were prepared by mixing 5 mL of a 10 
mM Hg(NO₃)₂ solution with 2.5 mL of a 40 mM L-glutathione solution in an amber vial 
and increasing pH to 7.44.  

An aqueous solution standard for Hg-selenocysteine was adapted from methods for 
synthesis of solid methylmercury-selenocysteinate monohydrate.5,6 Initially, 4.18 mg of 
seleno-L-cystine was dissolved in approximately 10 mL of deoxygenated water in an 
anaerobic glovebox. Separately, 98.94 mg of sodium borohydride (NaBH₄) was transferred 
into the glovebox and dissolved in deoxygenated water to prepare a 10 mL solution of 0.26 
M NaBH₄. The solution pH of seleno-L-cystine increased to ~12 using a pellet of NaOH. 
Then 4 mL of 0.26M NaBH4 was added and stirred for ~5 minutes to reduce cystine to 
cysteine. Concentrated (~2 M) HCl was added to lower solution pH to ~4 to destroy excess 
NaBH4. A 1.67 mL aliquot of a 7.5 mM Hg(NO₃)₂ solution was added and pH was slowly 
brought to 7.4 with small aliquots of NaOH, and then diluted to 25 mL resulting in 0.5 mM 
Hg:1 mM Se. The amber vial was sealed in an anaerobic chamber and stored at 4°C until 
analysis.  

Preparation for an aqueous solution of Hg-selenomethionine was adapted from Gilsanz 
et al. 2011.7 A 25 mL solution was prepared in a Hg-free amber vial by dissolving 4.90 mg 
of seleno-L-methionine in ~15 mL, adding 1.67 mL of a 7.5 mM Hg(NO₃)₂ solution, 
adjusting pH with NaOH to 7.4, and diluting to 25 mL with deoxygenated water. The final 
solution contained 1 mM Se and 0.5 mM Hg after dilution to 25 mL. 
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Figure C1. High energy resolution fluorescence detected – XANES reference spectra used 
for linear combination fits of unknown soil samples. Details (source, chemical formula – 
if applicable, preparation summary) are shown in Table C1 and discussed in Text C1. 
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Table C1. Library and details of Hg-reference spectra used in HERFD-XAS fits. 

 

 

Liquid Source Molecular 
Formula # scans Details

Hg0 American Elements Hg 2 CAS: 7439-97-6

Solid Source Molecular 
Formula # scans Details

Mercury(II) sulfate Acros HgSO4 6 CAS: 7783-35-9
Hg-cysteine O'Day Lab Hg-L-cysteine 10
HgSe Alfa Aesar HgSe 6 CAS: 20601-83-6

HgS (amorphous) Prepared in lab HgS 3
20 mM HgNO3•H2O + 
10% excess 20 mM NaHS-

Cinnabar Acros α-HgS 20 CAS: 1344-48-5

Metacinnabar Smithsonian National 
Museum of Natural History β-HgS 5 Mineral sample

Aqueous Solutions Source Ligand # scans Details

Hg-thiourea ORNL Lab L-thiourea 5 0.83 mM Hg(II) + 
4.2 mM L-thiourea

Hg-glutathione Prepared in lab L-glutathione 6 5 mM HgNO3•H2O + 
10 mM L-glutathione; pH 7.4

Hg(cysteine)2 Prepared in lab L-cysteine 12 0.5 mM HgNO3•H2O + 
1 mM L-cysteine; pH 2.5

Hg(cysteine)4 Prepared in lab L-cysteine 10 5 mM HgNO3•H2O + 
50 mM L-cysteine; pH 11.6

Hg-selenomethionine Prepared in lab L-selenomethionine 4 0.5 mM HgNO3•H2O + 
1 mM seleno-L-methionine; pH 7.4

Hg-selenocysteine Prepared in lab L-selenocystine 4 0.5 mM HgNO3•H2O + 
1 mM seleno-L-cystine; pH 7.4
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Figure C2. Total organic carbon in soil measured by loss on ignition at 550 °C from each 
sampling site over the course of the experiment (0-11 weeks). Error bars show average 
from replicates across the transect (mean ± standard error; n = 3).  
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Figure C3. Reactive carbon content measured in soil as permanganate oxidizable carbon 
from each sampling site over the course of the experiment (0-11 weeks). Error bars show 
average from replicates across the transect (mean ± standard error; n = 3) 
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Figure C4. Percent reactive carbon measured in soil as the ratio between permanganate 
oxidizable carbon and total organic carbon ([POxC]/[Total OC]) from each sampling site 
over the course of the experiment (0-11 weeks). Error bars show average from replicates 
across the transect (mean ± standard error; n = 3). 
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Figure C5. Total reactive carbon measured as permanganate oxidizable carbon (POxC) for 
each sampled field site. Error bars show averages from replicates across the transect and 
all time points (mean ± standard error; n = 12). 
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Figure C6. Soil water content measured by heating soil at 105°C overnight at each field 
site over the course of the experiment (11 weeks). Error bars show average from replicates 
across the transect (mean ± standard error; n = 3) 
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Figure C7. Soil water content measured by heating soil at 105°C for each sampled field 
site. Error bars show averages from replicates across the transect and all time points (mean 
± standard error; n = 12). 
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Figure C8. Total Hg measured in soil digested in aqua regia at each field site over the 
course of the experiment (11 weeks). Error bars show average from replicates across the 
transect (mean ± standard error; n = 3). 
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Figure C9. THg measured across the transect (replicates (r1, r2, r3) by digesting soil in 
aqua regia over the course of the experiment (0-11 weeks). Due to single measurements no 
error bars are shown. 
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Figure C10. Methylmercury extracted from soil through a KOH-methanol digestion for 
the initial (t0) time point. Error bars show averages from replicates across the transect 
(mean ± standard error; n = 3). 
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Figure C11. Sample spectra for historical release deposit layers (green) and leachate 
residue (blue) collected with high energy resolution fluorescence detection – X-ray 
absorption near edge structure. For the leachate residue an artificial creek water solution 
was pumped through the HRD soil, and the effluent was filtered through 0.2 µm and the 
residue was collected and analyzed. 
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Figure C12. Representative deconvolutions of linear combination fits for spectra from 
soil samples, using reference standards shown in Figure C1. Spectra were collected using 
High Energy Resolution Fluorescence Detection X-ray Absorption Near Edge 
Spectroscopy (HERFD-XANES) at the Hg-LIII absorption edge, measured at the Lα1 
emission line. 
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Table C2. Summary results and statistics from HERFD-XANES linear combination fits 
to unknown soil samples 

 
a See Table C1 for the complete Mn reference compound library used in fits. 
b Uncertainty in fits reported in parentheses; bold values are fit percentages normalized to 100%. 
c R-factor = ∑(data-fit)2 /∑(data)2 normalized sum of squared residuals of the fit. 
d Reduced χ2 = (F-factor) / (# of points - # of variables) 
  

Field Site Samplea
HRD Soil 
Leachate 
Residue

Hg-
cysteine2

(pH 2.2)

Hg-thiourea 
(pH 7.0)

Hg-
Selenocysteine 

(pH 7.4)
Sum R-factorc Reduced 

χ2d

Untreated
0w

74 (±2)
74 - 26 (±2)

26 - 100 2.34E-04 1.71E-04

MOMAC
4w

85 (±3)
85 - 15 (±3)

15 - 100 3.28E-04 2.26E-04

Untreated
0w

84 (±2)
84 - 16 (±2)

16 - 100 1.53E-04 1.11E-04

Untreated
4w

77 (±2)
76 - 24 (±2)

24 - 101 2.19E-04 1.74E-04

Untreated
10w

77 (±2)
77 - 23 (±2)

23 - 100 2.30E-04 1.83E-04

MOMAC
4w

77 (±2)
77 - - 23 (±2)

23 100 2.71E-04 1.85E-04

MOMAC
10w

78 (±2)
78 - 22 (±2)

22 - 99 2.42E-04 1.90E-04

AC
10w

80 (±2)
79 - 21 (±2)

21 - 101 1.99E-04 1.58E-04

Untreated
0w

80 (±3)
79 - 21 (±3)

21 - 101 4.58E-04 3.39E-04

MOMAC
4w

81 (±4)
81 - 19 (±4)

19 - 100 6.75E-04 4.95E-04

Untreated
0w

86 (±3)
86 - 14 (±3)

14 - 100 4.76E-04 3.50E-04

Untreated
10w

77 (±2)
77 - 23 (±2)

23 - 100 2.01E-04 1.60E-04

MOMAC
4w

72 (±2)
72

19 (±2)
19 - 9 (±2)

9 100 2.89E-04 2.10E-04

MOMAC
10w

89 (±3)
88 - 12 (±3)

12 - 101 3.29E-04 2.66E-04

AC
10w

80 (±3)
81 - 19 (±3)

19 - 99 4.23E-04 3.31E-04

EFK 19.1
Bank

EFK 3.1 
Floodplain

EFK 5.0 
Bank

EFK 13.8
Floodplain
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Figure C13. Percent reactive carbon in soil across transect replicates (r1, r2, r3) calculated 

as the ratio between permanganate oxidizable carbon, or reactive carbon, and total organic 

carbon ([POxC]/[Total OC]). Due to single measurements no error bars are shown. 
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