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ABSTRACT 

 

The remains of change: how the legacies of shifting disturbance regimes impact the 

resilience of contemporary coral reefs 

 

by 

 

Kai Logan Kopecky 

 

Global conditions are changing, leading to novel settings in which ecosystems must operate. 

In particular, ecological disturbances that were once rare are becoming commonplace, like 

heatwaves both on land and in the ocean that cause widespread mortality of  species and leave 

behind legacies that pose new challenges to the resilience of contemporary ecosystems. Coral 

reefs, for example, have historically been afflicted mainly by tropical storms that create reef -

scouring waves, but in recent decades, episodes of coral bleaching caused by marine heatwaves 

have become an additional, prevalent source of mass coral mortality. Tropical storms tend to 

remove corals from the reef entirely, whereas marine heatwaves that cause coral bleaching kill 

corals but leave their stony skeletons intact – a type of material legacy. When these structures 

are left in place, this creates a fundamentally different post-disturbance environment in which 

reef recovery must take place and poses an uncertain future for these incredibly important 

ecosystems. 

In my dissertation research, I explored how shifting disturbance regimes on coral reefs 

affect the capacity for these ecosystems to rebound from disturbance and regain their pre-
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disturbance identity, structure, and function. Through a combination of mathematical 

modeling, remote sensing, and field experimentation, I compared the impacts of tropical storms 

and coral bleaching on reef resilience, investigating how dead coral skeletons modify key 

ecological processes and influence trajectories of community assembly after disturbance. I 

found that dead coral skeletons impair key ecological processes that underpin coral resilience, 

like top-down control of macroalgae (spatial competitors of coral) by herbivores, and the 

successful recruitment of new coral colonies. The impairment of these two critical processes 

can erode coral resilience and ultimately increase the occurrence of transitions from reefs 

dominated by corals to those dominated by macroalgae. More encouragingly, however, I found 

that removing dead skeletons after bleaching can mitigate these negative impacts, offering a 

promising avenue to explore for the management of coral reefs that have been perturbed by 

disturbances that leave in place large standing stocks of dead coral skeleton. As material 

legacies become more prominent ecological features, a critical need emerges to understand the 

powerful roles they play in altering ecosystem resilience, as well as the roles we may be able 

to play in leveraging these legacies for desirable management outcomes.   
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Chapter I. Material legacies can degrade resilience: Structure-retaining 

disturbances promote regime shifts on coral reefs 

 

ABSTRACT 

Standing dead structures of habitat-forming organisms (e.g., dead trees, coral skeletons, oyster 

shells) killed by a disturbance are material legacies that can affect ecosystem recovery 

processes. Many ecosystems are subject to different types of disturbance that either remove 

biogenic structure or leave it intact. Here, we use a mathematical model to quantify how the 

resilience of coral reef ecosystems may be differentially affected following structure-removing 

and structure-retaining disturbance events, focusing in particular on the potential for regime 

shifts from coral to macroalgae. We found that dead coral skeletons can substantially diminish 

coral resilience if they provide macroalgae refuge from herbivory, a key feedback associated 

with recovery of coral populations. Our model shows that the material legacy of dead skeletons 

broadens the range of herbivore biomass over which coral and macroalgae states are bi-stable. 

Hence, material legacies can alter resilience by modifying the underlying relationship between 

a system driver (herbivory) and a state variable (coral cover).
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INTRODUCTION 

Major disturbances such as fire, drought, storms, and heat waves can abruptly kill the structure-

forming species that create the foundations of ecosystems. When the dead structures of these 

organisms are left behind, these material legacies can alter recolonization rates and interactions 

between species in the recovering system (Johnstone et al. 2016). For example, standing or 

fallen dead trees can affect establishment success of new colonizing individuals in forests 

(Johnstone et al. 2016), shells of dead oysters can provide substrate for new settling larvae to 

facilitate recoveries on oyster reefs (Lenihan & Peterson 1998), and skeletons of dead corals 

can either serve as settlement substrate or harbor macroalgae that compete with live corals for 

attachment space on coral reefs (Vieira 2020). Because material legacies can have powerful 

effects on ecological processes, they have the potential to also alter how ecosystems resist and 

recover from disturbance—i.e., ecosystem resilience. For example, if dead structures occupy 

significant amounts of habitat space for extended durations, these legacies can prolong the time 

for new colonists to re-seed a disturbed area and for that ecosystem to regain its pre-disturbance 

condition. Alternatively, if dead structures facilitate colonization by a functionally different 

guild of organisms, these structures may facilitate a regime shift in ecosystem state.  

 To better understand the role of material legacies, we can directly compare how 

disturbances that either remove or leave in place dead biogenic structures affect resilience. 

Some disturbances both kill structure-forming organisms and remove their biogenic structure, 

opening up unoccupied habitat spaces between surviving individuals (hereafter, structure-

removing disturbances). Examples include intense fires, floods, storms (Fukami 2015), 

deforestation, landslides, avalanches (Swanson et al. 2011), dredging, and ice scour (Lenihan 

& Peterson 1998). By contrast, other disturbances kill structure-forming organisms but leave 
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their structures intact, resulting in patchworks of live and dead organisms or dense stands of 

dead individuals that can restrict the amount of unoccupied space for new colonists and 

surviving individuals (hereafter, structure-retaining disturbances). Examples include drought, 

disease, predator or pest outbreaks (Johnstone et al. 2016), thermal stress (e.g., heat waves; 

Folke et al. 2004), and hypoxic events (Lenihan & Peterson 1998). In this study, we use a 

model to quantify how the resilience of coral reef ecosystems may be differentially affected 

following structure-removing and structure-retaining disturbance events.   

Coral reefs serve as a timely model system to explore the effects of material legacies 

on resilience. Disturbance regimes are changing such that acute events that either remove or 

retain structure are changing in frequency, severity, or both (Uthicke et al. 2015; Oliver et al. 

2018; Wehner et al. 2018). For example, structure-removing events (e.g., tropical storms) 

appear to be increasing in intensity (Vecchi et al. 2021), while structure-retaining events (e.g., 

marine heat waves that cause coral bleaching, predator/disease outbreaks) are becoming more 

widespread, frequent, and severe (Pratchett et al. 2013; Hughes et al. 2017; Lough et al. 2018). 

Storm disturbances can remove the entire coral colony, creating planar reef surfaces (Gardner 

et al. 2005), whereas structure-retaining disturbances kill the soft tissue of corals while leaving 

their skeletons intact (Baker et al. 2008; Pratchett et al. 2013). Coral taxa that are most sensitive 

to both disturbance types tend to have higher structural complexity (e.g., branching, 

corymbose, and tabular colony morphologies), but how their dead structures influence the 

recovery potential of reefs remains poorly resolved. Some disturbances can tip a coral reef 

ecosystem from a coral-dominated state to one where macroalgae or other benthic taxa are the 

more common space holder (Schmitt et al. 2022). There is mounting empirical and theoretical 

support that these can be alternative basins of attraction (alternative stable states in models) 
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when hysteresis creates a region of bi-stability that includes the ambient environmental 

conditions (Folke et al. 2004; Schröder et al. 2005; Mumby 2006; Mumby et al. 2013; 

Muthukrishnan et al. 2016; Briggs et al. 2018; McManus et al. 2019; Schmitt et al. 2019). Yet 

resilience of coral to disturbance is tremendously variable across coral reef ecosystems, with 

rapid recovery in some reefs and continued coral decline or shifts to macroalgae in others 

(Holbrook et al. 2018; Baumann et al. 2022). The presence or type of material legacies has the 

potential to account for some of the observed variability in resilience of coral following a 

disturbance.  

Competing hypotheses exist regarding the role of dead coral structures in fostering 

return of coral on disturbed tropical reefs. High structural complexity can promote faster or 

more successful recovery of corals if it provides habitat for coral-associated organisms that 

benefit coral growth and/or settlement substrate with refuge spaces for colonizing corals that 

would otherwise be consumed by predators (Graham et al. 2015). Alternatively, retention of 

dead coral skeletons may diminish coral resilience if skeletons facilitate the establishment of 

macroalgae—major competitors of coral for attachment space on the reef—by, for example, 

creating physical refugia from herbivores for vulnerable, early life-stage macroalgae (Bennett 

et al. 2010; Puk et al. 2020). Indeed, flat reef surfaces are readily grazed by herbivorous fish 

and sea urchins, preventing establishment of macroalgae (Bellwood et al. 2006; Adam et al. 

2011; 2015; Holbrook et al. 2016). This grazing helps maintain reef surfaces in a suitable 

condition for the settlement of new coral colonies, and thus can be a crucial stabilizing 

feedback during periods of coral reef recovery (Adam et al. 2015; Holbrook et al. 2016; 

Schmitt et al. 2022). Following reductions in herbivory, some coral reefs have transit ioned to 

a degraded ecosystem state in which macroalgae become the dominant space holder (Hughes 



 

 
5 

1994; Mumby et al. 2013; Vieira 2020). Once mature, macroalgae can become physically 

and/or chemically defended against herbivory (Davis 2018) and compete directly with corals 

for reef space by overgrowing live colonies and preempting settlement space for coral larvae 

(McCook et al. 2001; Vieira 2020). This suggests that macroalgae that are initially protected 

by dead coral structures could persist on the reef well after the dead structures have completely 

eroded away, potentially trapping the system in the alternative, macroalgae-dominated state.   

Here, we integrate herbivory and retention of biogenic structure using a conceptual 

framework derived from catastrophe theory (Jones 1977; Loehle 1989) to explore how material 

legacies could act to modify the coral reef resilience landscape (Fig. 1). At low amounts of 

algal refugia, the coral-dominated state is resilient to disturbances that do not increase algal 

refugia (i.e., structure-removing disturbances). However, disturbances that substantially 

decrease coral abundance and simultaneously increase the level of algal refugia (i.e., structure-

retaining disturbances) can move the system to a region of state space in which coral and 

macroalgal states become bi-stable, thus triggering shifts from coral- to macroalgae-dominance 

(Fig. 1, red line & bottom right). Material legacies of structure-retaining disturbances may act 

to modify the resilience landscape and change the underlying relationship between herbivores 

(a biological driver) and equilibrium coral abundance (a state variable) by increasing the degree 

of hysteresis (Fig. 1, blue dashed arrow). Importantly, the material legacy in this case causes 

an effective reduction in the capacity of herbivores to control macroalgae (i.e., the rate of 

herbivory) without actually changing the biomass of herbivores present in the system.  

To investigate the effect of material legacies on coral reef resilience, we explored the 

consequences of structure-removing and structure-retaining disturbances using a model that 

simulated how the fraction of reef space occupied by key interacting benthic space-holders 



 

 
6 

(corals, macroalgae) changes following these two types of disturbance events. We address 

three main questions. 1) How do the material legacies of structure-retaining disturbances affect 

the presence of alternate states? 2) What disturbance conditions (i.e., intensity and type) are 

required to trigger shifts between coral and macroalgae states? 3) Do structure-retaining 

disturbances speed or slow shifts to alternate states or recoveries to the pre-disturbance state?  

 

METHODS 

Model description 

To quantify the effects of disturbance type on coral reef community structure, we developed a 

model that describes how benthic cover changes over time. Building on previous work 

(Mumby 2006; Briggs et al. 2018), we divided benthic cover on hard substrate into a set of 

classes representing the fraction of reef space occupied by coral C, macroalgae M, and ‘empty’ 

space S. In this model, empty reef space is functionally equivalent to hard substrates occupied 

by a thin layer of turf or crustose coralline algae, which can be colonized or overgrown by 

either coral or macroalgae (Birrell et al. 2005; O’Brien & Scheibling 2018; Schmitt et al. 2022). 

To compare structure-removing and structure-retaining disturbances and model the effects of 

the dead skeleton legacy, we further subdivided the coral cover class into live colonies growing 

on primary reef substrate (CL), live colonies growing on dead colonies (CP), and standing dead 

skeletons (CD). Similarly, because dead skeletons may influence herbivory rates on macroalgae  

(Bennett et al. 2010; Puk et al. 2020), we partitioned macroalgal cover into two classes that 

differ in the substrate they occupy: macroalgae that grow on open reef spaces and are fully 

exposed to herbivory (ME), and macroalgae that grow amidst the branches of dead coral 

colonies and are protected to some degree from herbivory (MP).  
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We described changes in the proportions of the biotic cover classes (corals and 

macroalgae) using a system of five differential equations that capture transitions between 

empty space, live and dead branching coral cover, and macroalgal cover on the reef (Fig. 2). 

First, live coral (CL) grows onto empty reef spaces at rate gc. Our model also allows for open 

recruitment, with coral settlers arriving into empty space at rate 𝛾c. Live coral can die in two 

ways: it can experience natural mortality at a rate dc, which causes transitions from live to dead 

coral, or it can be overgrown by either exposed or protected macroalgae at rate gmc, which 

causes transitions directly from live coral to protected macroalgae. The balance of these gain 

and loss processes gives the change in proportional live coral on the reef over time: 

𝑑𝐶𝐿

𝑑𝑡
 =  𝑔𝑐𝐶𝐿𝑆 + 𝛾𝑐𝑆 − 𝑔𝑚𝑐 𝐶𝐿(𝑀𝐸 + 𝑀𝑃) − 𝑑𝑐𝐶𝐿     (1) 

When corals die naturally, their skeletal structures remain on the reef and continue to 

occupy benthic space as they gradually erode over several years (Adam et al. 2014). We 

represented this as CD, or the fraction of reef space occupied by standing dead coral skeleton. 

Transitions from live coral to dead coral result from natural mortality of live coral (dcCL). 

Further, herbivores can remove macroalgae from dead coral structure, but at a reduced rate 

h(1-p) compared to herbivory on exposed macroalgae, representing the product of the ambient 

rate of herbivory h scaled by the degree of protection afforded by a dead coral skeleton (p), 

resulting in a transition from protected macroalgae to dead coral. Dead coral is lost in three 

ways: it is removed via erosion at a fixed rate, e; it can be settled and grown on by live coral 

at rates 𝛾c and gc, respectively; and it can be settled onto or overgrown by macroalgae at rates 

𝛾m and gm, respectively. We thus describe the change in proportional cover of standing dead 

coral over time as: 
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𝑑𝐶𝐷

𝑑𝑡
=  𝑑𝑐(𝐶𝐿 + 𝐶𝑃) +  𝑀𝑃(ℎ(1 − 𝑝) + 𝑑𝑚 ) − 𝑔𝑐𝐶𝑃𝐶𝐷 − 𝑠𝛾𝑐𝐶𝐷 − 𝑔𝑚 𝐶𝐷(𝑀𝐸 + 𝑀𝑃) −

 𝛾𝑚 𝐶𝐷 − 𝑒𝐶𝐷  (2) 

 Standing dead coral provides a secondary substrate on which corals can settle and grow, 

and we represented this in our model as CP, or live coral that grows specifically on dead coral 

structure. Corals of this class arise only as a result of settlement (𝛾c) and subsequent growth 

(gc); lateral overgrowth by mature colonies does not tend to occur in structure-forming coral 

species, so we did not include this process in our model. We included a multiplier, s, for the 

rate of settlement of live coral onto dead coral relative to open substrate, where values less than 

one correspond to reduced settlement, and values greater than one correspond to increased 

settlement relative to that on open substrate. As a default, we set the settlement rate onto dead 

coral equal to that on open substrate (i.e., s = 1). Similar to live coral that grows on primary 

reef substrate, live coral that grows on dead coral can be lost via ambient mortality, at rate dc, 

as well as overgrowth by macroalgae, at rate gmc. This class of coral can also be lost via erosion, 

at rate e, to capture the transient nature of standing dead coral as a substrate. We thus describe 

the change in proportional cover of live coral growing on dead coral over time as: 

𝑑𝐶𝑃

𝑑𝑡
=  𝑔𝑐𝐶𝑃𝐶𝐷 +  𝑠𝛾𝑐 𝐶𝐷 − 𝑔𝑚𝑐 𝐶𝑃(𝑀𝐸 + 𝑀𝑃) − 𝑑𝑐𝐶𝑃 − 𝑒𝐶𝑃  (3) 

We tested the sensitivity of our model’s predictions to coral settlement on dead structure by 

varying the parameter s. 

Macroalgae growing within or beneath complex structures—such as the skeletons of 

dead corals—tend to have reduced rates of herbivory relative to more planar, exposed reef 

surfaces (Bennett et al. 2010). To capture this, we subjected the exposed and protected 

macroalgae classes to different levels of herbivory. Exposed macroalgae (ME) are removed at 

the ambient rate of herbivory, h. Protected macroalgae (MP), by contrast, experience reduced 
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herbivory pressure, h(1 – p), where p is a value between 0 and 1 that decreases the ambient 

level of herbivory by a designated amount (hereafter, referred to as algal protection). Both 

exposed and protected macroalgae can grow (at rate gm) and settle (at rate 𝛾m) into empty space 

(S), which increases exposed macroalgae (ME), and onto dead coral, which increases protected 

macroalgae (MP). Both classes of macroalgae can overgrow either class of live coral, but at a 

slower rate, gmc, resulting in a transition from live coral to protected macroalgae. Finally, both 

classes of macroalgae are lost via senescence (i.e., natural mortality) at a fixed rate, dm. The 

rates of change in proportional cover for these two classes of macroalgae are given by the 

equations:  

𝑑𝑀𝐸

𝑑𝑡
=  𝑔𝑚 𝑀𝐸𝑆 + 𝑔𝑚𝑀𝑃𝑆 + 𝛾𝑚 𝑆 − 𝑀𝐸(ℎ + 𝑑𝑚 ) (4)  

𝑑𝑀𝑃

𝑑𝑡
=  𝑔𝑚 𝑀𝑃𝐶𝐷 + 𝑔𝑚𝑀𝐸𝐶𝐷 + 𝑔𝑚𝑐 𝐶𝐿(𝑀𝐸 + 𝑀𝑃) + 𝑔𝑚𝑐𝐶𝑃(𝑀𝐸 + 𝑀𝑃) + 𝛾𝑚 𝐶𝐷 −

𝑀𝑃(ℎ(1 − 𝑝) + 𝑑𝑚 + 𝑒)    (5) 

Finally, because our state variables represent the fraction of space occupied by any given class, 

we note that the fraction of empty space can be described as: 

𝑆 = 1 −  𝐶𝐿 − 𝐶𝐷 − 𝐶𝑃 − 𝑀𝐸 − 𝑀𝑃  (6) 

 

Disturbance 

To model an acute disturbance, such as a storm event (structure-removing disturbance) or 

bleaching episode (structure-retaining disturbance), we used a kick-flow approach in which 

the ‘flow’ of the system described by equations (1) to (6) is paused, the system is 

instantaneously perturbed by a ‘kick’ (e.g., an acute mortality event), and then the simulation 

is resumed. During these perturbations, the fraction of reef occupied by each space holder is 

either reduced, increased, or unchanged to simulate pulse disturbance events of each type. 
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Specifically, structure-removing disturbances reduce all space holders to a designated 

percentage of their pre-disturbance levels (increasing empty space), where the percentage 

represents the intensity of the disturbance. Structure-retaining disturbances affect only the 

three coral classes (i.e., live coral on open substrate or on dead coral, and standing dead coral). 

In these instances, both classes of live coral are reduced by a fixed proportion (again, 

representative of disturbance intensity), and dead coral increases by the amount that live coral 

is reduced.  

 

Model parameterization and analysis 

We parameterized the model following ranges of parameters published by Fung et al. (2011) 

for reef systems not subjected to anthropogenic stressors (e.g., overfishing and sedimentation) 

and default values used by Briggs et al. (2018) (Table 1). We modified some of the parameters 

and added additional ones to account for the addition of the new state variable representing 

dead coral skeletons. In particular, we reduced the coral mortality rate (production of dead 

skeletons) and estimated a new parameter, the erosion rate of dead coral skeletons, as ten times 

greater than the mortality rate of live corals to ensure that the abundance of dead skeletons 

remained within a range typically observed in nature (see Appendix S1). Our estimated erosion 

rate of 1% per year falls within published estimates of bioerosion of calcium carbonate 

structures on reefs of 0 to 5% per year (Silbiger et al. 2014). Importantly, these published rates 

estimate annual volumetric loss, not two-dimensional surface loss, as modeled here. 

Nonetheless, a volumetric loss of this magnitude translates to a comparable loss of two-

dimensional area (see Appendix S1). Because this lower coral mortality rate resulted in a 
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reduced rate of production of empty space, we increased macroalgal growth and settlement 

rates to allow macroalgae to colonize this reduced open space efficiently.  

We first explored the sensitivity of equilibrium conditions to variation in key 

parameters without disturbance using bifurcation diagrams. For this analysis, we solved for the 

equilibria of our model equations numerically (using MATLAB version R2016a) and assessed 

the equilibrium cover of each class of space holder across selected ranges in key parameters. 

This analysis focused on how variation in algal protection from herbivory (p) affected 

equilibrium values of live coral and total macroalgae (ME + MP) cover. Independent 

simulations were run for values of algal protection ranging between 0 and 1 (i.e., from no 

protection to complete protection for MP). Further, we analyzed the model’s sensitivity to 

variation in algal protection for starting conditions that reflect either a coral-dominated or 

macroalgae-dominated equilibrium to test for bi-stability between these two ecosystem states 

(i.e., hysteresis). We then explored equilibrium conditions of coral cover as a response surface 

determined by the degree of algal protection, p, and the ambient level of herbivory, h. For this 

analysis, we constrained the maximum level of herbivory to 0.4 to represent a realistic range 

in this parameter (Mumby 2007). Lastly, we conducted a sensitivity analysis in similar fashion 

to explore equilibrium conditions of coral and macroalgae cover as a function of the erosion 

rate of dead coral (e) and coral mortality rate (dc) (see Appendix S1).  

Over the range in algal protection that produced alternative stable states, we used 

numerical simulations (in R version 4.0.0) to explore how the model responded to structure-

removing and structure-retaining disturbances of various intensities (fractional mortality of the 

affected space holders). Beginning with a coral-dominated state, we simulated the fraction of 

space occupied through time by each space holder following single disturbances that ranged in 
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intensity from no mortality to complete mortality of the affected space holders (i.e., 0 to 1). 

We evaluated the equilibrium cover of each class of space holder via simulation by determining 

proportional cover after disturbance once the rates of change all reached zero. We then 

designated the state of the system as either a coral or macroalgae equilibrium based on which 

organisms were the predominant space holders (a low equilibrium cover of coral always 

corresponded with a high equilibrium cover of macroalgae). We identified the intensity of each 

disturbance type that was required to trigger a shift from a coral to macroalgal state for each 

value of algal protection. This analysis was repeated for an ecosystem state that initially was 

dominated by macroalgae such that the initial cover of each space holder reflected that of a 

macroalgae equilibrium. Finally, we quantified the time taken to reach equilibrium for each 

combination of algal protection and disturbance intensity. All analyses and figures were 

produced using R (version 4.0.0; R Core Team, 2020), RStudio (version 1.2.5042; RStudio 

Team, 2020), the fields package (Nychka et al. 2021), colors from Manu: NZ Bird Colour 

Palettes (Thomson 2022), and MATLAB (version R2016a). All model code is permanently 

archived on Zenodo (Kopecky 2023): https://doi.org/10.5281/zenodo.7556007. 

 

RESULTS  

Algal protection creates alternative stable states 

As is common among models of benthic cover on coral reefs (Mumby 2006; Fung et al. 2011; 

Sandin & McNamara 2012; Muthukrishnan et al. 2016; Briggs et al. 2018; McManus et al. 

2019), our model predicted the existence of alternative stable states dominated by either coral 

or macroalgae (Fig. 3). The magnitude of hysteresis between these states depended both on the 

amount of herbivory and the strength of algal protection (Fig. 3c). A sensitivity analysis of 

https://doi.org/10.5281/zenodo.7556007
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equilibrium coral cover as a function of the erosion rate of dead coral (e) and coral mortality 

rate (dc) revealed that bi-stability between the coral and macroalgae states exists when erosion 

occurs relatively slowly (i.e., the material legacy is more persistent), but only the coral state 

exists at higher rates of erosion when the material legacy becomes more ephemeral. 

Additionally, this analysis also showed that higher erosion rates allow the system to tolerate 

higher rates of coral mortality without transitioning to dominance by macroalgae (Appendix 

S1). 

 

Structure-retaining disturbances promote and maintain shifts from coral to macroalgal states 

Overall, structure-retaining disturbances were more likely to drive transitions to and maintain 

the macroalgae-dominated state (Fig. 4 & 5). For example, coral-dominated systems that were 

perturbed by a structure-removing disturbance with an intensity of 0.6 (i.e., all space holders 

instantaneously reduced by 60%) rapidly regained pre-disturbance levels of live coral and 

macroalgae cover (Fig. 4a & c). By contrast, a structure-retaining disturbance of the same 

intensity (i.e., where 60% of space occupied by live coral on open substrate and on dead coral 

was converted to standing dead coral) triggered persistent shifts to the macroalgal state (Fig. 

4b & d). In this case, live coral cover continued to drop after the disturbance and eventually 

stabilized far below its pre-disturbance equilibrium cover. Both exposed and protected 

macroalgae sharply increased after the disturbance and achieved an equilibrium cover 

substantially higher than their pre-disturbance levels, surpassing coral as the dominant space 

holders on the reef (Fig. 4b & d). When varying the rate of live coral settlement onto dead 

coral, we found that this outcome held when settlement onto dead coral was less than or equal 

to the rate of settlement on open substrate (i.e., when s ≤ 1)(Fig. 4a-d). However, when 
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settlement on dead coral was doubled relative to open substrate, the system was able to recover 

from structure-retaining disturbance at this intensity, though at a slower rate than when 

structure was removed (Fig. 4e & f). 

Across the range of algal protection that created bi-stability, the thresholds for state 

shifts from coral- to macroalgae-dominated reefs were lower for structure-retaining 

disturbances relative to structure-removing disturbances. When the initial state was dominated 

by coral, the system returned to coral dominance following nearly all intensities of a structure-

removing disturbance. However, when algal protection was sufficiently high, large structure-

removing disturbances tipped the reef into macroalgal dominance (Fig. 5a). By contrast, much 

lower intensities of structure-retaining disturbance were needed to tip the system from coral- 

to macroalgal-dominance, and the intensity required to do so was inversely related to the 

strength of algal protection offered by the dead skeletons (black line, Figure 5b). When the 

system was instead initially dominated by macroalgae (Fig. 5, bottom row), only high intensity 

structure-removing disturbances at low levels of algal protection resulted in shifts to coral 

dominance (Fig. 5c). The tipping point in disturbance intensity required to do so increased with 

increasing algal protection (Fig. 5c, black line). Importantly, the macroalgal state was 

maintained following all intensities of structure-retaining disturbance and at all values of algal 

protection, revealing that shifts from the macroalgal to the coral state were not possible with 

disturbances that leave dead structure in place across this range of algal protection (Fig. 5d). 

 

Equilibration times varied with disturbance intensity and level of algal protection 

Generally, rapid returns to a coral equilibrium occurred following most intensities of 

disturbance and at most values of algal protection. However, some slower return times resulted 
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from disturbances near the threshold value of disturbance intensity and at higher values of algal 

protection (Fig. 5a & 5b). In these situations, macroalgae temporarily achieved a higher cover 

post-disturbance and thus delayed slightly the return to a coral equilibrium. By contrast, 

systems that shifted to the macroalgal state had longer equilibration times overall, the longest 

of which followed the most intense disturbances (Fig. 5b). This reflects the time taken for 

macroalgae to take up the newly available substrate (i.e., dead skeletons). When shifts from 

macroalgae to coral took place, equilibration times were also generally longer for systems near 

the tipping point of disturbance intensity (Fig. 5c). When the system returned to macroalgal 

dominance after disturbance, the time to reach equilibrium was generally longer following 

higher intensity disturbances of both types (Fig. 5d). 

 

DISCUSSION 

Material legacies shape the resilience landscape 

Globally, ecosystems are increasingly crossing tipping points, in many cases to degraded states 

that offer diminished ecosystem services (Scheffer et al. 2001; Millennium Ecosystem 

Assessment Program 2005; Fagre et al. 2009). Knowledge of the factors that either enhance 

resilience and foster recoveries or reduce resilience and promote shifts to alternative states is 

central to our ability to understand resilience now and forecast trajectories of community re-

assembly as disturbance regimes change in the future. Here, we showed that disturbances that 

leave dead skeletons (material legacies) can erode coral resilience, either prolonging the return 

to a coral dominated state or causing a regime shift from a coral to a macroalgae community. 

Our findings suggest that better integration of material legacies into studies of resilience may 
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offer key insight into when and where ecosystems that are dominated by structure-forming 

organisms will cross tipping points.  

 Disturbance-driven shifts between alternative ecosystem states (i.e., those that occur 

without changes to underlying drivers) have traditionally been thought to depend on whether 

the intensity of a disturbance is sufficient to push the system across the unstable equilibrium 

value of a state variable (Beisner et al. 2003; Scheffer & Carpenter 2003; Suding & Hobbs 

2009; Fabina et al. 2015). Our findings add nuance to this, showing that even at the same 

intensity, different disturbance types can lead to divergent outcomes (i.e., recovery versus 

regime shift) if there is differential production of a material legacy that modifies a stabilizing 

feedback. Our model exhibited high resilience to structure-removing disturbances, showing 

very low hysteresis (Fig. 1, blue lines). Non-linear systems with little (or no) hysteresis tend 

to be resilient to disturbance, and abrupt shifts between ecological states occur only if the 

threshold value of a system driver is crossed (Beisner et al. 2003; Suding & Hobbs 2009). By 

contrast, our model suggests that coral-dominated reefs were resilient only to low intensities 

of structure-retaining disturbance, while moderate to intense disturbances caused shifts from 

coral to macroalgae because of the great increase in the amount of algal protection afforded by 

the dead skeletons. When bi-stability exists across a wide range of the driver in this fashion 

(Fig. 1, red lines), an abrupt shift in ecosystem state is possible with a disturbance that displaces 

the system across a tipping point without any change to the underlying driver (e.g., herbivore 

biomass). Consistent with the dynamics we hypothesized in Figure 1, our results suggest that 

material legacies hold the capacity to shape the landscape of resilience in which a system 

operates by determining the magnitude of hysteresis between a system variable and its driver. 



 

 
17 

The importance of material legacies in preventing or driving regime shifts is likely to 

depend on the type of stabilizing feedback that promotes recovery in a given system. For our 

coral reef example, the material legacy (dead coral skeletons) acts to weaken a stabilizing 

feedback (the rate of herbivory), but the possibility also exists that a material legacy could 

instead strengthen a stabilizing feedback. For example, oyster reefs provide a soft sediment 

analog to coral reefs, as oysters are structure-forming organisms that are periodically killed by 

disturbances that either remove shell structures (e.g., dredging) or leave shell structures intact 

(e.g., hypoxic events). Disturbances that leave shells intact may in fact promote recoveries on 

oyster reefs, as oyster shells provide substrate for larvae to settle on and reduce impacts from 

seafloor sediments that can smother young oysters (Lenihan & Peterson 1998). This contrasts 

with coral reefs where coral larvae that recruit to dead skeletons may be doomed to early death 

by erosion of their dead host structure (Swanson 2016). In our model, high recruitment of coral 

onto dead structure could prevent tipping into the macroalgal state by pre-empting algal 

settlement (Fig. 4f). However, it is important to note that, in our model, this high recruitment 

does not come at a cost to coral settlement in empty space: in other words, dead coral does not 

act as an “ecological trap” for larvae (Battin 2004). If a settlement tradeoff did exist, dead coral 

could act as a “sink” for larval propagules and erode coral persistence (see Kopecky et al. 

2021). In forests, the removal of tree roots during disturbance can increase the erosion of 

topsoil and destabilize the forested ecosystem state. If tree roots are instead retained through a 

disturbance, topsoil persists afterward and can increase colonization success of new trees 

(Flores et al. 2020). However, there is evidence that standing or fallen dead trees can potentially 

decrease resilience by negatively affecting the establishment of new individuals (Swanson et 

al. 2011; Johnstone et al. 2016). These examples illustrate the importance of considering 
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context dependency in assessing how a material legacy may affect the stabilizing and 

destabilizing feedbacks that govern alternative states of an ecosystem. 

 

The dead coral skeleton legacy decreases recovery potential on coral reefs 

Building on previous models of alternative stable states in coral reefs (e.g., Mumby 2006; 

Briggs et al. 2018), we explored the effects of disturbances that either remove or leave in place 

dead coral skeletons on resilience by incorporating three novel components: 1) the occupation 

of space by dead coral skeletons (i.e., a material legacy); 2) the (transient) substrate these dead 

structures provide for corals and macroalgae; and 3) the protection from herbivores that these 

dead coral structures provide for macroalgae. The dead skeleton legacy produced by structure-

retaining disturbance effectively reduced the strength of herbivory and produced a relatively 

high degree of hysteresis in our coral-macroalgae system, compared to a relatively low degree 

of hysteresis when this legacy was removed by disturbance. The retention of this structure 

created a higher incidence of coral-macroalgae shifts (lower chance of recovery) when the dead 

skeleton legacy was in place to inhibit herbivory. These results indicate that coral-dominated 

reefs are likely to be more resilient to disturbances that remove dead skeletons (e.g., storm-

generated waves), while disturbances that leave dead skeletons intact (e.g., predator outbreaks 

or bleaching) greatly lower the threshold of disturbance intensity required to trigger a regime 

shift to macroalgae dominance. We note that our model does not account for dynamical 

responses by herbivores that could result from changes in the amount of complex reef structure 

that provides habitat. Indeed, the degree of habitat complexity has been found to positively 

affect abundances of reef fishes, including herbivores (Holbrook et al. 2003; Blackwood et al. 

2011; Bozec et al. 2013); however, increases in herbivore abundance associated with higher 
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habitat complexity may not directly translate to increased rates of herbivory if the habitat 

provides a high degree of protection for macroalgae. Nevertheless, future investigations into 

the role of the dead coral skeleton legacy on coral-algae dynamics could consider dynamical 

responses by herbivores to the removal or retention of dead coral skeletons with varying 

degrees of algal protection. 

Our results suggest that the degree of hysteresis in the relationship between coral cover 

(the state variable) and herbivory (a system driver) depended on the type of disturbance that 

occurred. More specifically, the amount of macroalgal refugia generated during a disturbance 

event (via coral skeletons that are left on the reef) determined the degree of bi-stability between 

coral-dominated and macroalgae-dominated reef states. In turn, the amount of spatial refugia 

generated depends on the intensity of the disturbance, while the strength of protection offered 

by the skeletons likely depends on morphological traits of the affected coral species, such as 

the 3-dimensional structural characteristics of the coral skeleton. The genera of coral that are 

most sensitive to bleaching mortality from marine heatwaves tend to be those with higher 

structural complexity (e.g., branching, corymbose, and tabular colony morphologies). These 

growth forms are also preferred by Crown-of-Thorns Seastars (Acanthaster planci)(COTS), a 

coral predator that similarly leaves behind intact coral skeletons by removing coral tissue. 

Populations of this predator can exhibit ‘boom-and-bust’ outbreaks that periodically cause 

widespread mortality of coral tissue over landscape scales (Pratchett et al. 2013; 2017).  

The findings described above are likely most representative of reefs dominated by 

complex, branching coral morphologies. Reefs dominated by massive or mounding coral 

morphologies have skeletons which may not provide as much protection for algae. Massive 

and mounding corals tend to be less susceptible to disturbance in general (Zawada et al. 2019), 
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and therefore were not the main focus of our model. Nonetheless, these reef types were 

captured in our sensitivity analysis of algal protection, p, when p was set to extremely low 

levels (Figure 3c). Further, we parameterized our model to the level of dead coral cover 

observed in natural systems (i.e., < 10% for a coral-dominated reef state). Although our 

estimated rate falls within observed bioerosion rates (Silbiger et al. 2014), erosion of dead coral 

likely varies widely with flow rates, wave exposure, coral skeleton morphology/structural 

composition, and the presence of bio-eroding organisms. Indeed, when erosive forces such as 

storms act to rapidly remove coral skeletons, reef recovery to coral-dominated states can be 

rapid (Holbrook et al. 2018). Additionally, we found that the rate at which coral skeletons are 

produced via mortality can be counteracted by the rate at which these skeletons are removed 

via erosion (i.e., higher erosion allows for higher coral mortality without a transition to 

macroalgal dominance; Appendix S1). This underscores the importance of considering how 

multiple processes could interact to modify the strength of the material legacy effect, and 

thereby, equilibrium conditions.  

Theoretical and empirical work support the notion that the skeletons of dead branching 

corals could facilitate the proliferation of macroalgae. Many primary producers (both terrestrial 

and marine) show stage-dependent vulnerability to herbivory, where early life-stages are 

palatable to herbivores but become physically and/or chemically defended as they mature or 

increase in size (Cronin & Hay 1996; Barton & Koricheva 2010; Davis 2018). On coral reefs, 

this well-known life history trait of macroalgae has been posited as a mechanism that 

contributes to shifts from coral to macroalgal states (e.g., Davis 2018). Theory shows not only 

that stage-dependent vulnerability in macroalgae can produce alternative stable states between 

coral and macroalgae, but also that the rate of maturation from the vulnerable to invulnerable 
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stage influences the magnitude of hysteresis between herbivory and coral cover (Briggs et al. 

2018). Further, empirical studies have revealed that vulnerable (juvenile) macroalgae escape 

herbivory by receiving associational refuge from unpalatable adults (Davis 2018) or reef 

structures that hinder herbivore access (Puk et al. 2020), both of which can lead to multi-

generational persistence of stands of macroalgae (Schmitt et al. 2019, 2022). Thus, dead coral 

skeletons could provide a key spatial refuge for vulnerable life history stages of macroalgae 

and could be a critical element contributing to transitions to macroalgae-dominated reef states. 

This is highly problematic for conservation and restoration because reversing shifts when 

hysteresis exists requires either a large relaxation of the underlying driver, or a subsequent 

large disturbance to reset the system (Beisner et al. 2003). Further, structure-retaining 

disturbances—particularly coral bleaching events—are increasing in prevalence and severity 

due to elevated sea temperatures associated with global climate change (Uthicke et al. 2015; 

Pratchett et al. 2017; Hughes et al. 2018; Hughes et al. 2019; Lough et al. 2018; Donovan et 

al. 2021). This changing disturbance regime may lead to more reefs becoming trapped in the 

macroalgae state (Fabina et al. 2015), which has potentially far-reaching consequences for 

human populations who rely directly on coral reefs for a wide array of ecosystem services.   
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FIGURES 

 

Figure 1. (Left) A hypothetical response surface showing how the equilibrium abundance of 
coral might vary as a function of herbivory and the amount of physical refugia in the 

environment that facilitate the proliferation of macroalgae; for heuristic purposes, we assume 
the response surface for macroalgae is the inverse of that shown for coral. The material legacies 
of structure-retaining disturbances (dead coral skeletons) provide vulnerable stages of 

macroalgae with refuge space from herbivores, potentially moving the system into a region of 
state space where hysteresis exists in the relationship with herbivory (blue dashed arrows). 

Such hysteresis promotes bi-stability of coral and macroalgae for some range of herbivory. 
(Top right) In regions of state space without hysteresis, coral would return to its pre-
disturbance state (upward dotted black arrow) after a high intensity disturbance (downward 

solid black arrow). (Bottom right) By contrast, for regions of state space with hysteresis, the 
same intensity of disturbance could flip the system to a macroalgae stable state without any 

change in herbivory. 
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Figure 2. (a) Graphical depiction of interactions among state variables via model parameters 
(shown in parentheses). Arrows indicate the transfer of spatial occupation from one state 
variable to another by the associated process (e.g., dead coral transitions to open space via 

erosion). (b) Photograph of a coral reef following a structure-removing disturbance event 
(cyclone) that created bare, unoccupied reef space (photo credit: Russ Schmitt). (c) Photograph 

of a coral reef following a structure-retaining disturbance event (coral bleaching) that left in 
place dead coral skeletons (a material legacy) that are being overgrown by macroalgae (photo 
credit: Kai Kopecky).   
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Figure 3.  (a & b) Bifurcation diagrams showing (a) equilibrium cover of total live coral (CL 
+ CP) and (b) total macroalgae (ME + MP) as a function of algal protection from herbivory. 

Solid lines indicate stable equilibria (i.e., values of the state variable to which the system will 
return after perturbations in either direction), and dotted lines indicate unstable equilibria (i.e., 
values of the state variable from which the system will diverge if perturbed). Equilibria were 

determined via numerical solving of our model equations. Shaded portions of each plot 
illustrate the regions of bi-stability (the range of algal protection over which coral and 

macroalgae are alternative stable states). (c) Response surface displaying the resultant 
equilibrium cover of coral at varying values of both algal protection, p, and herbivores, h. Blue 
shading represents high-coral equilibria, and yellow represents low-coral equilibria. The black 

line indicates equilibrium coral cover at the default value of herbivores but across the range of 
algal protection.  
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Figure 4. Time series of an initially coral-dominated community subjected to either a moderate 
structure-removing disturbance (a, c, e) or a moderate structure-retaining disturbance (b, d, f). 
Results are shown for settlement rates onto dead coral that were either to 0, 1, or 2 times the 

rate of settlement on open substrate (i.e., s = 0, 1, or 2; asterisk indicates default value). Blue 
lines (Total Live Coral) show combined proportional cover of live coral that grows on open 

substrate and dead coral (CL + CP), while brown lines (Total Macroalgae) show combined 
proportional cover of macroalgae that grow on open substrate and dead coral (ME + MP). In 
both cases, the model system was subjected to a 60% intensity disturbance (indicated by dashed 

vertical black lines), where 60% of all space holders were removed in (a, c, & e), and 60% of 
each class of live coral cover was converted to dead coral in (b, d, & f) at the time of 

disturbance. 
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Figure 5. Equilibrium community states following structure-removing (a) and (c) and 
structure-retaining (b) and (d) disturbances plotted across a range of algal protection and 

disturbance intensity. Model outputs for initial conditions that reflect a coral-dominated state 
are shown in (a) and (b), while (c) and (d) show outputs for an initially macroalgae-dominated 
state. Blue shading depicts a coral equilibrium after disturbance and brown depicts a 

macroalgae equilibrium. Black lines indicate the level of disturbance required to trigger a state 
shift at the respective level of algal protection (the tipping point). The saturation of each color 

represents the time taken for the system to reach equilibrium at a given value of algal protection 
and disturbance intensity. The range of macroalgal protection from herbivory shown is the 
region of bi-stability (the range in values over which alternative stable states exist, indicated 

by the shaded regions in Figure 3). Output is shown for all intensities of disturbance (i.e., from 
no disturbance to complete mortality).  
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Tables 
 
Table 1. Variable and parameter symbols, descriptions, and default values. Units for all 
parameters are change in proportional cover per year. Values in parentheses indicate the 

ranges used for sensitivity analyses. 

 

  

Symbol Description 
Default value 

(range)  

Variable   

CL Live coral on open substrate  

CD Dead coral  

CP Live coral on dead coral  

ME Exposed macroalgae  

MP Protected macroalgae  

S Empty space; colonizable by coral or macroalgae  

Parameter   

gc Growth rate of coral 0.1 y-1 

gm Growth rate of macroalgae 0.6  y-1 

gmc Overgrowth rate of macroalgae onto live coral 0.06  y-1 

dc Death rate of coral 0.001  y-1 

dm Senescence rate of macroalgae 0.05  y-1 

e Erosion rate of dead coral 0.01 y-1 

 𝛾𝑐 Open settlement rate of coral 0.001  y-1 

s Multiplier for rate of coral settlement onto dead coral 1 (0 – 2) 

 𝛾𝑚 Open settlement rate of macroalgae 0.001  y-1 

h Ambient herbivory rate 0.3 (0 – 0.4) y-1 

p 
Algal protection; degree to which ambient herbivory 

is reduced for protected macroalgae  
0.5 (0 – 1) 
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SUPPLEMENTARY MATERIALS: Appendix S1 

Field observations to corroborate model predictions and parameter values  

Here, we show a time series of coral and macroalgae cover (Fig. S1) from the Moorea Coral 

Reef Long Term Ecological Research site (http://mcr.lternet.edu/) for the fore reef on the 

northern shore of Moorea that shows divergent recovery patterns following a cyclone (in 

2010), and more recently, a mass coral bleaching event (in 2019). Following the cyclone, we 

observed a marked recovery of coral in which pre-disturbance coral cover was regained 5 

years after the disturbance, then far exceeded pre-disturbance levels in the following years 

before the bleaching event. A similar trajectory is shown by our theoretical time series plot 

for a reef subjected to a severe structure-removing disturbance (Fig. 4a). By contrast, 

following the recent bleaching event, coral cover has continued to decline and macroalgae 

have shown a marked increase, primarily growing within dead coral structures. These 

patterns are consistent with our model’s predictions for a reef subjected to a severe structure-

retaining disturbance event (Fig. 4b).  

Because previous models did not explicitly simulate cover of dead coral or integrate it 

as a separate substrate, we felt that the coral mortality rates used in these models were not 

appropriate for our model. We instead adjusted our rate for coral mortality to create a 

realistic amount of dead coral in our system (<10%), that is, the amount that would be 

present at ‘equilibrium’ or pre-disturbance. This value of dead coral cover is corroborated by 

field data from the Moorea Coral Reef Long Term Ecological Research project, which show 

the areal coverage of dead coral during four different years in the time series. In 2006 (the 

only year in the 4-year dataset before the outbreak of the Crown-of-Thorns Seastar), the 

island-wide mean percent cover of dead coral (i.e., across all 6 fore reef sites) was 7.1 ± 3.1% 

http://mcr.lternet.edu/
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(mean ± SD; Table S1; Adam et al. 2012). With the default value we chose for coral 

mortality, the percent cover of dead coral at equilibrium (in the coral-dominated state) in our 

model system is 7.6%, and thus closely aligns with these field observations. 

 

Translating volumetric loss to areal loss for carbonate structures 

Our estimated erosion rate of 1% per year falls within published estimates of bioerosion of 

calcium carbonate structures on reefs of 0 to 5% per year (Silbiger et al. 2014); however, 

these published rates estimate annual volumetric loss, not two-dimensional surface loss, as 

modeled here. We made a simple calculation (see 1-5 below) to compare how the reduction 

in volume of a hemisphere (a commonly used shape to estimate the volume of a coral colony; 

e.g., see Konh and Parry 2019, Shlesinger and van Woesik 2021) relates to a reduction in the 

area of a circle - the two-dimensional footprint of a hemisphere - using the change in radii 

from the hemisphere. We found that a 0-5% reduction in hemispheric volume translates 

roughly to a 0-3.3% reduction in the area of a circle with the same changes in radii:  

 

1) Volume of a hemisphere: 100𝑐𝑚3 =  
2𝜋 𝑟3

3
, radius = 3.63𝑐𝑚 

 

2) Initial, circular footprint of 100𝑐𝑚3  hemisphere: 𝜋(3.63𝑐𝑚)2 = 41.40𝑐𝑚2 

 

3) Volume of hemisphere, reduced by 5%: 95𝑐𝑚3 =  
2𝜋 𝑟3

3
, radius = 3.57𝑐𝑚 

 

4) Circular footprint of reduced, 95𝑐𝑚3  hemisphere: 𝜋(3.57𝑐𝑚)2 = 40.04𝑐𝑚2  

 

5) % reduction of circular footprint:  
𝐹𝑖𝑛𝑎𝑙   − 𝑖𝑛𝑖𝑡𝑖𝑎𝑙  𝑎𝑟𝑒𝑎

𝑖𝑛𝑖𝑡𝑖𝑎𝑙  𝑎𝑟𝑒𝑎
=

40.04𝑐𝑚2 − 41 .40𝑐𝑚2

41.40𝑐𝑚2 =

 −0.033, 
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−0.033 ∗ 100 = 3.3% 

 

Thus, our estimate of a 1% annual loss in two-dimensional area of dead coral skeletons via 

erosion fits within the range of 0-5% found by Silbiger et al. (2014) for volumetric losses of 

carbonate structures. 

 

Sensitivity analyses of other parameters – erosion rate and coral mortality 

To understand how the erosion rate of dead corals interacts with the mortality rate of live 

corals to affect equilibrium conditions, we created response surfaces (Fig. S2) to explore the 

sensitivity of equilibrium coral and macroalgae cover to variation in the erosion rate of dead 

coral (e) and coral mortality rate (dc). For coral mortality, we explored a range from 0 to 

0.02, the lowest value that has been used in previous models. Not unexpectedly, higher 

erosion rates allow the system to tolerate higher rates of coral mortality. Generally, high 

erosion rates tend to produce coral-dominated reefs. This is because only dead coral 

skeletons (populated by macroalgae or not) erode, and when they erode quickly enough, the 

effect of this material legacy (i.e., protecting macroalgae from herbivory) is not sufficiently 

strong to facilitate the proliferation of macroalgae. Specifically, higher rates of erosion 

reduce the abundance of protected macroalgae, thereby reducing the overgrowth of live coral 

by that macroalgae. Importantly, this response surface shows that our model still exhibits bi-

stability between coral and algae at a coral mortality rate > 10x our default rate (~0.015), or 

within an order of magnitude of the lowest rate used in previous models. 
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SUPPLEMENTAL FIGURES AND TABLES 

 

Figure S1. Time series of live coral cover (blue dots) and macroalgae cover (brown dots) 
following different disturbance types on the north shore fore reef of Moorea, French Polynesia. 

An outbreak of predatory Crown-of-Thorns Seastars occurred from 2007-2009, followed by a 
powerful cyclone that removed nearly all live and dead coral structure at these sites in 2010. 
In 2019, a marine heat wave triggered a coral bleaching event that resulted in significant coral 

mortality, leaving the dead skeletons intact. 
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Figure S2. Response surface displaying the resultant equilibrium cover of a) live coral and b) 
macroalgae and at varying values of both the erosion rate of dead corals, e, and coral mortality, 

dC. Blue shading represents high-coral, low-macroalgae equilibria, and yellow represents low-
coral high, macroalgae equilibria.  
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Table S1. Mean cover (and standard deviation) of dead coral at 6 long term monitoring sites for the year 2006 

(the only year with data on dead coral cover prior to the outbreak of predatory seastars and subsequent coral 

mortality). 
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Chapter II. Changing disturbance regimes, material legacies, and 
stabilizing feedbacks: dead coral skeletons impair key recovery processes 

following coral bleaching 

 

ABSTRACT 

As patterns of disturbance become progressively modified by climate change, ecosystem 

dynamics are increasingly influenced by novel legacies left by emerging disturbance regimes. 

Ecosystem responses to disturbance depend on the nature of the perturbation and the ecological 

legacies left behind, making it critical to understand how climate-driven changes in disturbance 

regimes modify resilience properties of ecosystems. For coral reefs, the recent increase in 

marine heat waves that bleach and kill corals but leave their skeletons intact now co-occur with 

the historic agent of disturbance, powerful storms that kill coral and remove their skeletons. 

Here, we explored how the material legacy of dead coral skeletons modifies two key ecological 

processes that underpin coral reef resilience: the ability of herbivores to control macroalgae 

(spatial competitors of corals), and the replenishment of new coral colonies. Our findings 

revealed that the presence of structurally complex dead skeletons reduced herbivory on less 

preferred (unpalatable) macroalgal taxa by > 40%, but only by 10% on more preferred algae, 

allowing unpalatable macroalgae to reach ~ 45% cover in 2 years, whereas herbivores were 

able to prevent macroalgae from becoming established on adjacent reefs that lacked skeletons. 

Manipulation of unpalatable macroalgae cover revealed that the cover reached after one year 

(~ 21%) reduced recruitment of corals by 50%. The effect of skeletons on juvenile coral growth 

after settlement was contingent on the timing of settlement relative to the disturbance. If corals 

settled directly after bleaching (before macroalgae colonized), dead skeletons enhanced colony 

growth by 34%, but this benefit was lost if corals colonized dead skeletons a year after the 

disturbance once macroalgae had proliferated. These findings underscore how a material 
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legacy from a changing disturbance regime can alter ecosystem resilience properties by 

disrupting key trophic and competitive interactions that shape post-disturbance community 

dynamics. 

 

INTRODUCTION 

Global climate change is modifying the disturbance regimes ecosystems have historically 

experienced. Heightened global temperatures have brought new and more extreme forms of 

disturbance to the forefront, such as unprecedented droughts in terrestrial ecosystems (Dai 

2013) and increasingly frequent and intense thermal stress events (marine heat waves) in 

marine systems (Hughes et al. 2018, Oliver et al. 2018). In turn, these are creating novel 

environmental settings in which ecosystem recovery trajectories take place (Ingeman et al. 

2019). Both ecological theory and empirical evidence indicate that, following disturbance, 

community recovery is facilitated by stabilizing feedbacks from suites of ecological processes 

that act to maintain an ecosystem within a given state or on a given trajectory (Suding et al. 

2004, Suding and Hobbs 2009, Nyström et al. 2012, Schmitt et al. 2019). However, the 

emergence of new disturbance regimes and the novel environmental and physical legacies they 

leave behind may disrupt or break these feedbacks, potentially setting in place alternative 

feedbacks that could erode ecosystem resilience (Kopecky et al. 2023a). 

Ecological memory refers to the capacity of past events to influence current and future 

trajectories in ecosystems (Johnstone et al. 2016, Hughes et al. 2019, Walker et al. 2024). 

Material legacies, or biological materials that persist in an environment after disturbance, are 

a type of ecological memory that can shape post-disturbance trajectories and other resilience 

properties (Franklin et al. 2000, Johnstone et al. 2016, Hughes et al. 2019, Kopecky et al. 
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2023a, Saldaña et al. 2023). Material legacies from foundation organisms (i.e., habitat-

providing species that dominate in abundance or biomass; Ellison 2019) in particular can have 

profound effects on important ecosystem functions and processes (Saldaña et al. 2023). For 

example, the leftover shells of dead bivalves can provide substrate for recruitment of new 

bivalves (Lenihan and Peterson 1998), while fallen tree trunks can hamper the establishment 

of new saplings (Swanson et al. 2011). What is less clear, however, is the degree to which 

material legacies of dead foundation organisms influence trophic and competitive interactions 

surrounding living foundation organisms, especially when those biotic interactions constitute 

the stabilizing feedbacks that promote the recovery of an ecosystem from a disturbance. In 

coral reefs, for example, top-down control of macroalgae that are superior spatial competitors 

of coral underpins resilience of the coral state (Holbrook et al. 2016, Adam et al. 2022) and the 

consumer-resource and competitive interactions involved could operate quite differently 

depending on whether material legacies are left in the reef environment following a 

disturbance. Specifically, these trophic interactions could potentially be disrupted by 

disturbances such as marine heat waves that kill coral colonies but leave the material legacy of 

intact coral skeletons (Kopecky et al. 2023b). As such, coral reefs provide an opportunity to 

explore how changing disturbance regimes might increase the role of material legacies and 

thereby modify stabilizing feedbacks that affect coral resilience (Cheal et al. 2017, Vercelloni 

et al. 2020, Cheung et al. 2021).  

Historically, coral reefs primarily have been disturbed by wave-scouring from powerful 

cyclonic storms – hydrodynamic events that dislodge reef-building corals and pulverize their 

skeletons into rubble – that leave behind a landscape with relatively low structural complexity 

(Gardner et al. 2005). More recently, marine heat waves that cause coral tissues to bleach and 
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die have increased in frequency and intensity to become major agents of mass mortality for 

reef-forming corals (Hughes et al. 2017, Pratchett et al. 2017, Lough et al. 2018, Vercelloni et 

al. 2019). On some tropical reefs, periodic boom-and-bust outbreaks of coral predators (e.g., 

Crown-of-Thorns Seastars, COTS) also can act as pulse disturbances that kill coral over 

landscape scales (Vercelloni et al. 2017). Importantly, heat waves and predator outbreaks kill 

corals in place and leave their structurally complex calcium carbonate skeletons intact, thus 

creating a fundamentally different reef landscape compared to that left by a powerful storm 

disturbance. Recent theory and empirical work suggest that the material legacy of a structurally 

complex landscape of intact dead skeletons is likely to alter key ecological processes that 

influence the community trajectory and functioning of the reef, and possibly the rate and extent 

of coral recovery (Adam et al. 2011, Kopecky et al. 2023a). 

Recovery of corals following a major disturbance event is influenced by two major 

ecological processes: herbivory that prevents the establishment of macroalgae, and the 

recruitment of new coral colonies to the reef (Connell et al. 1997, Hughes et al. 2007, Ledlie 

et al. 2007, Adam et al. 2011, 2015, Hoey et al. 2011, Holbrook et al. 2016, 2018, Nash et al. 

2016, Schmitt et al. 2022). Typically, herbivorous fishes and/or sea urchins prevent the 

establishment of macroalgae, a spatial competitor of coral, and maintain reef surfaces in a 

grazed condition suitable for coral settlement (Carpenter and Edmunds 2006, Hoey et al. 2007, 

Adam et al. 2015, Holbrook et al. 2016). Then, coral larvae settle on these grazed reef surfaces, 

grow, and ultimately replenish depleted coral populations (Connell et al. 1997, Holbrook et al. 

2018). Previous studies have shown that heterogeneity of the reef substrate (e.g., cracks and 

crevices) and emergent, structurally complex features (e.g., coral colonies, manmade 

structures) can favor recruitment of coral colonists by providing shelter from predators 
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(Vermeij 2005, Bennett et al. 2010, Kopecky et al. 2021, Rivas et al. 2021). Similarly, these 

features can also protect macroalgae from herbivores (Puk et al. 2020), and therefore a tradeoff 

may exist where, after a disturbance, complex reef features either promote a return to the coral 

state or preclude coral recovery by fostering a benthic community dominated by macroalgae. 

The dead skeletons of branching corals likely play a similar – and possibly stronger – role as a 

physical refuge for young, highly vulnerable life stages of both coral and macroalgae that 

affords protection from consumers, but the strength and consequences of such a sheltering 

effect have not yet been adequately explored. As a result, the circumstances under which dead 

coral skeletons differentially modify key trophic (herbivory, corallivory) and competitive 

(coral-algae competition) interactions to promote alternative post-disturbance trajectories are 

not well resolved.  

Here, we explored the extent, mechanisms, and contexts under which the post-

disturbance material legacy of dead coral skeletons alters key ecological processes (herbivory, 

recruitment) and thereby disrupts the stabilizing feedbacks vital for recovery of coral following 

a mass coral mortality event. Using field experiments, we sought to answer a set of questions 

related to how dead skeletons may alter resilience of the coral state. First, we quantified how 

dead coral skeletons affected the removal rate of macroalgae by herbivores, including whether 

the level of protection afforded by skeletons varied among species of macroalgae based on 

their palatability / preference. Second, we assessed the capacity for dead coral skeletons to 

facilitate the development of macroalgal communities, and in turn, impact the initial input of 

coral colonists and their subsequent growth and survivorship. Further, we explored whether 

the timing of a coral recruitment pulse after a disturbance event influenced the effect of dead 

skeletons on the performance of young coral. Mechanistic knowledge of when and how dead 



 

 
46 

coral skeletons alter key ecological processes will strengthen our understanding of how 

changing global conditions are likely to alter coral reef resilience to disturbances in the future, 

as well as provide useful insight for developing more effective management strategies. 

 

METHODS 

Site description 

We conducted a series of field assays and experiments in the Maharepa lagoon on the north 

shore of Moorea, French Polynesia (17.5388° S, 149.8295° W). Moorea’s shallow lagoons (1-

4m depth) are characterized by patch reefs formed by live and dead colonies of mounding coral 

species (Porites) interspersed with sand and coral rubble. These patch reefs typically serve as 

attachment substrate for a variety of taxa of branching coral and macroalgae.  

 

Effect of dead skeletons on removal of macroalgae by herbivorous fishes 

Dead coral skeletons could physically restrict access of herbivorous fishes to macroalgae 

growing on the adjacent reef substrate. To assess how the presence of dead coral skeletons 

affected the rate at which macroalgae are removed by browsing herbivores, we deployed in 

situ a series of paired assays in which macroalgae were presented on 30 x 30 cm assay trays 

(made from PVC-coated, 2.5 cm2 metal mesh fencing material) and were either fully exposed 

or nestled between dead coral skeletons (Fig. 1a, b). We conducted all assays on a fringing reef 

in the Maharepa lagoon at ~ 3 m depth. On one assay tray per pair, we attached 10 dead 

skeletons of similar-sized branching coral in the genus Pocillopora that ranged from 8-14 cm 

in longest diameter and 7-10 cm in height; all skeletons were sourced from specimens that 

were cleaned and archived in 2013 following the termination of a prior experiment where coral 
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spat was transplanted to tiles and grown in cages for two years (see Adam et al. 2022). The 

dead skeletons on each tray were spaced to create 50% cover, which was the average coral 

cover on the fore reef of Moorea prior to a massive bleaching event in 2019 (Moorea Coral 

Reef LTER and Edmunds 2024) (Fig. 1a). Five small clothes pins were attached to each tray 

between the dead skeletons to hold the macroalgae in place below the dead coral canopy. The 

alternative assay tray design (Fig. 1a) simulated reef patches scoured by storm waves (i.e., had 

no dead skeletons), and for these we simply attached clothespins holding macroalgae to the 

trays in spatial layouts identical to those on the trays with dead skeletons (Fig. 1a). 

 The assays tested the consumption of six of the most common macroalgal taxa found 

in Moorea (Moorea Coral Reef LTER, and Carpenter 2023): Dictyota spp., Turbinaria ornata, 

Lobophora variegata, Amansia spp., Sargassum pacificum, and Padina spp. We used juvenile 

individuals of Turbinaria, as these are less physically and chemically defended than adult 

plants that are much less vulnerable to herbivory (Stiger et al. 2004, Davis 2018). Because the 

consumption of macroalgae species can vary based on herbivore communities (Sura et al. 

2021) and structural and/or chemical defenses (Duffy and Hay 1994, Ryznar et al. 2023), we 

utilized the consumption (biomass removed) of the six taxa over 5 days in the open assays 

(dead skeletons absent) to identify their relative preferences by browsing herbivores.  

Macroalgae used in the assays were collected from nearby lagoon sites, apart from 

Lobophora, which was collected from the adjacent fore reef where it grew in higher abundance. 

After collection, macroalgae were brought to a water table at the laboratory, then divided into 

roughly equal clumps to be distributed across the replicate assay trays. Each clump was spun 

in a salad spinner for 30 seconds to remove excess seawater, weighed (g), and then divided 

evenly amongst the five clothespins on each tray. For a single trial, we collected and deployed 
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only a single macroalgal taxon, and we conducted two trials for each taxon (n = 8 replicate 

assays per taxon per treatment across two trials). During each trial, we deployed four assay 

trays with dead skeletons and four without, pairing each dead skeleton tray with an open tray. 

After five days, assays were retrieved and any algae remaining in the clothespins were re-

weighed after removing excess seawater in the same manner as before. Due to variation in 

thallus size and density of the macroalgae we used, there were differences in initial masses 

across taxa. Thus, to better be able to compare among the taxa, we calculated the proportion 

of macroalgal biomass that was removed in each assay tray during each trial. Based on the 

proportion of algae removed in the open treatment, we categorized each taxon into either a 

More Preferred (> 90% removed) or Less Preferred (< 70% removed) group. For each taxon, 

we then calculated the log difference in the remaining algal biomass between dead skeleton 

and open assay trays for each pair (considering pairs as replicates). We used this variate in a 

nested ANOVA, with algal taxa nested within preference group (n = 8 pairs per taxon, n = 3 

taxa per preference group), to evaluate whether the magnitude of difference in algal removal 

between skeleton treatments differed significantly between the More and Less Preferred algal 

groups (total of n = 24 pairs per preference group). 

 

Establishment of macroalgae in the presence or absence of dead coral skeletons 

To assess whether reef surfaces covered in dead coral skeletons following a mass coral 

bleaching event (or COTS outbreak) promote a shift to dominance by macroalgae compared 

to more planar, open reef surfaces that result from a powerful storm, we quantified the 

accumulation of macroalgae over a 2-year period on a set of paired patch reefs where we added 

dead coral skeletons to one member of the pair. At a mid-lagoon site ~ 400 m offshore of the 
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site where herbivore assays described above were conducted, we selected patch reefs similar 

in size, depth, and height off the seafloor, then scraped any existing macroalgae off their 

surfaces. A 0.25 m2 area devoid of coral (and cleared of macroalgae) was demarcated on the 

top surface of each patch reef. For the Open treatment (n = 10 replicate patch reefs), no further 

manipulation was done. For the Dead Skeleton treatment (n = 10 replicate patch reefs), we 

attached six dead Pocillopora spp. skeletons (similar in size to those used for the herbivory 

assays described above) to the top of each experimental patch reef with marine epoxy (Z-Spar 

A-788 Splash Zone Epoxy), making a ring of five skeletons encircling a central one (Fig. 1d). 

Skeletons had been sterilized in bleach, sun-dried and then stored protected in the dark for 

several years before deployment to ensure no macroalgal spores were present. Then, over a 

period of two years, we periodically identified and visually estimated the percent cover of all 

macroalgae within the demarcated 0.25 m2 area on each of the 20 experimental patch reefs. To 

evaluate differences in algal coverage between Dead Skeleton and Open treatments over time, 

we built a general linear mixed effects model using the lme4 package in R (Bates et al. 2014) 

of macroalgal cover over time with structure treatment as a fixed effect and time as a random 

effect, using a Gaussian distribution; data were log-transformed (log(x + 1)) to increase 

homogeneity of variances. We then we ran a Type II Wald chi-square Analysis of Deviance 

test using the car package in R (Fox and Weisberg 2018) to test for a treatment effect on 

macroalgae cover between reefs with dead skeletons and open reef surfaces. 

 

Effect of macroalgae on early colonization of coral 

Coral recruitment overall was too low during the two-year duration of the macroalgae 

accumulation experiment described above to conduct quantitative statistics on recruitment 
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patterns as a function of macroalgal cover. Therefore, to quantify how variation in the cover 

of macroalgal species influences early colonization of sexually-produced coral in our lagoon 

system, we assessed coral recruitment annually on 60 patch reefs during a 7-year-long 

experiment (2016-2022) conducted in the mid-lagoon ~ 300 m southwest of the site used to 

quantify macroalgae accumulation rates. Initially, all 60 patch reefs, which had  similar surface 

areas (mean ± SE: 1.36 m2 ± 0.07), were dominated by the unpalatable alga Turbinaria ornata 

(pre-manipulation mean cover ± SE cover: 43.5% ± 2.1). In July 2015, different amounts of 

Turbinaria were removed from the patch reefs as follows: (1) complete removal on 30 

haphazardly-selected patch reefs, (2) 50% removal on 15 additional haphazardly-selected 

patch reefs, and (3) no removal (i.e., Turbinaria left intact) on the remaining 15 patch reefs. 

Cover of macroalgae was quantified on the patch reefs annually.  

In addition to quantifying the cover of macroalgae in annual surveys, all living and 

dead coral colonies present were counted, identified to genus, and sized (diameter). Virtually 

all encountered colonies were species of branching coral (primarily Pocillopora spp. and 

Acropora spp.). Live colonies that were ≤ 4 cm in diameter in a yearly survey were considered 

a new recruit provided they could not be accounted for in the previous year; the ≤ 4 cm cut -off 

was based on measured rates of growth of branching corals in this system (Kopecky et al. 2021, 

Adam et al. 2022, Schmitt et al. 2022). At the initial survey in 2015, colonies ≤ 4 cm were 

uncommon (mean: 0.23 m-2). To account for variation in surface area among the patch reefs, 

we analyzed the density of coral recruits (number m-2) and tested whether cumulative coral 

recruitment differed among the three categories of macroalgal cover (Low, Medium, High) 

using an ANOVA; data were log-transformed (log(x+1)) to achieve homogeneity of variances. 
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Statistical differences among the three levels of macroalgae cover were assessed using a Tukey 

HSD pairwise comparison post-hoc test.  

 

Context-dependent effects of dead skeletons on performance of coral recruits  

We assessed whether the presence of dead skeletons altered growth and mortality of coral 

recruits relative to when skeletons were absent, and also whether any impact on performance 

depended on the length of time after disturbance the colonization event occurred. This 

exploration of the timing of coral recruitment relative to the disturbance event was based on 

our expectation that dead skeletons are likely to foster a more rapid development of a benthic 

community in which macroalgae are a major space holder (see Kopecky et al. 2023a), which 

would likely suppress coral performance. We conducted two consecutive experiments, each 

lasting one year, in which juvenile branching corals (Pocillopora spp.) were deployed inside 

the fixed arrays of dead branching coral skeletons or onto the exposed (open) reef surfaces 

described above. To hold juvenile corals in place, we attached five threaded bases (Falcon 

TubeTM caps) in a circle onto the surface of each replicate reef, either within the arrays of dead 

skeletons or on the exposed reef surface (Fig. 1c-f). We drilled holes into the reef, filled them 

with marine epoxy, and inserted a screw through the cap and into the drilled, epoxy-filled hole.  

We collected juvenile colonies of Pocillopora spp. with a mean (± SE) diameter of 2.0 

(± 0.3) cm from reefs near our experimental site. In the laboratory, corals were measured and 

staged for deployment while continuously immersed in seawater. Using marine epoxy, each 

juvenile coral was mounted on a threaded, upside-down polypropylene cylinder (cut from a 15 

ml FalconTM conical centrifuge tube that later was screwed into the threaded tube cap base 

affixed on the experimental reef), and labeled each cylinder with a uniquely numbered tag. We 



 

 
52 

measured the longest diameter (L), the perpendicular diameter (W), and height (excluding the 

threaded base; H) of each coral, then estimated each coral’s volume as an irregular hemisphere 

with the following formula:   

𝑉 =
2

3
𝜋 [(

𝐿

2
) ∗ (

𝑊

2
) ∗ 𝐻] 

Note that L and W in this formula are divided by two to obtain radii, while H already represents 

a radius and therefore is not divided by two. This metric of growth is appropriate because the 

shape of Pocillopora throughout our year-long experiments was approximately hemispherical 

with little to no branch development (Fig. S1). We then weighed the corals with their bases in 

air on a digital scale after removing excess seawater by shaking each coral 30 times by hand 

(each coral was out of the water for less than one minute during weighing). Corals were 

randomly assigned to treatments and patch reefs, transported (continuously submerged in 

seawater) to the field and screwed onto the threaded bases. Installing the corals in this way 

ensured they would be stable for the duration of the experimental period and allowed us to 

non-destructively retrieve them for re-measurement of individual colonies. Any coral that died 

within 48 hours after deployment was deemed to have done so due to handling stress, and was 

therefore replaced.  

We tested whether the effect of dead skeletons on post-settlement performance (growth 

and mortality) of coral recruits depended on the elapsed time of the colonization event after 

the disturbance. We evaluated two post-disturbance time periods of coral recruitment: very 

shortly after the disturbance and prior to establishment of macroalgae (Immediate 

Recruitment), and 1 year later, after macroalgae had become established (Delayed 

Recruitment). To assess the effect of skeletons under the Immediate Recruitment scenario, we 

deployed the first cohort of Pocillopora recruits within two days of thoroughly clearing 
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macroalgae from the patch reefs and installing the clean dead coral skeletons as described 

above, which ensured that neither the Open or Dead Skeleton treatments had macroalgae at the 

start (Fig. 1c, d). Individually numbered coral recruits were assigned haphazardly among patch 

reefs (50 per treatment). After one year, we retrieved the corals and measured them as 

described above, assessed each for signs of coral predation (i.e., excavation of the coral 

skeleton) and quantified the amount of live (surviving) tissue remaining on the colony. To 

assess if the impacts of dead skeletons differed for a ‘delayed’ recruitment event that occurred 

1 year after a disturbance, we initiated the second experiment right after the first was 

terminated, with a new cohort of similarly sized Pocillopora recruits deployed in the same 

positions as in the first trial. We left intact the benthic communities that had developed 

naturally during the previous year (i.e., no macroalgae were cleared and no experimental plot 

was manipulated in any other way; Fig. 1e, f). After one year, this second cohort of coral 

recruits was retrieved, remeasured, assessed for signs of predation, and the amount of live 

tissue remaining per colony was visually estimated as before.  

 To ensure there was not a biased distribution of coral recruit sizes between the 

experimental treatments or years, we ran a two-factor ANOVA of initial coral size as a function 

of treatment and patch reef for each experimental year, which revealed that no main effect or 

interaction term was statistically significant. At the end of each 12-month experimental period, 

we designated only coral colonies that had > 5% living tissue remaining as having survived in 

order to account for a narrow band of tissue near the base of a colony that was protected from 

corallivory by our method of attachment. For corals designated as survivors of the cohort, we 

calculated two metrics of growth – change in volume and change in mass as described above 

– then calculated proportional changes in volume and mass to account for variation in initial 
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coral sizes. Because of highly variable numbers of survivors (0 to 5) among patch reefs within 

a treatment, we found that using patch reefs as the replicate yielded unreliable values of mean 

colony growth because the variate (i.e., average growth of coral on a patch reef) was poorly 

estimated. As a consequence, we used survivors of the cohort as the replicates in two-sample 

t-tests to compare mean growth metrics of corals between the Dead Skeleton and Open 

treatments for each experiment.  

For corals that did not survive the experiment (i.e., had ≤ 5% live tissue remaining), we 

compared the proportions of colonies that fell into two categories of mortality: those that 

exhibited skeletal growth before dying (positive change in volume and mass; referred to as 

‘dead in place’), and those that exhibited skeletal loss before dying (negative change in volume 

and mass; referred to as ‘removal’). These categories likely reflect different agents of mortality, 

such as death from excavating corallivores (i.e., removal) versus death from altered local 

environmental conditions (i.e., dead in place) such as those arising from competition with 

macroalgae growing nearby. To test whether mortality type depended on the structure 

treatment a coral was assigned to, we ran a Pearson’s Chi-square test for the (first) Immediate 

Recruitment trial, but, due to a relatively low number of dead colonies we used a Fisher’s exact 

test for the (second) Delayed Recruitment trial. All statistics were conducted and visualizations 

were created in R (Version 4.2.3; R Core Team 2023) and R Studio (Version 2023.12.1.402; 

Posit Team 2024) using the Tidyverse package (Wickham et al. 2019) and color palettes from 

the Manu: NZ Bird Colour Palettes (Thomson 2022). 

 

RESULTS 

Effect of dead skeletons on removal of macroalgae by browsing fishes 
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Based on our standardized assay metric, the six taxa of macroalgae fell into two distinct groups 

of consumption preference by herbivores. Three taxa (Amansia, Sargassum, and Padina) had 

> 90% of their mass removed when presented alone and unprotected for 5 days, whereas the 

percentage removed for the three other taxa (Dictyota, Turbinaria, and Lobophora) was 

substantially lower, ranging from 59 – 67% (Fig. S2). We therefore categorized these two 

groups as ‘More Preferred’ and ‘Less Preferred’ macroalgae respectively.  

Although the presence of dead coral skeletons reduced the average proportion of 

biomass removed for both More Preferred and Less Preferred macroalgae (Fig. 2a), the 

presumptive protection effect of skeletons differed substantially between the two groups. The 

relative difference in algal biomass that remained between the Dead Skeleton and Open 

treatments (dashed lines and double-ended arrows in Fig. 2b) was significantly greater for Less 

Preferred macroalgae compared to the More Preferred group (nested ANOVA: F1,42 = 8.32, p 

= 0.006; Fig. 2b). The individual taxa nested within preference groups did not differ 

significantly from one another (F4,42 = 2.48, p = 0.06). For Less Preferred algae, skeletons 

reduced removal on average by 43%, whereas skeletons reduced the removal of More Preferred 

macroalgae by only 10% (Fig. 2b), suggesting that herbivores were far less inclined or able to 

consume as much of a macroalga growing among coral skeletons when it was not a preferred 

food item. 

 

Establishment of macroalgae in the presence or absence of dead coral skeletons 

When the 2-year long benthic community development experiment was initiated, patch reefs 

in the Dead Skeleton and Open treatments were all devoid of macroalgae (Fig. 3a). Over the 

two years, reefs in the Open treatment remained almost entirely free of macroalgae (mean < 
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2% coverage), while those where we had affixed dead coral skeletons continuously 

accumulated macroalgae (effect of structure treatment: X2 (1) = 194.71, p < 0.001; Fig. 3a). 

The mean (± SE) cover of macroalgae on reefs in the Dead Skeleton treatment was 21% (± 

3%) a year after initiation of the experiment, growing to 45% cover (± 7%) two years after the 

simulated structure-retaining (e.g., coral bleaching) disturbance (Fig. 3a, c). As predicted from 

the results of our herbivore-structure assays, the composition of the macroalgal assemblage 

that developed at every time point in the Dead Skeleton treatment was heavily dominated by 

less preferred taxa (primarily Dictyota spp. and Turbinaria; Fig. 3b).  

 

Effect of macroalgae on early colonization of coral 

The 7-year long macroalgae-reduction experiment explored the effects of macroalgae – 

primarily unpalatable Turbinaria – on early colonization of coral to patch reefs. Annual 

quantification of macroalgae on the reefs revealed that cover on some ‘thinned’ and 

‘unmanipulated’ patch reefs declined early in the 7-year period, ultimately resulting in 33 patch 

reefs that we classified as having low macroalgae cover throughout the study period (range: 0 

– 7.5% cover), 14 categorized as having medium cover (range: 12 - 30%) and 13 designated 

as having high cover (range: 37 - 59%). The time-averaged mean (± SE) cover of macroalgae 

was 1.7% (± 0.3%) on patch reefs considered as having low algae cover, 23.3% (± 1.8%) for 

reefs with medium cover, and 46.4% (± 2.0%) high cover (Fig. 4). These time-averaged covers 

of less preferred macroalgae corresponded closely to those observed in the Dead Skeleton 

treatment of our macroalgae establishment experiment at the start, after 1 year, and after 2 

years, respectively, whereas the Low cover treatment corresponded to the Open treatment in 

that experiment at all time points (Fig. 3a).  
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Increases in cover of less preferred macroalgae had a profoundly negative influence on 

early colonization (i.e., larval settlement plus early post-settlement mortality) of sexually-

produced coral colonies (Fig. 4). The cumulative density of coral recruits varied significantly 

across the three levels of algal cover (F2,57 = 13.5; p < 0.001). A post hoc Tukey HSD pairwise 

comparison indicated that recruit density was significantly greater on reefs with low algal cover 

(4.8 ± 0.5 recruits m-2) than on those with medium algal cover (2.4 ± 0.3 recruits m-2) or high 

algal cover (1.8 ± 0.5 recruits m-2), but reefs with medium and high cover were not significantly 

different from one another (low-high: p < 0.001; low-medium: p = 0.008; medium-high: p = 

0.256). Thus, the recruitment rate of young coral was suppressed by 50% to 62.5% at covers 

of less preferred macroalgae that we observed after 1 and 2 years respectively in the Dead 

Skeleton treatment of our benthic development experiment. 

 

Context-dependent effects of dead skeletons on performance of coral recruits  

The effect of dead skeletons on the post-recruitment performance of young coral depended on 

when colonization occurred relative to the disturbance event. When coral recruitment was 

simulated to occur very soon after a bleaching or other skeleton-retaining disturbance event, 

volumetric colony growth was substantially and statistically greater for individuals that were 

among dead skeletons compared to recruits on open surfaces (t37.5 = 2.26, p = 0.03; Fig. 5a, left 

panel: Immediate Recruitment). Changes in mass followed a similar pattern during this 

experiment and were at the margin of statistical significance (t41.8 = 1.92, p = 0.06). In the first 

year when less preferred macroalgae grew in cover from 0 to ~ 21% in the Dead Skeleton 

treatment, corals in that treatment increased an average of 34% in volume and 24% in mass 

relative to corals in the Open treatment where macroalgae cover remained exceedingly low. 
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By contrast, this positive effect of dead skeletons on growth of young coral recruits was lost 

during the second year when macroalgae increased from ~ 21 to ~ 45% in the Dead Skeleton 

treatment. During this simulated 1-year delay in recruitment of coral (i.e., 1 year after a 

disturbance), changes in volume (and mass) of young coral colonies did not differ between 

Dead Skeleton and Open treatments (volume change: t68.1 = 0.61, p = 0.55; mass change: t59.3 

= 0.85, p = 0.4; Fig. 5a, right panel: Delayed Recruitment). Furthermore, while growth of 

colonies in the Open treatment was similar between the Immediate Recruitment and Delayed 

Recruitment cohorts, colony growth in the Dead Skeleton treatment was impaired when 

recruitment was delayed (Fig. 5a).  

The total number of corals that underwent whole-colony mortality (i.e., had ≤ 5% live 

tissue remaining at the end of the experiment) was nearly identical between treatments for both 

experiments (Fig. 5b). However, the nature of coral mortality differed by treatment consistently 

across the two years. In both years, a significantly higher proportion of corals that died in the 

Open treatment exhibited negative volume change (partial or complete skeletal removal) 

before dying (Pearson’s Chi-square tests, Immediate Recruitment: X2 (1) = 7.71, p = 0.005; 

Delayed Recruitment: X2 (1) = 5.53, p = 0.02). This suggests a high proportion of deaths in 

this treatment were attributable to excavating corallivores. By contrast, the majority of corals 

that died in the Dead Skeleton treatment showed positive volume change before they died 

(‘Dead in place’), with relatively few showing signs of skeletal removal (< 10% in each year; 

Fig. 5b). 

 



 

 
59 

DISCUSSION 

In coral reef ecosystems, the recent rise of marine heat waves that cause massive bleaching 

mortality of reef-forming corals now occur along with powerful cyclonic storms that 

historically have been the major source of disturbance (Halford and Caley 2009, Hughes et al. 

2017, 2019, Vercelloni et al. 2020, González-Barrios et al. 2023). While both of these 

perturbations kill coral tissue at landscape scales, intense marine heat waves leave behind a 

‘forest’ of intact dead coral skeletons, whereas powerful cyclonic storms pulverize and remove 

coral skeletons to yield a more open, planar reef surface. Thus, the disturbance regime to coral 

reefs that began emerging in the past few decades is increasingly resulting in post-disturbance 

landscapes where the high structural complexity provided by the calcium carbonate skeletons 

of dead coral is retained until they gradually erode away (Adam et al. 2014, Hughes et al. 2017, 

Lough et al. 2018, Speare et al. 2022). Here, we show that two key ecological processes that 

influence the recovery of the coral state after a mass disturbance event – herbivory (Johns et 

al. 2018) and coral recruitment (Holbrook et al. 2018) – are altered by the material legacy of 

dead skeletons in a manner that weakens the resilience of the coral state. These findings have 

profound general and practical implications. 

 Our herbivory assays revealed two important mechanistic insights regarding how dead 

skeleton legacies can reduce coral resilience and promote a regime shift to macroalgae. First, 

dead coral skeletons reduced rates of herbivory on macroalgae, which are superior space 

competitors to corals (Kuffner et al. 2006, Johns et al. 2018), presumably by lowering 

encounter and/or consumption rates. This is similar to other studies that found macroalgae can 

receive protection from structurally complex reef features like cracks and crevices (Puk et al. 

2020), or by growing beneath live branching coral colonies (Bennett et al. 2010). Second, we 
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found that the protective effect of dead coral skeletons was > 4 times greater for less preferred 

macroalgae relative to more favored taxa, which to our knowledge, has not been explored in 

other systems but may be a relatively general phenomenon. This pattern, where the protection 

effect of a physical refuge varies with consumer preference, suggests that herbivores were far 

less able or inclined to consume as much of a macroalga growing between dead skeletons when 

the alga was a less preferred food item, which generally are less palatable taxa due to the onset 

of chemical and physical defenses as plants develop (Cook 2023, Cook et al. 2024). While the 

foraging mechanisms underlying this preference-related difference in protective effect of 

skeletons remains to be explored, the dynamical implications are clear: dead skeletons not only 

promote the establishment of macroalgae as major space holders, but they also favor a 

macroalgal assemblage that is more resistant to control by herbivores. This prediction was 

supported by our field experiment where dead coral skeletons fostered the proliferation of 

unpalatable taxa of macroalgae that are less vulnerable to herbivory, whereas in adjacent 

experimental plots that lacked skeletons, herbivores were able to keep macroalgae suppressed 

and maintain the reef substrate in a condition that is invasible by coral (i.e., closely cropped 

turf algae). 

 Results of our community trajectory experiment align with recently developed theory 

that suggests when herbivory is sufficiently impaired by dead coral, a skeleton-retaining 

disturbance can both shift the system to a region of state space where bistability of coral and 

macroalgae is possible, as well as flip the community into the macroalgae stability basin 

without crossing a bifurcation tipping point in the level of herbivory (Kopecky et al. 2023a). 

Models of disturbance to coral reefs that did not explicitly consider the influence of material 

legacies (Briggs et al. 2018) revealed that when more vulnerable, young stages of macroalgae 
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can grow to the less vulnerable adult stage, a mass coral mortality event or change in herbivory 

can trigger a regime shift to macroalgae because stage-structured vulnerability of macroalgae 

promotes hysteresis in the underlying relationship between herbivore biomass and macroalgae. 

Theoretical explorations of the effects of fishing of herbivores in this model system revealed 

that harvesting patterns can further trap the benthic community in a macroalgal state, either 

from the movement pattern of fishers across the reefscape (Rassweiler et al. 2022) or by fisher 

selectivity of browsers that consume mature macroalgae relative to grazers that do not (Cook 

2023). With respect to models that compared structure-removing and structure-retaining 

disturbances on coral reefs, Kopecky et al. (2023a) found that the physical refuge afforded by 

dead skeletons increased the probability of an abrupt shift to a macroalgal stability basin by 

lowering the consumption rate on vulnerable stages for a given biomass of herbivores. Results 

of our skeleton manipulation experiment conformed with the dynamical prediction of the 

Kopecky et al. (2023a) model, while our herbivore assays provided mechanistic support that 

the outcome of the model and our experiment arose from macroalgae gaining an added measure 

of protection from dead skeletons. 

Our findings also suggest that, in addition to enhancing throughput of vulnerable life 

stages of macroalgae that can trigger and help maintain a regime shift to macroalgae, dead 

skeleton legacies can generate another stabilizing feedback that can strengthen resilience of 

the macroalgal state once it arises, even after skeletons eventually erode away. In our study 

system, dead skeletons altered herbivore foraging behavior in a manner that promoted the 

establishment of less preferred macroalgal taxa. In general, herbivore preference commonly 

reflects palatability, where reduced palatability typically is achieved by a proportionately 

greater investment by a plant in metabolically expensive defenses that deter herbivores at the 
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cost of competitive ability (Hems and Mattson 1992). Cook (2023) found that this tradeoff 

paradigm applied to the algae in our Moorea study system. Adults of less preferred macroalgae 

such as Turbinaria, which develop effective chemical and structural defenses as they mature, 

often provide an associational defense for more vulnerable life stages and taxa (Duffy and Hay 

1994, Roff et al. 2015, Davis 2018, Sura et al. 2021, Ryznar et al. 2023). Field studies have 

shown that once established, the associational refuge that adults provide younger, more 

vulnerable life stages creates a positive feedback that reinforces a highly resilient community 

of unpalatable macroalgae over multiple population turnovers (Davis 2018, Schmitt et al. 2019, 

2022). Thus, our mechanistic findings suggest that compared to a cyclonic storm, the material 

legacy of dead coral skeletons left by a marine heat wave can generate multiple feedbacks that 

both increase the probability of a coral-to-macroalgae regime shift and reduce the likelihood it 

can be readily reversed. 

With respect to the recruitment of coral to a benthic community where macroalgae is a 

major space holder, results of our Turbinaria removal experiment were similar to those 

reported by several others, namely that macroalgae can greatly suppress settlement and early 

recruitment of corals (Kuffner et al. 2006, Vermeij et al. 2009, Johns et al. 2018, Bulleri et al. 

2018, Adam et al. 2022). However, our work here adds an important new dimension. We found 

that compared to open reef surfaces left by a skeleton-removing disturbance, reefs where dead 

coral skeletons remained after a disturbance were rapidly colonized by macroalgae and reached 

a cover that substantially suppressed coral recruitment in about a year. In our experiment, cover 

of (unpalatable) macroalgae in plots with dead skeletons increased from 0 to ~ 21% in 1 year, 

reaching ~ 45% after 2 years, whereas macroalgae were unable to colonize and proliferate on 

adjacent cleared plots that lacked skeletons. Our coral recruitment experiment revealed that 
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patch reefs with the cover of macroalgae attained in just 12 months after a skeleton-retaining 

disturbance (i.e., ~21%) reduced colonization of sexually-produced coral by half relative to 

experimental patch reefs with little or no macroalgae (also see Schmitt et al. 2022). Following 

a simulated storm disturbance to patch reefs in Moorea, Schmitt et al. (2022) quantified how 

close ambient herbivory was to the level where control of macroalgae was lost. They found 

that ambient herbivory prevented the establishment of macroalgae on their (skeleton-free) plots 

over the 5-year duration of their study, and that ambient herbivory had to be reduced by > 50% 

before macroalgae was able to proliferate (Schmitt et al. 2022).  Here we also found that 

ambient herbivory was sufficient to prevent macroalgae from becoming established on plots 

in our Open (no dead coral) disturbance treatment for the 2-year duration of our study; by 

contrast, that same ambient biomass of grazing and browsing herbivores was not sufficient to 

prevent the rapid establishment and proliferation of macroalgae in our Dead Skeleton 

treatment. This indicates that the dead skeleton legacy did not just increase the precariousness 

of the coral-invasible state, it moved the system past the herbivory switch-point to macroalgae. 

Thus, unlike after a storm disturbance, there likely will be a much shorter time window for 

coral to recruit after a mass bleaching mortality event before priority effects from macroalgae 

greatly impede the input rate of coral propagules.  

 Our exploration of how the timing of coral recruitment following a disturbance event 

influenced post-recruitment performance of young coral revealed two important insights. First, 

the effect of dead skeletons on young coral performance depended on the timing of arrival of 

coral recruits, that is, whether or not it occurred very soon after the disturbance in the relatively 

short period before macroalgae had become firmly established. Coral recruits that were 

associated with dead skeletons before macroalgae became a major space holder had a 
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substantial (~ 24-34%) colony growth advantage over recruits on adjacent, cleared surfaces, 

which likely arose from a protective effect of dead skeletons shielding young corals from 

predators. However, there was not a positive effect of skeletons on colony growth when coral 

recruitment occurred a year after a disturbance when macroalgae had become established, 

likely because any protective advantage was offset by competition with established 

macroalgae. Herbivores typically mitigate coral-algae competition, but in the absence of such 

top-down control, priority effects can result in alternate community pathways depending on 

the sequence of arrival of corals and macroalgae (Adam et al. 2022). Our findings suggest that 

the effect of dead skeletons in hindering top-down control of macroalgae produces a condition 

where priority effects between corals and macroalgae could result in alternative trajectories of 

the benthic community. As such, this adds an element of stochastic uncertainty in the recovery 

of coral following a mass bleaching mortality event that is much less likely after a storm 

disturbance. 

The second important insight regarding the effect of the material legacy on post -

recruitment performance was that the major agent of mortality likely differed for coral growing 

among relative to far away from dead skeletons. Compared to recruits associated  with dead 

skeletons, young corals that died on fully exposed reef surfaces more commonly had pieces of 

their skeletons missing in a manner characteristic of excavating corallivory (Rotjan and Lewis 

2008). This contrasted with the pattern for young corals associated with dead skeletons; nearly 

all recruits that failed to survive the year within the Dead Skeleton treatment had gained colony 

volume and mass before dying, suggesting their mortality might be due to some form of 

neighborhood competition with the macroalgae growing within and between the dead 

skeletons. Taken together, our results suggest that if corals recruit in the short window after a 
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marine heat wave leaves behind dead skeletons and before macroalgae begins to proliferate, 

the recruits may be able to more quickly grow to sizes at which they are much less vulnerable 

to predation and can better compete with or perhaps suppress macroalgae (Adam et al. 2022). 

On the whole, however, our findings revealed that the material legacy of dead skeletons tends 

to alter trophic and competitive interactions in a manner that weakens resilience of the coral 

state and promotes a persistent regime shift to macroalgae.  

Material legacies need not weaken resilience of the original community. Indeed, the 

disturbance legacy of dead foundation organisms can bolster resilience and give rise to 

stabilizing feedbacks following a mass mortality event. For example, after boom-and-bust pest 

outbreaks and drought, intact dead tree roots act to stabilize soils, prevent erosion, and facilitate 

the establishment of new saplings. When trees are instead uprooted, erosivity of soils increases, 

setting in place an alternate feedback that degrades soil conditions such that new trees cannot 

colonize (Flores et al. 2020). Similarly, dredging events that remove oyster shells from oyster 

reefs or storms that rip away the rhizomes of seagrass beds can render the seabed loose and 

unstable, preventing recolonization by the respective foundation organisms and trapping the 

system in a degraded state (Lenihan and Peterson 1998, Oprandi et al. 2020). These examples, 

along with the findings we present here, underscore the powerful influence material legacies 

of foundation organisms can have on ecosystem stability following disturbance, but also 

highlight the stark context-dependency of their roles across disparate ecosystems.  

In both terrestrial and marine systems, altered trophic interactions such as between 

herbivores and vegetation can lead to novel feedbacks that suppress recovery and trigger shifts 

to alternative, degraded ecosystem states that are highly resistant to restoration efforts (Suding 

et al. 2004). For example, top-down release of herbivores can lead to unconstrained grazing, 
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like deer that selectively consume saplings in woody riparian systems (Opperman and 

Merenlender 2000) or herbivorous urchins that decimate kelp forests (Filbee-Dexter and 

Scheibling 2014), in either case locking these systems in a degraded state. Our study is, to the 

best of our knowledge, one of the first to show the potential for this phenomenon to be driven 

by the presence of a material legacy, illustrating the mechanisms and feedbacks that weaken 

resilience of the coral state and strengthen that of macroalgae. When alternative stable domains 

exist in an environment, identifying the mechanisms that maintain alternative states provides 

vital knowledge of the specific feedbacks that need to be broken to elicit favorable outcomes 

from conservation or other management efforts (Suding et al. 2004, Briggs et al. 2018). As 

new disturbance regimes emerge from globally changing climate conditions, it is imperative 

that we more fully understand how novel material and information legacies they produce 

modify ecosystem dynamics and resilience properties (Franklin et al. 2000, Graham and Nash 

2013, Johnstone et al. 2016, Hughes et al. 2019, Turner et al. 2020, Saldaña et al. 2023). 
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FIGURES 

 

Figure 1. Photographs of experimental designs (PC: K.L. Kopecky). a-b) Example of a pair of 
herbivory assay trays before deployment in the field; c-d) Recruitment experiment with live 

corals deployed immediately after manipulations (removal of algae and outplanting of dead 
coral skeletons); e-f) Recruitment experiment with corals deployed one year after 
manipulations (note macroalgae on dead skeletons in panel f). Top row (panels a, c, and e) 

shows the Open treatment (simulated storm wave scouring disturbance) for all experiments, 
and bottom row shows the Dead Skeleton treatment (simulated coral bleaching).   
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Figure 2. a) Example photographs of a paired herbivory assay (Open treatment top, Dead 
Skeleton treatment bottom) using a Less Preferred algal taxon after five days (note higher 

remaining biomass in Dead Skeleton assay) (PC: K.L. Kopecky). b) Mean (± 1 SE) proportion 
of algal biomass removed after five days in Dead Skeleton (brown bars) and Open (blue bars) 

assay treatments as a function of algal preference category (More or Less Preferred taxa). 
Dashed lines and double-ended arrows represent the difference in algal removal between Dead 
Skeleton and Open treatments, or the degree of protection for macroalgae afforded by dead 

skeletons.  
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Figure 3. a) Time series of macroalgae cover (mean % cover ± 1 SE) on experimental patch 
reefs over two years, beginning immediately after manipulation (either simulated storm-wave 

scour or simulated bleaching). Triangles show algae coverage on patch reefs affixed with dead 
skeletons (simulated bleaching), circles show coverage on open patch reefs (no skeletons; 

simulated storm-wave scour). b) The percentage of macroalgae across reefs with dead 
skeletons at each time point that were More Preferred (white) or Less Preferred (black) taxa. 
c) Photograph showing a patch reef in the Open treatment free of macroalgae (left ellipse) and 

a patch reef in the Dead Skeleton treatment with high macroalgal cover (right ellipse) after two 
years (PC: K.L. Kopecky).  
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Figure 4. Density of coral recruits (individuals m-2) as a function of macroalgae cover in the 
algae-reduction experiment. Values from left to right represent mean cumulative recruit 
densities as a function of time-averaged macroalgae cover on reefs where macroalgae were 

completely removed, partially removed, and not removed at the beginning of the experiment. 
Values displayed are means ± 1 SE, and asterisks and brackets denote significant differences 

between groups.  



 

 
77 

 

Figure 5. Coral recruit performance metrics. a) Proportional change in volume (mean ± 1 SE) 

of coral recruits during each recruitment experiment. Immediate Recruitment refers to 
deployment of corals immediately after the simulated disturbance (either storm-wave scour or 

bleaching), while Delayed Recruitment refers to deployment of corals one year after simulated 
disturbance. b) The proportion of colonies that died (i.e., had < 5% live tissue remaining after 
one year) in the Dead Skeleton and Open treatments for the Immediate Recruitment and 

Delayed Recruitment experiments. Grey shading indicates corals that underwent skeletal 
removal (negative volume change before dying), black shading indicates corals that died in 

place (positive volume change before dying). Sample sizes indicate the total number of corals 
that died in each treatment in each experiment.  



 

 
78 

SUPPLEMENTAL FIGURES   

 
Figure S1. Experimental coral recruits after one year of growth in a) an Open treatment reef 

and b) a Dead Skeleton treatment reef, all of which show a largely hemispherical growth 
pattern with minimal branching. 
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Figure S2. Proportional removal of macroalgae by taxa. Bars are means ± 1 SE. Dashed 
horizontal line indicates break in mean values used to group taxa into More and Less Preferred 
categories. 
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Chapter III. Quantifying the Loss of Coral from a Bleaching Event Using 

Underwater Photogrammetry and AI-assisted Image Segmentation 

 

ABSTRACT 

Detecting impacts of natural and anthropogenic disturbances that cause declines in organisms 

or changes in community composition has long been a focus of ecology, but a tradeoff often 

exists between the spatial extent over which relevant data can be collected, and the resolution 

of those data. Recent advances in underwater photogrammetry, as well as computer vision and 

machine learning tools that employ artificial intelligence (AI), offer a potential solution to 

resolve this tradeoff. Here, we coupled a rigorous photogrammetric survey method with novel 

AI-assisted image segmentation software to quantify the impact of a coral bleaching event on 

a tropical reef, both at an ecologically meaningful spatial scale and with high spatial resolution. 

In addition to outlining our workflow, we highlight three key results: 1) dramatic changes in 

the three-dimensional surface areas of live and dead coral, as well as the ratio of live to dead 

colonies before and after bleaching, 2) a size-dependent pattern of mortality in bleached corals, 

where the largest corals were disproportionately affected, and 3) a significantly greater decline 

in the surface area of live coral as revealed by our approximation of the 3D shape compared to 

the more standard planar area (2D) approach. The technique of photogrammetry allows us to 

turn 2D images into approximate 3D models in a flexible and efficient way. Increasing the 

resolution, accuracy, spatial extent, and efficiency with which we can quantify effects of 

disturbances will improve our ability to understand the ecological consequences that cascade 

from small to large scales, as well as allow more informed decisions regarding mitigation of 

undesired impacts. 
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INTRODUCTION 

Natural and anthropogenic disturbance events can cause mass declines in the foundation 

species of ecosystems. Detecting and quantifying the impacts of these events is a critical focus 

of ecology (Osenberg and Schmitt 1996), but doing so can be difficult to achieve at 

ecologically meaningful scales (Solow 2017). The effort required to collect high resolution 

data constrains the areal and temporal extent that can feasibly be surveyed, limiting our ability 

to fully assess the ecological consequences of disturbance. This is especially the case for 

shallow marine ecosystems (Miller et al. 2023). Fortunately, advances in underwater 

photogrammetry techniques and computer vision tools assisted by artificial intelligence (AI) 

provide solutions to resolve this tradeoff. 

Coral reef ecosystems illustrate the need for and challenges associated with high 

resolution change detection. These highly productive systems host a staggering level of 

biodiversity that relies on reef-building corals (Knowlton et al. 2010). The benthic 

communities of tropical reefs are difficult to quantify at all relevant spatial and temporal scales. 

In situ visual surveys can be relatively rapid and cost-effective, but they often yield coarse 

estimates of organismal cover, while manual annotation of images can produce high resolution 

data but is comparatively time and labor intensive (Couch et al. 2021, Urbina-Barreto et al. 

2021). This is a growing issue because coral reefs are increasingly threatened by disturbances 

that cause persistent and expansive declines in reef-building corals, the organisms that form 

the structural foundations of these ecosystems (Hoegh-Guldberg et al. 2007). Specifically, 

episodes of coral bleaching associated with periods of elevated ocean temperatures can kill 

corals on landscape scales, and these events are increasing both in intensity and frequency on 
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a global scale (Hughes et al. 2018, 2019, Lough et al. 2018, Donovan et al. 2020, 2021). This 

underscores the importance of developing methods that can be used to accurately and 

efficiently assess the severity of disturbances that kill coral so that we may better understand 

their cascading impacts (Holbrook et al. 2008, 2015, Messmer et al. 2011, Adam et al. 2014, 

Han et al. 2016, Schmitt et al. 2019, Kopecky et al. 2023). 

A suite of innovative tools and technologies has been utilized to map coral reef 

communities. Underwater photogrammetry, for example, is increasingly used to quantify the 

structural attributes of coral reefs. Large scale efforts have been undertaken to create extensive 

maps of these ecosystems at high spatial resolution using photogrammetry (Leon et al. 2015, 

Casella et al. 2017, Urbina-Barreto et al. 2021). Generally, extracting metrics of the physical 

attributes of a reef (e.g., surface rugosity or roughness) from these maps is relatively 

straightforward, while efficiently extracting biological metrics, such as the cover of benthic 

organisms (e.g., coral or algae), can be more complicated and time-consuming (Couch et al. 

2021). A widely implemented approach is image segmentation – the scaled measurement and 

annotation of objects within an image (Lirman et al. 2007, Kikuzawa et al. 2018, El-Khaled et 

al. 2022, Rich et al. 2022). This form of image analysis is generally used to estimate metrics 

including percent cover of benthic flora and fauna via the 2D areal footprint of organisms in a 

given area. Although image segmentation has been used on orthophotomosaics (Burns et al. 

2015, Sandin et al. 2020), the effort to do so manually constrains the ability to scale up in space 

and time. Thus, a bottleneck exists that prevents the extraction of biological metrics like growth 

and survival of individual coral colonies both at large spatial scales and with high temporal 

resolution (Couch et al. 2021). This limits our ability to track meaningful changes in benthic 

community composition on coral reefs over time and thereby inhibits our understanding of 
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how fine scale changes in the populations or communities of benthic organisms might translate 

to landscape scale impacts. Fortunately, innovations in machine learning provide a promising 

solution to this challenge.  

Through AI-assisted image segmentation, the labor required to measure and identify 

ecologically relevant objects such as the sizes and identities of coral colonies can be automated, 

decreasing the time required for this task and increasing the amount of information that 

potentially can be acquired. Deep-learning methods have been implemented to greatly increase 

the efficiency with which complex or irregular objects, such as coral colonies, can be 

segmented from images (Zhang et al. 2022a, Zhong et al. 2023) and reef scale changes in 

rugosity and structure can be detected over time (Zhang et al. 2022b). We build on this work 

here, outlining a framework that combines a rigorous underwater photogrammetry technique 

(Nocerino et al. 2020) with novel, AI-assisted image segmentation software, TagLab (Pavoni 

et al. 2022), to quantify the impact of a major coral bleaching event on a South Pacific coral 

reef with high spatial resolution over an ecologically meaningful tract of reef. Specifically, we 

aimed to: 1) quantify the amount of live coral loss that resulted from the bleaching event with 

higher accuracy and precision; 2) explore size-dependent patterns of coral mortality; and 3) 

compare the estimates from our approach with more widely used methods for quantifying 

changes in coral cover. Using the workflow outlined in Figure 2, we detected a dramatic loss 

in the amount of live coral on the reef and a reorganization in the size structure of an important 

coral population through size-dependent mortality of bleached corals. Lastly, we found that 

using approximated 3D surface area as a metric to estimate coral cover enabled us to capture 

a significantly greater loss of live coral compared to using 2D planar area, a metric that has 

been widely used to measure coral size in images. 
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METHODS 

Site description 

We conducted our study on Moorea, French Polynesia (17.5388° S, 149.8295° W), a high 

volcanic island in the South Pacific with steep fore reef slopes that extend offshore of a barrier 

reef that surrounds the island’s ~ 60 km perimeter (Fig. 1a,b). The Moorea Coral Reef Long 

Term Ecological Research program (MCR LTER, https://mcr.lternet.edu) has been collecting 

time series data on coral reef communities of Moorea since 2005, including photogrammetric 

surveys of several reef tracts at about 10 m depth on the north shore fore reef annually since 

2017. In April 2019, a prolonged period of elevated sea surface temperatures triggered a major 

coral bleaching event that resulted in significant coral mortality on the fore reef (Moorea Coral 

Reef LTER and Edmunds 2024; Fig. 1c). Our photogrammetric surveys spanned this major 

disturbance, providing an opportunity to evaluate the utility of our AI-assisted approach to 

quantify change. We focused our analyses on two time points (photogrammetric epochs): 

August 2018 (epoch 1), about 8 months before the bleaching event when live coral cover was 

at an all-time high, and August 2019 (epoch 2), about 4 months after the bleaching event once 

significant mortality of live coral had taken place. 

 

Reference network establishment, image acquisition, and orthophotomosaic generation 

The first step in the workflow (Fig. 2) is to establish a series of geodetic networks, that is, 

permanent, fixed reference points in the reef substrate from which the reference network can 

be measured. Creating a permanent and reliable reference network is critical both for scaling 

the photogrammetric models and registering multiple models in space and time. For our 

https://mcr.lternet.edu/
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network, the reference points were established by SCUBA divers who drilled holes into the 

primary reef substrate and affixed anchors (using underwater epoxy) into which specially 

designed photogrammetry targets could be installed and then removed during each sampling 

event (Fig. 2a). The horizontal and vertical distances between all targets are then measured 

with sub-centimeter precision (see Nocerino et al. 2020, Rossi et al. 2020). The 5 reef plots 

used in this study each have a footprint of about 25 m2 (5 x 5 m), and all had a geodetic 

reference network that was established in 2017. From the reference network measurements for 

each plot, we estimate a set of coordinates that are used to establish a temporally stable 

reference system, which allows us to co-register the photogrammetric surveys and products 

from the different epochs (see Nocerino et al. 2020). 

 Once the reference network is in place, SCUBA divers systematically photograph the 

reef (Fig. 2b). As the diver swims, downward-pointing and oblique photographs are taken at a 

fixed distance above the reef (1-2 m) and at a consistent rate so as to achieve at least 80% 

overlap (but generally > 90%) between consecutive images. Divers were able to maintain a 

consistent distance above the reef while acquiring images using the depth gauge on their dive 

computers (Nocerino et al. 2020, Rossi et al. 2020). The diver completes a series of parallel 

passes along the length of a reef plot, then a series of passes perpendicular to the first. Finally, 

a series of oblique (45-degree angle to the reef) photographs are taken around the perimeter of 

the plot. To minimize temporal and environmentally-caused variation in light incidence on the 

reef, we photographed our plots during the same time of year (August, the austral winter) and 

during the same time of day (between late morning and early afternoon). In total, 500-800 

images were taken of each plot (see Nocerino et al. 2020). Images were acquired in raw format 

and white balance adjustment was performed using color checkers distributed in the 
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measurement area before converting the images to the highest quality JPG format to reproduce 

a more accurate color spectrum (Nocerino et al. 2020). This allows us to extensively adjust the 

lighting and color of the acquired images, despite environmental conditions (e.g., cloud cover, 

water turbidity, depth, etc.) that might cause variation in these attributes. This step is 

fundamental in our protocol as color-fidelity is critical for human identification of marine 

organisms, as well as facilitation of the training and implementation of the automated semantic 

segmentation process described below.  

The final step of our photogrammetric process is constructing Digital Elevation Models 

(DEMs) and orthorectified photomosaics (orthophotomosaics, for short) of each plot (Fig. 3). 

We would like to clarify, however, that the three dimensional information obtained from DEMs 

is of the single valued form, z = f(x,y), and hence is an approximation (i.e., ‘2.5D’) of the true 

three-dimensional shape of the reef. All photogrammetric models and orthophotomosaics were 

generated using Agisoft Metashape (version 2.0), with an average ground resolution of less 

than 1 mm (i.e., pixel size: < 1 x 1 mm), and a discrepancy among reference coordinates of a 

few millimeters (Nocerino et al. 2020, Rossi et al. 2020) 

 

AI-assisted image segmentation and manual validation and editing 

Semantic segmentation involves the detection and partitioning of an image into different 

subdivisions based on their class. We employed TagLab (https://taglab.isti.cnr.it; Pavoni et al. 

2022), an open-source, AI-powered, interactive image segmentation software designed for 

coral reef habitats to annotate and measure corals in our orthophotomosaics (Fig. 2d, 4). 

TagLab enables pixel-wise accurate, scale-aware labeling and analysis of orthophotomosaics. 

This software also facilitates time series analysis when multiple images of a site are available 

https://taglab.isti.cnr.it/
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from different epochs. For example, it is possible to automatically track temporal changes of 

individual objects (e.g., growth, shrinkage, or death of coral colonies) in sequential 

orthophotomosaics of the same site when the objects are co-registered (Fig. 4, inset panels). 

Further, TagLab enables a user to create custom classifiers for automatic recognition of objects 

of interest via creation of a training dataset. Building the training dataset utilizes semi-

automatic segmentation, in which a human operator manually identifies and labels colonies 

using AI-assisted tools to outline coral colony borders. For example, the user only needs to 

indicate the four most extreme points of a colony border, rather than tracing the entire colony. 

This and other semi-automatic segmentation tools greatly expedite creation of the training 

dataset, after which fully automatic segmentation can be used. In this study, two of the ten 

orthophotomosaics (the same plot from both epochs) we produced were annotated semi-

automatically to build the training dataset for the fully automatic classifier, which was then 

used to segment the remaining eight orthophotomosaics. TagLab is available to download from 

Github: https://github.com/cnr-isti-vclab/TagLab (see Pavoni et al. 2022 for more detail on the 

software’s mechanics). 

A human operator should always validate the automatic segmentations visually (Fig. 

2e). Then, depending on the desired metric or level of accuracy, the operator can correct 

mistakes made during the automatic classification by manually correcting any poorly predicted 

colony borders or mislabeled objects. This will require additional human labor and processing 

time. In this study, once the training dataset had been used to build the fully automatic 

classifier, we took further action to validate the accuracy of the automatic classifier and 

improve the quality of the automatic segmentations. Because we were interested in exploring 

patterns based on individual coral colony size, we manually divided segmentations that 

https://github.com/cnr-isti-vclab/TagLab
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enclosed multiple, overlapping or adjacent coral colonies of the same taxon. However, if a user 

is interested solely in the total areal coverage by different types of objects (e.g., live and dead 

corals), minimal further editing would likely be required. Lastly, we modified the TagLab 

software for this study in order to approximate 3D metrics of reef organisms. Previously, 

TagLab did not support the loading or analysis of DEMs, but only three-channel (RGB) 

images. The software was modified to be able to layer the RGB images on their respective 

DEMs in order to extract 3D approximations of coral colony (and other) surface areas. 

 

Analyses and impact assessment 

Due to the dominance of corals in the genus Pocillopora inhabiting the reefs we studied (> 

90% of coral colonies present), and the relative scarcity of other taxa, we focused our analyses 

on changes in Pocillopora corals. Using the automatically generated, manually corrected 

segmentations, we analyzed several metrics of live and dead coral cover to estimate changes 

driven by the bleaching event (Fig. 2f). First, we excluded all segmentations < 2 cm2, as these 

were too small for a human observer to reliably identify. Next, we calculated the total 

proportion of colonies that were alive or dead before and after the bleaching event to 

understand how the ratio of live to dead colonies changed in response to this disturbance. To 

quantify the magnitude of change in live and dead coral area from before to after bleaching, 

we summed the total 3D surface areas (estimated from Digital Elevation Models (DEMs) of 

the photogrammetric models) of live and dead colonies for all 5 plots in each epoch (pre-

bleaching: 2018, post-bleaching: 2019), then averaged across replicate plots within an epoch. 

 To explore patterns of size-dependent mortality after bleaching, we sorted the live and 

dead colonies by size classes (based on the approximated 3D surface area of a coral colony) 
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and compared abundances of these classes before and after the bleaching event. Thresholds for 

the size classes were based on the quartiles of colony sizes for live corals before the bleaching 

event (i.e., the size structure of the pre-bleaching population). We rounded the size thresholds 

slightly to create clean cut-offs between classes. To create just three size classes (Small, 

Medium, and Large), the middle two quartiles were combined for the Medium size class, as 

these two quartiles behaved similarly to one another through time. The final size classes used 

were: < 100 cm2 (Small), 100 - 400 cm2 (Medium), and > 400 cm2 (Large). Because larger 

colonies were more scarce than smaller ones, the ‘Large’ class contained a much wider range 

in sizes (401 - 3,487 cm2) than the two smaller classes. Lastly, we applied these size classes to 

the dead coral colonies to assess mortality of corals based on colony size.  

Finally, we compared estimated loss of live coral cover after the bleaching event using 

two different metrics of coral surface area: approximated 3D surface area derived from the 

DEMs, and 2D planar area derived from the areas enclosed by the perimeters of  segmented 

regions. 2D planar area is commonly used in studies of coral reefs to estimate the areal 

footprints of corals and other organisms within an image, which are then used as a proxy for 

coral colony size. To test whether the approximated 3D metric captured a greater magnitude 

of coral decline after bleaching compared to the 2D metric, we ran an Analysis of Covariance 

(ANCOVA) on live coral surface area as a function of area metric (approximated 3D or 2D) 

and epoch (pre-bleaching: 2018, post-bleaching: 2019). All analyses were performed in R 

(version 4.0.0; R Core Team 2023) and RStudio (version 2022.12.0.353; Posit team 2024) 

using the Tidyverse package (Wickham et al. 2019), and visualizations utilized colors from 

Manu: NZ Bird Colour Palettes (Thomson 2022). 
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RESULTS 

Automatic segmentation and manual validation/improvement 

After training a custom classifier on two orthophotomosaics of the same plot (one image from 

epoch 1 pre-bleaching: 2018; one from epoch 2 post-bleaching: 2019), the fully automatic 

classification correctly classified 93% of pixels (each ~ 1 mm) for living Pocillopora, which 

is comparable to the performance of a human operator and is the maximum accuracy generally 

achievable (Pavoni et al. 2022). The classification accuracy for dead coral, however, was 

lower, with 70% of pixels correctly classified. There were two reasons for this. First, dead 

coral often resembles the primary reef substrate and therefore was sometimes mis-classified as 

background reef. Second, there was a relatively low representation of dead coral in the two 

orthophotomosaics used for the training dataset, as dead corals were prevalent only in the post-

bleaching image, which could be rectified by additional training. Nonetheless, the automatic 

classifier was able to segment the corals in an entire orthophotomosaic in a matter of minutes, 

a task that would have taken a human operator tens of hours to complete manually.  

While the automatic classifier was highly accurate in classifying pixels as live or dead 

coral, it does not yet have the ability to distinguish well between colonies that have abutting 

borders. Therefore, to obtain information on sizes and numbers of colonies, further manual 

division of the segmentations by a human was required. Before cropping our 

orthophotomosaics down to designated working areas (to standardize the areas surveyed), and 

before removing segmentations < 2 cm2 in area, 2060 segmentations of live coral were 

completed automatically for the orthophotomosaics of the pre-bleaching epoch. These 

segmentations were further divided manually by a human observer into 4366 live colonies. For 

the post-bleaching epoch, 2426 segmentations were completed automatically but were then 
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manually divided further into 3181 live colonies. The number of dead coral colonies was nearly 

identical between the automatic and manual segmentations for the pre-bleaching epoch (1288 

compared to 1289, respectively), but for the 2019 epoch, manual division increased the number 

of dead colonies from 1471 to 2077. After manually correcting all segmentations, removing 

segmentations < 2 cm2, and standardizing to the designated working areas for the plots, the 

total number of corals (live + dead) was 4,306 in the pre-bleaching epoch and 4,015 in the 

post-bleaching epoch. Manually dividing the automatically segmented colonies added only 

about one hour per orthophotomosaic to the overall time required for processing the images.  

 

Changes in colony numbers, approximated 3D surface areas, and size structure of corals 

As expected, the proportions of live and dead coral colonies changed substantially from before 

to after the bleaching event (Fig. 5a). Of the 4,306 colonies measured across all 5 plots before 

bleaching (within designated working areas), roughly 21% (904) of these were dead. However, 

this proportion nearly doubled following the bleaching event, after which 41% (1,646) of the 

4,015 colonies measured were classified as dead. Our assessment of changes in the 

approximated 3D surface areas of live and dead corals at the plot scale (~ 25 m2) before and 

after bleaching revealed even more dramatic changes (Fig. 5b). After bleaching, the 

approximated 3D surface area of live coral decreased by more than half, from 26.7 (± 2.4) m2 

to 12.5 (± 1.0) m2 (means ± SE), respectively. By contrast, the total surface area of dead coral 

increased by over eight-fold, from 1.9 ± 0.3 m2 to 16.6 ± 1.6 m2 and surpassed the total amount 

of coral surface area that remained alive after the bleaching event.  

We explored size-dependent relationships of coral mortality and found striking 

differences among size classes in their response to bleaching (Fig. 6). The number of colonies 
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in the largest size class of dead coral (> 400 cm 2) increased by 24-fold after the bleaching 

event, from 5.6 (± 1.3) dead colonies per plot (mean ± SE) before bleaching to 133.8 (± 16.0) 

dead colonies afterward. The medium size class (100 - 400 cm2) showed a much more modest 

increase of 1.3-fold, from 60.4 (± 8.7) colonies before bleaching to 89.4 (± 15.4) colonies after. 

Lastly, the smallest size class showed no statistical differences in mean number of dead corals 

per plot from before to after the bleaching event. This size-dependent pattern in mortality 

corroborates our observation that the change in surface area of live and dead coral was 

markedly higher than the change in the proportion of live and dead colonies, as larger colonies 

contribute disproportionately more to reef coverage than do smaller colonies. 

 

Comparison of approximated 3D surface area with 2D planar area 

Our comparison of the approximated 3D surface area estimates with 2D planar area estimates 

of live corals showed, unsurprisingly, that the 3D metric estimated far greater amounts of live 

coral area within a time period than the 2D metric (triangles compared to squares in Fig. 7). 

More importantly, the approximated 3D metric revealed a significantly greater loss rate of live 

coral than the 2D metric (slopes of the relationships in Fig. 7 differ; ANCOVA: F1,0.05 = 5.05, 

p = 0.03; see Appendix A, Table A1). 

 

DISCUSSION  

Quantification of the coral bleaching event 

 Assessing the ecological impacts of natural and anthropogenic disturbances is 

increasingly important as these events become more common and severe. Therefore, 

innovative tools and reliable methods are needed to accurately quantify changes in populations 
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and communities of organisms affected by these disturbances. This is especially important for 

shallow subtidal ecosystems such as coral reefs, which are becoming increasingly threatened 

by more frequent and severe bleaching events (Hughes et al. 2018, 2019, Lough et al. 2018, 

Donovan et al. 2020, 2021). Here, we outlined a novel method that combined underwater 

photogrammetry with AI-assisted image segmentation software to rapidly and accurately 

quantify the impact of a major coral bleaching event on a tropical reef. We showed significant 

changes to the composition of this reef both at the coral colony and the landscape scale. Use 

of an approximated 3D metric to quantify coral, as facilitated by the tools and techniques we 

described, provided a more accurate estimate of the amount of coral present and the rate of loss 

due to a coral mortality event compared to the more commonly used 2D metric.   

The workflow described here not only enables a more accurate quantification of coral 

loss over ecologically meaningful spatial scales (Fig. 5), it also provides the ability to 

characterize a colony size-specific pattern of mortality. For Pocillopora, the prominent taxon 

of coral in the system, the largest colonies were disproportionately affected by the bleaching 

event, where the number of dead colonies in the largest size class increased by an order of 

magnitude more than for smaller sized colonies (Fig. 6). This pattern aligns with other field 

studies of coral bleaching in Moorea (Burgess et al. 2021, Speare et al. 2022, Honeycutt et al. 

2023) and energetic modeling of corals (Cunning et al. 2017) that have all found size-specific 

variation in susceptibility of Pocillopora colonies to bleaching and subsequent mortality. The 

disproportionate loss of larger Pocillopora colonies also explains the greater effect we 

observed on the change in coral cover (Fig. 5b) compared to the smaller change in proportions 

of live and dead colonies (Fig. 5a). 
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Many studies of coral reefs have implemented manual tracing of coral colonies to 

estimate their areal footprint as a 2D surface, which is used as a proxy for colony size (Connell 

et al. 1997, Lirman et al. 2007, Kikuzawa et al. 2018, El-Khaled et al. 2022, Rich et al. 2022). 

By approximating the 3D surface areas of corals, we captured a loss rate of live coral that was 

significantly greater than that estimated by 2D planar area (Fig. 7). A previous study (House 

et al. 2018) that explored the relationship between 2D and 3D estimates of total surface area 

of single coral colonies revealed scaling relationships that depended on coral morphology, 

leading the authors to conclude that the labor-intensive nature of measuring corals in 3D may 

be avoided by converting 2D measurements into 3D metrics to quantify change over 

ecologically meaningful spatial scales in the field. Our coupling of a rigorous photogrammetric 

survey method with novel, open-access AI-assisted image segmentation software (TagLab) 

enables direct 3D approximation of both the surface area of coral skeletons and semantic 

segmentation of co-located coral colonies with high resolution over large scales. This AI-

assisted approach enabled us to estimate absolute changes in live and dead coral cover on the 

reef with a realistic level of effort. In turn, this could improve estimates of how disturbance 

will modify important ecological processes and services that corals provide, such as reef 

metabolism and habitat provisioning (Moberg and Folke 1999, Holbrook et al. 2011), enabling 

ecologists to better predict cascading ecological consequences of disturbance (Holbrook et al. 

2008, 2015, Messmer et al. 2011, Adam et al. 2014, Han et al. 2016, Schmitt et al. 2019, 

Kopecky et al. 2023). 

 

Advantages to our approach 
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Our photogrammetric approach allowed us to quantify changes in live and dead coral 

cover over spatial scales of tens of square meters with sub-centimeter resolution and accuracy 

(Nocerino et al. 2020, Pavoni et al. 2022). From an ecological standpoint, the use of a fixed 

geodetic reference network as we described here provides several benefits compared to more 

commonly used photogrammetric survey techniques. First, the reference network acts to set a 

robust, three-dimensional scale for measuring objects (such as coral colonies) within an 

orthophotomosaic. Second, the reference network enables users to georeference their 

orthophotomosaics and therefore align multiple orthophotomosaics of the same site taken at 

different times (epochs). This facilitates highly precise spatiotemporal comparisons that can 

yield highly accurate time series estimations of important biological variables. Third, the 

reference network provides users a means of estimating the error margins of their 

measurements, allowing the assessment of whether changes in biological variables through 

time (such as growth or loss of corals) are statistically significant (Nocerino et al. 2020, Pavoni 

et al. 2022).  

When coupled with AI, the high volumes of information contained in large 

orthophotomosaics can be processed efficiently. With the use of TagLab, we were able to 

rapidly extract large amounts of high spatial resolution data from the orthophotomosaics 

produced by our photogrammetric approach (Fig. 4). Automating the annotation of these 

orthophotomosaics substantially reduced the processing time compared to annotations 

completed manually (Pavoni et al. 2022, Miller et al. 2023). Not only were the automated 

annotations highly accurate compared to those completed by humans, they can be improved 

through manually editing or additional data and training. Further, once a desired level of 

accuracy is achieved in training the program, the process of extracting data from 
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orthophotomosaics can be completed by personnel with less taxonomic or ecological expertise. 

Automating the highly time-intensive task of measuring corals within photographs, such as we 

have shown here, can boost our capabilities to monitor and detect changes in highly threatened 

ecosystems like coral reefs. 

 

Caveats to our approach 

Several opportunities exist for improvement of our workflow. With regard to the 

photogrammetric process, the establishment of an underwater fixed reference network can be 

a challenging and labor-intensive task. New tools based on the integration of Inertial 

Measurement Unit (IMU) and depth sensors (Menna et al. 2021, Nocerino and Menna 2023), 

however, are being developed to reduce the number of measurements needed between fixed 

reference points – in particular, the vertical distances between fixed reference points, which 

are the most difficult to measure. With regard to the AI-assisted segmentation process, a few 

issues arose that required manual intervention. First, while the automatic classifier was highly 

accurate in classifying live coral and reasonably accurate in classifying dead coral, it had 

difficulty differentiating between colonies in the same semantic category when they shared 

borders or overlapped one another. This is understandable, as this task was difficult even for 

human observers due to the high density of abutting, congeneric coral colonies on the reefs we 

studied. If a user is interested in colony-level changes (as opposed to total, reef-scale changes 

in coral cover), some additional labor may be required to manually separate colonies if colony 

density is high on the reef being studied. Second, the automatic classifier failed to classify live 

and dead coral in a small minority of cases (< 10%), which could be attributable to the image 

quality for those particular colonies, or the relatively small training dataset we used (the 
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program was trained on only two orthophotomosaics, one of which contained relatively few 

dead coral colonies). Nonetheless, TagLab performed impressively with respect to quantifying 

live and dead coral cover, its automatic segmentations can be continually improved with 

further training or manual editing, and it will likely become a widely used tool in the study and 

monitoring of coral reef ecosystems. 

 

Future directions 

There are several avenues to build on the work we have presented here, some of which are 

already underway. First, researchers in our group are currently developing techniques to 

perform segmentation on 3D point clouds, which will further enhance the accuracy of 

measuring the 3D surface areas of complex structures like coral colonies using 

photogrammetric methods. Additionally, we are exploring the incorporation of multispectral 

sensors affixed to underwater drones to facilitate the acquisition and processing of underwater 

images used for underwater photogrammetry. As for developments regarding TagLab, there 

are several in progress. First, data from subsequent years following those presented in this 

study can be used to further train the automatic classifier, making it more robust. We plan to 

release this trained model to be publicly available. We are also currently refining methods and 

algorithms to easily track individual objects as they transition between classes, such as a live 

coral colony that dies wholly or partially between epochs. Further, we are developing an AI-

assisted point classification tool that can be used to estimate the cover of organisms and objects 

that are difficult to measure via currently available tools (e.g., patches of algae). Lastly, the 

architecture of TagLab will soon transition from using semantic segmentation to panoptic 
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segmentation, which will allow for the quantification of amorphous or indistinct components 

of the benthos, such as reef substrate or coral rubble. 

 

CONCLUSIONS 

The pace of changing global conditions warrants development of sophisticated methods and 

tools that can be used to make informed decisions for management of threatened ecosystems. 

Here, we have described an integrated underwater photogrammetry and AI-assisted image 

segmentation methodology for robustly and efficiently quantifying change in coral, the 

foundation species of tropical reefs. The insights that can be gleaned from this technique are 

numerous and could enable ecologists to answer questions that may not feasibly be addressed 

with traditional methods. Further, robust change detection as we have demonstrated could 

prove highly valuable for ecological monitoring efforts by reducing the tradeoff between the 

areal extent that can be feasibly surveyed and the spatial resolution that can be achieved. 

Enhancing both the spatial extent and resolution of ecological monitoring will strengthen our 

ability to forecast how the functioning of vulnerable ecosystems, such as coral reefs, will 

change in an uncertain future, helping us to mitigate undesired impacts of disturbance. 
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FIGURES 

 

 

Figure 1. Site location. a) satellite image of geographical location of French Polynesia in the 
south Pacific Ocean; b) satellite image of Moorea, French Polynesia with a box indicating the 

location of the study site; c) the fore reef of Moorea near our study site after the bleaching 
event that occurred in April of 2019 (PC: A. Thurber). 
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Figure 2. Schematic of workflow: a) custom designed mount for a photogrammetry target that 

can be screwed into an anchor mounted in the reef substrate (PC: Kai L. Kopecky); b) diver 
taking photographs of the reef with custom photogrammetry targets in place (PC: Rand i N. 
Honeycutt); c) orthophotomosaic of a single reef plot before the bleaching event; d) automatic 

segmentations made in TagLab (bright pink shapes) inside of a designated working area 
(shaded square) on the orthophotomosaic; e) zoomed-in view of annotated live corals in 

TagLab; f) an example live coral colony (left panel) that died after the bleaching event (right 
panel). 
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Figure 3. Example of 3D model layers for a single reef plot and epoch. a) 3D mesh model with 

shaded rendering; b) 3D mesh model with ambient occlusion rendering; c) Digital Elevation 
Model (DEM); and d) orthorectified photomosaic. 
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Figure 4. The TagLab computer interface. A plot with automatic segmentations of live and 

dead coral before (left) and after (right) the bleaching event. The small images show a live 
coral colony (left, pink shading) that died as a result of the bleaching event (right, brown 

shading). White boxes and lines indicate where the example colony is located in each of the 
larger images. The panels on the far right display various attributes of the plot and the annotated 
colonies. From top to bottom: total coverage of designated coral classes (i.e., live and dead 

coral); a data table showing all annotated colonies, co-registered through time; attributes of the 
selected colony (e.g., 2D planar area, approximated 3D surface area, and perimeter); and a map 

preview showing the portion of the entire orthophotomosaic that is currently displayed. 
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Figure 5. Changes in live and dead coral from before to after bleaching. a) The proportions of 

the total number of colonies (summed across replicate plots) in each year that were either alive 
(gray) or dead (black). Total number of colonies before bleaching: N = 4306; total number of 

colonies after bleaching: N = 4015. b) Total approximated 3D surface areas (m2) of live coral 
(gray) and dead coral (black). Triangles indicate means, error bars are ± 1 SE, lines connect 
means through time, and small dots are plot (replicate) totals. 
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Figure 6. The mean number (± 1 SE; N = 5 plots) of dead coral colonies per plot in three size 
classes (approximated 3D surface area in cm2), before (2018, dark blue) and after (2019, light 

blue) the bleaching event.  
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Figure 7. Comparison of estimates of live coral using approximated 3D surface area (m2, 

triangles) and 2D planar area (m2, squares) in 2018 (pre-bleaching, dark blue) and 2019 (post-
bleaching, light blue) (plots as replicates). Triangles and squares represent means, error bars 
are ± 1 SE, and lines connect observations through time. 
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SUPPLEMENTARY MATERIALS: Appendix A 

Table A1. Results of Analysis of Covariance (ANCOVA) testing the effect of using 2D vs 
3D measures of live coral area to compare changes in cover of live coral before and after a 

major bleaching event. 
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Chapter IV. Clearing a path to resilience: removal of dead coral skeletons 
mitigates impacts of coral bleaching 

 
 
ABSTRACT 

Ecological disturbance regimes are being modified under global change, and as a consequence, 

new types of disturbance legacies are arising that pose an uncertain future for contemporary 

ecosystems. In particular, the standing structures of dead foundation species – a type of 

material legacy – are increasingly prominent in post-disturbance environments and can have 

lasting effects on ecosystem structure and function, but how these legacies alter ecosystem 

resilience remains less understood. Here, we explored  how the material legacy of an 

increasingly common disturbance on coral reefs – dead coral skeletons left by heatwave-

induced coral bleaching – influences dynamics of spatial competition between corals and 

macroalgae, relative to when skeletons are removed by cyclonic storms, the historically 

predominant disturbance type. Shortly after a coral bleaching event in 2019 in Moorea, French 

Polynesia, we initiated a 4-yr-long pulse field experiment where newly dead coral skeletons 

were either left intact or manually removed from replicate patches of reef. We then used 

underwater photogrammetry combined with AI-powered image analysis to quantify 

subsequent patterns of coral growth and death, as well as proliferation of macroalgae, as a 

function of the initial presence or absence of intact dead skeletons. Our results provide multiple 

lines of evidence that dead coral skeletons diminish coral resilience, and that removing them 

can help mitigate adverse impacts of a coral bleaching event on post-disturbance dynamics. 

After four years, plots where we had removed dead skeletons had 1.6 times more live coral 

and less than half the amount of macroalgae compared to plots where skeletons were left in 

place. Among-plot variation in the abundance of macroalgae was strongly tied to the 
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prevalence of dead coral skeletons, and in turn, higher cover of macroalgae resulted in a greater 

reduction of live coral over time. Lastly, removing dead skeletons stimulated four times greater 

recruitment of corals onto stable, primary reef substrate, relative to when dead coral was not 

manipulated. These findings highlight promising avenues to explore to manage for resilience 

of contemporary coral reefs, which increasingly are perturbed by heatwaves, outbreaks of 

predatory seastars and other such disturbances that generate large standing stocks of dead coral 

skeletons. As material legacies in general become more prominent under global change, there 

is an increasing need to understand their emerging ecological roles and integrate this 

knowledge into current conservation and management of ecosystems. 
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INTRODUCTION 

As ecological disturbance regimes shift under changing global conditions, it becomes 

increasingly critical to understand how the novel legacies of these shifting regimes will alter 

the resilience of contemporary ecosystems. Of particular concern are the fates of foundation 

species, such as trees and corals, which dominate their respective ecosystems in abundance 

and/or biomass. Due to their pervasiveness, foundation species and the biogenic structures they 

create confer strong influences over ecological processes tied to resilience (Ellison 2019, Lamy 

et al. 2020, Kopecky et al. 2023a). These organisms are particularly vulnerable to global 

change, as historically rare disturbances like episodes of thermal stress and outbreaks of pests 

or predators that cause mass mortality of these organisms become commonplace (Dai 2013, 

Hughes et al. 2017, Oliver et al. 2018). The loss of foundation species can have enduring effects 

on the resilience properties of ecosystems (Ellison et al. 2005), and an emerging focus is to 

understand how the dead structures of these organisms that remain after disturbance – a type 

of material legacy – affect the capacity for ecosystems to regain their pre-disturbance 

conditions (Johnstone et al. 2016, Saldaña et al. 2023).     

One aspect that hampers the study of material legacies from foundation species is the 

range of scales and high spatial resolutions required to appropriately explore how they may 

alter resilience properties of the ecosystem. Recent innovations in tools used for ecological 

observation enable us to detect changes at unprecedented scales, providing a window to better 

understand the impacts of disturbance on foundation species across space and through time. 

Specifically, advances in remote sensing technologies allow us to survey extensive areas at 

fine-scale resolution both on land (Kerr and Ostrovsky 2003, Lechner et al. 2020, Lee et al. 

2020) and underwater (Hedley et al. 2016, McCarthy et al. 2017, Carneiro et al. 2024, 

https://www.zotero.org/google-docs/?2RKxXx
https://www.zotero.org/google-docs/?2RKxXx
https://www.zotero.org/google-docs/?2RKxXx
https://www.zotero.org/google-docs/?2RKxXx
https://www.zotero.org/google-docs/?RIsXY6
https://www.zotero.org/google-docs/?RIsXY6
https://www.zotero.org/google-docs/?ZOeTfD
https://www.zotero.org/google-docs/?DiruLV
https://www.zotero.org/google-docs/?6VyBlE
https://www.zotero.org/google-docs/?6VyBlE
https://www.zotero.org/google-docs/?ksL41t
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Remmers et al. 2024). Further, advances in artificial intelligence (AI) enable us to efficiently 

extract high volumes of data from remote sensing products (Bjorck et al. 2021, Pavoni et al. 

2022), making it possible to do so at ecologically meaningful temporal and spatial scales. This 

combined approach has been increasingly used to map biological and physical attributes of 

landscapes to assess levels of environmental quality and monitor changes in species 

distributions (Shi and Li 2007, Nourani et al. 2020, Burns et al. 2022, Rapinel et al. 2023), but 

a newer focus is to directly evaluate the impacts of ecological disturbances and track 

subsequent patterns of recovery or degradation. For instance, remote sensing and AI have been 

implemented in concert to detect outbreaks of pathogens that cause widespread mortality of 

trees in forests (Sandino et al. 2018, Iordache et al. 2020, Marvasti-Zadeh et al. 2023), as well 

as quantify the loss of reef-building corals following episodes of bleaching on coral reefs 

(Kopecky et al. 2023b).  

Coral reefs showcase both the power of combining remote sensing and AI, as well as 

the critical issue of shifting disturbance regimes. While tropical storms that generate powerful 

waves were historically the primary agent of disturbance on coral reefs, marine heat waves and 

outbreaks of coral predators (Crown of Thorns seastars) have become increasingly prominent  

sources of widespread coral mortality over the last several decades (Hughes et al. 2017, 

Pratchett et al. 2017, Oliver et al. 2018). Unlike tropical storms which tend to scour coral 

skeletons from the reef (Harmelin-Vivien 1994, Gardner et al. 2005), thermal stress events and 

predator outbreaks tend to leave dead coral skeletons intact (Baker et al. 2008, Pratchett et al. 

2017), and thus create a fundamentally different benthic environment in which subsequent 

community reassembly takes place. Recent empirical evidence shows that dead branching 

coral skeletons can facilitate the development of macroalgae – a spatial competitor of coral – 

https://www.zotero.org/google-docs/?ksL41t
https://www.zotero.org/google-docs/?Fc7TeF
https://www.zotero.org/google-docs/?Fc7TeF
https://www.zotero.org/google-docs/?EfPKpN
https://www.zotero.org/google-docs/?3zpapH
https://www.zotero.org/google-docs/?lfQxcY
https://www.zotero.org/google-docs/?lfQxcY
https://www.zotero.org/google-docs/?lfQxcY
https://www.zotero.org/google-docs/?RSjn82
https://www.zotero.org/google-docs/?RSjn82
https://www.zotero.org/google-docs/?XZ7zA0
https://www.zotero.org/google-docs/?Aw6E2l
https://www.zotero.org/google-docs/?Aw6E2l
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by impairing the ability of herbivores to forage and limit successful recruitment of new coral 

colonists (Kopecky et al. in review). Additionally, recently developed theory suggests 

impairment of this nature can cascade into long-term consequences for coral resilience, like 

shifts from coral to macroalgae-dominated reefscapes (Kopecky et al. 2023a) that can be 

especially challenging or impractical to reverse (Schmitt et al. 2019, 2022). An important 

aspect that remains to be more fully explored is how dead skeletons modify spatial interactions 

between coral and macroalgae in the wake of a disturbance (e.g., coral bleaching or predator 

outbreaks) and thereby influence the outcomes of coral-algae spatial competition.  

To address the open question of how dead skeletons affect competition between coral 

and macroalgae for reef space, we initiated a long-term field experiment following a 

moderately severe coral bleaching event on the reefs of Moorea, French Polynesia that caused 

widespread coral mortality. In the 4 years following this bleaching event, these reefs have 

shown continued declines in coral and concomitant increases in macroalgae, which stands in 

sharp contrast to the rapid recovery of coral (~5 years) that took place after a powerful cyclone 

killed almost all colonies on the same reefs in 2010 (Holbrook et al. 2018). Importantly, dead 

skeletons were largely removed from these reefs by the cyclone, whereas vast canopies of dead 

branching coral skeletons have remained following the recent bleaching event. To explore 

whether the capacity for reef recovery is limited by the retention of dead skeletons after 

disturbance, we compared trajectories of coral and macroalgae assemblages inside 4 m2 

patches of reef where we manually removed dead skeletons with those inside unmanipulated 

patches. To track coral growth and death, as well as the development of macroalgae, in these 

patches at a very high (sub-centimeter) spatial resolution over several years, we implemented 

a robust workflow that combined underwater photogrammetry with AI-powered image 

https://www.zotero.org/google-docs/?Pu6VR2
https://www.zotero.org/google-docs/?Pu6VR2
https://www.zotero.org/google-docs/?Pu6VR2
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analysis. We tested three central questions regarding the role of dead coral skeletons in post -

disturbance benthic dynamics compared to when they are removed: 1) How do dead standing 

coral skeletons affect the growth and survival of live coral relative to when dead skeletons are 

removed? 2) How do dead skeletons influence the proliferation of macroalgae through time 

and across space? and 3) How do dead skeletons affect the distribution pattern of newly settled 

corals among microhabitats, and therefore their likely fate?  

 

METHODS 

Site description 

Moorea, French Polynesia (17.5388° S, 149.8295° W) is a high-lying volcanic island with a 

barrier reef enclosing a shallow lagoon around the entirety of the island’s roughly 60 km 

perimeter. Beyond the barrier reef lie fore reef slopes that extend from the surface (reef crest) 

down to > 50 m, and these are characterized by reef spurs separated by grooves that are 

typically filled with sand and coral rubble. Many taxa of scleractinian (stony) corals grow on 

the reef spurs, including branching, tabling, corymbose, encrusting, and mounding 

morphologies. In April 2019, a moderately severe thermal anomaly elevated sea temperatures 

that caused a mass episode of coral bleaching, ultimately resulting in > 50% mortality of corals 

in some areas and disproportionately affecting the more structurally complex morphologies 

(i.e., branching, tabling, and corymbose; Speare et al. 2022). As a result , this event left large 

amounts of structurally complex, dead coral skeletons intact on the reef.   

 

Removal of dead coral skeletons 
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In August of 2019, four months after bleaching when affected colonies had either died or 

recovered, we demarcated 20 plots, each roughly 4 m2 in area and spaced > 1 m from its nearest 

neighbor, over an area of ~1000 m2 at a depth of 9 – 11 m on the north shore fore reef. This 

exact study site was studied extensively following Cyclone Oli in 2010 (Adam et al. 2011, 

Holbrook et al. 2016, 2018, Schmitt et al. 2019). We used visual estimates to select reef areas 

that reflected natural variation in the cover of live Pocillopora (15-30%; by far the most 

dominant coral taxon) and dead branching coral (15- 38%). We then identified pairs of these 

plots with similar amounts of live and dead coral coverage and randomly selected one plot 

from each pair from which to remove dead branching coral skeletons (i.e., the Skeleton removal 

treatment), then left the other plot unmanipulated. We assigned plots to treatments in this way 

to ensure that each treatment contained ten plots with similar ranges in live and dead coral 

before manipulation. Before removing any skeletons, we photographed  each plot using our 

photogrammetric workflow (described in the next section), then in August 2019, we manually 

removed dead branching coral skeletons from the ten designated plots using hammers and 

chisels and transported the dead skeletal material to nearby reef grooves well below the plots. 

Because some corals had undergone only partial mortality, we removed any colonies with > 

50% tissue loss, assuming these would soon die completely, but left dead skeleton material in 

place on colonies with < 50% mortality, meaning the Skeleton removal treatment still 

contained some dead coral structure (Fig. S1). At the start of the experiment, both treatments 

had an equivalent amount of live coral (Skeletal removal: 2.41 ± 0.17 m2; Skeletal retention: 

2.47 ± 0.11 m2; Fig S2). Lastly, we also removed any existing macroalgae from the Skeleton 

removal plots, assuming that macroalgae would also be dislodged during a wave-scouring 
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disturbance event such as from a powerful cyclonic storm (Harmelin-Vivien 1994). No 

subsequent manipulations were undertaken for the 4-year duration of this experiment. 

 

Image collection and photogrammetry 

We followed the photogrammetric workflow developed by Nocerino et al. (2020) to create a 

time-series of Digital Elevations Models (DEMs) and orthorectified photomosaics (hereafter, 

orthophotos) of our experimental plots that were spatially co-registered through time (Fig. 1). 

We established five fixed reference (ground control) points in each plot by drilling holes into 

the primary reef substrate and installing a threaded anchor into each hole with marine epoxy 

(Z-Spar A-788 Splash Zone Epoxy). A reference point was installed in all four corners of each 

plot, and the fifth was placed somewhere in the center; we used the four corner reference points 

to delimit the perimeter of each plot. Due to the distribution of suitable substrate into which 

anchors could permanently be installed in the reef, our plots varied somewhat in shape and 

size, but the average plot areas were similar between treatments (Skeleton removal mean plot 

area ± SE: 4.1 ± 0.2 m2; Skeleton retention: 3.9 ± 0.1 m2). The measured relative positions 

among reference points within a plot create what is referred to as a ‘geodetic network’ (a three-

dimensional coordinate system with known dimensions), which allows us to set the scale of 

our photogrammetric models as well as spatially co-register models of the same plot from 

different timepoints (Nocerino et al. 2020). To create the geodetic network of each plot, we 

measured the lateral distances between all five reference points to the nearest millimeter using 

a metal measuring tape, taking repeated reciprocal measurements (e.g., from point 1 to point 2 

and from point 2 to point 1) to obtain an average distance and minimize error; prior 

quantification of the error in planimetry associated with this XY measurement technique in our 
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fore reef system yielded a standard error of under 3 mm for our plot size (Nocerino et al 2020). 

Then, we used a dive computer to measure the depth of each reference point (to the nearest 

tenth of a meter) to obtain relative elevational differences among the reference points (i.e., the 

Z-dimension). 

We collected images of our plots to build orthophotos using SCUBA in the austral 

winters of each year from 2019 – 2023, implementing the general protocol described by 

Nocerino et al. (2020). When photographing a plot, we screwed custom-made, aluminum posts 

mounted with coded photogrammetry targets (which aid in auto-alignment of images when 

building photogrammetric models) into each reference point anchor and laid a transect tape 

around the perimeter of the plot. We then collected images, with ~80% overlap between 

sequential images, from a top-down perspective by continuously taking photographs in a 

‘lawnmower pattern’, or a series of parallel passes, followed by a second series of passes 

perpendicular to the first. Finally, we took one series of images from a 45-degree angle relative 

to the reef plane (referred to as ‘oblique’) from around the perimeter and pointed toward the 

center of the plot. Photographing our reef plots from roughly 1 m above the reef yielded a 

ground sample distance that ranged from 0.3-0.5 mm/pixel. We collected 200-300 images of 

each plot at each time point using an Olympus Tough TG6 camera inside an Olympus 

underwater camera housing mounted with a wet dome port lens. 

We used Metashape Pro (version 2.0.3) to build 3D models, DEMs, and orthophotos 

for image analysis. Using the geodetic networks, we created ‘reference panes’, or sets of X, Y, 

and Z coordinates for each plot that could be applied to the point cloud of each successive time 

point to standardize the perspective of the orthophotos through each time point and minimize 

measurement errors associated with differing angles or points of view. We built DEMs and 
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orthophotos for 5 time points of each plot (aside from one plot which we were not able to 

photograph in 2021), totaling 99 DEMs and 99 orthophotos at a resolution of 0.5mm/pixel to 

standardize our image analysis across all plots and time points.  

 

Image and data analysis 

We employed the AI-powered image segmentation software, TagLab (Pavoni et al. 2022), and 

general workflow outlined in Kopecky et al. (2023b) to annotate our orthophotos and extract 

metrics of coral growth and death, as well as the development of macroalgae over time. By 

layering each orthophoto atop its respective DEM, TagLab allows for measuring a three-

dimensional approximation (‘2.5D’) of the surface areas of objects within an image, which 

enables more accurate change detection than traditional, two-dimensional image segmentation 

methods that yield only planar area (Kopecky et al. 2023b). We first annotated live and dead 

coral in the orthophotos from all five timepoints in each of four plots (i.e., 20 orthophotos) 

using ‘semi-automatic’ segmentation tools (see Pavoni et al. 2022) to build a training dataset. 

This dataset was then used to train a fully automated classifier via machine learning (see Pavoni 

et al. 2022 for more details) to annotate and measure the three-dimensional surface areas of 

live and dead corals in the remaining (79) orthophotos.  

Because branching corals were most impacted by the bleaching event (Speare et al. 

2022), we focused on these taxa in this study – specifically Pocillopora spp. and Acropora 

spp. To evaluate the effects of dead skeleton removal on live coral cover over time, we 

calculated the fraction of live branching coral remaining at each time point, standardized to the 

amount present at the start of the experiment, setting all values equal to one at the initial time 

point (2019). This standardization did not introduce bias because both treatments began with 

https://www.zotero.org/google-docs/?dWxH00
https://www.zotero.org/google-docs/?YMA6dH
https://www.zotero.org/google-docs/?YMA6dH
https://www.zotero.org/google-docs/?YMA6dH
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equivalent amounts of live coral at the initial sampling date in 2019 (means ± SE; Skeleton 

removal: 2.41 ± 0.17 m2; Skeleton retention: 2.47 ± 0.11 m2). We then built a generalized linear 

mixed effects model (package glmmTMB) to test for differences between treatments in the 

proportions of live coral remaining at each successive time point, testing for an interaction 

between skeletal treatment and time point. For this model, we used a beta distribution and logit 

link function and treated time point as a categorical variable. Because we set all values to one 

for the initial 2019 sampling date, we omitted this time point from the model. For the GLMM 

analysis, we treated plot identity as a random effect to account for random variation among our 

replicate plots and for repeated measures through time.  

Because macroalgae exhibit highly variable growth morphologies and are moved easily 

by ocean surge, we could not use the same image segmentation technique as we did for coral 

to quantify cover of macroalgae. Instead, we used a point classification method to estimate 

macroalgae cover, in which we laid a grid of 750 – 900 points in each image (the number of 

points that fell within the plot boundaries varied due to variation in plot shape and size) and 

classified whether each point was macroalgae, and if so, the algal taxa. As we did for coral, we 

built a generalized linear mixed effects model to test for differences between treatments in the 

cover of macroalgae at each time point and tested for an interaction between skeletal treatment 

and time point. We used a beta distribution, a logit link function, treated time point as 

categorical, and set plot identity as a random effect. We again omitted the initial time point 

from this analysis because algae cover was very low (≤ 2%) in all plots and in both treatments 

at the start of the experiment. To explore the degree to which macroalgae grew on dead coral 

skeletons as a substrate, we calculated the proportions of points classified as macroalgae that 

fell within regions classified as dead coral. For this analysis, we pooled all points across years 
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within each treatment and for each algal taxon we observed. We then used a Chi-squared 

contingency test to determine whether each macroalgal taxon we observed was 

disproportionately found on dead coral skeleton, relative to primary reef substrate and a Chi-

squared post-hoc test to identify which taxa, if any, had significant associations to dead coral 

vs primary reef.  

To explore how dead coral influence the prevalence of macroalgae, we tested the 

degree to which the amount of dead coral in a plot at a given time point influenced the amount 

of macroalgae. Because dead coral was present in varying quantities across both treatments 

and all time points, we did not explicitly consider treatment or time in this analysis, and instead 

explored the effect of dead coral as a continuous predictor on the amount of macroalgae in 

each plot x time point combination. We used a generalized linear mixed effects model with a 

beta distribution and logit link function, but in this case, we set both time point and treatment 

as random effects. Lastly, we tested whether the mean cover of macroalgae between two 

sample years (hereafter, a period) influenced the proportional change in live coral over the 

same period. We calculated the mean cover of macroalgae for a period simply by adding the 

percent cover of macroalgae into successive years and dividing by two for each plot. To 

calculate the proportional change in live coral over each period, we subtracted the amount of 

live coral in a year from the amount in the following year, then divided by the earlier year for 

each plot x period combination. For this analysis, we built a linear mixed effects model of the 

proportional change in live coral in a period as a function of the average cover of macroalgae 

in the same period. We used a Gaussian distribution and set time period and plot identity as 

random effects.  
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Quantifying coral recruits 

Between our 2022 and 2023 sample points, a large coral recruitment event took place (Moorea 

Coral Reef LTER and Edmunds 2024). While the high resolution of our orthophotos were able 

to reliably capture larger juvenile corals (i.e., > 2 years old), corals that settled between 2022 

and 2023 would likely have been too small and/or cryptic to be detected with the resolution of 

our orthophotos. We instead conducted visual counts in situ of coral recruits in our 

experimental plots in August 2023 to assess whether corals preferentially settled on primary 

reef substrate, standing dead coral, or coral rubble. While on SCUBA, we visually counted 

Acropora spp., Pocillopora spp., and Porites spp. recruits ≤ 5cm in diameter, noting which of 

the three substrate types each recruit had settled on. We used a Chi-squared contingency test 

to assess whether there were significant associations of recruits to each substrate type, and 

whether this depended on the skeletal treatment. All analyses were performed and 

visualizations created in R (Version 4.2.3; R Core Team 2023) and R Studio (Version 

2023.12.1.402; Posit team 2024) using the Tidyverse package (Wickham et al. 2019). 

Visualizations utilized colors from the Manu: NZ Bird Colour Palettes (Thomson 2022) and 

the California Ecosystems Palettes (calecopal) package (Bui 2024). 

  

RESULTS 

Our fully automatic classifier was able to rapidly and accurately detect, measure, and identify 

live and dead colonies of Pocillopora spp. and Acropora spp. relative to a human observer, 

reducing labor time by up to two orders of magnitude. By comparing the human-annotated 

training dataset with the fully automatic classification of the same images, we found that the 

accuracy of the automatic classifier in correctly identifying pixels of the various classes was 

https://www.zotero.org/google-docs/?uHYZI2
https://www.zotero.org/google-docs/?uHYZI2
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95.1% for background (i.e., not objects of interest), 92.5% for Acropora, 92.1% for 

Pocillopora, and 85% for pixels of dead coral (Fig. S3). The slightly lower accuracy achieved 

for dead coral is attributable to the automatic classifier (understandably) mistaking this class 

as background reef substrate (see confusion matrix, Fig. S3), as these two classes appear 

similar to one another in later years of the experiment as the dead corals break down and 

disintegrate. Some minor correction of the automatic classifications was therefore needed to 

resolve mistaken identification of dead coral as background, and vice versa, as well as to 

manually divide multiple live coral colonies of the same class (taxon) that shared borders and 

were therefore mistakenly annotated by AI as a single colony.   

Our experiment revealed marked effects of removing dead coral on the outcomes of 

spatial competition following a coral-killing disturbance. While live coral cover declined in 

both treatments during our four-year experiment, significantly more live coral remained in the 

Skeleton removal treatment than the retention treatment in all years after 2019 (p < 0.05, 

pairwise contrasts with Bonferroni correction; Fig. 2a). While the amount of live coral was 

virtually identical at the start of the experiment in 2019, after four years, 1.6 times more live 

coral remained in plots where we had removed dead coral in 2019 compared to unmanipulated 

(Skeleton retention) plots. On average, 1.13 ± 0.15 m2 (mean ± SE) of live coral remained by 

the final time point in plots where we had removed dead coral, compared to 0.71 ± 0.7 m2 

remaining in the plots where we left dead coral intact (Fig. S2). The percent cover of 

macroalgae also varied by treatment and through time. At the start of the experiment, 

macroalgal cover was very low in all plots of both treatments (≤ 2%; Fig. 2b). Apart from this 

first time point, however, macroalgal cover remained significantly and consistently lower in 

the Skeleton removal treatment for all subsequent time points (p < 0.001, pairwise contrasts 
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with Bonferroni correction; Fig. 2b). One year after the start of our experiment (in 2020), the 

cover of macroalgae had increased in both treatments, but 3-fold more sharply in plots where 

dead skeletons were retained, reaching an average of 23.0 ± 2.6% cover (mean ± 95% CI), 

compared to 8.0 ± 1.0% in plots where Skeletons were removed. After 2020, both treatments 

decreased somewhat in algae cover and more or less stabilized for the remainder of the 

experiment, with macroalgae staying at least twice as abundant in plots where skeletons were 

left intact (Fig. 2b).  

We observed four taxa of macroalgae in our experiment that showed variable patterns 

over time: Lobophora sp., Asparagopsis taxiformis, Halimeda spp., and Turbinaria ornata. 

Lobophora was the clear dominant taxon across nearly all time points in both treatments, 

largely driving the initial spike of macroalgae in 2020 (Fig. 3). The other three taxa contributed 

relatively less to overall macroalgae cover, increasing in both treatments more gradually 

throughout the experiment. Notably, these four taxa showed varying degrees of association 

with dead coral skeleton as a substrate, compared with primary reef (Skeleton removal: 𝝌2 (3) 

= 377.27; p < 0.001; Skeleton retention: 𝝌2 (3) = 455.35; p < 0.001), but the strength of these 

associations varied by taxa and by treatment (Fig. 3). Unsurprisingly, all taxa were more often 

found growing on dead skeletons in the Skeleton retention treatment, where dead skeletons 

were consistently more abundant, than in the Skeleton removal treatment (pie charts in Fig. 3; 

Fig. S1). Asparagopsis and Halimeda seemed to grow on dead skeleton somewhat 

proportionally to its availability as a substrate: 62% and 56% of points, respectively, fell within 

regions of dead coral in the retention treatment, and 33% and 22% in the removal treatment. 

By contrast, the majority of points identified as Lobophora fell within regions of dead coral in 

both treatments: 86% of points in the Skeleton retention treatment, and 69% in the removal 
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treatment. Turbinaria showed the opposite association, where only 5% of points in the removal 

treatment were found on dead skeletons, and 20% in the retention treatment, while the majority 

in both treatments were found on primary reef. A Chi-squared post-hoc test revealed that all 

associations to substrates were significant for the four algal taxa (p < 0.001 for all).  

 Due to continued mortality of live coral after the bleaching event, dead coral skeleton 

continued to accumulate in both skeleton treatments throughout our study. While the amount 

of dead coral was consistently lower through time in the Skeleton removal treatment over time 

(Fig. S1), the ranges in dead coral cover for each treatment overlapped one another and created 

a continuous gradient across treatments (removal: 0.17 – 2.66 m2, retention: 1.62 – 4.64 m2; 

Fig. 4a). The cover of macroalgae was significantly positively correlated with the amount of 

dead coral present in any given plot across both treatments (slope estimate: 0.46 ± 0.05, p < 

0.001; Fig. 4a), apart from the initial timepoint when macroalgae were effectively absent in all 

plots. The change in live coral for a plot between two sample years (i.e., a period) was 

significantly negatively correlated with the mean cover of macroalgae in that plot over the 

same period (slope estimate: -0.008 ± 0.002, p < 0.001; Fig. 4b). In other words, steeper 

declines in live coral cover occurred in each period when macroalgae were increasingly 

abundant during that period. Only two plots showed net positive changes in coral cover 

between two successive years, both of which were in the Skeleton removal treatment (Fig. 4b). 

 Our quantification of young coral recruits in the final year of the experiment (2023) 

revealed clear patterns in coral settlement relative to available substrate types. While we 

observed roughly similar total numbers of coral recruits in the two treatments (Skeleton 

removal: n = 44; Skeleton retention: n = 54), the pattern of association between dead skeletons 

and primary substrate differed significantly between the treatments (𝛘2 (1) = 20.8, p < 0.001; 
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Fig. 5a). The proportion of recruits that had settled on primary reef (59%) was nearly four 

times higher in the Skeleton removal treatment than the retention treatment (15%), whereas 

settlement onto dead coral was almost 2.5 times higher in the retention treatment (82%) than 

the removal treatment (34%; Fig. 5a). By 2023 (the last year of the experiment), there was 

twice as much dead coral on average in the Skeleton retention treatment than the removal 

treatment (t15.0 = -6.3, p < 0.001; Fig. 5b); this difference was mirrored by the twice as great 

proportion of coral recruits on skeletons in the retention (82%) relative to the removal (41%) 

treatment. Together, these data suggest that corals likely do not show settlement preference 

between dead coral skeletons and primary reef as substrate types, but rather settle roughly in 

proportion to substrate availability. 

 

DISCUSSION 

With the onset of global change, ecosystems increasingly face altered disturbance regimes that 

pose an uncertain future for the resilience of these systems. In particular, disturbances that 

leave behind standing structures of dead foundation organisms have been brought to the 

forefront, and as a consequence, these material legacies are becoming prominent features of 

contemporary ecosystems (Swanson et al. 2011, Johnstone et al. 2016, Kopecky et al. 2023b, 

Saldaña et al. 2023). Here, we combined novel techniques in underwater photogrammetry and 

machine learning (AI) to understand how standing dead coral skeletons produced by coral 

bleaching – the material legacy of an increasingly common form of disturbance – influence the 

outcomes of benthic spatial competition between corals and macroalgae on coral reefs. While 

coral decline was pervasive across space and time in our study, we found that removing dead 

skeletons soon after a bleaching event substantially reduced this decline and mitigated the 

https://www.zotero.org/google-docs/?vV27an
https://www.zotero.org/google-docs/?vV27an
https://www.zotero.org/google-docs/?vV27an
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development of macroalgae that compete with corals for reef space. The majority of these 

macroalgae relied on dead coral as a substrate and therefore were more prevalent when dead 

coral was more abundant. Further, we showed that higher amounts of macroalgae drove steeper 

declines in live coral cover. Lastly, we found that coral recruits also readily settled on dead 

skeletons when available, but they did not appear to exhibit a preference for these structures as 

a settlement substrate relative to primary reef, raising concern for the fates of corals that recruit 

following disturbances that leave behind large quantities of standing dead coral skeletons. 

 

Dead skeletons influence the outcomes of spatial competition between coral and macroalgae  

While the competition for benthic space between coral and macroalgae has been extensively 

explored (Lirman 2001, McCook et al. 2001, Stiger et al. 2004, Smith et al. 2006, Kuffner et 

al. 2006, Holbrook et al. 2016, Bulleri et al. 2018, Puk 2020, Adam et al. 2022, Schmitt et al. 

2022), we present here the novel contribution that the outcomes of this interaction can be 

heavily swayed by dead coral skeletons, a material legacy of coral bleaching events. Our four-

year experiment showed that dead skeletons acted as substrate that promoted the development 

and persistence of macroalgae that then drove losses of live coral. Specifically, the dominant 

algal taxon we observed in our reef plots throughout our experiment, Lobophora spp., is well 

known to aggressively compete with reef-building corals, in some cases helping to drive shifts 

from coral-dominated to algae-dominated reefscapes (Vieira 2020). This taxon was not only 

the most abundant among the macroalgae that developed in our experimental plots, but also 

the most strongly tied to the prevalence of dead coral. Further, when macroalgae were more 

abundant during a given time period, live coral were lost at a faster rate. Our experiment  

suggests, therefore, that dead coral skeletons can provide substrate that favors the proliferation 

https://www.zotero.org/google-docs/?IssV1V
https://www.zotero.org/google-docs/?IssV1V
https://www.zotero.org/google-docs/?IssV1V
https://www.zotero.org/google-docs/?uZYGv3
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of harmful macroalgae that outcompete live coral, thereby swaying the outcomes of coral-algae 

competition and ultimately undermining coral resilience. 

In general, herbivorous fishes are the agents that prevent the colonization of macroalgae 

after disturbance (Burkepile and Hay 2008, Adam et al. 2011, Holbrook et al. 2016, Schmitt et 

al. 2019) and remove macroalgae that have become established (Bellwood et al. 2006). 

However, Lobophora and other species of macroalgae are sometimes capable of escaping top-

down control, either when herbivore abundance is depleted (e.g., via disease or overfishing; 

Hughes 1994, Jackson et al. 2014) or by growing within complex reef structures that provide 

refuge space from herbivores (Bennett et al. 2010, Puk et al. 2020, Kopecky et al. in review). 

Moorea is a relatively isolated island with only a small-scale reef fishery and with no 

documented disease outbreaks affecting herbivore species (Leenhardt et al. 2016). Further, 

surges in the biomass and numerical abundance of herbivorous fish species were observed in 

response to increased algae abundance following a cyclone in 2010 that caused substantial 

mortality of coral but removed dead coral skeletons, which provided herbivores with an 

enhanced supply of algal resources (Adam et al. 2011, Han et al. 2016). We therefore posit that 

the complex structure of the dead branching coral skeletons provided ample refuge space from 

herbivores for macroalgae, and thereby facilitated their rapid and persistent proliferation in our 

unmanipulated (Skeleton retention) reef plots, relative to plots where we had removed dead 

skeletons. This in turn led to greater losses of live coral in reef patches where dead skeletons 

were more prevalent.  

 While dead skeletons may be a favorable substrate for macroalgae, the same may not 

be true for recruiting corals. The dead skeletons of complex coral morphologies have been 

found to erode over a few years if undisturbed (Ferrari et al. 2017, Morais et al. 2022), 

https://www.zotero.org/google-docs/?ebo9QT
https://www.zotero.org/google-docs/?ebo9QT
https://www.zotero.org/google-docs/?clwlf0
https://www.zotero.org/google-docs/?r8Fb5T
https://www.zotero.org/google-docs/?x6ZZcW
https://www.zotero.org/google-docs/?sWCeKl
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including in our fore reef system (Adam et al 2014), becoming brittle and eventually breaking 

apart into rubble. The survival of coral recruits on dead skeletons and rubble is generally much 

lower compared to that of recruits on consolidated reef surfaces (Fox et al. 2003, Swanson 

2016, Yadav et al. 2016, Kenyon et al. 2023), and the prevalence of both dead coral skeletons 

and subsequently rubble is expected to increase on contemporary reefs with the projected 

increase in both tropical storms and thermal stress events (Wehner et al. 2017, Oliver et al. 

2018). In our experiment, recruitment of corals onto unstable dead coral skeletons was two and 

a half times higher when dead skeletons were in place, whereas reducing the standing stock of 

dead coral skeleton after bleaching increased settlement of coral recruits onto primary reef 

substrate four-fold. While this poses a concerning future for coral reef recovery, as the 

increasing prevalence of dead coral skeletons will likely serve as a sink for recruiting corals, 

our results suggest that removing dead skeletons could stimulate recovery of coral populations 

by increasing coral recruitment onto stable reef surfaces that enhance the long-term survival 

of settling corals. 

 

Ecological and technological generality of findings 

When disturbance regimes change, the disturbance legacies of the emerging regime can render 

processes that historically fostered resilience in an ecosystem ineffective (Johnstone et al. 

2016). As a result, changes in material legacies that coincide with shifting disturbance regimes 

can increase invasion success by competing organisms and undermine the potential for the 

ecosystem to return to its pre-disturbance community condition. For example, Miller et al. 

(2021) found that invasion success in plants, and thereby community trajectory, can be 

determined solely by variation in disturbance history that leaves behind differing biotic 

https://www.zotero.org/google-docs/?2lZbGH
https://www.zotero.org/google-docs/?2lZbGH
https://www.zotero.org/google-docs/?PbQQU3
https://www.zotero.org/google-docs/?PbQQU3
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legacies (seed banks), in some cases favoring the establishment and persistence of novel, exotic 

species guilds. Similarly, historic New Zealand forests underwent a vast transformation with 

the anthropogenic introduction of fire disturbance, which acted to remove topsoils necessary 

for native plant regeneration and allowed invasion by more opportunistic non-natives 

(Whitlock et al. 2015). In our system, the dead skeletons left by the coral bleaching event 

created a markedly different set of post-disturbance conditions for recovery to take place in, 

which likely reduced the effectiveness of vital recovery processes like herbivory and the 

growth of surviving and newly recruited coral colonies (Kopecky et al. in review). The altered 

post-disturbance conditions brought on by shifting disturbance regimes can therefore create 

misalignments between historic attributes of ecosystem resilience and contemporary 

disturbances these ecosystems now face. 

 To fully understand the impacts and consequences of shifting disturbance regimes on 

ecological properties, innovative approaches that capture ecologically meaningful scales are 

needed. Our combined use of underwater photogrammetry and AI to evaluate the effects of 

dead skeletons on coral reef benthic dynamics provides a useful and widely applicable tool for 

exploring material legacy effects in other ecosystems. We build on previous tool development 

and application (Guo et al. 2016, Sandino et al. 2018, Iordache et al. 2020, Nocerino et al. 

2020, Burns et al. 2022, Kopecky et al. 2023, Marvasti-Zadeh et al. 2023, Miller et al. 2023) 

by showing the utility of these tools not just for monitoring purposes, but also for 

experimentation. This strategy can be especially useful for studies that aim to explore the 

spatio-temporal dynamics of foundation organisms in situ in a non-destructive manner, which 

is critical as these organisms are increasingly threatened by global change (Ellison et al. 2005, 

Fraser et al. 2014, Saldaña et al. 2023). Further, because our photogrammetric workflow 

https://www.zotero.org/google-docs/?4nxVnQ
https://www.zotero.org/google-docs/?O0gPMi
https://www.zotero.org/google-docs/?O0gPMi
https://www.zotero.org/google-docs/?eLff9K
https://www.zotero.org/google-docs/?eLff9K
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creates permanent, high-resolution, and spatially co-registered records of the environment, this 

technique allows for continued data collection and scientific investigation into the future. This 

greatly enhances the power of time series, as not only is it possible to conduct new analyses 

on existing data, but it is also possible to extract new data from the past to address entirely new 

questions. We therefore encourage the expanded use of remote sensing technologies coupled 

with AI-powered analysis techniques beyond the contexts of ecological monitoring into more 

experimental and mechanistic applications.  

 

Potential applications for conservation and management 

The combined findings from our study reveal promising avenues to explore in the context of 

managing contemporary coral reefs to enhance resilience. In our experiment, physically 

removing dead coral skeletons from the reef resulted in multiple benefits from the perspective 

of mitigating the impacts of coral bleaching, or other disturbances that leave in place large 

stands of structurally complex dead coral skeletons (e.g., outbreaks of coral predators). Where 

we had reduced the initial standing stock of dead coral, we saw substantially more live coral 

remaining after several years, reduced accumulation of macroalgae, and increased recruitment 

of corals onto stable reef substrate. While coral declined and macroalgae increased even in 

plots where we had initially removed dead skeletons, we implemented this manipulation only 

once at the beginning of the experiment. Had we continually removed dead coral skeleton 

throughout the experiment, the loss of live coral and buildup of macroalgae would likely have 

been further reduced, as suggested by the strong correlation we observed between these metrics 

and the amount of dead coral present. We therefore recommend further study centered on the 

removal of dead coral skeletons as a direct management strategy to foster reef recovery after 
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coral bleaching events or outbreaks of coral predators, like the Crown of Thorns seastar, both 

of which are increasingly prominent forms of disturbance on coral reefs (Hughes et al. 2017, 

Pratchett et al. 2017). It would be particularly valuable to explore how both the frequency and 

amount of dead coral removal influence the survival of live corals, colonization by macroalgae, 

and settlement patterns of recruiting corals. Further, it will be prudent to assess the implications 

of dead coral removal on the abundances and assemblages of coral-associated fishes and 

invertebrates that may or may not reside in dead branching coral skeletons before attempting 

to remove dead coral on a large scale.  

 To date, the roles of dead coral skeletons have received little attention from a 

conservation and management standpoint. In other ecosystems, however, the important roles 

material legacies play in ecosystem dynamics have long been integrated into management and 

restoration practices. On oyster reefs, dredging and overharvesting have extirpated oysters 

from much of their historical habitats, which as a consequence has left behind enduringly 

degraded mud flats (Lenihan and Peterson 1998). To foster recovery of oyster reefs, piles of 

dead oyster shells are often deployed to stabilize the underlying loose sediment and provide 

settlement substrate for larval oysters (Howie and Bishop 2021). In forests, managers 

intentionally retain large dead trees (snags) that provide important habitat for forest -dwelling 

species and enhance forest biodiversity (Swanson et al. 2011, Vítková et al. 2018) but remove 

smaller dead trees and other woody debris (either mechanically or via prescribed burning) to 

reduce fuel loads and mitigate the risk of severe wildfire (Shang et al. 2004, Husari et al. 2006). 

We would be wise to follow the examples offered by these other ecosystems by explicitly 

considering how dead coral skeletons could be leveraged to achieve desired management goals. 

While there would certainly be logistical challenges associated with scaling up dead skeleton 

https://www.zotero.org/google-docs/?lg5VD7
https://www.zotero.org/google-docs/?lg5VD7
https://www.zotero.org/google-docs/?6U83vX
https://www.zotero.org/google-docs/?Qsb98N
https://www.zotero.org/google-docs/?bkniVj
https://www.zotero.org/google-docs/?FxLGc4
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removal on coral reefs, we feel the potential benefits this could offer as a management strategy 

are well worth exploring. As material legacies become more prominent ecological features 

under global change, our emerging understanding of the strong, yet nuanced ways in which 

they drive community dynamics may be a vital contribution to the effort of conserving 

contemporary ecosystems. 
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FIGURES 

 

Figure 1. Example orthophotos of experimental plots at the beginning and end of the 
experiment. Top row shows a plot in 2019 and 2023 that had dead skeletons removed (prior to 

the image shown), bottom row shows an unmanipulated plot (skeletons left in place) in 2019 
and 2023. Black and white coded photogrammetry targets can be seen in the corners and 
centers of each orthophoto, representing the fixed reference points for each plot.   
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Figure 2. Time series of a) the proportion of live coral remaining in each year, and b) percent 
cover of macroalgae by treatment. Large shapes show model predicted means ± 95% 

confidence intervals, and small shapes are raw values of replicate plots.   
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Figure 3. Stacked area chart of mean algae cover at each time point, separated by algal taxa, 
for each skeletal treatment. Pie charts indicate the proportions of points labelled as each algal 

taxon that fell within regions of dead coral (stripes) or on primary reef substrate (no stripes).   
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Figure 4. a) Percent cover of macroalgae as a function of the 3D surface area of dead coral 
(m2) for each plot in a given year. b) Proportional change in live coral for a given year as a 

function of the time-averaged percent cover of macroalgae over the same period. Shapes 
indicate the skeletal treatment of each plot. Trendlines are model predicted means ± 95% 
confidence intervals.  



 

 
145 

 

Figure 5. a) Proportion of coral recruits found on each of three substrate types (separated by 
skeletal treatment) in 2023. b) 3D surface areas of dead coral in each skeletal treatment in 

2023. Large shapes indicate treatment means (± SE) and small shapes indicate raw replicate 
values.   
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SUPPLEMENTAL MATERIALS 

 

Figure S1. Time series of the 3D surface area of dead coral cover in each skeleton treatment 
over time. Large shapes are mean values ± SE, and small shapes are raw values of replicate 
plots.   
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Figure S2. Time series of the 3D surface area of live coral cover in each skeleton treatment 
over time. Large shapes are mean values ± SE, and small shapes are raw values of replicate 

plots.   
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Figure S3. Confusion matrix of the automatic classifier. Diagonal cells from top-left to 
bottom-right show the proportion of pixels in the training dataset correctly classified by the 

automatic classifier relative to a human observer (i.e., the accuracy for each class). Other cells 
show the proportion of pixels incorrectly classified for each class (the ‘True label’), and what 
the incorrectly classified labels were mistaken as (‘Predicted label’). 




