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Abstract 
 

PATCH DYNAMICS, BEHAVIORAL RESPONSES, AND KELP FOREST 

STABILITY ACROSS A MOSAIC OF ECOSYSTEM STATES 

 

by Joshua G. Smith 

 

     Empirical evaluations of the ecological processes that enhance or dampen the 

likelihood of shifts between top-down (i.e., predator-driven) and bottom-up (i.e., 

resource-driven) forcing are essential to understanding the potential for cascading 

effects that can underpin community functioning, productivity, and stability. This 

suite of research used an extraordinary herbivore-outbreak in kelp forests along the 

central coast of California as a natural field setting to disentangle: (1) how 

alternations in the foraging behavior of a primary consumer drives patch state 

transition dynamics, (2) whether predation or resource abundance are the 

predominant drivers of community regulation, and (3) community-wide consequences 

to the formation of alternative ecosystem states. This dissertation was motived by a 

rapid and dramatic decline in the abundance of a sea star predator (Pycnopodia 

helianthoides) of sea urchins, and a decline of a primary producer (Macrocystis 

pyrifera, ‘kelp’) that initiated a fundamental change in purple sea urchin 

(Strongylocentrotus purpuratus) foraging behavior and condition, resulting in a 

spatial mosaic of remnant kelp forests interspersed with patches of sea urchin barrens. 

In Chapter 1, I demonstrate the important role of grazer behavior in mediating 
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switching among patch states. I show that the 2014 sea urchin outbreak along the 

Monterey Peninsula, California, USA is explicable by a shift in sea urchin grazing 

behavior, not by a demographic (i.e., recruitment or survivorship) response. During 

this six-year study, kelp forests recovered to an area that was once an expansive sea 

urchin barren. I show that this remarkable recovery of kelp forests in 2019 to an area 

in deep water was evidenced by sea urchin movement to shallow water. These results 

highlight the role of grazer behavior in facilitating patch transition dynamics. In 

Chapter 2, I demonstrate how the behavioral response of an apex predator to changes 

in prey behavior and condition can dramatically alter the role and relative 

contribution of top-down forcing, depending on the spatial organization of ecosystem 

states. I show that the mosaic of adjacent alternative ecosystem states led to an 

increase in the number of sea otters (Enhydra lutris nereis) specializing on urchin 

prey, a population-level increase in urchin consumption, and an increase in sea otter 

survivorship. I further show that the spatial distribution of sea otter foraging effort for 

urchin prey was not directly linked to high prey density, but rather was predicted by 

energetically profitable prey patches. Finally, in Chapter 3 I examine whether the 

spatial mosaic of sea urchin barrens interspersed with remnant patches of kelp forest 

resulted in a departure of community structure from the long-standing configuration 

that proceeded the formation of the mosaic. I found that beginning in 2013, many 

sites across the study region departed from a common multivariate (“forested”) state, 

which had persisted for the previous six-years, and drifted into a new multivariate 

configuration (“urchin barrens”). Although sites trended toward a common 
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reconfiguration, community trajectories were highly variable, and sites exhibited 

regional cohesion in their trajectories (Carmel, Monterey Bay). These results suggest 

that outbreaks of grazers associated with punctuated environmental (e.g., marine 

heatwaves) and biotic (loss of predators, sea urchin outbreaks) perturbations can drive 

apparently stable kelp forest communities to alternative potentially stable states. 

Collectively, the results of this dissertation highlight how patch dynamics, behavioral 

responses, and biotic and environmental perturbations underpin the structure and 

stability of ecosystems. 
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 1 

Introduction 
 
     The role of trophic interactions in organizing and maintaining the structure, 

persistence, functioning, and stability of ecological communities is one of the oldest 

subjects in the ecological literature (Muller 1940; Lewontin 1969; Holling 1973, 

Sutherland 1990). Although the methods by which changes in natural populations and 

communities are measured has been debated for decades (Lewontin 1969; Holling 

1973; Connell and Sousa 1983), it is widely accepted that ecological communities can 

experience slow or rapid changes through time, or remain relatively unchanged (i.e., 

stable) across multiple generations of the constituent species. However, ecological 

communities do not vary randomly and often transition between multiple 

configurations (hereafter, “states”) as a result of biotic and environmental 

perturbations (Scheffer et al. 2001, Scheffer and Carpenter 2003, Schröder et al. 

2005, Dudgeon et al. 2010). Identifying the mechanisms that structure ecological 

communities, that facilitate alternations between states, or that enhance the ability for 

a system to absorb or return from perturbations remains a central objective in 

community and ecosystem ecology (Beisner et al. 2003, Dudgeon et al. 2010, Staver 

et al. 2011).  

     The capacity to explain and predict ecosystem dynamics is dependent upon 

accurate estimates of biotic (e.g., species composition, diversity, trophic structure) 

and abiotic (e.g., disturbance events, punctuated or continuous environmental 

perturbations) processes that facilitate the numerical and functional ways to which 

species impact one another, including interactions between organisms and their 



 2 

environments (Worm et al. 2006; Cardinale et al. 2006; Watson and Estes 2011). 

There are now multiple theoretical and empirical examples of how demographic rates, 

species interactions, life-histories, behavior, and abiotic stressors can independently 

and interactively influence the structure and functioning of communities, and 

ultimately scale-up to shape the stability of entire ecosystems (Hairston et al. 1960; 

May 1973; Dayton et al. 1984; Dublin et al. 1990; Scheffer et al. 2001). However, 

empirical advances on the mechanisms that destabilize multispecies assemblages are 

often limited to opportunistic events (such as herbivore outbreaks) in space and time 

that erode persistent community configurations and reveal the biotic or environmental 

boundaries at which shifts occur (Tilman 1996, Loreau and De Mazancourt 2013).  

     Because of their high productivity, species diversity and ecological dynamics, 

ecologists have long studied the mechanisms of stability in kelp forest ecosystems 

around the world (Ebeling et al. 1985, Steneck et al. 2002). Some kelp forests persist 

for decades, while others show strong inter-annual variation, including rapid shifts 

from an algal-dominated state to an alternative sea urchin “barrens” state that is void 

of macroalgae (Graham et al. 1997, Tegner et al. 1997, Steneck et al. 2002). Forward 

state shifts (from forests to sea urchin barrens) can result from spatially explicit and 

episodic sea urchin recruitment (Lafferty and Kushner 2000, Basket and Salomon 

2010, Ling et al. 2015), sea urchin migration (Harrold and Reed 1985), or from 

punctuated environmental disturbances (e.g., severe storms) that result in the rapid 

loss of kelp biomass (Harrold and Reed 1985). Reverse state shifts (from barrens to 

forests) can result from sea urchin disease epidemics (Carpenter and Chang 1988, 
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Feehan and Scheibling 2014) and from severe storms that physically dislodge 

exposed sea urchins (Ebeling et al. 1985). Changes in predator diversity or abundance 

are also widely cited as mechanisms that facilitate state transition dynamics in kelp 

forest ecosystems (Estes and Palmisano 1974, McClanahan 2000, Hamilton and 

Caselle 2015).  

     Although multiple studies support the paradigm that two or more stable end-states 

may exist in kelp forest ecosystems (Estes and Duggins 1995, Filbee-Dexter and 

Scheibling 2014), several questions prevail about the generalization and predictability 

of state shifts, and the scale over which physical and environmental drivers may 

influence shifts (Dudgeon et al. 2010). Moreover, local drivers and processes may be 

highly influential in determining community states (Krumhansl et al. 2016, Kenner 

and Tinker 2018). Local processes may also create mosaics of barrens and forests that 

function as asynchronous patches that can be completely independent or linked 

together at multiple spatial scales (Dayton et al. 1984, Young et al. 2016). These 

‘patch dynamics’ are reflective of various physical and biological forces that act on 

the ecosystem at different levels. Patch dynamics is a conceptual approach to 

understanding the structure, functioning, and dynamics of ecological communities 

that comprise an ecosystem’s landscape (Pickett and White 2013). The idea was first 

introduced by plant ecologists in the 1940’s who defined the spatial successional 

communities of vegetation as distinct patches within a landscape (Muller 1940). 

Levin and Paine (1974) later described the first model for patch dynamics, including 

patch maintenance and formation as a function of disturbance regimes and 
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community structure. More recently, quantitative approaches to understanding patch 

dynamics have revealed explicit linkages between patch extent and community 

stability, highlighting that formerly continuous spatial ecosystems that become over 

dispersed mosaics often collapse (Scheffer et al. 2009). 

     Patch dynamics as they relate to stability have been extensively studied in kelp 

forest ecosystems and there is now a great body of literature that documents the ways 

that physical and biological forces interact to determine patchiness in kelp forest 

community structure (Dayton et al. 1984, Dayton et al. 1992, Reed et al. 2006). For 

example, variation in predator diversity, distribution, and abundance has repeatedly 

led to mosaic patches of sea urchin barrens and, consequently, marked differences in 

kelp forest community structure (Duggins 1983, Cowen 1983, Nichols et al. 2015, 

Hamilton and Caselle 2015, Burt et al. 2018). Physical forces, such as large storm-

generated waves can also directly contribute to the patchy distribution of kelp across 

a landscape (Scheibling and Lauzon-Guay 2010) through the removal of kelp from 

exposed points or breaks within a continuous forest. These types of disturbance 

events may also have indirect effects on grazer foraging behavior, where the 

reduction of kelp biomass leads to increased sea urchin grazing activity that enhances 

the formation of barrens (Harrold and Reed 1985). Additionally, variation in the 

distribution of barren patches may result from differential recruitment dynamics, 

leading to feedback loops at patch locations where adult urchins are most abundant 

(Baskett and Salomon 2010). These multiple biotic and environmental perturbations 

can drive the spatial dynamics of barren and forest patches through time and space 
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(Harrold and Reed 1985). Ultimately, patch dynamics can have a profound influence 

on the resistance and resilience of ecosystems to biotic and abiotic disturbances 

(Dayton et al. 1984, Harrold and Reed 1985, Reed et al. 2006, Eisaguirre et al. 2020). 

     Temperate coastlines around the world have reported increased outbreaks of sea 

urchin barrens in the last four decades (Steneck 2002, Filbee-Dexter and Scheibling 

2014). In 2014, kelp forests along the west coast of North America experienced a 

rapid and pronounced shift from highly expansive forests to large swaths of 

unproductive sea urchin barrens (Rogers-Bennett and Catton 2019, Beas-Luna et al. 

2020, McPherson et al. 2021, Smith et al. 2021). Of particular concern is whether 

(and how) this widespread kelp deforestation resulted in a marked shift in the 

predominant source of primary production and decreased food web complexity. 

Recent studies have identified considerable geographic variation in species responses 

and key functional groups to a marine heatwave and decline in kelp, most notably in 

Mexico and northern California kelp forests, where the extent of forest loss was 

region-wide (Beas-Luna et al. 2020, McPherson 2021). In contrast to these region-

wide shifts in system state, forest loss in central California was spatially 

heterogenous, resulting in mosaics of forests and barrens (Smith et al. 2021). These 

mosaics allow for concurrent comparison of community structure in forest and 

barrens subjected to similar past and present environmental (oceanographic, 

geomorphological) conditions.  

     In this dissertation, I evaluate the patch dynamics of kelp forest and sea urchin 

barren communities in relation to ecological stability. Beginning in 2013, a series of 



 6 

biotic (a catastrophic sea star wasting syndrome, decline in kelp productivity) and 

environmental (episodic marine heatwave) perturbations initiated an abrupt outbreak 

of purple sea urchins (Strongylocentrotus purpuratus) that shifted a once expansive 

kelp forest landscape into a mosaic of sea urchin barrens interspersed with remnant 

patches of forest. I used this kelp forest-urchin barrens mosaic as a natural field 

setting to explore mechanisms of community regulation and stability. In Chapter 1, I 

explore the spatial extent of kelp forests and sea urchin barren patches and relate this 

to the mechanisms that facilitate switching among patch states. In Chapter 2, I test a 

series of hypotheses related to the behavioral mechanisms that underpin community 

regulation across of the mosaic. Finally, in Chapter 3, I examine whether the spatial 

mosaic of sea urchin barrens interspersed with remnant patches of kelp forest resulted 

in a departure of community structure from the long-standing configuration that 

proceeded the formation of the mosaic.  

     In Chapter 1, I explore whether (and how) alternations in sea urchin foraging 

behavior explain state transition dynamics in patches of forests and barrens across the 

mosaic landscape. Understanding the role of animal behavior in linking individuals to 

ecosystems is central to advancing knowledge surrounding community structure, 

functioning, stability, and transition dynamics (Schmitz 1998, Ovadia and Schmitz 

2002, Werner and Peacor 2003, Sih et al. 2012). Using 17-years of long-term subtidal 

monitoring and a size-structured population model, I show that the 2014 sea urchin 

outbreak is primarily evidenced by a behavioral shift, not by a demographic response 

(i.e., survival or recruitment). I then tracked the behavior of sea urchins for three 
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years (2017-2019) following the outbreak and reduced availability of detrital algae to 

determine how behavior shapes alternations between kelp-dominated and urchin-

dominated (hereafter, ‘barren’) states. In this chapter, I show that sea urchin behavior 

is a strong predictor of patch (forested or barren) transition dynamics in patches 

across the kelp forest-urchin barrens mosaic. Finally, in 2019, I observed a 

remarkable recovery of forests to a subset of deep (14-20 m) survey sites that were 

expansive sea urchin barrens just two years prior (2017). I show that this isolated 

recovery of kelp forest patches was associated with sea urchin movement to shallow 

water. This is evidenced by a dramatic reduction in medium (30-38 mm) and large (> 

38 mm) urchins at deep reefs, simultaneous increase of those size classes inshore, and 

a pronounced reduction of foliose red macroalgae in shallow water. These results 

demonstrate the important role of grazer behavior in facilitating switching among 

alternative ecosystem states. 

     In Chapter 2, I demonstrate how the behavioral response of an apex predator to 

changes in prey behavior and condition can dramatically alter the role and relative 

contribution of top-down forcing, depending on the spatial organization of ecosystem 

states. In 2014, a rapid and dramatic decline in the abundance of a mesopredator 

(Pycnopodia helianthoides) and primary producer (Macrocystis pyrifera) coincided 

with a fundamental change in purple sea urchin (Strongylocentrotus purpuratus) 

foraging behavior and condition, resulting in a spatial mosaic of kelp forests 

interspersed with patches of sea urchin barrens. I show that this mosaic of adjacent 

alternative ecosystem states led to an increase in the number of sea otters (Enhydra 
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lutris nereis) specializing on urchin prey, a population-level increase in urchin 

consumption, and an increase in sea otter survivorship. I further show that the spatial 

distribution of sea otter foraging efforts for urchin prey was not directly linked to high 

prey density but rather was predicted by the distribution of energetically profitable 

prey. Therefore, I infer that spatially explicit sea otter foraging enhances the 

resistance of remnant forests to overgrazing but does not directly contribute to the 

resilience (recovery) of forests. These results highlight the role of consumer and 

predator trait-mediated responses to resource mosaics that are common throughout 

natural ecosystems and enhance understanding of reciprocal feedbacks between top-

down and bottom-up forcing on the regional stability of ecosystems. 

     Finally, in Chapter 3, I examine whether the spatial mosaic of sea urchin barrens 

interspersed with remnant patches of kelp forest resulted in a departure of community 

structure from the long-standing configuration that proceeded the formation of the 

mosaic. Ecological communities can be stable over multiple generations, or rapidly 

shift into structurally and functionally different configurations (Holling 1973, Connell 

and Sousa 1983, Tilman 1996, Dudgeon et al. 2010). In kelp forest ecosystems, 

overgrazing by sea urchins can abruptly shift forests into alternative states that are 

void of macroalgae and primarily dominated by actively roaming sea urchins. 

Beginning in 2013, a series of biotic and environmental perturbations initiated a 

widespread sea urchin outbreak along northern and central California. While forest 

loss was region-wide along the northern coast of California, central California forests 

shifted into a patchy mosaic of remnant forests interspersed with sea urchin barrens. 
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In this chapter, I used a 14-year subtidal monitoring dataset of invertebrates, algae, 

and fishes to explore changes in community structure associated with the loss of 

forests at 23 sampling sites in central California (Carmel Bay and southern Monterey 

Bay) to determine: (1) whether the spatial mosaic of barrens and forests resulted in a 

shift in community structure relative to the years preceding the formation of the 

mosaic, (2) how the spatial dynamics of community structure trajectory vary across 

the mosaic (and which species align well with observed dynamics), and (3) whether 

community structure dynamics were spatially cohesive among sample sites and 

regions (Monterey and Carmel Bay). I found that beginning in 2013, many sites 

across the study region departed from a common multivariate (“forested”) state, 

which had persisted for the previous six-years, and drifted into a new multivariate 

configuration (“urchin barrens”). Although sites trended toward a common 

reconfiguration, community trajectories were highly variable, and sites exhibited 

regional cohesion in their trajectories (Carmel, Monterey Bay). These results suggest 

that outbreaks of grazers associated with punctuated environmental (e.g., marine 

heatwaves) and biotic (loss of predators, sea urchin outbreaks) perturbations can drive 

apparently stable kelp forest communities to alternative potentially stable states. 

 

     The results of this dissertation highlight how patch dynamics, behavioral 

responses, and biotic and environmental perturbations underpin the structure and 

stability of ecosystems. This study advances the field of community ecology by 

enhancing understanding of how the strengths of behaviorally mediated interactions 
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can reorganize community regulation. Finally, this study highlights the importance of 

resource mosaics in mediating reciprocal feedbacks between top-down and bottom-up 

forces that ultimately scale-up to affect community dynamics and ecosystem stability.  
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CHAPTER ONE 
ALTERNATIONS IN THE FORAGING BEHAVIOR OF A PRIMARY 

CONSUMER DRIVES STATE TRANSITION DYNAMICS IN A TEMPERATE 
ROCKY REEF ECOSYSTEM 
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Chapter 1: Alternations in the foraging behavior of a primary 
consumer drives state transition dynamics in a temperate rocky reef 
ecosystem. 
 
Abstract 
 
     Understanding the role of animal behavior in linking individuals to ecosystems is 

central to advancing knowledge surrounding community structure, functioning, 

stability, and transition dynamics. In 2014, a widespread sea urchin outbreak along 

the central coast of California, USA shifted a once expansive kelp forest to a mosaic 

of remnant forests interspersed with patches of sea urchin barrens. Using 17-years of 

long-term subtidal monitoring and a size-structured population model within a 

Bayesian state-space framework, I show that the 2014 sea urchin outbreak is 

primarily evidenced by a behavioral shift, not by a demographic response (i.e., 

survival or recruitment). I then tracked the behavior of sea urchins for three years 

(2017-2019) following the outbreak and reduced availability of detrital algae to 

determine how behavior shapes alternations between kelp-dominated and urchin-

dominated states. I found that sea urchin behavior is a strong predictor of state 

(forested or barren) transition dynamics in patches across the kelp forest-urchin 

barrens mosaic. Finally, in 2019, I observed a remarkable recovery of forests at a 

subset of deep (14-20m) survey sites that were expansive sea urchin barrens just two 

years prior (2017). I show that this isolated recovery of kelp forest patches was 

associated with sea urchin movement to shallow water. This is evidenced by a 

dramatic reduction in medium (30-38 mm) and large (> 38 mm) urchins at deep reefs, 
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simultaneous increase of those size classes inshore, and a pronounced reduction of 

foliose red macroalgae in shallow water. These results demonstrate the important role 

of grazer behavior in facilitating alternative state dynamics. 

 

Introduction 
 
     The importance of behavior in linking individuals to ecosystems is widely 

recognized in the ecological literature (Schmitz 1998, Ovadia and Schmitz 2002, 

Werner and Peacor 2003, Sih et al. 2012). Behavior can facilitate community 

structure and functioning by altering the relative influence of key species interactions 

(e.g., competition, predation, mutualisms), changing the distribution of resources, and 

through other non-consumptive response pathways (Estes et al. 1998, Pace et al. 

1999, Werner and Peacor 2003). From a top-down perspective, the mere presence of 

predators can elicit changes in herbivore behavior that have profound influences on 

primary productivity (Schmitt 1998, Werner and Peacor 2003, Gil et al. 2020). 

However, bottom-up processes driven by resource distribution, abundance, or quality 

can also affect consumer and predator foraging behavior (Eldred 2019, Smith et al. 

2021). Although the debate continues over the relative importance of density versus 

behaviorally mediated influences of predators and primary consumers, both occur 

widely in nature and are often associated with trophic cascades (Beckerman et al. 

1997, Schmitz et al. 1997, Werner and Peacor 2003, Kauffman et al. 2010). 

Therefore, understanding how the presence of predators and resource availability 



 14 

reciprocally influence the behavior of primary consumers is central to advancing 

knowledge of community structure, functioning, stability, and transition dynamics.  

     Sea urchin grazing in marine ecosystems around the world is often considered a 

fundamental driver of shifts from algal-dominated habitats to alternative sea urchin 

‘barrens’ that are void of macroalgae (Filbee-Dexter and Scheibling 2014, Ling et al. 

2015). These shifts have profound consequences to the structure and functioning 

(e.g., productivity) of coral reef, kelp forest, and rocky intertidal ecosystems (Done 

1992, Watson and Estes 2011, Filbee-Dexter and Scheibling 2014). Resource 

availability and predator-driven impacts are perhaps the two most well-documented 

factors known to influence patterns in sea urchin grazing behavior (Mann 1982, 

Cowen 1983, Harrold and Reed 1985, Burt et al. 2018). Cascading effects resulting 

from the loss of sea urchin predators provide strong evidence of density-mediated 

indirect interactions (Estes et al. 1998, Burt et al. 2018), whereas reductions in the 

availability of food or risk-cues have been associated with behaviorally mediated 

indirect interactions (Harding and Scheibling 2015, Spyksma 2017). However, the 

relative influence of these factors is often context-dependent and difficult to decouple 

from other more environmentally driven processes such as how prey respond to 

macro- and micro-topography, seasonality, swell, and water temperature (Vivian-

Smith 1997, Konar et al. 2014). Therefore, the factors that contribute to modifications 

in sea urchin grazing behavior can have important implications for the state of 

communities and ecosystems.  
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     In temperate kelp forest ecosystems, sea urchin behavior can be categorized into 

two fundamental modalities. In kelp forests where abundant detrital (i.e., ‘drift’) algae 

is available, urchins mainly employ a ‘cryptic’ passive-grazing modality (Sala and 

Zabala 1996). Detrital kelp is constantly produced within forests and deposited in the 

refuge space occupied by sea urchins (Duggins et al. 1989, Krumhansl and Scheibling 

2012). Urchin concealment in the refuge of crevices is also a known anti-predator 

behavior (Tegner and Levin 1983). The presence of predators may elicit a direct 

response in sea urchins that influences cryptic behavior, or indirectly by maintaining 

forests (and therefore abundant drift) through trophic cascades (Cowen 1983, Estes et 

al. 1998). However, when the production of detrital kelp is limited (either through a 

reduction in predator abundance, or through environmental perturbations), urchins 

fundamentally shift their behavior to an active grazing modality, where they emerge 

from refuge and roam on an open reef surface in search of live macroalgae (Harrold 

and Reed 1985, Kriegisch et al. 2019). Additionally, because sea urchins have a 

dispersive larval-stage life history, kelp-urchin dynamics can also be strongly driven 

by spatially explicit and episodic recruitment (Lafferty and Kushner 2000, Okamoto 

et al. 2020). 

     Kelp forests along the west coast of North America recently experienced a rapid 

and pronounced shift from highly expansive forests to unproductive sea urchin 

barrens. Starting in 2013, an extreme marine heatwave event coincided with a 

continental-wide collapse of the urchin predator Pycnopodia helianthoides (hereafter, 

Pycnopodia; Harvell et al. 2019, McPherson et al. 2021). Shortly after (2014-2016), 
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large-scale outbreaks of purple sea urchins (Strongylocentrotus purpuratus) and a 

reduction in kelp biomass were recorded along the mainland coasts of California, 

United States and Baja California, Mexico (Beas-Luna et al. 2020). In northern 

California where bull kelp (Nereocystis luetkeana) is the dominant structure-forming 

foundation species, over a 95% reduction in historical kelp biomass was documented 

(Rogers-Bennett and Catton 2019, McPherson et al. 2021). Similar large-scale loss of 

kelp biomass was recorded at the southern range limit of the giant kelp (Macrocystis 

pyrifera) near Bahía Asunción, Mexico (27.1°N; Arafeh-Dalmau et al 2019, Beas-

Luna et al. 2020). However, along the central coast of California, giant kelp-

dominated forests experienced a shift to a patchy-mosaic of forests interspersed with 

sea urchin barrens (Smith et al. 2021). As such, whether the observed 2014 sea urchin 

outbreak resulted from a behavioral shift (in response to the loss of Pycnopodia and a 

decline in kelp), or an anomalous recruitment event remains unresolved.  

     In this study, I explore how the regional extirpation of Pycnopodia and reduced 

productivity of kelp associated with the 2015-16 marine heatwave initiated a 

widespread behavioral shift in purple sea urchins. I then track the behavior of sea 

urchins in the years following the demise of sea stars and reduced availability of 

detrital algae to determine how behavior shapes alternations between kelp-dominated 

(hereafter, ‘forested’) and urchin-dominated (hereafter, ‘barren’) states. This study is 

motivated by the following hypotheses: (1) the regional collapse of Pycnopodia, the 

2015-16 marine heatwave, and a decline in kelp production led to the emergence of 

sea urchins from refuge, (2) sea urchin behavior (passive or active) explains state 
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(forested or barren) transition dynamics, and (3) sea urchin movement is associated 

with macroalgae recovery.  

 

Methods 
 
Study system 

     This study was conducted in the nearshore temperate reefs of southern Monterey 

Bay, California, USA (Figure 1.1). All marine algae and invertebrates within the 

region are protected from harvest within marine protected areas. The giant kelp, 

Macrocystis pyrifera, is the dominant habitat-forming alga and the purple sea urchin, 

Strongylocentrotus purpuratus, (hereafter, ‘sea urchin’) is the principal benthic 

herbivore, although bull kelp (Nereocystis luetkeana) and red sea urchins 

(Mesocentrotus franciscanus) also inhabit the region. In 2013, a coastwide sea star 

wasting syndrome locally extirpated the urchin predator Pycnopodia helianthoides 

(Harvell et al. 2020). Shortly thereafter, a dramatic increase in visually detectible sea 

urchins shifted the region to a patchy mosaic of remnant forests interspersed with sea 

urchin barrens (Smith et al. 2021). I used long-term benthic subtidal monitoring data 

to determine whether the initial urchin outbreak was primarily evidenced by a 

behavioral shift, or by a demographic response (i.e., sea urchin recruitment or 

survivorship). I then conducted a series of annual surveys designed to explore 

whether (and how) sea urchin behavior is associated with state transition dynamics in 

patches across the mosaic.  
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Urchin behavioral shifts at the regional scale 

     To determine the temporal point when the sea urchin outbreak occurred, I 

conducted change point analyses on a 17-year time series of subtidal data collected by 

the Partnership for Interdisciplinary Studies of Coastal Oceans (PISCO; Malone et al. 

2021). First, I used a segmented regression to determine the most likely temporal 

change point locations on the annual sum of urchin counts recorded across a subset of 

12 sites (to account for unequal sampling effort between years) surveyed in sequential 

years in Monterey, California. The segmented approach is useful for determining the 

number and position of change points when they are unknown a priori. However, 

static change points are considered independent and therefore confidence regions 

cannot be generated continuously across segments. Therefore, I used the temporal 

breakpoints identified in the segmented regression to inform a Bayesian regression 

with multiple change points in the ‘mcp’ package in the program R (Lindeløv 2020).  

     To determine whether the sea urchin outbreak is explained by a shift in sea urchin 

behavior from passive to active grazing, I examined the annual size-frequency of sea 

urchins recorded on PISCO surveys before and after the outbreak. Support for this 

hypothesis would be evidenced by increases in counts of all size classes of urchins as 

they emerged from crevices and became more visible on surveys. Alternatively, 

support for the recruitment hypothesis (i.e., that the urchin outbreak was associated 

with a recruitment event) would be evidenced by a dramatic and disproportionate 

increase in the frequency of sea urchins less than 3 cm. I used an analysis of variance 

test on the size-frequency of sea urchins across all years to evaluate annual changes in 
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the mean size-class of urchins, and a Kolmogorov-Smirnov test to evaluate equality 

in urchin size-distribution across the critical 2013-2014 breakpoint (identified from 

the Bayesian regression). 

 

Population state dynamics 

     To further explore whether the marked 2014 increase in counts of adult (>3 cm) 

sea urchins is explicable by a sea urchin behavioral shift, I developed a process model 

within a Bayesian hierarchical framework, fitting a size-structured population 

dynamics model to survey data to evaluate sea urchin recruitment, survival (growth), 

and detection probability as plausible drivers of observed population dynamics. The 

key demographic processes in this model are growth, survival, and recruitment, while 

a fourth observer process (detection probability) relates the latent dynamics of the 

true population to the observed survey data. 

     To estimate size-specific growth transition rates, I used a Tanaka (1982) growth 

function within a Bayesian framework adapted from Burt et al. 2018 to model the 

growth of Strongylocentrotus purpuratus: 
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where 𝜀 is a normal variate 𝜀 ~ N(0, 𝜎2), and with nearby (Bodega Bay, California, 

USA) area-specific parameters (a, d, f, 𝜎) derived from Ebert (2010). The model was 
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simulated to estimate one-year growth increments for 5000 individual urchins drawn 

randomly from the empirically derived size distribution from all sites across all years. 

I then used these growth increments to calculate size-specific transition probabilities 

(𝐺!) for 10 size-classes of urchins (for a seamless comparison with field size estimates 

measured to the nearest 1 cm). Specifically, I used the Tanaka function to construct a 

growth transition matrix consisting of the proportion of individuals that persisted 

within a size class or transitioned to class 𝐺! + 1 (Appendix 1 Table T1).  

     The average instantaneous mortality rate for purple urchins was set at 0.197 based 

on previously published values (Russel 1987, Ebert 2010), and temporal variation in 

survival was modeled by allowing for an additive random effect on log mortality: 

  

𝑆!,# = exp+−exp+log	(0.197) + 𝜙$,#8	8 

 

where fS,t is a random effect estimated during model fitting, normally distributed with 

standard error s%   and mean of 0 for years prior to 2014 and f$999 for years 2014-2020, 

where both s% and f$999 are parameters to be estimated.  

     For recruitment, I set an arbitrary baseline value for average recruitment that was 

large enough such that the other parameters in the process model could take on a wide 

range of meaningful values given the observed data. While I was interested in 

potential effects of changes to relative recruitment rates, the absolute values of 

recruitment are not identifiable if variation in survival and mean detection probability 

(see below) are also free parameters. However, average recruitment can be set 
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arbitrarily and then the model solved for an equilibrium abundance given survival. If 

this abundance value is large to allow sufficient flexibility in the detection probability 

parameter (see below), it should not impact model results. I therefore set the average 

value of R to exp(6) = 400 recruits per year, but also evaluated a range of values to 

ensure that the value chosen did not qualitatively impact model results. Temporal 

variation in relative recruitment values was then modeled by allowing for an additive 

random effect on log recruitment: 

 

𝑅# = exp+6 + 𝜙&,#	8 

 

where f&,# is a random effect estimated during model fitting, normally distributed 

with standard error s& and mean of 0 for years prior to 2014 and f&999 for years 2014-

2020, where both s& and f&999 are parameters to be estimated. Combining these 

demographic processes, the number of expected individuals (𝑁,-.) surviving and 

transitioning to larger size-classes was estimated as:  

 

𝑁,-.#,!"# = [(𝑁#!)(1 − 𝐺#) + 𝑅!]	*	𝑆'!,# 	
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… 
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     The actual number of urchins of each size class observed on transects each year 

(Obsi,t) depended both on true abundance and on the likelihood that urchins were 

detected, given their size and behavior. Previous analyses (Burt et al. 2018) have 

shown that detection probability decreases for smallest size classes, therefore we 

modeled age-specific detection probability as a non-linear asymptotic logit function: 

 

𝑙𝑜𝑔𝑖𝑡(𝐷!,#) 	= expB𝑎 − 𝑏 E
1
𝑖F

(

+ 𝜙),#G 

 

where 𝐷!,# is the detectability of size class i at time t, a and b are estimated 

parameters, and f),#	 is a random effect estimated during model fitting, normally 

distributed with standard error s) and mean of 0 for years prior to 2014 and f)999 for 

ears 2014-2020, where both s) and f)999 are parameters to be estimated.  

     The total number of urchins observed on transects each year was modeled as a 

gamma-distributed random variable, related to true (latent) abundance as: 

 

H𝑂𝑏𝑠!,#
!

~GammaOHP𝑁𝑒𝑥𝑝!,# ∙ 𝐷!,#V
!

∙ 𝜐, 𝜐Y 

 

wheren is a model-estimated inverse scale parameter that determines the magnitude 

of observer error in annual survey counts. 
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     The annual vectors of observed size distributions of urchins were modeled as 

Dirichelet-multinomial random variables, related to the true (latent) size distributions 

as: 

 

〈𝑂𝑏𝑠!,#〉	~Dirichlet − Multinomial	+〈P𝑁𝑒𝑥𝑝!,# ∙ 𝐷!,#V〉 ∙ 𝜏8 

 

where the degree of over-dispersion in size frequency vectors (relative to that 

expected for a simple multinomial distribution) was determined by the fitted precision 

parameter t. 

     Size-structured urchin population dynamics were fit to observed data using 

Markov Chain Monte Carlo (MCMC) methods. The temporal modification factors for 

recruitment, survival, and detection probability (f&999, f$999, f)999) were estimated after first 

initializing the population at the conditional equilibrium abundance and size 

distributions at the start of the time series, conditional upon the mean baseline values 

for survival and recruitment. I compare the estimates of modification factors to assess 

the relative influence of temporal variation in recruitment, survival, and detection 

probability on the post-2013 changes in observed abundance and size frequency 

distribution. I evaluated model goodness of fit using graphical posterior predictive 

checks and by estimating the Bayesian-P values (Gelman 1996), to ensure that out-of-

sample distributions were reflective of the observed data distributions. A Bayesian-P 

value close to 0.5 would indicate similar distributions between the simulated data and 

real observed data.  
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Patch level dynamics 

     I explored patch-level dynamics over a three-year study period (2017-2019) to 

further examine how sea urchin behavior underpins switching among patch states 

(forest, barren). The field sampling methods used for this phase of the project are 

described in detail in Smith et al. 2021. Briefly, I surveyed a total of 236 subtidal sites 

from May-September in 2017 (n = 71), 2018 (n = 92), and 2019 (n = 73) to determine 

state transition dynamics and attributes of each state such as sea urchin behavior, 

density, and the cover of key groups of algae. Survey sites were randomly selected on 

hard substratum between 5- and 20-meters of water. Each site was sampled using 16 

1m2 quadrats randomly stratified across eight 5-meter long transects (two quadrats 

per transect), and each transect radiated from a fixed central location (Figure 1.1). 

Therefore, each survey site represents an independent replicate sample.  

     The state (barrens, forest) of each site was characterized by constructing a linear 

discriminant analysis (LDA) using urchin behavior, density, and the cover of algae as 

classifiers. In the field, each site was surveyed using 16 randomly placed 1m2 

quadrats fixed with a high-resolution GoPro Hero4 camera and two Sola LED video 

lights. The density of urchins was recorded in situ within each quadrat by quantifying 

visually detectible sea urchins and by searching in cracks and crevices for cryptic 

individuals. I also recorded site patch state (barrens, forest) based on initial 

impressions of the site at the start of each dive. In the lab, photoquadrats were 

analyzed to determine the number of actively foraging (i.e., exposed) sea urchins, and 

to estimate the cover of key algal groups that are characteristic of forests and barrens 
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(Filbee-Dexter and Scheibling 2014). Each photoquadrat was assigned 16 universal 

points using a digital grid in ImageJ. Because many alga are difficult to visually 

quantify to the species-level in imagery, I used four taxonomic categories that are 

known indicators of patch state (Filbee-Dexter and Scheibling 2014): articulated 

coralline algae, encrusting coralline and red algae, brown algae, and foliose red algae. 

Finally, exposed sea urchins were quantified from photoquadrats by counting only 

urchins where 50% or more of the test diameter was visible (Smith et al. 2021). I then 

constructed the LDA by using these variables (sea urchin density, proportion of 

exposed urchins, cover of algae) as predictors of the field patch-state classification. 

Out of 284 sites used in training the LDA, only seven were misclassified and the 

entropy R2 was 0.89. Therefore, I elected to use the predicted states from the LDA 

(rather than diver-based site impressions) in subsequent analyses.  

     To test the hypothesis that shifts in patch state are associated with alternations in 

sea urchin foraging behavior, I explored transition dynamics across two time-steps 

(2017 to 2018, and 2018 to 2019). For this analysis, I only used sites that were 

surveyed at the same spatial location in sequential years to determine whether each 

site (1) persisted as the same state across the time step, (2) forward-shifted from a 

forest to barren, or (3) reverse-shifted from a barren to a forest. A logistic regression 

was used to determine the transition probability based on the natural log-transformed 

mean density of exposed (i.e., actively foraging) sea urchins, mean number of cryptic 

urchins, and starting state (barren, forest). I defined the logistic target level based on a 

positive state shift, where a transition to a different year-following state was classified 
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as ‘1’, and state persistence as ‘0’. Therefore, each of the variables in the model 

represent starting-year values used to predict the year-following state. Finally, to 

determine the strength of discontinuity in state-shift thresholds, I examined the logged 

odds of state transition probabilities from the logistic regression as a function of 

exposed sea urchin density. 

 

Forest recovery following sea urchin movement 

     In 2019, I observed a dramatic reduction in counts of sea urchins and an 

extraordinary recolonization of a kelp forest to an area that was an expansive sea 

urchin barren just two years prior (2017). Surveys farther inshore (i.e., shallow water) 

during the recovery year (2019) revealed an abundance of large (>6 cm) sea urchins 

and a reef devoid of macroalgae. I hypothesized that the observed recovery of kelp 

was associated with sea urchin movement to shallow water. To test this hypothesis, I 

examined urchin size-structure and density across three depth zones and three survey 

years. For this analysis, I categorically assigned a subset of sites (n = 18) near the 

recovery area to one of three depth zones: shallow (0-6 m), mid (7-13 m), and deep 

(14-20 m). Sea urchins were categorically assigned to one of three size classes based 

on test diameter: small (<30 mm), medium (30-38 mm), and large (>38 mm). These 

size classes were selected based on the first, second, and third quantiles of the entire 

population size-distribution across all three survey years (n = 6827 individuals).  

     I used a mixed model with a Restricted Maximum Likelihood (REML) to test for 

differences in mean sea urchin density across three survey years (2017-2019), three 
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depth zones (shallow, mid, deep), and three size-classes of sea urchins (small, 

medium, large). The model was constructed as a full factorial with year, depth zone, 

and size class as fixed effects, and site and transect as random effects. I then used a 

contrast test to examine the hypothesis that the density of large and medium sized 

urchins declined over the period 2018-2019 in the deep zone, and simultaneously 

increased in the shallow zone. After examining the output of the mixed model, it was 

clear that the density of urchins did not significantly change across the 2017-2018 

time period. Therefore, I restricted the subsequent contrast test to the 2018-2019 

period.  

     Finally, I explored changes in the algal assemblage across each depth zone in 

relation to sea urchin movement. To test for changes in the mean percent cover of 

foliose red algae, brown algae, and encrusting algae, I used an analysis of variance 

(ANOVA) test on photoquadrats at each of my survey sites with depth zone and algae 

type as predictors of percent cover. I then used PISCO data on kelp density from an 

adjacent site located near the recovery area (Pt. Piños) to examine whether kelp 

recovery at deep reefs was associated with sea urchin movement to shallow water.  

 
 
 
Results  
 
Urchin behavioral shifts at the regional scale 

     I found a pronounced increase in total counts of visually detectible purple sea 

urchins that occurred between 2013 and 2014. Variation in the sum of squares of the 

differences in counts of urchins were best minimized using two breakpoints, with one 



 28 

at 2014 and one at 2017 (R2 = 0.96, DF = 10, Residuals S.E. = 719). Bayesian 

regression using multiple change points revealed a sharp uptick in urchins that 

initiated in 2014 and continued for at least four years (2017) before reaching an 

apparent deceleration (Figure 1.2). Prior to 2014, the mean fitted counts of visually 

detectible sea urchins was 152 individuals (± 60 SE). However, total counts of 

urchins in the 2017 to 2020 period increased by roughly 4000% to 6092 individuals 

(± 764 SE).  

     Size-frequency analyses revealed that counts of 3 cm to 10 cm urchins uniformly 

increased over a magnitude of 600% between 2013 and 2014 (Figure 1.3). A 

Kolmogorov-Smirnov (KS) two-sample test of equality revealed no significant 

difference in the size distribution of urchins between these two years. Moreover, I did 

not find evidence of an anomalous pulse in urchins at the lower end of the size 

distribution (< 4 cm) in the years prior to 2014.  

     The size-structured population dynamics model fit to survey data converged 

relatively well and satisfied posterior predictive checks (all psrf values < 1.3; 

Appendix 1 Table T2). The simulated model reproduced similar annual size-

frequency distributions comparable to the field survey estimates (Bayesian P = 0.42, 

Figure 1.4). After analyzing the parameter posterior distributions, detection 

probability emerged as the most influential demographic process driving observed 

population dynamics (Figure 1.5). The mean logit for the detection parameter was 5, 

indicating over a 148% increase in the likelihood that divers encountered visually 

detectible sea urchins. Moreover, these sea urchins (> 5 cm) are too large to have 
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settled from the plankton later than 2012, based on the model predicted growth rates 

(Appendix 1 Table T2). Therefore, the dramatic increase in counts of purple sea 

urchins in 2014 is explained almost entirely by the emergence of large (adult) sea 

urchins from refuge.  

 

Patch level dynamics 

     I found support for the hypothesis that patch state transitions are explained by 

shifts in sea urchin behavior. The linear discriminant analysis revealed that 113 sites 

persisted as the same starting and ending state across time steps, 11 forward-shifted 

from a forest state to barren, and 12 reverse-shifted from a barren state to forest. 

Model selection for the full logistic regression with behavior (active, passive) as a 

predictor of the year-following state showed that the density of actively foraging (i.e., 

exposed) urchins was the strongest determinant of transition probability (R2 = 0.18, P 

< 0.0001, AICc = 112).  

     An analysis of the logged odds from the logistic regression revealed evidence of a 

strong discontinuous state shift (Figure 1.6). The 50% probability transition threshold 

for a forward-shift from a kelp forest to a sea urchin barren was 2.71 exposed 

urchins/m2. However, the 50% probability transition threshold for a reverse-shift from 

a barren to a forest was 0.03 exposed urchins/m2.  
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Forest recovery following sea urchin movement 

     In 2019, I observed a remarkable recovery of forests at a subset of deep (14-20m) 

survey sites that were expansive sea urchin barrens just two years prior (2017). Long 

term subtidal monitoring data revealed a rapid decline in kelp density across all depth 

zones in 2014 that coincided with the onset of sea urchin barrens. Starting in 2018, 

bull kelp (Nereocystis luetkeana) recolonized the deep depth zone, with a sharp and 

pronounced recovery in 2019 (Figure 1.7).  

     I found that the total density of sea urchins significantly decreased in the deep 

zone between the 2018 and 2019 sampling seasons, with the most pronounced effects 

occurring in the large and medium urchin size-classes (R2 = 0.53, P < 0.0001; Figure 

1.8A). A less dramatic but similar decline in medium and large urchins was observed 

across the same time step at mid depths (7-13m). In the shallow zone, the total mean 

sea urchin density increased from 1.58 urchins/m2 (±0.34 S.E.) to 14.17 urchins/m2 

(±1.19 S.E.). All size classes of urchins significantly increased in the shallow zone in 

the 2019 survey year (P < 0.0001). The contrast test revealed that the density of large 

and medium sized urchins significantly declined within the deep zone between 2018 

and 2019 (t-ratio = 2.77, P < 0.005) and increased within the shallow zone during this 

same time period (t-ratio = -5.69, P < 0.0001). Finally, a comparison of slopes 

between the deep and shallow zones across the 2018 and 2019 period revealed that 

they were significantly different (DenDF = 2765, F = 20.16, P < 0.0001).  

     Results from analyses on the percent cover of foliose red algae, brown algae, and 

encrusting algae further support the hypothesis of mass sea urchin movement to 
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shallow water. Starting in 2019, the cover of encrusting coralline algae significantly 

decreased in the deep zone, along with a simultaneous increase in the cover of foliose 

red and brown algae (R2 = 0.79, DF = 2, P < 0.0001; Figure 1.8B). In the shallow 

zone, the cover of foliose red algae significantly decreased, with a pronounced spike 

in the cover of encrusting coralline algae (R2 = 0.48, DF = 2, P < 0.0001). 

 
Discussion 
 
     This study demonstrates the important role of grazer behavior in mediating 

alternative state dynamics. The patchy kelp forest-urchin barrens mosaic that 

developed following the extirpation of Pycnopodia and the marine heatwave revealed 

how grazer behavior shapes alternations between kelp-dominated and urchin-

dominated states. These findings suggest that the initial 2014 sea urchin outbreak 

along the central coast of California was primarily driven by the emergence of adult 

sea urchins from refuge, not by a demographic response (i.e., recruitment or survival). 

Behaviorally driven alternations among patch states across the mosaic further 

demonstrate the role of grazer behavior in facilitating transition dynamics.  

     In many systems, behavior is a primary mechanism for the organization of 

ecological communities (Lima and Zollner 1996, Werner and Peacor 2003). The vast 

majority of studies that demonstrate behavior-induced community patterning often 

result from demographic (i.e., recruitment) or density-dependent responses of 

predators and their prey (Levin 1976). This study suggests how both predatory release 

and starvation-induced behavioral switching can facilitate persistent patterning of 

community states. The uniform increase in the density of adult sea urchins recorded 



 32 

on long-term monitoring surveys revealed a clear and rapid behavioral shift that 

resulted in the formation of the spatial mosaic of kelp forests interspersed with sea 

urchin barrens. The initial sea urchin outbreak observed in 2014 is likely reflective of 

a shift in grazing modality (from passive, to active grazing) in response to reduced 

food availability and from a reduction in the abundance of an important benthic 

mesopredator (Cowen 1983, Harrold and Reed 1985, Burt et al. 2018). However, the 

relatively low abundance of Pycnopodia prior to the sea star wasting syndrome 

suggests that predator-induced sheltering behavior was likely a strong mechanism for 

suppressing active sea urchin grazing (Spyksma 2017).  

     While I did not find evidence of a demographic response coinciding with the 2014 

sea urchin outbreak, recruitment facilitation is a known driver of alternative state 

dynamics (Baskett and Salomon 2010). Sea urchin recruitment dynamics are often 

episodic, with considerable geographic variation (Pearse and Hines 1987, Ebert and 

Russell 1988). Moreover, grazing of macroalgae by adults can maintain patches of 

suitable habitat that enhance settlement of pelagic urchin larvae, creating feedback 

loops that expand the spatial extent of barrens (Baskett and Salomon 2010, Karatayev 

and Baskett 2020). Following the initial sea urchin behavioral shift in 2014, it is 

possible that the formation of barren patches enhanced sea urchin recruitment to 

barrens within the mosaic. Additionally, recruitment may have occurred prior to 2012 

in this system, or with variable timing and magnitude at other locations along the 

northeastern Pacific Ocean (Okamoto et al. 2020).  
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     Long-term monitoring observations along the central coast of California, USA 

indicated that the 2014 sea urchin outbreak continued for at least four years before 

reaching an apparent deceleration in 2017. During this same period, canopy-forming 

kelps to the north and south of the study region experienced unprecedented declines 

resulting from the marine heatwave and even more expansive outbreaks of purple sea 

urchins (Arafeh-Dalmau et al 2019, Rogers-Bennet and Catton 2019, Beas-Luna et al. 

2020, McPherson et al. 2021). One explanation for the persistence of remnant kelp 

patches in this system (as opposed to adjacent neighboring areas) is the presence of 

trophically redundant predators. The urchin predator guild along the west coast of 

North America is comprised of five key species: sea otters (Enhydra lutris nereis), 

lobsters (Panulirus interruptus), sheephead (Semicossyphus pulcher), sunflower sea 

stars (Pycnopodia helianthoides), and rock crab (Cancer spp.; Scheibling and Hamm 

1991, Eisaguirre et al. 2020). The abundance of these five species varies 

geographically along the west coast. In northern California where rock crab and wolf 

eels are the only alternative predators of urchins, forests were reduced by over 95% 

with the loss of Pycnopodia (McPherson et al. 2021). However, forests in southern 

California that have a suite of urchin predators (e.g., lobster, sheephead, rock crab) 

experienced an apparent buffer from kelp decline following the demise of 

Pycnopodia (Eisaguirre et al. 2020). Finally, on the central coast of California, 

remnant patches of kelp forests are indirectly maintained by sea otters that target 

energetically profitable sea urchins in patches of forest (Smith et al. 2021). This 
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spatially explicit foraging by sea otters is likely the mechanism responsible for the 

persistence of kelp patches within the mosaic.  

     In this study, switching among patch states within the mosaic was explicable by 

changes in the density of exposed (i.e., active foraging) sea urchins. Behavioral 

switching within the mosaic across such a short temporal duration is most likely 

driven by spatial variability in drift kelp. High-levels of drift kelp have been shown to 

facilitate reef-scale behavioral feedbacks in California, Chile, and New Zealand 

(Vasquez and Buschmann 1997, Ling et al. 2019, Kriegisch et al. 2019). I also found 

evidence of strong discontinuous state shift thresholds, with at least two 

discontinuous thresholds required to facilitate switching among patch states. A 

number of studies have suggested a critical threshold of a forcing variable that drives 

state transitions to less productive configurations (Petraitis and Dudgeon 2004, Casini 

et al. 2009). The strong forward and reverse-shift thresholds identified in this study 

provides an empirical demonstration of this phenomenon.  

     The isolated recovery of kelp forest patches in 2019 was associated with sea 

urchin movement to shallow water. This is evidenced by the dramatic reduction in 

medium- and large-sized urchins at deep reefs, simultaneous increase of those size 

classes inshore, and the pronounced reduction of foliose red macroalgae in shallow 

water. It is important to note that the kelp species that repatriated the once barren 

grounds was the bull kelp (Nereocystis luetkeana, an annual species), not the giant 

kelp (Macrocystis pyrifera, a perennial species). Prior to the 2014 sea urchin 

outbreak, kelp forests along the Monterey Peninsula were dominated by the giant kelp 
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(Foster and Schiel 1985, Graham et al. 1997). It is well established that shading by 

giant kelp limits algal recruitment and the growth of other noncalcareous species 

(Reed and Foster 1984, Kennelly 1989). The removal of long-standing giant kelp 

forests by purple sea urchin grazing may have released the annual-growing species 

Nereocystis from light limitation, thereby enabling the rapid recolonization and 

growth of Nereocystis following sea urchin movement inshore to shallow water.  

     The results presented in this study highlight the role of behaviorally mediated 

effects in structuring ecological communities. One of the most unusual aspects of this 

system is the ability for sea urchins to persist in low resource environments for 

extended periods of time (Ebert 1967, Ebert 1982, Smith and Garcia 2021), which 

may contribute to the longevity of the alternative barrens state of the ecosystem. 

However, many other small consumers switch between sit-and-wait foraging and 

open roaming (Higginson and Ruxton 2015). Therefore, the degree to which behavior 

of grazers, especially of ecosystem engineers, is affected both directly and indirectly 

by resource abundance and predatory cues is fundamental to community dynamics. 
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Figures 
 

 
Figure 1.1. Study area along the Monterey Peninsula, California, USA. Each point 
represents an independent survey site. The inset diagram depicts the sampling design 
used to survey each site using eight 5-meter-long transects (lines) radiating from a 
fixed central position, with two 1m2 quadrats (squares) sampled per transect. 

 
 
 
 
 
 
 
 
 
 

¯

2017-2019 subtidal survey sites (n = 236)

Lovers Pt.

Pt. Pinos

Pt. Cabrillo

Kilometer
1

121°53'35"W121°53'58"W121°54'21"W121°54'44"W121°55'7"W121°55'30"W

36
°3

8'
26

"N
36

°3
8'

3"
N

36
°3

7'
40

"N
36

°3
7'

17
"N

36
°3

6'
54

"N

USA



 37 

 

 
Figure 1.2. Annual counts of purple sea urchins at long-term subtidal monitoring 
sites in Monterey Bay, California, USA. Each point represents the total counts of 
purple sea urchins in a given year. The grey lines represent 50 simulations of multiple 
change points using Bayesian inference and the red dashed line indicates the median 
across three segments. 
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Figure 1.3. Size frequency distribution of purple sea urchins (Strongylocentrotus 
purpuratus) in Monterey, CA recorded on long term subtidal monitoring surveys by 
PISCO. Each bar depicts the annual total counts of purple sea urchins across 12 
discrete size-classes. 
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Figure 1.4. Observed (green) and model-predicted (orange) mean size frequency 
distributions across 10 sampling years. 
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Figure 1.5. Posterior distributions for δ parameters estimated by a hierarchical 
Bayesian state space model fit to field survey data. Each 𝜹	value depicts the 
difference between log hazard rates for each of the three demographic processes of 
interest (recruitment, mortality, and detection). 
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Figure 1.6. Transition probabilities depicting simulated logged odds for each starting 
state based on the log-transformed density of exposed sea urchins. The green line 
indicates the probability of a forest patch transitioning to a sea urchin barren in the 
following year, and the purple line indicates the probability of a barren becoming a 
forest in the following year. The dashed line indicates the 50% probability transition 
threshold. 
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Figure 1.7. Density of giant kelp (Macrocystis pyrifera, green) and bull kelp 
(Nereocystis luetkeana, brown) across three depth zones at Pt. Piños, recorded by 
PISCO. 
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Figure 1.8. Urchin movement dynamics across three depth zones at survey sites 
located near Pt. Piños with 95% confidence intervals. Panel A depicts the mean 
density of small (< 30 mm), medium (30-38 mm), and large (> 38 mm) purple sea 
urchins. Panel B depicts the mean cover of foliose red algae (red), encrusting red and 
crustose coralline algae (pink), and brown algae (green). 
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CHAPTER TWO 

BEHAVIORAL RESPONSES ACROSS A MOSAIC OF ECOSYSTEM STATES 
RESTRUCTURE A SEA OTTER-URCHIN TROPHIC CASCADE 
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Chapter 2: Behavioral responses across a mosaic of ecosystem states 
restructure a sea otter-urchin trophic cascade. 
 
     This chapter was originally published in a peer-reviewed journal. It is reproduced  
 
here in its entirety for this dissertation. The original citation is: 
 
Smith JG, J Tomoleoni, M Staedler, S Lyon, J Fujii, T Tinker. 2021. Behavioral  

responses across a mosaic of ecosystem states restructure a sea otter-urchin  
trophic cascade. Proceedings of the National Academy of Sciences 118(11)  
DOI: 10.1073/pnas.2012493118. 

 
Abstract 
 
     Consumer and predator foraging behavior can impart profound trait-mediated 

constraints on community regulation that scale-up to influence the structure and 

stability of ecosystems. Here I demonstrate how the behavioral response of an apex 

predator to changes in prey behavior and condition can dramatically alter the role and 

relative contribution of top-down forcing, depending on the spatial organization of 

ecosystem states. In 2014, a rapid and dramatic decline in the abundance of a meso-

predator (Pycnopodia helianthoides) and primary producer (Macrocystis pyrifera) 

coincided with a fundamental change in purple sea urchin (Strongylocentrotus 

purpuratus) foraging behavior and condition, resulting in a spatial mosaic of kelp 

forests interspersed with patches of sea urchin barrens. I show that this mosaic of 

adjacent alternative ecosystem states led to an increase in the number of sea otters 

(Enhydra lutris nereis) specializing on urchin prey, a population-level increase in 

urchin consumption, and an increase in sea otter survivorship. I further show that the 

spatial distribution of sea otter foraging effort for urchin prey was not directly linked 

to high prey density, but rather was predicted by the distribution of energetically 
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profitable prey. Therefore, I infer that spatially explicit sea otter foraging enhances 

the resistance of remnant forests to overgrazing but does not directly contribute to the 

resilience (recovery) of forests. These results highlight the role of consumer and 

predator trait-mediated responses to resource mosaics that are common throughout 

natural ecosystems and enhance understanding of reciprocal feedbacks between top-

down and bottom-up forcing on the regional stability of ecosystems. 

 

Introduction 
 
     The role of trophic interactions in creating and maintaining the structure and 

functioning of natural communities remains a central issue in ecology. There are now 

many examples of the importance of top-down (i.e., predator-driven) and bottom-up 

(i.e., resource driven) processes that determine the structure and stability of 

communities (Estes et al. 1998, Schmitz 1998, Eldred 2019). Although odd or even 

numbers of trophic levels can define the relative importance of top-down versus 

bottom-up community regulation, the addition or loss of entire trophic levels is 

uncommon relative to changes in the strength of interactions between trophic levels. 

Such changes can result from environmental disturbances (e.g., severe storms, 

drought), or from shifts in the abundance or traits (e.g., foraging behavior, size 

structure) of populations (Pace et al. 1999, Hopcraft et al. 2005, Eldred 2019). 

Therefore, empirical evaluations of ecological processes that enhance or dampen the 

likelihood of shifts between top-down and bottom-up forcing are essential to 

understanding the potential for cascading effects that can underpin community 
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structure, functioning, and stability (Estes et al. 1998, Christianou and Ebenman 

2005, Nichols et al. 2015). Moreover, the processes that facilitate these alternations at 

ecologically relevant scales may only be revealed through opportunistic and 

significant disturbance events, especially in the form of herbivore outbreaks (Power et 

al. 1985, Hunter and Price 1992, Terborgh and Estes 2013).  

     While trophic cascades have traditionally focused on the direct role of apex 

predators on lower trophic level species, it is now clear that both predator foraging 

behavior and prey attributes (e.g., morphological, physiological, behavioral) can 

impart profound trait-mediated constraints on community regulation (Werner and 

Peacor 2003). For example, prey condition (e.g., age, health) may influence the 

strength of top-down control by altering predator foraging strategies and the capacity 

for predators to optimize prey acquisition (Hopcraft et al. 2005). Prey may also 

respond to the mere presence of predators by reducing their grazing activity, thereby 

enhancing the productivity of primary producers (Schmitz 1998). However, bottom-

up trait-mediated interactions can also dictate community dynamics through changes 

in energy transfer between primary producers and higher trophic level consumers 

(Eldred 2019, Lynam et al. 2017). Therefore, understanding how shifts in prey 

condition and behavior resulting from changes in primary production reciprocally 

influence the foraging preferences of predators is essential to predicting when, where, 

and under what conditions communities vary in the relative influence of top-down or 

bottom-up processes, and how such interactions influence the state of communities 

and ecosystems.  
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     In kelp forest ecosystems around the world, active sea urchin grazing has 

repeatedly transformed forested reefs to sea urchin ‘barrens’ that are void of 

macroalgae (Filbee-Dexter and Scheibling 2014). Fundamental changes in sea urchin 

foraging behavior (from passive foraging on drift algae, to active foraging on live 

kelp and other macroalgae) have been attributed to the loss of sea urchin predators 

(Estes and Palmisano 1974, Mann 1982, Cowen 1983, Scheibling 1996, Burt et al. 

2018), or a reduction in food availability (Harrold and Reed 1985). In kelp forests 

along the northeastern Pacific, sea urchins reside in the refuge of cracks and crevices, 

primarily forage on drift algae, and invest energy into reproductive gonad production 

(Conor 1972). However, when sea urchins shift to an active foraging modality and 

emerge from the refuge of cracks and crevices, they have the capacity to drastically 

reduce kelp abundance, at which point gonad condition can decline due to reduced 

food availability (Conor 1972). While many studies have focused on the role of apex 

predators in sea urchin population control, less attention is given to how predators 

respond to variation in both the behavior (i.e., cryptic or exposed) and gonad 

condition (i.e., energetic profitability) of sea urchin prey resulting from changes in the 

abundance of macroalgae. 

     In this chapter, I examine how a shift in grazer behavior and energetic profitability 

led to a fundamental change in predator foraging behavior, thereby altering both the 

role and contribution of top-down forcing on the system. Along the central coast of 

California, USA, forests of giant kelp (Macrocystis pyrifera, hereafter ‘kelp’) had 

persisted for decades because purple sea urchins (Strongylocentrotus purpuratus, 
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hereafter ‘urchins’) were controlled by the top predator, the southern sea otter 

(Enhydra lutris nereis, hereafter ‘sea otter’), and various meso-predators. However, in 

2014 an unprecedented decline in kelp resulted from a series of climatic stressors 

similar to those observed farther north (Rogers-Bennett and Catton 2019). This 

decline in kelp production coincided with a widespread sea star wasting disease that 

decimated local populations of the urchin predator, Pycnopodia helianthoides 

(hereafter, ‘Pycnopodia’; Harvell et al. 2019). Both of these factors likely contributed 

to a shift in sea urchin foraging behavior from cryptic passive-grazing to active-

grazing of live macroalgae, transforming a once expansive kelp forest to a patchy-

mosaic landscape of remnant kelp forests interspersed with sea urchin barrens.  

     Here I examine how sea otters (predator) respond to changes in urchin (prey) 

behavior and condition (i.e., gonad index) to better understand how the contribution 

and role of predator-driven impacts (top-down forcing) and resource abundance 

(bottom-up forcing) drive the spatial dynamics of community structure. First, I test 

two hypotheses related to prey behavior and condition as a function of resource 

availability: (1) a shift in sea urchin behavior from passive to active foraging is 

associated with a decline in kelp availability, and (2) active sea urchin foraging 

behavior is associated with a decline in prey condition (gonad volume). I build on 

these hypotheses by exploring whether a top predator responds numerically and 

functionally to changes in sea urchin behavior and condition. Specifically, I test for a 

numerical response by exploring whether (3) a population-level increase in sea otter 

abundance is explained by an increase in the density of exposed prey (purple sea 
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urchin). I then explore the functional response of sea otters by testing for (4) an 

increase in the dietary contribution of urchins. Finally, I test the hypothesis that (5) 

the spatial distribution of sea otter foraging effort for urchin prey is not directly linked 

to high prey density, but rather is predicted by the distribution of energetically 

profitable (gonad rich) prey.   

 
Methods 
 
     To address my five hypotheses, I combine spatially explicit observations of 

numerical and functional responses of sea otters with changes in sea urchin behavior 

and condition to reveal the relative contribution of top-down and bottom-up control in 

the structure of kelp forest communities.  

 

Study area 

     This study was conducted along the Monterey Peninsula, California (Appendix 2 

Figure S1). The study region is approximately 300 ha and all marine mammals, algae, 

and invertebrates are protected from harvest (since 2007) within marine protected 

areas. The subtidal habitat covers a range of low to high topographic relief comprised 

of continuous igneous rock that extends from the shore to approximately 23 meters 

depth, where it becomes expansive sandy bottom strewn with small rocky outcrops. 

In the 19th century, the southern sea otter (Enhydra lutris nereis) was locally hunted 

to near extinction, but a recovering sea otter population repatriated the area in the 

early 1960s. The local sea otter population increased rapidly over the course of the 

following 30 years, reaching an apparent equilibrium by the late 1990s (Hatfield et al. 
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2019, Tinker et al. 2021). In 2014, the region shifted from a once expansive kelp 

forest to a mosaic of remnant forests interspersed with patches of sea urchin barrens 

that range in size from approximately 30-60 ha (Appendix 2 Figure S2). The 

formation of the mosaic was initiated in-part by the loss of a sea urchin meso-predator 

(Pycnopodia helianthoides) that coincided with an unprecedented marine heatwave 

(resulting in reduced kelp productivity), an outbreak of purple sea urchins 

(Strongylocentrotus purpuratus), and an increase in the abundance of sea otters well 

beyond levels recorded since the early 1960s.  

 

Shifts in urchin behavior and condition 

     A total of 236 underwater surveys (hereafter, ‘reference sites’) were conducted 

from May-September in 2017 (n = 71), 2018 (n = 92), and 2019 (n = 73) to evaluate 

the spatial extent and temporal dynamics of kelp forests and urchin barren patches 

across the study area, and to determine urchin foraging behavior and condition. 

Survey sites were randomly selected on hard substratum between 5 and 20 meters of 

water (based on diving limitations). All surveys were conducted between the hours of 

9am and 1pm. Each site was sampled using eight 5 meter-long transects with two 

randomly placed 1 m2 quadrats (16 quadrats per site) fixed with a high-resolution 

camera. A single transect was assigned to each cardinal (N, E, S, W) and inter-

cardinal (NE, NW, SE, SW) direction around the survey site (eight total transects). 

The positions of the quadrats along each transect were weighted using a randomly 

stratified design so that the quadrats were not biased towards either the center or outer 
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edge of the sampling circle (Appendix 2 Figure S9). Therefore, each survey site 

represents an independent replicate sample.  

     The density of purple urchins was recorded in situ within each 1 m2 quadrat by 

carefully searching for urchins, including those seeking refuge in cracks and crevices. 

Still photos were taken of each quadrat for estimates of urchin behavior. In the lab, 

photos were analyzed for the presence of exposed, actively foraging urchins. Urchins 

with a test diameter visible by 50% or more were quantified as exposed. I selected the 

50% visibility threshold to account for actively foraging urchins at intermediate 

ranges of exposure, and because a subsample of urchins from a representative sample 

of 505 quadrats quantified at the 100% exposure level was not statistically different 

from the 50% level. The ratio between the number of urchins quantified as exposed 

and the total number of urchins quantified in situ represents a proportional estimate of 

urchins employing active foraging behavior. At each site, kelp density was quantified 

as the number of stipes in the entire survey area (per 78 m2). 

     To test the hypothesis that a shift in urchin behavior from passive to active 

foraging is associated with a decline in kelp availability, I used a sequential model 

fitting approach to assess whether the mean proportion of exposed urchins was related 

to kelp density. First, I conducted a linear regression with the proportion of exposed 

urchins as a function of the log-transformed urchin density to control for the positive 

effect of urchin density on foraging behavior (i.e., urchins are more likely to be 

exposed at higher densities). I then regressed the residuals from that model against 

kelp stipe density to determine the relationship between the proportion of exposed 
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urchins and kelp density. I took the sequential approach instead of using multiple 

regressions because it was clear from initial analyses that both relationships 

(proportion vs urchin density and proportion vs kelp density) were non-linear such 

that a simultaneous (and linear) approach would mask the actual relationships. 

Finally, to rule out refuge availability as a confounding effect of behavior, I regressed 

field estimates of rugosity collected using Risk’s chain-and-tape method (Risk 1972) 

against site location, kelp density, and the proportion of exposed urchins, for which I 

found no effect (i.e., rugosity was relatively uniform across all sites).  

     Gonadal indices were constructed to comparatively evaluate the hypothesis that 

active urchin foraging behavior is associated with a decline in condition (i.e., gonad 

quality). At each of the survey sites above, a maximum of 32 urchins were randomly 

collected (two per quadrat from adjacent fixed positions) and brought to the lab for 

dissection (n = 4408). Urchins were placed on ice immediately after collection to 

slow digestive and reproductive processes. Soon after returning to the lab, urchins 

were injected with 2 – 12 mL of 10% neutral buffered formalin (depending on the 

size of urchin). Urchins were injected through the peristomial membrane and placed 

in a venting room for a minimum of 24 hours to allow fixation of tissues and gonads. 

After fixation, gonads were blotted dry and weighed to the nearest 0.01 g. To 

compare gonad mass across individuals, gonad indices were calculated as, 

 

Eq. 1   Gonad Index = +,-'.	/'%%	(1)
3456!-	/'%%	(1)

∗ 100 
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     Because the fixation process results in variable amounts of perivisceral fluid loss, 

an equation relating wet mass to test diameter was generated following the methods 

of Harrold and Reed (1985). A biomass equation was fitted to a previous sample of 

over 400 purple sea urchins. The r2 for Eq. 2 was 0.97 and the partitioned sum of 

squares gave P < 0.0001.  

 

Eq. 2 Urchin Mass (g) = -22.45 + 12.23e0.0394*Test Diameter (mm) 

 

Sea otter numerical response to density of exposed prey 

     I examined support for a numerical response by testing for a temporal change in 

the mean annual sea otter abundance within the focal study area (Monterey) before 

(2000-2013) and after (2014-2018) the 2014 urchin outbreak. I used published annual 

abundance surveys for southern sea otters (Hatfield et al. 2019) to test for variation in 

abundance over time. Specifically, I evaluated support for a temporal change in sea 

otter abundance within the focal study area (Monterey) by comparing the mean 

annual abundances for two time periods (2000-2013, 2014-2018). In order to 

distinguish a numerical response due to increased survivorship (as opposed to a 

redistribution or migration), I compared sea otter abundance dynamics in the regions 

immediately to the north (Pigeon Pt. to Seaside, hereafter ‘Santa Cruz’) and south (Pt. 

Sur to San Simeon, hereafter ‘Big Sur’) of the study area (Appendix 2 Figure S10). 

Abundance dynamics were evaluated between regions and across time periods using a 

generalized mixed model, treating abundance estimates as a gamma-distributed 
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response variable and with time period, region, and their interaction as fixed effects 

and segment (repeated annual survey area) as a random effect. 

     To assess whether the observed changes in abundance were explicable by 

biologically feasible changes in vital rates, and to generate estimates of regional 

trends that reduce the effects of observer error in the raw counts (Tinker and Hatfield 

2016), I fit a Bayesian state space model to the time series of survey counts for pups 

and independent otters (see Appendix 2 Methods). The model structure followed 

previously described age-structured models of sea otter demographics (Gerber et al. 

2004, Thometz et al. 2014) and allowed me to infer the underlying changes in 

survival rates that explained population trends over the study period.  

 

Prevalence of urchins in sea otter diets   

     To test for a sea otter functional response to increases in prey abundance, I 

evaluated the dietary prevalence of urchins in sea otter diets before and after the 2014 

increase in the abundance of exposed urchins. Long-term sea otter observational 

foraging data were collected from 2000-2018 to determine diet composition and the 

spatial extent and frequency of urchin captures. Observational foraging data were 

collected primarily from radio-tagged sea otters that were captured and monitored as 

part of long-term population studies (Gerber et al. 2004, Tinker et al. 2019). 

Observation sessions were conducted from shore to collect foraging data and were 

somewhat opportunistic and haphazard (i.e. based on availability of candidate animals 

foraging within visible distance of shore), although consistent efforts were made to 
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obtain balanced sample sizes of foraging observations from each tagged study animal 

in each season (target = 200 observed dives per otter, per season), and to distribute 

observations for each animal throughout its home range, to avoid spatial biases. Once 

a feeding sea otter was selected for observation, the observing team used a high 

powered telescope, stop-watch, GPS, compass and laser range finders to record the 

following variables for each dive in the feeding bout (contiguous series of dives made 

by a single otter): geolocation (computed based on observer's location and 

direction/distance to otter), dive duration, inter-dive interval, dive outcome (success 

or no prey), prey type (to the lowest taxonomic level possible), prey size, number of 

prey items, prey handling time, and various other fields (Tinker et al. 2006, Tinker et 

al. 2008).  

     For purposes of analyzing individual sea otter diets, I restricted analysis to tagged 

sea otters for which we recorded a minimum of 10 bouts comprising 300 or more 

feeding dives over a 1-3 year period. I assembled information on diameter-biomass 

relationships and calorific densities for each of the most common prey types (Tinker 

et al. 2012).  For the population as a whole, and for each tagged study animal, I then 

estimated diet composition on the basis of consumed wet edible biomass using a 

Monte Carlo, re-sampling algorithm designed to account for uncertainty and potential 

biases inherent in the raw data (Tinker et al. 2006, Tinker et al. 2008). Briefly, the 

analysis utilizes empirically derived relationships between recorded variables (prey 

handling time, prey size, number of items per dive) to correct for those dives with 

missed data points. The Monte Carlo analysis results in bias-corrected estimates of 
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consumption rates (g/minute) for each prey type, and thus proportional contribution 

of each prey type to individual diets and to the population-level diet. I then used K-

means cluster analysis to test for natural groupings in the diet composition data for 

individual sea otters, as previous analyses of sea otter diets on the central coast of 

California have found strong evidence for individual diet specialization (Tinker et al. 

2006, Tinker et al. 2008, Tinker et al. 2012). I used the silhouette method combined 

with examination of elbow plots (Newsome et al. 2009) to determine the optimal 

number of clusters. To interpret cluster assignments, I identified the most common 

prey type for sea otters assigned to each cluster (previous analyses have found that a 

single prey type generally comprises 35% or more of the diets of individuals assigned 

to a given cluster; Kaufman and Rousseeuw 2009). Urchin specialists were identified 

as sea otters belonging to the cluster where urchins were the most common prey type. 

     The dietary prevalence of urchins was compared using the proportional 

contribution of urchins to individual sea otter diets across two time periods: 2000-

2013, and 2014-2018 (one period before and one after the increase in the abundance 

of exposed urchins). I used beta regression to account for the proportional (0-1) 

response variable (Fujii et al. 2017, Cribari-Neto and Zeileis 2010), with time period 

and diet specialization (urchin specialists vs. all other diet types) as categorical 

predictor variables and allowing for an interaction between these main effects. I then 

used Fisher’s exact test (Mehta and Patel 1983) to evaluate whether there were 

differences across time periods in the relative frequency of urchin specialists in the 

population.  
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Urchin condition and sea otter selectivity 

    To test the hypothesis that the spatial distribution of sea otter foraging effort for 

urchin prey is predicted by the distribution of energetically profitable sea urchins, I 

compared patterns in sea otter foraging behavior with spatially-explicit urchin 

gonadal indices. For this analysis, a sea otter foraging sub-bout is considered any 

number of dives made within a 10-meter diameter zone of the starting dive’s 

geolocation. Sub-bouts where three or more consecutive feeding dives resulting in 

successful capture and consumption of urchins were identified as “non-random urchin 

foraging patches” (hereafter, ‘focal patch’).  

     Additional underwater surveys were conducted at each focal patch in 2017 (n = 

22) and 2018 (n = 29) following the sampling protocol above to construct spatially 

explicit gonadal indices. These surveys were conducted within a two-week interval 

from the initial shore observation of sea otter foraging to link urchin gonad condition 

with sea otter foraging behavior in near-to-real time. Because a sub-bout includes 

dives made by an otter within a 10-meter diameter zone, an underwater radial 

sampling design allowed for seamless integration between the underwater surveys 

and the shore observations of sea otter foraging behavior (Appendix 2 Figure S9). 

     A stepwise conditional logistic regression was used to test whether sea otter focal 

patches are predicted by the spatial distribution of energetically profitable urchins. I 

examined population-level preferences using a binary categorical response variable 

(defined as 0 [non-focal patch] or 1 [focal patch]) for patch selection across 51 focal 

patches (where otters were foraging on urchins) and 163 randomly sampled reference 
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sites (where otters were not foraging on urchins). The model terms included gonad 

index, urchin density, rugosity, temperature, depth, kelp density, and a categorical 

assignment of patch type (barren or kelp forest). Models were forward-selected and 

evaluated using Akaike’s Information Criterion (AIC). 

 

Results 
 
     Variation in the relative density of Pycnopodia, exposed purple sea urchins 

(Strongylocentrotus purpuratus), kelp (Macrocystis pyrifera), and sea otter (Enhydra 

lutris nereis) abundance were tightly coupled, with evidence of a synchronous 

increase in urchins and otters, and a sharp decline in kelp and Pycnopodia, beginning 

in 2014 (Figure 2.1). These dynamics initiated the transformation of a once expansive 

kelp forest to a patchy mosaic of remnant forests interspersed with sea urchin barrens 

(Appendix 2 Figure S1 and S2).  

 

Shift in urchin behavior and condition 

     The log-transformed proportion of exposed urchins was positively associated with 

urchin density (P < 0.0001, DF = 1, R2 = 0.40). After controlling for the positive 

effect of density on urchin exposure, variation in the residuals was further explained 

by a negative exponential relationship with kelp stipe density (P < 0.0001, R2 = 0.33; 

Figure 2.2A). The proportion of exposed urchins was greatest in areas with no kelp, 

and crevice occupancy increased with increasing kelp density to the point where most 

individuals were concealed. The asymptotic projection of the model indicated that 
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most urchins were concealed where the mean kelp stipe density was greater than one 

stipe per m2.  

     A linear regression on mean urchin gonad index as a function of the proportion of 

exposed urchins suggests that gonad index declines with increasing urchin exposure 

(i.e., active foraging behavior). Gonad index was greatest in areas with high kelp 

density, where urchins were mainly occupying crevices and assumed to be passively-

foraging on drift kelp, but gonad index declined linearly with increasing urchin 

exposure (P < 0.0001, R2 = 0.31; Figure 2.2B).  

      

Sea otter numerical response to density of exposed prey 

     I found strong support at the population level for a positive numerical response in 

sea otter abundance that coincided with the onset of an increase in the density of 

exposed purple urchins. Sea otter numbers around the Monterey Peninsula were 

relatively stable over the period 2000-2013 (Figure 2.1A; Tinker et al. 2021), a 

pattern that has been interpreted as being reflective of a population that had reached 

local carrying capacity (Thometz et al. 2016). However, results from the mixed model 

suggest that otter abundance increased significantly in the Monterey region (Seaside 

to Pt. Sur; P < 0.001) following the 2014 urchin outbreak, from 269 (SD ± 77) 

individuals to 432 (SD ± 123) individuals (mixed model P < 0.001). Increased 

abundance in Monterey during this latter period was associated with an initial spike in 

the ratio of pups to independent otters, followed by a rapid increase in the number of 

independent otters (Appendix 2 Figure S3). A demographic model fit to the survey 
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data suggests a sharp uptick in survival of both pups and sub-adults after 2013 

(Appendix 2 Figure S4), a pattern consistent with greater prey availability (Tinker et 

al. 2021). The decline in pup ratio after 2015 reflects the dramatic increase in the 

number of surviving subadults (i.e., pre-reproductive animals) and thus a decrease in 

the proportional representation of reproductive-age females. 

     To rule out the potentially confounding effects of an aggregative response (i.e., sea 

otter movement between regions) on sea otter abundance, I compared abundance 

dynamics in adjacent neighboring regions to the north and south of the Monterey 

study area. A contrast test on the region and time period interaction term revealed a 

less dramatic but significant increase in sea otter abundance in the region to the south 

(Big Sur, P < 0.0001, F = 17, DenDF = 105), and no significant change in abundance 

in Santa Cruz (although there appeared to be a declining trend after 2012). 

Considering both neighboring areas together there was almost no net change in 

abundance after versus before 2014, suggesting that sea otters were not simply re-

distributing into the study area (Appendix 2 Figure S5).  

 

Prevalence of urchins in sea otter diets 

     A k-means cluster analysis on the diet composition of sea otters revealed an urchin 

specialist cluster defined by a high composition of urchin prey (>40%). While there 

were no detectable changes in the mean proportion of urchins in the diets of 

individual sea otters that specialize on urchins, the overall proportion of consumed 

urchins significantly increased both at the population-level and in sea otters 
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specializing on all other prey types (Appendix 2 Figure S6; P < 0.0001, DF = 7). At 

the population level, there was a significant increase in the frequency of sea otters 

specializing on urchin prey following the 2014 increase in the density of exposed sea 

urchins (Appendix 2 Figure S7; P < 0.01, DF = 4).  

 

Urchin condition and sea otter selectivity 

     I found support for the hypothesis that the spatial distribution of sea otter foraging 

effort on urchin prey is best predicted by energetically profitable prey patches, 

indicating a strong level of spatially explicit foraging selectivity (Figure 2.3). Model 

selection for the full population-level logistic regression revealed gonad index, depth, 

and patch type (barren, forest) as the three most influential factors driving patch 

selection by sea otters (R2 = 0.47, P < 0.0001, AICc = 73). The resulting logit-

transformed probability coefficients indicated that gonad index was the only positive 

predictor of selection probability (bGI = 0.14), while depth (bDepth = -0.32) and the 

urchin barren patch type (bPatch = -0.66) were negatively associated with the 

likelihood of focal patch choice. The threshold estimate of gonad index required to 

affect a positive selection of a sea otter focal patch was 12% per m2 (Figure 2.4).  

 

Discussion 
 
     This study is the first to demonstrate how the behavioral response of an apex 

predator to changes in prey behavior and condition can erode the strength of top-

down forcing and enhance the role of bottom-up community regulation, depending on 
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the spatial organization of diverse ecosystem states. In 2014, a rapid and dramatic 

decline in the abundance of a meso-predator (Pycnopodia helianthoides) and primary 

producer (Macrocystis pyrifera) coincided with a fundamental change in urchin 

foraging behavior and condition. This trait-mediated response of urchins to a decline 

in a primary resource (kelp) and an important benthic mesopredator (Pycnopodia) 

initiated further declines in kelp abundance, resulting in a spatial mosaic of remnant 

kelp forests interspersed with patches of sea urchin barrens. The mosaic of forests and 

barrens provided us a unique opportunity to explore the numerical and functional 

responses of sea otters when given the choice to forage in adjacent alternative states 

of the ecosystem, and to evaluate the relative contribution and reciprocal dynamics of 

top-down or bottom-up control across the landscape. These findings add to a growing 

body of literature surrounding trait-mediated trophic cascades by revealing that 

predator and prey behavioral responses to spatially distributed mosaics of resources 

can underpin community functioning and regional stability. 

     Long-term monitoring observations around the study area on the central coast of 

California indicate a simultaneous decline in the giant kelp and an increase in the 

density of exposed purple sea urchins well beyond historic records (Hatfield et al. 

2019). These changes coincided with the 2014 onset of a marine heatwave and 

decline in the sea urchin predator, Pycnopodia. Similarly, in 2014 an unprecedented 

decline in bull kelp (Nereocystis luetkeana) along the northern coast of California 

coincided with the marine heatwave event and the decline of Pycnopodia (Rogers-

Bennet and Catton 2019, Harvell et al. 2019, McPherson et al. 2021). Despite a 
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region-wide increase in the density of exposed sea urchins, I found that urchins in 

patches of forests were more cryptic and had higher gonadal indices than those in 

barrens. This pattern is consistent with other studies that identified the abundance of 

predators (Cowen 1983, Lafferty 2004, Hamilton and Caselle 2015, Selden et al. 

2017) and food availability (Harrold and Reed 1985, Selden et al. 2017) as drivers of 

urchin behavior and nourishment.  

     While predator control of herbivores is widely cited as a fundamental mechanism 

driving community stability (Power et al. 1985, Pace et al. 1999, Terborgh and Estes 

2010), far less is known about predator behavioral responses resulting from resource-

driven variability in herbivore condition and behavior. The sea otter-sea urchin-kelp 

forest trophic cascade in the northern Pacific is perhaps the most well-known example 

of predator-driven recovery, where the reclamation of historical range by sea otters 

reduced the abundance of herbivorous sea urchins, thereby enhancing the recovery of 

kelp forests (Estes and Palmisano 1974). This study is the first documented example 

of where a sea urchin outbreak occurred in an area where sea otters were near their 

projected local carrying capacity (Raymond et al. 2019, Tinker et al. 2021), although 

a broadly similar urchin increase was reported in the 1980s prior to the start of sea 

otter census surveys (Watanabe and Harrold 1991). The unanticipated herbivore 

outbreak that began in 2014 helped reveal the consequences of predator and prey 

trait-mediated responses on community regulation. The results presented in this study 

suggest that because sea otters mostly ignore urchins in barrens, they are unlikely to 

directly contribute to the recovery of forests in barren areas. However, spatially 



 65 

explicit sea otter foraging for energetically profitable urchins in forested areas 

enhances patch resistance to overgrazing. This latter response has important 

implications for the recovery of barrens to the forested state because these remnant 

forests protected by sea otters are the spore sources to ultimately replenish and 

facilitate recovery of forests in barren areas.  

     Concurrent with the 2014 increase in the density of exposed urchins, sea otter 

abundance increased well beyond levels seen since the repatriation of otters to the 

Monterey region in the early 1960s (Tinker et al. 2021). Given the large area of each 

of the three survey regions (Big Sur, Monterey, Santa Cruz), population-level 

dynamics within each region are expected to be primarily driven by demographic 

processes rather than by immigration or emigration (Tinker et al. 2008, Raymond et 

al. 2019). Because sea otter birth rates do not vary over time (Tinker et al. 2008, 

Thometz et al. 2014), higher pup recruitment and higher survival of juvenile and sub-

adult sea otters are the most likely demographic mechanisms for the observed 

numerical response, a scenario consistent with the sequential spikes in pup ratio and 

numbers of independents, and supported by the results of a state-space model fit to 

these data (see Appendix 2 Methods; Riedman et al. 1994). Sea otters have been 

reported to be food limited in the Monterey region prior to 2014 (Chinn et al. 2016, 

Thometz et al. 2016, Hatfield et al. 2019), with a net annual growth rate of just 1% 

per year from 2000-2014 (Figure 2.1A). The demographic analysis suggests that a 

60% reduction in the instantaneous mortality rates of pups and subadults, and a 

smaller reduction in adult mortality, was sufficient to explain an increase in annual 
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growth rate to approximately 15% per year between 2014 and 2016. This growth rate 

is consistent with trends reported for other areas of California where prey resources 

are more abundant (Tinker et al. 2017). However, urchins are not the only prey type 

to have increased after 2014; we also observed a sharp uptick in the intake of mussels 

at this time, which may also have contributed to increased otter survivorship 

(Appendix 2 Figure S8). Finally, concurrent studies of tagged otters during this time 

period showed no evidence of significant movements of animals between regions 

(Tinker et al. 2019), and combined with the lack of a net decline in numbers in 

neighboring regions this would argue against re-distribution (i.e., an aggregative 

response) as a plausible explanation for the increase in numbers around Monterey.  

     Asynchronous trends in sea otter dynamics between the southerly regions 

(Monterey, Big Sur) and the northern Santa Cruz region may be explained by 

differences in sea otter mortality factors. Santa Cruz is located within 8 km of Point 

Año Nuevo, which is a white shark hunting location (Klimley et al. 2001). Sea otter 

shark-bite mortality has increased substantially over the past 15 years (Tinker et al. 

2016), but this increase has been less pronounced in Monterey than in regions to the 

north and the south (Nicholson et al. 2018, Hatfield et al. 2019). There has also been a 

reduction in protozoal encephalitis since the earlier 2000s, possibly driven in-part by 

drier years and reduced runoff input of pathogens from watersheds (Burgess et al. 

2018). Thus, spatial differences in several mortality factors likely contribute to 

variation in observed sea otter trends across the surveyed regions (Miller et al. 2020).  
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     At the community level, this study demonstrates strong functional responses in a 

top predator as a result of changes in prey behavior and condition. Many studies have 

quantified functional responses of predators (Holling 1966, Real 1979); however, 

fewer have examined the multiple pathways by which trait-mediated interactions can 

erode or amplify trophic cascades (Trussel et al. 2017, Witman et al. 2017). The 

analysis of long-term sea otter diet composition across the study area revealed a clear 

and rapid increase in population level specialization and selectivity in response to 

increases in prey density and variation in prey energetic profitability. In particular, as 

the density of exposed sea urchins increased, the prevalence of sea urchin prey in sea 

otter diets also increased, indicating a rapid population-level functional response. This 

response reflected in part an increase in the relative numbers of urchin specialists 

within the population, and in part an increase in the numbers of urchins consumed by 

non-urchin specialists. However, the spatial distribution of foraging effort for urchin 

prey was not directly linked to the density of exposed prey, but rather was predicted 

by the distribution of energetically profitable (gonad rich) prey. As such, both the role 

and contribution of top-down control of community structure was dramatically altered 

by these trait-mediated interactions.  

     The results presented in this study have far-reaching implications to the field of 

community ecology that enhance understanding of how the strengths of trait-mediated 

interactions can reorganize community regulation. While shifts in density-mediated 

interactions are a mechanism for trophic cascades (Rosenzweig 1973, Oksanen et al. 

1981, Schmitz 1998), this study suggests that community dynamics also depend on 
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the relative magnitude of behaviorally mediated interactions, as well as the temporal 

and spatial scales over which population responses occur. This study demonstrates 

that the barrens ecosystem state is maintained by bottom-up processes driven by 

intense grazing pressure as a result of a reduction in the availability of a primary 

producer and a shift in sea urchin behavior to active foraging. In contrast, abundant 

stands of macroalgae in kelp forest patches promote cryptic and passive-foraging 

behavior in sea urchins that translates to higher energetic profitability. In a patchy 

mosaic landscape of kelp forests interspersed with sea urchin barrens, spatially 

explicit top-down control by sea otter foraging on energetically profitable sea urchins 

may indirectly maintain the kelp forest state of the ecosystem by promoting stability 

of kelp forest patches within the mosaic.  

     This study highlights the underexplored role of consumer and predator foraging 

behavior on community functioning and stability. I suspect that the patterns here are 

not unique to kelp forest ecosystems, but are reflective of how predators and prey 

respond to mosaics of resources that are common throughout ecosystems around the 

world. Greater consideration of consumer and predator behavioral responses to 

resource mosaics may therefore present new ways of understanding how trait-

mediated interactions and reciprocal feedbacks between top-down and bottom-up 

forcing affect community dynamics and ultimately underpin the regional stability of 

ecosystems.  
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Figures 
 

 

Figure 2.1. Temporal dynamics of sea otters, kelp, sea urchins, and Pycnopodia. 
(left) Annual changes in sea otter abundance in the Monterey study region (A) and 
relative density of kelp stipes (B), exposed sea urchins (C), and Pycnopodia (D). The 
trend line in A is corrected for observer error and fit with a Bayesian state-space 
model (Appendix 2) to the time series of raw survey counts of independent sea otters. 
B-D represent annual mean observed densities fit with a cubic spline (λ = 0.05). Each 
shaded region across A-D represents the 95% credible interval. (Right) A conceptual 
illustration of the dynamics that initiated the formation of the mosaic of remnant kelp 
forests interspersed with sea urchin barrens. See Appendix 2 for expanded time series 
analyses. I used published data for A from the US Geological Survey (available at 
https://doi.org/10.3133/ds1097) and subtidal data for B–D from the Partnership for 
Interdisciplinary Studies of Coastal Oceans subtidal surveys (available at 
https://doi.org/10.6085/AA/PISCO_SUBTIDAL.151.2). 
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Figure 2.2. Sea urchin foraging behavior (exposed, concealed) and condition (gonad 
index) as a function of kelp density. (A) Residuals from a linear regression on the log-
transformed proportion of exposed urchins (to account for urchin density) fit with a 
negative exponential decay function with kelp stipe density. (B) The relationship 
between mean gonad index (per square meter) and the proportion of exposed sea 
urchins. The gray shaded area represents the 95% confidence of fit.  
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Figure 2.3. Gonad index of sea urchins in focal patches where sea otters were 
actively foraging on sea urchins (orange circles) and references sites (green circles) 
where otters were not foraging on sea urchins. Also depicted is the density of urchins 
and kelp at each patch. 
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Figure 2.4. Probability of sea otter focal patch selection by urchin gonad index. 
Model predicted foraging preference (with 95% CIs shaded in green) using the 
localized mean urchin gonad index (mean gonad index/square meter). Probability 
values (green line) are translated from the logit-transformed logged odds. The red 
dashed line indicates the 50% transition threshold. 
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CHAPTER THREE 
SPATIAL COHESION IN COMMUNITY STRUCTURE DESTABLIZATION 

FOLLOWING THE OUTBREAK OF A DOMINANT REEF GRAZER 
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Chapter 3: Spatial cohesion in community structure destabilization 
following the outbreak of a dominant reef grazer.  
 
 
Abstract 

          Ecological communities can be stable over multiple generations, or rapidly 

shift into structurally and functionally different configurations. In kelp forest 

ecosystems, overgrazing by sea urchins can abruptly shift forests into alternative 

states that are void of macroalgae and primarily dominated by actively grazing sea 

urchins. Beginning in 2013, a series of biotic and environmental perturbations 

initiated a sea urchin outbreak the central coast of California that resulted in a patchy 

mosaic of remnant forests interspersed with sea urchin barrens. In this study, I used a 

14-year subtidal monitoring dataset of invertebrates, algae, and fishes to explore 

changes in community structure associated with the loss of forests at 23 sampling 

sites in central California (Carmel Bay and southern Monterey Bay) and to determine: 

(1) whether the spatial mosaic of barrens and forests resulted in a shift in community 

structure relative to the years preceding the formation of the mosaic, (2) how the 

spatial dynamics of community structure trajectory vary across the mosaic (and which 

species align well with observed dynamics), and (3) whether community structure 

dynamics were spatially cohesive among sample sites and regions (Monterey and 

Carmel Bay). I found that beginning in 2013, many sites across the study region 

departed from a common multivariate (“forested”) state, which had persisted for the 

previous six-years, and drifted into a new multivariate configuration (“urchin 

barrens”). Although sites trended toward a common reconfiguration, community 
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trajectories were highly variable, and sites exhibited regional cohesion in their 

trajectories (Carmel, Monterey Bay). These results suggest that outbreaks of grazers 

associated with punctuated environmental (e.g., marine heatwaves) and biotic (loss of 

predators, sea urchin outbreaks) perturbations can drive apparently stable kelp forest 

communities to alternative potentially stable states. 

 

Introduction 

     Ecological communities can be stable over multiple generations, or rapidly shift 

into structurally and functionally different configurations (Holling 1973, Connell and 

Sousa 1983, Tilman 1996, Scheffer and Carpenter 2003). One of the most pressing 

challenges in the field of ecology is to identify and understand the mechanisms that 

facilitate community stability (i.e., resistance and resilience), that drive alternations 

between states, or that enhance the ability for a system to return from a perturbation 

(Hooper et al. 2005, Dudgeon et al. 2010). However, the capacity to predict when, 

where, and under what conditions ecosystems are subject to change requires 

understanding how and why the structural integrity (i.e., species composition, 

diversity, interactions, trophic structure) of ecological communities varies across time 

and space (Estes et al. 1998, Beisner et al. 2003, Dudgeon et al. 2010, Staver et al. 

2011).  

     State shifts in both terrestrial and marine environments can markedly alter the 

structure and functioning of ecosystems and can impart rapid changes to ecosystem 

services (Mann 1982, Dayton et al. 1998, Scheffer and Carpenter 2003, Worm et al. 
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2006). However, theoretical and empirical advances on the processes (i.e., 

environmental or biotic) that initiate state shifts are often constrained to opportunistic 

events in space and time that expose the boundaries at which shifts occur (Tilman 

1996, Loreau and De Mazancourt 2013). Events that erode (either punctuated or 

continuous) persistent community configurations may elucidate causal mechanisms 

that facilitate state shifts, including factors that reduce resilience, and the ecosystem-

wide consequences that follow destabilization (Scheffer et al. 2001, Schröder et al. 

2005, Loreau and De Mazancourt 2013). Like many terrestrial and aquatic 

ecosystems, herbivore outbreaks in coastal marine ecosystems can drive population 

and community dynamics that scale-up to influence ecosystem stability and 

resilience. 

     In coral reef, rocky intertidal, and kelp forest ecosystems around the world, 

outbreaks in populations of herbivorous sea urchins have led to abrupt state 

transitions from macroalgae dominated communities to alternative sea urchin 

‘barrens’ (Pearse 2006, Baskett and Salomon 2010, Filbee-Dexter and Scheibling 

2014). Sea urchin barrens are characterized by an abundance of exposed actively 

foraging sea urchins, are primarily dominated by encrusting red and coralline algae, 

and are devoid of macroalgae (Filbee-Dexter and Scheibling 2014). Barrens are 

generally highly unproductive and can persist for several years because of the ability 

of sea urchins to survive with minimal resources and consume newly recruited algae 

(Dean et al. 1984, Graham 2004, Smith and Garcia 2021). As such, sea urchin barrens 

are often considered a stable alternative ecosystem state because of intrinsic feedback 
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mechanisms (e.g., positive sea urchin settlement reinforcement) that promote the 

persistence of that particular community configuration (Baskett and Salomon 2010, 

Filbee-Dexter and Scheibling 2014, Ling et al. 2015).  

     Although numerous studies have explored changes in algae, invertebrate, and fish 

assemblages independently between kelp forest and sea urchin barren habitats (e.g., 

Steneck et el. 2002, Pinna et al. 2020, Gabara et al. 2021), fewer have tracked entire 

community and ecosystem-level responses through the formation, expansion, and 

persistence of sea urchin barrens over time. Such long-term studies are important for 

disentangling the spatial and temporal scales over which state shifts occur, including 

identifying the relative contributions of individual species responsible for community 

destabilization, and estimating the magnitude to which changes in community 

structure permeate entire trophic networks (Ebeling et al. 1985, Reed et al. 2006, 

Duffy et al. 2007).  

     In 2014, kelp forests along the west coast of North America experienced a rapid 

and pronounced shift from highly expansive forests to large swaths of unproductive 

sea urchin barrens (Beas-Luna et al. 2020, McPherson et al. 2021, Smith et al. 2021). 

Of particular concern is whether (and how) this widespread kelp deforestation 

resulted in a marked shift in the predominant source of primary production (from 

macroalgae to plankton) and decreased food web complexity. Recent studies have 

identified considerable geographic variation in species responses and key functional 

groups to a marine heatwave and decline in kelp, most notably in Mexico and 

northern California kelp forests, where the extent of forest loss was region-wide 
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(Beas-Luna et al. 2020, McPherson 2021). In contrast to these region-wide shifts in 

system state, forest loss in central California was spatially heterogenous resulting in 

mosaics of forests and barrens (Smith et al. 2021). These mosaics allow for 

concurrent comparison of community structure in forest and barrens subjected to 

similar past and present environmental (oceanographic, geomorphological) 

conditions.  

     Here I examine the community-wide consequences of kelp deforestation along the 

central coast of California, where outbreaks of purple sea urchin (Strongylocentrotus 

purpuratus) grazers shifted a once expansive kelp forest to a mosaic landscape of sea 

urchin barrens interspersed with remnant patches of kelp (Smith et al. 2021). The 

purpose of this study was to explore changes in community structure associated with 

the loss of forests as a result of overgrazing by sea urchins to determine: (1) whether 

the spatial mosaic of barrens and forests resulted in a shift in community structure 

relative to the years preceding the formation of the mosaic, (2) how the spatial 

dynamics of community structure trajectory vary across the mosaic (and which 

species align well with observed dynamics), and (3) whether community structure 

dynamics were spatially cohesive among sample sites and regions (Monterey and 

Carmel Bay).  

 

Methods 
 
     Using the mosaic landscape of sea urchin barrens interspersed with remnant 

patches of kelp forests and a 14-year kelp forest community monitoring dataset that 



 80 

spanned the 2014 shift in forest states, I evaluated the consequences of sea urchin 

grazing and forest loss on community structure within and across sites of diverging 

ecosystem states.  

 

Study area 

     This study was conducted along the northern coast of the Monterey Peninsula and 

along the coast of Carmel Bay, California, USA (Figure 3.1). All marine algae and 

invertebrates are protected from harvest (full protection established in 2007) within 

marine protected areas. As an eastern boundary system, coastal upwelling is the 

predominant driver of productivity on both sides of the Monterey Peninsula. However, 

considerable heterogeneity in mixing results from variation in bathymetric features and 

wind forcing on either side of the peninsula (Lowe 2020). As such, the algal assemblage 

along the north side of the Monterey Peninsula is comparatively lower in richness than 

inside Carmel Bay (Malone et al. 2021). In 2014, outbreaks of purple sea urchins 

shifted forests on both the north side of the Monterey Peninsula (Smith et al. 2021) and 

Carmel Bay to a patchy mosaic of remnant kelp forests interspersed with sea urchin 

barrens that are void of macroalgae.  

 

Kelp forest monitoring surveys 

     To characterize the spatial and temporal patterns of community structure, I used 

long-term subtidal monitoring data collected by the Partnership for Interdisciplinary 

Studies of Coastal Oceans (PISCO, Malone et al. 2021). Although PISCO sampling 
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began in 1999, I elected to use 2007-2020 as my study period to standardize relatively 

equal sampling effort among sites, years, and before and after the sea urchin outbreak 

(i.e., fewer sites were sampled prior to 2007).  

     The PISCO subtidal sampling design and protocols are described in detail in 

Malone et al. 2021. Briefly, I subset a total of 23 PISCO sites surveyed annually 

between mid-June to mid-October from 2007-2020 in Carmel Bay and southern 

Monterey Bay, California. Annual surveys at each site consist of visual surveys by 

SCUBA divers of the density and percent cover of conspicuous benthic algae, 

invertebrates, and benthic and water column-dwelling fishes. Density and percent 

cover estimates of conspicuous benthic algae and invertebrates are recorded along six 

replicate 2 m x 30 m transects stratified across three bottom depths (5 m, 12.5 m 20 

m; two transects per depth level). Densities of mobile and individually distinguishable 

sessile invertebrates and stipitate brown algae (Laminariales spp.) are identified to the 

species-level. Sessile macro-invertebrates and other macroalgae difficult to 

distinguish individually (e.g., colonial sponges, tunicates, foliose algae) are quantified 

using uniform point-contact (‘UPC’) estimates of percent cover every meter along 

each 30 m long transect (30 total points per transect). Colonial invertebrates (e.g., 

sponges, tunicates, bryozoans) surveyed along these UPC transects are identified to 

the Order level and macroalgae are grouped into morphologically distinct categories 

(e.g., fleshy red algae, articulated coralline, etc.; see Appendix 3 Table T1 for 

taxonomic list). Fish densities (number per reef area) are estimated along 12 replicate 

transects stratified across bottom depths (5 m, 10 m, 15 m, 20 m; three transects per 
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depth level) and identified to the species-level. Each fish transect consists of paired 2 

m x 2 m x 30 m bottom and water column transects. 

 

Data processing 

     To analyze multivariate community-level dynamics, I normalized (converted to z-

scores) counts of each species or percent cover across sites and years. This approach 

yields a metric that has identical units (standard deviations) and a similar value range 

for all species regardless of original units (e.g., counts or percent cover) and therefore 

allows for broad integration of survey methods to compare community-level 

dynamics among sites and years. This approach also results in species all having the 

same potential impact in the multivariate analyses, regardless of whether they are rare 

or common. While biomass is typically used as a common currency across taxa 

(Duffy et al. 2017), it is not suitable for my multivariate analyses because of the large 

number of kelp forest taxa that are difficult to accurately assign biomass estimates. 

Therefore, I elected to use a z-score normalization of the datasets to compare broad 

structural changes in the community.  

 

Community analyses 

     To evaluate whether the spatial mosaic of barrens and forests resulted in a regional 

shift in community structure (invertebrates, algae, fishes) relative to the years 

preceding the formation of the mosaic, I calculated a Euclidean based distance matrix 

(hereafter, ‘base matrix’) for all sites across all years (PRIMER 7, Bray and Curtis 
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1957, Clarke and Gorley 2015). Using this base matrix, I plotted the centroids for 

each year (representative of all sites) using non-metric multidimensional scaling 

(NMDS) to examine community structure trajectory across the entire sample region 

through time and in multivariate space. I then used a cluster analysis to identify 

significant groupings (using Euclidean distance) among the centroids. After analyzing 

the results of the cluster analysis performed on the centroids, it was clear that all 

annual centroids (representative of all combined sites) grouped into two distinct 

clusters, except for the years 2013 and 2014 (hereafter, ‘transition’ years). I used 

these distinct clusters to define two critical time periods, one before (2007-2012) and 

one after (2015-2020) the transition years. 

     I examined how community structure trajectory varied across the mosaic (within 

individual sampling sites and across the region) by exploring regional and site-level 

community dynamics. First, I plotted the annual mean NMDS positions 

(representative of all sites) from the base Euclidean distance matrix for each year, 

combined with vectors of the species that correlated well with observed community 

dynamics. The advantage of using the mean NMDS points for each year (as opposed 

to centroids) is that the resulting NMDS can be plotted on the same scale as species 

vectors (i.e., correlates), allowing for broad comparison of species that correlate well 

with observed community dynamics. I then plotted confidence ellipses that demarcate 

the two critical time periods (‘before’ and ‘after’ identified from the cluster analysis) 

using 90 percent coverage of the overall mean distribution of NMDS nodes for each 

of the two periods (hereafter, ‘domains of attraction’).  
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     To examine site-level variation in community structure trajectory relative to the 

two domains of attraction, I decomposed the NMDS plot of annual means to display 

the temporal trajectory of the ecological community at each site. I then superimposed 

the two ellipses on the site-level plots to examine whether sites persisted in the 

‘before’ domain, moved into the ‘after’ domain, or drifted in multivariate space. 

While the confidence ellipses do not change in extent (i.e., coverage), it is important 

to note that their orientation can change when resampling for the site-level analyses. 

However, this does not negate the regional-level confidence ellipses superimposed on 

the site-level trajectories because the same ordination was used for both when 

generating the site-level plots.  

     One of the key findings from the multivariate community analyses was that the 

community trajectory rapidly departed from the six-year cluster of points, beginning 

in 2013. To determine which taxa were most influential in the departure of the 

community after 2013, I used a permutational analysis of variance (PERMANOVA) 

with site and year as factors and then calculated similarity percentages (SIMPER) for 

each species. I then explored the trajectory of the decomposed site-level NMDS plots 

to determine whether any individual sites returned to a pre-perturbed (i.e., prior to 

2013) configuration.  

     Finally, I evaluated the spatial cohesion of community structure trajectory among 

sites and sample regions (Monterey, Carmel Bay). First, I decomposed the centroid 

plot to visualize community structure trajectory between regions (Carmel, Monterey). 

I then conducted a second stage analysis on the base matrix for all sites across all 
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years to compare cohesion of community structure trajectory. Using the resulting 

matrix from the second stage analysis, I tested for differences in the trajectories of 

community structure between the two regions (Carmel, Monterey) and among sites 

using an analysis of similarities (ANOSIM) test. To visualize the final correlations of 

community structure trajectory among sites and regions, I conducted a cluster 

analysis on the same second stage matrix with each site assigned a unique geographic 

identifier based on its location (northernmost site = 1, southernmost site = 23). I then 

used SIMPER to determine the species that typified each region in the before (2007-

2012) and after (2015-2020) periods. 

 

Results 

     I found that beginning in 2013, many sites across the study region departed from a 

common multivariate (“forested”) state, which had persisted for the previous six-

years, and drifted into a new multivariate configuration (“urchin barrens”). This 

departure in community structure from the prior configuration coincided with the sea 

star wasting event, the marine heatwave, sea urchin outbreak, and decline in kelp 

(Figure 3.2). These dynamics show a rapid destabilization in the regional structure of 

the community towards a new (at least within the last 14 years) configuration in 

multivariate space.  
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Temporal dynamics of kelp and sea urchins 

     Beginning in 2014, the density of purple sea urchins increased markedly at all 23 

sampling locations (Figure 3.2 and Appendix 3 Figure S1). While the density of sea 

urchins increased over 200-fold (from 0.05 ± 0.06 to 9.93 ± 10.95 urchins per m2) 

overall, the magnitude of increase substantially varied substantially among sites 

(Appendix 3 Figure S1). Following the sea urchin outbreak, mean kelp stipe density 

across sites declined by 50 percent, from 131 stipes per 60 m2 (± 69.04 for the 2007-

2012 period) to 66.11 stipes per 60 m2 (± 84.44 for the 2014-2020 period). However, 

there was a substantial degree of annual and site-level variation in kelp density 

(Appendix 3 Figure S1), with some sites maintaining kelp densities comparable to 

historic trends, despite the large increase in sea urchin densities at those sites. The 

percent cover of crustose coralline algae and encrusting red algae also substantially 

increased (Figure 3.2).  

 

Structural changes to the kelp forest community 

     Across the entire region, the multivariate analyses (NMDS) revealed two periods 

of tight clustering in the mean annual similarity indices of community structure 

(Figure 3.3). The years preceding 2013 (2007-2012) were tightly clustered in 

multidimensional space, but with some expected annual variation. The structure of 

ecological communities is expected to vary over time (Clarke et al. 2006), therefore 

the observed variation that occurred prior to 2013 is not surprising. However, in 2013 

the community rapidly shifted to a new structural configuration as indicated by the 
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relocation in multidimensional space. It is noteworthy that the 2013 community state 

(structure) was well separated in multidimensional space from the clusters both 

before (2007-2012) and afterwards (2015-2020). In 2014, community structure was 

still outside both before and after clusters of years but had move markedly closer to 

the after cluster. Post 2014 community structure attained a new configuration 

(ANOSIM P < 0.01). This is evidenced by the significant clustering of years 2015-

2020 (the after period in Figure 3.3), which likely reflect a new basin of attraction.  

     Species vector overlays revealed that 13 species aligned well (Figure 3.4) with 

observed community dynamics (correlated by 40 percent or more). The structure of 

the entire kelp forest community prior to 2013 was typified by three species of sea 

stars (Orthasterias koehleri, Pycnopodia helianthoides, Pisaster giganteus), one 

demersal fish species (Hexagrammus decagrammus), one juvenile fish complex 

(olive-yellowtail-black rockfish), giant kelp (Macrocystis pyrifera), and one metric of 

benthic substrate (shell debris). Following the destabilization that began in 2013, the 

structure of the community became highly influenced by purple (Strongylocentrotus 

purpuratus) and red (Mesocentrotus franciscanus) sea urchins, and by encrusting red 

and crustose coralline algae. One species of sea star (Henricia leviscula), one 

anemone (Cribrinopsis albopuncta), and one colonial tube worm (Dodecaceria 

fewkesi) also aligned well with the post-2013 community configuration.  
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Site level community structure  

     Community structure was highly variable at the site level. An ANOSIM using the 

base (site x year) similarity matrix showed a significant degree of separation by site 

(P < 0.01). Although some locations maintained remnant patches of kelp forests over 

the duration of this study, community structure at all sites shifted away from the pre-

2013 configuration (defined as an ellipse covering 90 percent of the mean centroids; 

Figure 3.5). A total of 20 sites passed through the post-2013 basin of attraction, and 

13 of those remained inside the post-2013 ellipse (Figure 3.5). Three highly variable 

sites did not enter the post-2013 basin of attraction (Cannery UC, Hopkins DC, 

Bluefish DC), and none of the survey sites returned to the pre-2013 basin of 

attraction.  

     

Spatial cohesion in community structure trajectory 

    The decomposed NMDS plot of community structure trajectory showed that the 

Monterey region clearly departed from a six-year cluster beginning in 2013, while the 

Carmel Bay region experienced a pronounced shift that began in 2014 (Figure 3.6). 

The second stage analysis on the Euclidean based distance matrix further revealed 

that that the trajectory of community structure was asynchronous and significantly 

different between the Carmel and Monterey regions (ANOSIM P < 0.01). However, 

community structure trajectories among sampling sites within regions were not 

significantly different, and the cluster analysis further revealed that there was little 

cohesion along a north-south gradient (Figure 3.7). 
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     The SIMPER analysis on the cumulative top 70 percent most influential species 

revealed that prior to 2013, separation between the Monterey and Carmel regions was 

defined by several species of brown algae (Laminariales spp.), foliose red algae, 

demersal fishes, and sea stars (Appendix 3 Table T2). These groups continued to 

characterize separation between sampling regions in the post-2014 period, but their 

relative influence changed as a result of the sea star wasting syndrome, the sea urchin 

outbreak, and decline in kelp. In particular, there were several species of understory 

stipitates (Pterygophora californica, Laminaria setchellii, Eisenia arborea) and other 

brown algae (Costaria costata, Pleurophycus gardneri) characteristic of Carmel in 

the before-period (2007-2012) that were infrequently found in Monterey. 

Surprisingly, none of these brown algae were identified in the SIMPER as species 

that influenced separation between the sampling regions in the after-period (2015-

2020; Appendix 3 Table T3).  

 

Discussion 

     This study reveals how ecological communities can rapidly depart from long-

standing configurations in response to abrupt biotic and physical perturbations. I 

detected a pronounced community destabilization event triggered by the loss of 

Pycnopodia, the episodic marine heatwave event, and loss of kelp forests that shifted 

the community into a new multivariate configuration. These results add to a growing 

body of literature surrounding structural and functional changes in coastal marine 

communities (e.g., Poloczanska et al. 2013, Bruno et al. 2014, Beas-Luna et al. 2020, 
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Smale 2020) by revealing how multiple stressors (such as an episodic marine 

heatwave, a reduction in the abundance of a foundation species, and loss of a key 

mesopredator) can initiate shifts in ecosystem states.  

     The regional cohesion of community structure trajectory between the Monterey 

and Carmel regions highlights the scale at which mechanisms that facilitate state 

shifts are ecologically meaningful. Prior to 2013, Monterey and Carmel were 

separated by differences in community structure, likely from greater upwelling and 

primary productivity in Carmel Bay that results in a more diverse algal assemblage 

(Lowe et al. 2020, Malone et al. 2021). However, both regions were formerly 

expansive forests that shifted into mosaics following coast-wide physical and biotic 

perturbations that occurred over a much larger spatial scale. Although community 

structure trajectories within sites across these regional mosaics were highly variable 

through time, sites experienced regional cohesion. The onset of community 

destabilization was nearly synchronous in time between regions, and both regions 

rapidly departed from long-standing configurations into new multivariate 

configurations. Moreover, both regions are now much more dominated by species 

reflective of the alternative barrens state (i.e., void of macroalgae and dominated by 

encrusting red and coralline algae) of the system.   

     Because the kelp forest community in this study persisted in separate clusters in 

NMDS space for multiple years, it implies that there are at least two separate, 

potentially stable, community configurations. The two centroids of tightly clustered 

points identified in the NMDS ordinations suggests at least two separate states of 
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attraction, with 2013 being a sudden departure from the proceeding long-standing 

configuration of the community. Therefore, it seems reasonable to characterize these 

clusters as basins of attraction (Scheffer and Carpenter 2003). Importantly, 

community structure transitions between basins of attraction were associated with 

pronounced physical and biotic perturbations. 

     Several physical and biotic perturbations likely contributed to the community 

destabilization that initiated in 2013. First, several species of sea stars were strongly 

informative of the community state in 2013. This is likely a reflection of increased 

counts of sea stars due to a behavioral shift, where sea stars emerged from cryptic 

rock crevices in response to the onset of wasting syndrome (Harvell et al. 2019), 

thereby increasing their detection probability by divers. Second, the sea star 

catastrophe in 2013 was soon followed by an extreme marine heatwave event that 

coincided with a reduction in the abundance of kelp, and simultaneous increase in the 

abundance of purple sea urchins (McPherson et al. 2021, Smith et al. 2021). Of these, 

the loss of the sea urchin predator persisted through the study period, while the 

environmental conditions associated with the marine heatwave returned to pre-

perturbation conditions around the year 2016. Collectively, the timing of these 

perturbations with the trajectory of the whole forest community towards a new basin 

of attraction provides support for the existence of alternative states in this system.  

     Alternative stable states are defined by a single set of environmental conditions 

that can support more than one successional end-state or equilibrium point (Lewontin 

1969, May 1977, Beisner et al. 2003, Dudgeon 2010). In contrast, phase-shifts are 
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driven by persistent changes in the environment that shift community structure, but 

with only one state of attraction under a given set of environmental conditions 

(Dudgeon et al. 2010). In this study, the sudden destabilization of the community was 

associated synchronously with an episodic marine heatwave, but the environmental 

conditions have since returned to a pre-2014 state. Therefore, the marine heatwave, 

reduction in the abundance of a foundation species (kelp), and loss of a key 

mesopredator (Pycnopodia) constitute a suit of sudden perturbations that likely tipped 

the system into an alternative sea urchin ‘barrens’ state. This is evidenced by the 

failure of community structure to return to the pre-2013 basin of attraction, despite 

the dissipation of the marine heatwave and return of pre-2014 environmental 

conditions. However, continued long-term sampling is needed is determine whether 

the seemingly alternative state of the system persists in this new configuration beyond 

multiple generations of a key interactor (the purple sea urchin), another requirement 

for alternative stable states of the community (Connell and Sousa 1983).  

     Although the marine heatwave, loss of Pycnopodia, and decline in abundance of a 

foundation species were identified as the primary perturbations that shifted this 

system into an alternative state, several other biotic and environmental mechanisms 

can facilitate state shifts. Forward state shifts (from forests to sea urchin barrens) can 

result from spatially explicit and episodic sea urchin recruitment (Lafferty and 

Kushner 2010, Basket and Salomon 2010, Ling et al. 2015, Okamoto et al. 2020), 

reduction in the availability of drift (Harrold and Reed 1985), declines in predator 

abundance (Cowen 1983, Hamilton and Caselle 2015), or from severe storms that 
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result in the rapid loss of kelp biomass (Ebeling 1985). Reverse state shifts (from 

barrens to forests) can result from sea urchin disease epidemics (Carpenter 1988, 

Feehan and Scheibling 2014) and from severe storms that physically dislodge 

exposed sea urchins (Ebeling et al. 1985). Changes in predator diversity or abundance 

are also widely cited as mechanisms that facilitate transition dynamics.  

     Sea urchin predators can serve as highly influential mechanisms of stability 

(Steneck 2002, Hamilton and Caselle 2015) and are frequently cited for their role in 

reversing sea urchin barrens to a kelp-dominated state (Estes and Palmisano 1974, 

McClanahan 2000, Hamilton and Caselle 2015). The sunflower sea star (Pycnopodia 

helianthoides) was identified in this study as a highly influential species of the 2013 

(and prior) community configuration, despite their relatively low numbers (Malone et 

al. 2021). Other studies have identified Pycnopodia as an important predator for 

maintaining stability (Byrnes et al. 2006, Burt et al. 2019,), and therefore the collapse 

of this predator is consistent with the timing of observed community structure 

destabilization. Moreover, Smith et al. (2021) demonstrated the role of sea otters in 

maintaining remnant patches of kelp forests in this study system. Therefore, it is 

likely that the combined role of Pycnopodia (either as a direct predator of sea urchins, 

or as a non-consumptive shelter-response agent) and sea otters provide an important 

mechanism of stability through complementary predatory control of sea urchins (Burt 

et al. 2019).  

     This study provides support for the hypothesis that kelp forest community 

structure can persist in a stable state for decades, but that episodic physical (e.g., 
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marine heatwaves) and biotic (loss of predators, sea urchin outbreaks) perturbations 

can rapidly shift the community to alternative stable states. The failure of community 

structure to return to the pre-perturbed state after the episodic marine heatwave 

provides support for the existence of multiple stable states and suggests that 

departures from long-term community configurations may be difficult to reverse 

(Knowlton 2004). Finally, this study highlights that the spatial extent to which 

changes in community structure are manifest as alternative stable states should be 

carefully interpreted with respect to the scales over which environmental and biotic 

perturbations occur.  
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Figures 
 

 
Figure 3.1. Study area in Carmel and Monterey Bay, California, USA. Points depict 
the approximate locations of 23 long-term benthic subtidal survey sites monitored by 
the Partnership for Interdisciplinary Studies of Coastal Oceans (Malone et al. 2021).  
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Figure 3.2. Temporal changes in the sunflower sea star (Pycnopodia helianthoides), 
red sea urchins (Mesocentrotus franciscanus), purple sea urchins (Strongylocentrotus 
purpuratus), giant kelp (Macrocystis pyrifera), the stipitate brown alga Pterygophora 
californica, crustose coralline algae, and encrusting red algae across all 23 sampling 
sites from 2007-2020. Each line depicts the annual mean density or percent cover 
(crustose coralline and encrusting red algae) across all sites fit with a cubic spline (λ 
= 0.05), and each shaded region depicts the 95% confidence interval. The onset of the 
2013 sea star wasting syndrome is depicted as a red vertical bar, and the red band 
indicates the approximate duration of the episodic marine heatwave event. 
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Figure 3.3. NMDS 2D centroid plot depicting community structure trajectory across 
all 23 sample locations. Each point represents the centroid for a given year and the 
purple dashed line denotes significant clusters (based on Euclidean distance). 
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Figure 3.4. NMDS 2D plot of community structure trajectory in Carmel Bay and 
southern Monterey Bay, California. The gradient line represents the annual mean 
NMDS position across all sampling locations over the 14-year study period. The blue 
ellipse denotes the 90% confidence region of community structure for all sites 
combined during the 2007-2012 period, and the purple ellipse denotes the 90% 
confidence region of community structure for all sites combined during the 2015-
2020 period. Finally, species that aligned well (greater than 40% correlation) with 
community structure trajectory are depicted as vectors ending in green squares, where 
the length of each vector corresponds to the strength of influence with community 
structure in multidimensional space. Species are described in the text and Appendix 3 
Table T1. 
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Figure 3.5. NMDS 2D plots for 23 sampling sites in Carmel Bay and southern 
Monterey Bay, California. Panels are ordered along a latitudinal gradient (MacAbee 
DC = northernmost site, Bluefish DC = southernmost site) and the horizontal black 
bar demarcates separation between the Monterey (panels above bar) and Carmel 
(panels below bar) sampling sites. The gradient line within each panel represents the 
trajectory of the community over the 14-year study period. The blue ellipse denotes 
the 90% confidence region of community structure for all sites combined during the 
2007-12 period, and the purple ellipse denotes the 90% confidence region of 
community structure for all sites combined during the 2015-2020 period. Finally, 
panels labeled in red indicate sites that did not persist in the 2015-2020 basin of 
attraction (purple ellipse) and continued to drift in multivariate space.  
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Figure 3.6. NMDS 2D plot depicting community structure trajectory between sample 
regions (Monterey, Carmel Bay). Each point represents the centroid for a given year 
and the purple dashed line denotes significant clusters (based on Euclidean distance). 
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Figure 3.7. Dendrogram from a cluster analysis on the second stage Euclidean 
distance matrix depicting the spatial cohesion of community structure cross 23 
sampling locations in Carmel (blue triangles) and Monterey (orange squares). Each 
link in the dendrogram corresponds to a single site numbered along a north-south 
gradient (northernmost site = 1, southernmost site = 23). 
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Synthesis 
 
     This research advances understanding of how patch dynamics, grazer and predator 

foraging behavior, and community regulation underpin reciprocal feedbacks between 

top-down (i.e., predator-driven) and bottom-up (i.e., resource-driven) forcing on the 

regional stability of ecosystems. The resource mosaic of sea urchin barrens 

interspersed with remnant patches of kelp forest that initiated just three years prior to 

this study provided a unique opportunity to evaluate: (1) how alternations in the 

foraging behavior of a primary consumer drives state transition dynamics in patches 

across the mosaic (Chapter 1), (2) whether predation or resource abundance are the 

predominant drivers of community regulation (Chapter 2), and (3) whether forest 

community structure departed from a long-standing configuration in response to the 

onset of sea urchin barrens (Chapter 3). Collectively, the results presented here have 

far-reaching implications to the field of community and ecosystem ecology that 

enhance understanding of how sudden biotic and environmental perturbations can 

erode persistent community configurations and restructure the relative influence of 

top-down and bottom-up forcing. 

     One of the most interesting aspects about the behavior and functional role of sea 

urchins is their ability to switch from sit-and-wait foraging on kelp detritus, to active 

herbivory on live macroalgae (Harrold and Reed 1985, Parnell et al. 2017, Spyksma 

et al. 2017). In Chapter 1, I assessed whether alternations between these two 

fundamentally different foraging modalities (passive or active grazing) explain shifts 

in the state of patches (forest or barrens) across the mosaic. I found that the initial 
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2014 sea urchin outbreak was primarily evidenced by a behavioral shift, not by a 

demographic response (i.e., increased survival or recruitment). Furthermore, shifts in 

patch state across the mosaic were explicable by changes in sea urchin behavior. I 

also found that an extraordinary recolonization of forests at a subset of survey sites 

was associated with sea urchin movement to shallow water. These results provide an 

important contribution to the ecological literature surrounding sea urchin behavior 

and movement by revealing how grazing activity can shape local patterning in 

community states (Steneck 2013, Karatayev et al. 2019).  

     Ecological processes that enhance or dampen the likelihood of shifts between top-

down (predator-driven) and bottom-up (i.e., resource-driven) forcing underpin 

community regulation, functioning, and stability (Estes et al. 1998, Christianou and 

Ebenan 2005, Nichols et al. 2015). In Chapter 2, I demonstrate how a sea star 

catastrophe, episodic marine heatwave, and reduction in the abundance of a primary 

producer led to a marked shift in community regulation. Specifically, I show how the 

formation of the kelp forest-urchin barrens mosaic led to spatial variation in sea 

urchin energetic profitability. Across the mosaic, sea otters preferentially target 

energetically profitable sea urchins in patches of forest, but mostly ignore those of 

low profitability in barrens. This response has important implications for the recovery 

of barrens to the forested state because the remnant forests maintained by sea otters 

are the ultimate spore sources to replenish and facilitate recover of forests in barren 

areas. These findings add to a growing body of literature surrounding behaviorally 

mediated trophic cascades by revealing that predator and prey responses to spatially 
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distributed mosaics of resources can underpin community functioning and regional 

stability (Wiens 1995, Scheffer 2004, Breshears 2006, Sheaves 2009).  

     Ecological communities can be stable over multiple generations, or rapidly shift 

into structurally and functionally different configurations (Holling 1973, Connell and 

Sousa 1983, Tilman 1996, Dudgeon et al. 2010). Chapter 3 was motivated by the 

widely accepted concept that kelp forests and sea urchin barrens can exist as 

alternative stable states (Filbee-Dexter and Scheibling 2014). My overarching goal 

for Chapter 3 was to evaluate whether the formation of the mosaic resulted in a 

departure of community structure from the long-standing configuration, and whether 

the trajectory of community structure broadly aligned with the alternative stable state 

hypothesis. I found that, beginning in 2013, the entire forest community departed 

from a six-year cluster and drifted into a new position in multivariate space. 

However, variation in community trajectory was highly variable at the site-level, and 

the cohesion of community structure trajectory was separated by sampling regions 

(Carmel, Monterey Bay). These results suggest that kelp forest community structure 

may persist in a stable state for multiple years, but that environmental (e.g., marine 

heatwaves) and biotic (loss of predators, sea urchin outbreaks) perturbations can 

rapidly shift the community to alternative stable states. In this chapter, the nature of 

the biotic and environmental perturbations is central to disentangling evidence for an 

alternative stable state versus a phase shift. The marine heatwave has since abated, 

and the physio-chemical environment before and after the perturbation appears much 

the same. This satisfies the Connell and Sousa requirement for one environment that 
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supports more than one stable end-state (Connell and Sousa 1983). Moreover, the 

results presented in this chapter highlight that departures from long-standing 

community configurations may be difficult to reverse (Knowlton 2004). Time will tell 

whether the system persists in this alternative state beyond multiple generations of a 

key interactor, the purple sea urchin, another requirement for alternative stable states 

of the community (Connell and Sousa 1983).  

     Although my dissertation addresses several hypotheses related to the mechanisms 

that structure and maintain ecological communities, it also yields many more 

unanswered questions as avenues for future research. First, research to determine the 

drivers of scale dispersion of mosaics in formerly continuous systems will be useful 

in identify the continuity of change. Formerly continuous systems that turn into 

spatial mosaics may be an early warning sign of collapse (Dakos et al. 2011), but 

more research is needed on whether the dynamics of spatially heterogenous systems 

are punctuated or continuous (deYoung et al. 2008). Second, although I show several 

reciprocal feedbacks between a resource mosaic and grazer and predator foraging 

behavior, research to determine how prey condition affects predator foraging 

behavior in other systems is needed. To date, only a few examples of flexibility in 

predator assessment of prey condition exist (Huggard 1993, Page and Ryan 2005, 

Holmes and McCormick 2009). Given the important community-level implications of 

predator preference for energetically profitable prey identified in this study, future 

complementary studies in other systems would shed light on the ubiquity and 

generality of this phenomenon. Finally, this study identified clear departures in 
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community structure associated with the onset of sea urchin barrens, but further 

research specifically aimed at identifying whether state shifts in kelp forests result in 

functional degradation or trophic restructuring is needed (O’Connor and Byrnes 2014, 

Tilman et al. 2014, Gabara et al. 2021). The entire loss of a foundation species in the 

barrens state of the ecosystem certainly speaks to the question of trophic or functional 

reordering. Indeed, the ability for sea urchins to switch from foraging on detritus to 

active herbivory (and potentially carnivory in extreme food limited environments, 

Wangensteen et al. 2011) highlights the need for broad and detailed assessments of 

trophic complexity inside and outside of sea urchin barrens.  

 

     This dissertation highlights how the synergistic effects of climate and punctuated 

biotic and environmental perturbations feedback to alter the strength of top-down and 

bottom-up control, and can erode persistent community configurations. With 

increasing biodiversity loss worldwide and rapid climate-induced changes, there is a 

pressing need to understand how shifts in species interactions will alter the structure 

and functioning of communities and ecosystems. By examining effects of changes in 

grazer and predator behavior in the wake of a sea star epizootic and marine heatwave, 

my research expands understanding of the mechanisms that organize and maintain the 

structure and stability and ecological communities.  
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Appendices 
 

Appendix 1: Supplementary material for Chapter 1 
 
Supplementary Tables T1-T2 
 
Table T1. Growth transition probabilities for 10 size-classes of sea urchins calculated 
using a Tanaka growth function and model parameters derived from Ebert 2010.  

𝐺 =	

⎣
⎢
⎢
⎢
⎢
⎢
⎢
⎢
⎢
⎢
⎢
⎡
	 𝑆! 𝑆" 𝑆# 𝑆$ 𝑆% 𝑆& 𝑆' 𝑆( 𝑆)
𝑆! 0.1295 0 0 0 0 0 0 0 0
𝑆" 0.8705 0.0010 0 0 0 0 0 0 0
𝑆# 0 0.9990 0.4392 0 0 0 0 0 0
𝑆$ 0 0 0.5608 0.8437 0 0 0 0 0
𝑆% 0 0 0 0.1563 0.9311 0 0 0 0
𝑆& 0 0 0 0 0.0689 0.9523 0 0 0
𝑆' 0 0 0 0 0 0.0477 0.9594 0 0
𝑆( 0 0 0 0 0 0 0.0406 0.9669 0
𝑆) 0 0 0 0 0 0 0 0.0331 0.9754
𝑆!* 0 0 0 0 0 0 0 0 0.0246⎦

⎥
⎥
⎥
⎥
⎥
⎥
⎥
⎥
⎥
⎥
⎤
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Table T2. Summary of parameter estimates from a Bayesian state space demographic 
model fit to survey data. The posterior distributions of each parameter are described 
by the mean, standard deviation (sd), 5% and 95% quantiles, the effective sample size 
(n_eff), and the r-hat statistic.  
 
Parameter mean sd 5% 95% n_eff r-hat 

𝜏 35.00 2.40 31.00 39.00 100.00 1.10 
f)999 5.20 0.86 4.00 6.80 22.00 1.30 
f$999 -1.00 1.00 -3.40 -0.03 9.20 2.30 
f&999 -0.36 0.33 -0.82 0.23 18.00 1.50 
s) 0.91 1.40 0.02 4.90 6.90 3.00 
s% 0.76 0.52 0.11 1.70 34.00 1.30 
s& 0.91 0.50 0.22 1.90 31.00 1.20 
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Supplementary Figures S1-S4 
 

 
Figure S1. Mean observed sea urchin counts (black bar) compared to a frequency 
distribution of out-of-sample predictions from the model (observed value should be in 
the center for a well-fit model).  
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Figure S2. Posterior predictive check plot for Bayesian state-space model depicting 
the density of observed counts of sea urchins, with light blue lines showing out-of-
sample predictions.  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

3e−04

6e−04

9e−04

400 800 1200 1600
Counts of sea urchins

Fr
eq

ue
nc

y

y
yrep

Posterior predictive distribution, observed (y) vs out−of−sample (y−rep)



 111 

 
Figure S3. Patch transition dynamics across the 2017-2018 sampling periods 
interpolated using Thiessen polygons constrained to rocky reef substratum. Figure 
produced by Linnea Gullikson as part of an undergraduate student thesis at the 
University of California, Santa Cruz. 
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Figure S4. Patch transition dynamics across the 2018-2019 sampling periods 
interpolated using Thiessen polygons constrained to rocky reef substratum. Figure 
produced by Linnea Gullikson as part of an undergraduate student thesis at the 
University of California, Santa Cruz. 
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Appendix 2: Supplementary material for Chapter 2 
 
Supplementary Methods 
 
Time-series analysis of factors leading to the formation of the mosaic. I used a 

multivariate correlation analysis to determine the sign (positive or negative) and 

strength (slope) of the relationship between Pycnopodia density, density of exposed 

purple sea urchins, kelp density, and sea otter abundance in Monterey Bay, 

California. The analysis revealed an inverse relationship between Pycnopodia density 

and exposed purple sea urchin density (P < 0.0001, ß = -0.28), a positive relationship 

between Pycnopodia and kelp density (P < 0.0001, ß = 0.13), and a strongly positive 

relationship between exposed purple sea urchins and sea otter abundance (P < 0.0001, 

ß = 0.73). I then used a cross-correlation analysis to determine whether a time-lag 

occurred between the initiation of these events, but found that the model was centered 

at zero, indicating that these events likely began at or around the year 2014. Although 

these events likely initiated simultaneously, the otter, kelp, and urchin response 

continued for at least three years.  

 
Emergence of urchins following the demise of Pycnopodia. The exponential 

increase in the density of exposed purple sea urchins is explained almost entirely by 

the emergence of urchins from refuge in crevices that then made them detectible by 

divers. This behavioral response is evidenced by the dramatic increase in numbers 

across the entire size distribution of urchins. Counts (i.e., density) of 3 cm (approx. 

two years old) to 8 cm (several years old) urchins uniformly increased over a 

magnitude of 600% between 2013 and 2014. These size classes are too large to have 
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settled from the plankton later than 2013, and the increase occurred across all of the 

survey sites, negating immigration into the survey area. However, a recruitment event 

may have occurred post-emergence (after 2014) that further led to the observed 

exponential increase in sea urchin counts.  

 
State space model for estimating population trends. The annual census counts of 

independent otters and dependent pups, collected between 1990 and 2018 (Hatfield et 

al. 2019), provide a time-series of relative abundance indices for each area of the 

coast. Because the sea otter census is conducted as an exhaustive, un-corrected count 

with no associated measurement of uncertainty, the annual counts cannot be 

interpreted as a true estimate of abundance (Hatfield et al. 2019). In previous analyses 

of sea otter population trends, maximum likelihood or Bayesian approaches have 

been used to infer the underlying population dynamics while accounting for observer 

error (Tinker et al. 2006, Tinker et al. 2021). Here I describe a Bayesian state-space 

model used to infer trends in southern sea otter abundance within each of three 

coastal regions: Santa Cruz, Monterey, and Big Sur (see Figure S10). The model 

explicitly incorporates demographic processes and allows for both observer error 

(measurement uncertainty) in the raw counts of independents and pups, as well as 

stochasticity (variation across years) in underlying vital rates. By utilizing an age-

structured, demographically explicit process model, realistic levels of variation in the 

underlying trends are estimated and constrained to demographically feasible limits.  
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Process model. Here I describe a simplified, female-only demographic model, with 

structure and parameter value ranges according to previously published demographic 

models for southern sea otters (Eberhardt 1995, Gerber et al. 2004, Tinker et al. 2006, 

Tinker et al. 2021). The model includes for age classes of independent otters: 3 

subadult year classes (6mo – 1.5yr, 1.5 – 2.5yr, and 2.5-3.5yr) and a 4th multi-year 

class for adults that spans all ages >3.5yr. Independent otter age classes begin at 6 

months because that is the average age at which dependent pups are weaned by 

females (Riedman et al. 1994), and dependent pups are not tracked as a separate class 

but rather incorporated into the adult reproductive term (Tinker et al. 2006) as 

described below. While reproduction is continuous and only weakly seasonal in 

southern sea otters (Jameson and Johnson 1993), reproductive processes are 

discretized for model tractability such that adult females are assumed to become 

pregnant at the beginning of an annual time step, give birth halfway through the year, 

and then wean the pup (if it survives) at the end of the time step, at which time the 

6mo pup recruits to the first subadult year class.  

 
     Stage-specific survival rates are described using an instantaneous hazards 

approach: for adults (stage 4), the annual per-capita survival rate is estimated as: 

  (0.1) 

where h0 is a constant representing baseline log-hazards (set to -3 to correspond to 

maximum survival of 0.95, based on previous studies (Gerber et al. 2004)); and a is 

the mean log-hazard ratio for adults, estimated by fitting the model to survey data. 

For simplicity and model tractability, the model assumes that stochasticity primarily 

( )( )0exp expaS h a= - - +
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affects subadult survival and has minimal effects on adult survival. Sub-adult survival 

rates are thus calculated as: 

  (0.2) 

where g  is the mean log-hazard ratio for subadults and eg,t is a normally distributed 

random parameter representing the effects of environmental stochasticity in year t, 

and has a mean of 0 and standard error of sg  (a parameter to be estimated). The 

survival of pups from birth to weaning is also assumed to be affected by 

environmental stochasticity, with annual deviations from the mean value assumed to 

be partially correlated and partially independent of subadult survival: 

 
  (0.3) 

 
where f is an estimated parameter (representing the mean log-hazard ratio for 

dependent pups) and ef,t is a normally distributed random effects term representing 

environmental stochasticity in year t, with mean of 0 and standard error sf, (a 

parameter to be estimated).   

 
     The annual per-capita reproductive contributions of adult females to the first 

female subadult year class in year t are calculated as:   

 

  (0.4) 

 

( )( ) ( ), 0 , ,exp exp , ~ 0,sa t t tS h normalg g gg e e s= - + +

( )( ) ( ), 0 , , ,exp exp , ~ 0,p t t y tS h normalg f f ff e e e s= - + + +

( ) ,2t a p t
brR S S= ´ ´
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where br is the annual birth rate, which we held fixed at 1 (Tinker et al. 2019). 

Equation 1.4 also assumes a 50:50 sex ratio of pups, and that pup survival to weaning 

is conditional upon the survival of its mother (Sa).  Combining these vital rates, the 

annual change in abundance (n) of each of the 4 age-classes in the population is 

calculated through the following 4 recursive equations: 

  (0.5) 

     The total expected number of independent otters in year t, Nexp,t, is calculated as 

the sum of the individuals in each of the 4 age classes, 

  (0.6) 

     To calculate the expected number of pups that could be counted in a survey, 

several complications need to be accounted for. First, not all the pups born in a year 

are available to be counted at the time of the spring survey, as some will have already 

been weaned or died, and others will not yet have been born. The parameter r is 

defined as the proportion of pups produced in year t that were born within the 6-mo. 

period immediately before the survey. Of those pups, a certain proportion will die 

before weaning (described by 1-Sp,t); however, not all of those deaths will have 

occurred by the time of the survey, as most pups counted in spring surveys are 2mo. 

or younger. Incorporating both these adjustments the expected number of pups is: 
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  (0.7) 

Finally, I assessed the hypothesis that there was a substantial change in mean survival 

rates over the study period, potentially associated with the surge in prey abundance 

described in this study. To evaluate this possibility the model was expanded to 

estimate two sets of age-specific log hazard rates, [a1, g1 , f1] and [a2, g2, f2], with 

each set corresponding to a different partition of years within the study period. While 

the a priori expectation was that a change in survival rates likely occurred sometime 

around 2014, the model did not enforce a particular temporal break, but rather 

allowed to be data driven. Specifically, I defined a vector swy having length Y (the 

number of years of the study) and with integer values of 1 or 2. For years where swy= 

1, the first set of age-specific hazard rates are applied, while for years where swy= 2 

the second set of age-specific hazard rates are applied. I evaluated multiple 

configurations of the swy vector corresponding to different temporal sequences of 

hazard rates: we allowed for up to 2 temporal breaks in demographic conditions (i.e., 

the possibility of a change from a series of 1’s to a series of 2’s, and the possibility of 

a later change from a series of 2’s back to a series of 1’s) and also evaluated a “null 

model” where all years experienced the same set of hazard rates. For each model 

configuration the differences in log hazard rates between the two sets of demographic 

conditions are calculated as:  

  (0.8) 

( ) ( )
1
3

exp, 4, ,2t t p t
brP n Sré ù= ´ ´ê úë û

2 1

2 1
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     These log differences are informative because the proportional change in age-

specific instantaneous hazard rates from one time period to another can be calculated 

as exp(d).  

 
Data fitting. I compared the observed survey counts of independents (Nobs,t) and pups 

(Pobs,t) to the expected values Nexp,t and Pexp,t generated by the process model, using 

Markov Chain Monte Carlo (MCMC) methods to find the parameter values most 

likely to have produced the observed data. Previous analyses of sea otter surveys have 

found that counts are over-dispersed relative to a Poisson distribution (Tinker et al. 

2019), and thus can be described using negative binomial distributions: 

  (0.9) 

  (0.10) 

where tN and tP are inverse-dispersion (or precision) parameters estimated during 

model fitting. Weak priors were set for all parameters, including half-Cauchy priors 

(cauchy(0,1)) for standard error (s) and prevision parameters (t), half-normal priors 

(normal(0,1)) for a, g and f parameters, and a beta prior (beta(1,1)) for r.  For each 

model fit 20 independent chains were conducted, saving a total of 10,000 posterior 

samples after a burn-in of 1000 samples.   

     The program R (R.Core.Team 2014) and STAN (Carpenter et al. 2017) were used 

to code and fit the state space model. Model convergence was evaluated by graphical 

examination of trace plots and by ensuring the R-hat statistic was less than 1.05 for all 

parameters. Model goodness of fit was evaluated via graphical posterior predictive 

( ), exp,~ _ ,obs t t NN negative binomial mean N t=

( ), exp,~ _ ,obs t t PP negative binomial mean P t=
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checks (Appendix 2 Figure S4), whereby the distributions of out-of-sample 

predictions generated by the model were compared with observed data (Gelman et al. 

2000). To determine the best-supported number and timing of temporal breaks in 

demographic conditions (switches between alternative sets of hazard rates), models 

were fit with many alternative configurations of the swy vector. For each fit, the 

posterior distributions of the log-likelihoods of observed data were calculated, which 

were used to compute the “Leave-out-one Information Criteria”, or LooIC (Vehtari et 

al. 2017). LooIC diagnostics were evaluated to ensure goodness of fit (all Pareto k 

estimates < 0.5) and to select the model with the lowest LooIC value as the best-

supported temporal sequence of vital rates for that region. Tabular summaries of the 

posterior distributions of parameters are reported from the best-supported model for 

the Monterey region (Appendix 2 Table T1), and density plots of the mean and 90% 

credible interval (CI) of da, dg, and df for all 3 regions (Appendix 2 Figure S5). The 

model estimated values of Nexp,t and Pexp,t were used to plot trends in abundance of 

pups and independent sea otters over the study period in Monterey (Appendix 2 

Figure S3) and for comparing trends in total abundance between Santa Cruz, 

Monterey and Big Sur (Appendix 2 Figure S4, S5).  
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Supplementary Table T1 
 
Table T1. Summary of parameter estimates from a Bayesian state space demographic 
model fit to survey data from the Monterey study area (see SI methods for parameter 
definitions and dynamics). The posterior distributions of each parameter are described 
by the mean, standard deviation, 2.5% and 97.5% quantiles (which bound the 95% 
CI), the effective sample size (n_eff) and the R-hat statistic, which should be close to 
1 if the model converged appropriately resulting in well-mixed chains.  
 

Parameter mean sd 2.50% 97.50% n_eff R-hat 
sg 0.3656 0.1613 0.1215 0.7429 734.6 1.022 
sf 0.3835 0.224 0.1125 0.9351 426.2 1.043 
tN 149.6 85.89 54.66 350.7 6026 1.001 
tP 41.94 188.9 9.374 167.8 4813 1.001 
r 0.6913 0.0429 0.6125 0.7826 1536 1.008 
a1 0.9319 0.2666 0.2915 1.303 2511 1.008 
a2 0.2213 0.1714 0.0076 0.6272 9149 0.999 
g1 1.569 0.2519 1.142 2.093 4619 1.003 
g2 0.5824 0.296 0.1097 1.244 8245 1.001 
f1 2.145 0.387 1.494 2.977 2121 1.009 
f2 1.071 0.4379 0.3311 2.019 8525 1.001 
da -0.7105 0.3204 -1.209 0.02943 3411 1.005 
dg -0.9863 0.3974 -1.722 -0.1645 5993 1.002 
df -1.074 0.5825 -2.165 0.1258 2976 1.005 
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Supplementary Figures S1-S12 
 

 
Figure S1. Subtidal rocky reef survey sites along the Monterey Peninsula, California, 

USA. 
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Figure S2. Subtidal survey sites (panel A) from 2018 showing the relationship 
between kelp density (panel B), urchin density (panel C), and gonad index (panel D). 
Black triangles show sea otter-sea urchin focal patches. The data in panels B-D were 
interpolated from 121 randomly sampled subtidal locations (both ‘reference’ and 
‘urchin focal patch’ sites were sampled using the same protocol) using inverse 
distance weighting in ArcGIS. All interpolated maps are constrained to rocky reef in 
the 5–20 meters depth range.  
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Figure S3. Trends in abundance of independent otters (blue line) and an index of pup 
production (orange line) for the Monterey study area, as estimated by a Bayesian state 
space model. The shaded band represent the 95% credible intervals (CI) around the 
mean estimated values.  
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Figure S4. Posterior distributions for d parameters estimated by a state space model 
fit to sea otter survey data from Santa Cruz (panel A), Monterey (panel B) and Big 
Sur (panel C). Each d value represents the difference between log hazard rates for 
different time periods (indicated in the plot titles), and are calculated separately for 
adults (a), subadults (g) and pups (f). 
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Figure S5. Trends in total abundance of sea otters for Santa Cruz (green line), 
Monterey (orange line), and Big Sur (blue line) as estimated by a Bayesian state 
space model. Each shaded band represents the 95% credible intervals (CI) around the 
mean estimated values.  
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Figure S6. Dietary mean proportion of sea urchins for sea otters specializing on 
individual prey items before (2000-2013) and after (2014-2018) the urchin outbreak. 
Error bars are 95% confidence intervals surrounding the mean.  
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Figure S7. Population-level dietary mean proportion of sea urchins in sea otter diets 
before (2000-2013) and after (2014-2018) the urchin outbreak. Error bars are 95% 
confidence intervals surrounding the mean.  
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Figure S8. Estimated proportional contributions to southern sea otter diets of urchins, 
mussels, and urchins and mussels combined, based on observational data collected in 
the Monterey study area during two time periods: 2000-2013, and 2014-
2018. Relative dietary abundance is measured in terms of the proportion of total 
consumed biomass contributed by each prey type, based on fitting a Monte Carlo-
based re-sampling model to observational field data collected from foraging otters 
(15), and incorporating the empirically derived functional relationships between prey 
diameter (estimated by observers via comparison with known paw widths) and edible 
biomass. 
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Figure S9. Subtidal radial sampling design. Each line radiating from the center of the 
site represents a 5-meter long transect with two 1-m2 quadrats (16 quadrats per site). 
Quadrats were randomly stratified in order to avoid over or under-sampling by 
accounting for increasing arc length with increasing distance from the center of the 
site. The radial sampling design was selected in order to compliment shore 
observations of sea otter foraging, where a sub-bout was recorded at the surface as 
any number of repetitive dives made within a 10-meter diameter zone.   

 
 
 
 
 
 
 
 
 
 
 

−4 −2 0 2 4

−6
−4

−2
0

2
4

6

NA

N
A

N

E

S

W

1	m		

2	m

3	m

4	m

5	m



 131 

Figure S10. Sea otter population survey regions along the central coast of California, 
USA. 
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Figure S11. Relative kelp stipe density (A), proportion of exposed (i.e., active 
foraging) urchins (B), mean urchin density (C), and mean gonad index (D) between 
reference survey sites (green) and sea otter focal patches (orange) with 95% 
confidence intervals surrounding each mean.  
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Figure S12. Posterior predictive check plots for a Bayesian state-space model fit to 
sea otter survey data from the Monterey region. Panel A) shows the mean observed 
value of independent otters from all surveys (vertical black line) compared to a 
frequency distribution of out-of-sample predictions from the model (the observed 
value should be in the center of the distribution for a well-fit model).  Panel B) shows 
a density plot of observed counts across years, with grey lines showing replicate 
density plots for out-of-sample predictions. 
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Appendix 3: Supplementary material for Chapter 3 
 

Supplementary Tables T1-T3 

Table T1. Taxa recorded on PISCO surveys and included in the multivariate 
analyses. Order-level taxa and morphological groupings are noted in the Species 
column where appropriate.  

Category Genus Species 
FISH Atherinopsidae spp 
FISH Aulorhynchus flavidus 
FISH Brachyistius frenatus 
FISH Caulolatilus princeps 
FISH Chromis punctipinnis 
FISH Cymatogaster aggregata 
FISH Embiotoca jacksoni 
FISH Embiotoca lateralis 
FISH Girella nigricans 
FISH Halichoeres semicinctus 
FISH Heterostichus rostratus 
FISH Hexagrammos decagrammus 
FISH Hypsurus caryi 
FISH Hypsypops rubicundus 
FISH Medialuna californiensis 
FISH Ophiodon elongatus 
FISH Oxyjulis californica 
FISH Oxylebius pictus 
FISH Paralabrax clathratus 
FISH Paralabrax nebulifer 
FISH Phanerodon furcatus 
FISH Rhacochilus toxotes 
FISH Rhacochilus vacca 
FISH Rhinogobiops nicholsii 
FISH Scorpaenichthys marmoratus 
FISH Sebastes atrovirens 
FISH Sebastes atrovirens,carnatus, 

chrysomelas,caurinus 
FISH Sebastes auriculatus 
FISH Sebastes carnatus 
FISH Sebastes caurinus 
FISH Sebastes chrysomelas 
FISH Sebastes melanops 
FISH Sebastes miniatus 
FISH Sebastes mystinus 
FISH Sebastes paucispinis 
FISH Sebastes serranoides,flavidus 
FISH Sebastes serranoides,flavidus, 
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melanops 
FISH Sebastes serriceps 
FISH Sebastes spp 
FISH Semicossyphus pulcher 
ALGAE Costaria costata 
ALGAE Dictyoneurum californicum/reticulatum 
ALGAE Eisenia arborea 
ALGAE Laminaria farlowii 
ALGAE Laminaria setchellii 
ALGAE Nereocystis luetkeana 
ALGAE Pleurophycus gardneri 
ALGAE Pterygophora californica 
ALGAE Sargassum horneri 
ALGAE Stephanocystis osmundacea 
INVERT Anthopleura sola 
INVERT Anthopleura xanthogrammica 
INVERT Aplysia californica 
INVERT Apostichopus californicus 
INVERT Apostichopus parvimensis 
INVERT Balanus nubilus 
INVERT Cancer spp 
INVERT Centrostephanus coronatus 
INVERT Ceratostoma foliatum 
INVERT Crassadoma gigantea 
INVERT Cribrinopsis albopunctata 
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Table T2. Species typified in the before period (2007-2012) that distinguish 
separation between Carmel and Monterey. Table values in the Carmel and Monterey 
columns are reported as the average distances based on the results of an analysis of 
similarity percentages (for the top 70% of species driving observed separation) on the 
normalized (z-score) counts. Order-level and morphological groupings are reported in 
the Species column where applicable.  
 

Group Genus Species Carmel Monterey 
Contrib. 

% 
Total 

% 
ALGAE Pleurophycus gardneri 0.674 -0.187 2.04 2.04 
FISH Sebastes auriculatus 0.242 -0.0593 2.01 4.05 

FISH   
Embiotocidae young-of-
year 0.242 -0.0593 2.01 6.06 

FISH Atherinopsidae spp 0.242 -0.0593 2.01 8.07 

INVERT Metridium spp -0.0593 0.242 2.01 10.07 

COVER   Clam -0.0593 0.242 2.01 12.07 
COVER   Brown Algae 0.445 -0.0825 1.98 14.05 
FISH Girella nigricans -0.164 0.413 1.91 15.96 
INVERT Mediaster aequalis 1.37 -0.394 1.87 17.83 
FISH  Embiotoca lateralis (young-of-year) 0.197 -0.0637 1.81 19.64 
ALGAE Costaria costata 0.24 -0.0628 1.72 21.36 
FISH Aulorhynchus flavidus 0.441 0.107 1.72 23.08 
FISH Cymatogaster aggregata 0.175 -0.042 1.68 24.76 
COVER Desmarestia spp 0.795 -0.255 1.68 26.44 
COVER   Bare Sand -0.357 0.791 1.58 28.01 
INVERT Anthopleura xanthogrammica 0.175 -0.153 1.56 29.58 
COVER   Sediment/Mud 0.19 0.0759 1.45 31.03 

FISH Sebastes 
pinniger (young-of-
year) 0.235 -0.0108 1.44 32.47 

INVERT Stylaster californicus 0.321 -0.254 1.41 33.88 
ALGAE Dictyoneurum californicum/reticulatum 0.199 0.395 1.39 35.27 
FISH Sebastes miniatus 0.162 -0.227 1.36 36.63 

COVER   
Coralline Algae -
Erect/Articulated 0.828 -0.564 1.35 37.98 

INVERT Pisaster brevispinus 0.246 -0.103 1.35 39.33 

COVER   
Laminariales Holdfast 
(Alive) 0.767 -0.375 1.31 40.64 

FISH Hexagrammos decagrammus -0.14 0.238 1.29 41.92 

COVER   
Red Algae (Lacy 
Branching) 0.745 0.222 1.23 43.16 

FISH Cebidichthys violaceus -0.134 0.273 1.22 44.38 

INVERT Pugettia producta -0.0555 0.137 1.21 45.58 
COVER   Red Algae (Leaf-Like) -0.171 0.884 1.19 46.77   
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INVERT Ceratostoma foliatum -0.466 0.0575 1.15 47.92 
INVERT Tethya californiana 0.623 -0.3 1.15 49.07 
COVER   Sponge 0.684 -0.212 1.13 50.2 
COVER   Barnacle -0.183 0.336 1.12 51.32 

COVER   
Red Algae (Cylindrical 
Branches) -0.278 0.711 1.1 52.43 

ALGAE Eisenia arborea 0.38 -0.263 1.07 53.49 

COVER   
Red Algae (Branching 
Flat Blade) -0.0944 0.904 1.07 54.56 

FISH Sebastes paucispinis 0.131 -0.208 1.06 55.62 

INVERT 
Loxorhynchus/ 
Scyra crispatus/acutifrons -0.282 0.686 1.04 56.65 

COVER   Tunicate -Solitary -0.153 0.212 1.04 57.69 

COVER   
Macrosystis Holdfast 
(Dead) 0.401 0.0217 1.03 58.72 

FISH Heterostichus rostratus -0.0841 0.129 1.01 59.73 
ALGAE Pterygophora californica 0.688 -0.542 0.99 60.71 
INVERT Haliotis walallensis 0.236 -0.112 0.97 61.69 

COVER 
Diopatra/ 
Chaetopterus spp 0.013 -0.0448 0.96 62.65 

COVER   Anemone 0.262 -0.306 0.9 64.47 
COVER Stephanocystis osmundacea -0.132 0.387 0.88 65.35 
INVERT Pugettia richii -0.175 0.263 0.86 66.21 
INVERT Pisaster giganteus -0.135 0.819 0.83 67.04 
INVERT Patiria miniata 0.417 0.951 0.8 67.84 
FISH Scorpaenichthys marmoratus -0.16 0.0437 0.79 68.64 
INVERT Cribrinopsis albopunctata 0.427 -0.599 0.78 69.42 
COVER   Shell Debris -0.546 0.3 0.78 70.2 
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Table T3. Species typified in the after period (2015-2020) that distinguish separation 
between Carmel and Monterey. Table values in the Carmel and Monterey columns 
are reported as the average distances based on the results of an analysis of similarity 
percentages (for the top 70% of species driving observed separation) on the 
normalized (z-score) counts. Order-level and morphological groupings are reported in 
the Species column where applicable.  

Group Genus Species Carmel Monterey 
Contrib. 

% 
Total 

% 
INVERT Dermasterias imbricata 1.15 -0.438 1.47 1.47 
INVERT Megastraea undosa 0.212 -0.0593 1.42 2.89 

FISH Sebastes 
nebulosus (young-of-
year) 0.212 -0.0593 1.42 4.31 

FISH Embiotoca 
jacksoni (young-of-
year) 0.212 -0.0593 1.42 5.73 

INVERT Crassadoma gigantea 0.262 -0.0352 1.41 7.14 
FISH Chromis punctipinnis 0.421 -0.051 1.41 8.55 
INVERT Pomaulax gibberosus 0.771 -0.151 1.39 9.94 

FISH Sebastes 
hopkinsi (young-of-
year) 0.24 0.0316 1.39 11.33 

INVERT Lytechinus pictus -0.119 0.394 1.35 12.68 

FISH Oxyjulis 
californica (young-
of-year) -0.107 0.332 1.34 14.01 

FISH Chromis 
punctipinnis (young-
of-year) -0.0679 0.224 1.34 15.35 

FISH Rhacochilus 
vacca (young-of-
year) -0.0593 0.196 1.33 16.68 

INVERT Pachycerianthus fimbriatus -0.0593 0.196 1.33 18.02 

FISH Semicossyphus 
pulcher (young-of-
year) 0.175 0.107 1.32 19.34 

INVERT Kelletia kelletii -0.0186 0.353 1.31 20.65 

FISH Sebastes 
rosaceus (young-of-
year) 0.291 -0.103 1.31 21.96 

COVER Salmacina tribranchiata 0.0286 0.386 1.26 23.22 
FISH Semicossyphus pulcher -0.0312 0.573 1.24 24.46 
COVER Thylacodes squamigerus -0.0344 0.707 1.23 25.69 
COVER Phragmatopoma californica -0.196 0.45 1.21 26.9 
ALGAE Laminaria farlowii -0.111 0.207 1.2 28.1 
INVERT Strongylocentrotus purpuratus 0.543 0.305 1.18 29.28 

FISH Oxylebius 
pictus (young-of-
year) 0.0938 0.0812 1.18 30.46 

FISH Sebastes 
serriceps (young-of-
year) 0.186 0.117 1.18 31.63 

INVERT Aplysia californica -0.134 0.349 1.16 32.79 
ALGAE Nereocystis luetkeana 0.0715 0.0277 1.14 33.93 
INVERT Apostichopus californicus 0.82 -0.244 1.13 35.06 
INVERT Pisaster ochraceus 0.352 -0.15 1.12 36.18 
INVERT Anthopleura sola -0.368 0.635 1.12 37.3 
INVERT Mesocentrotus franciscanus 0.24 0.748 1.11 38.41 
INVERT Balanus nubilus -0.0103 0.544 1.1 39.51 
COVER   Bare Rock 0.483 0.253 1.08 40.59 
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INVERT Cucumaria spp 0.405 0.0238 1.07 41.67 
INVERT Henricia leviuscula 0.782 -0.447 1.06 42.73 
INVERT Haliotis rufescens 0.386 0.005 1.03 43.76 
COVER Dodecaceria fewkesi 0.61 -0.401 1.03 44.79 
INVERT Cribrinopsis albopunctata 0.716 -0.555 1.01 45.79 
COVER Corynactis californica 0.543 0.0785 0.99 46.79 

FISH Sebastes 
atrovirens,carnatus, 
chrysomelas,caurinus 0.13 0.247 0.99 47.77 

COVER Dictyotales spp 0.0361 0.168 0.98 48.75 
FISH Paralabrax clathratus -0.158 0.391 0.96 49.71 
COVER   Green Algae 0.212 -0.103 0.95 50.67 
INVERT Cryptochiton stelleri -0.537 0.444 0.95 51.62 
COVER   Tubeworm mat -0.239 0.39 0.95 52.57 
FISH Sebastes carnatus 0.635 -0.576 0.95 53.52 
INVERT Apostichopus parvimensis 0.62 0.223 0.93 54.45 
FISH Oxyjulis californica -0.169 0.71 0.92 55.37 
FISH Phanerodon furcatus -0.119 0.115 0.92 56.29 
INVERT Strongylocentrotus purpuratus 0.9 0.452 0.9 57.19 
INVERT Cucumaria miniata 0.431 -0.0178 0.89 58.08 
FISH Rhacochilus vacca 0.187 0.387 0.88 58.96 
FISH Rhinogobiops nicholsii 0.221 0.704 0.87 59.83 
INVERT Haliotis kamtschatkana 0.45 -0.0472 0.87 60.7 
FISH Sebastes miniatus 0.531 -0.352 0.86 61.56 
COVER   Tubeworm 0.15 0.159 0.83 62.39 
COVER   Bryozoan 0.0861 0.289 0.83 63.22 
INVERT Urticina piscivora 0.423 -0.221 0.82 64.05 
INVERT Urticina coriacea 0.313 -0.131 0.82 64.87 
INVERT Urticina spp 0.308 -0.0108 0.8 65.66 
INVERT Megathura crenulata 0.0765 0.657 0.78 66.45 
COVER Macrocystis pyrifera -0.562 0.0113 0.77 67.22 

COVER   
Coralline Algae -
Crustose 1.21 0.16 0.77 67.99 

INVERT   Cancer Crab 0.0578 0.0917 0.76 68.75 

COVER   
Red Algae -
Encrusting 0.453 0.981 0.75 69.49 

COVER   Cup Coral 0.134 0.0941 0.74 70.24 
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Supplementary Figures S1-S7 

 
Figure S1. Temporal changes in kelp (green) and purple sea urchins (purple) at 23 
sampling locations from 2007-2020. Each point represents the annual mean density 
for a given site fit with a cubic spline (λ = 0.05), and each shaded region depicts the 
95% confidence interval.  
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Figure S2. NMDS 2D plots for 23 sampling locations in Carmel Bay and southern 
Monterey Bay, California. Each line represents the trajectory of the community 
within a given sampling location over the 14-year study period, and bubbles over the 
NMDS nodes are scaled to the relative abundance of purple sea urchins 
(Strongylocentrotus purpuratus). The green ellipse denotes the 95% confidence 
region of community structure for all sites combined during the 2007-12 period, and 
the purple ellipse denotes the 95% confidence region of community structure for all 
sites combined during the 2014-2020 period.  
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Figure S3. NMDS 2D plots for 23 sampling locations in Carmel Bay and southern 
Monterey Bay, California. Each line represents the trajectory of the community 
within a given sampling location over the 14-year study period, and bubbles over the 
NMDS nodes are scaled to the relative abundance of red sea urchins (Mesocentrotus 
franciscanus). The green ellipse denotes the 95% confidence region of community 
structure for all sites combined during the 2007-12 period, and the purple ellipse 
denotes the 95% confidence region of community structure for all sites combined 
during the 2014-2020 period.  
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Figure S4. NMDS 2D plots for 23 sampling locations in Carmel Bay and southern 
Monterey Bay, California. Each line represents the trajectory of the community 
within a given sampling location over the 14-year study period, and bubbles over the 
NMDS nodes are scaled to the relative abundance of giant kelp (Macrocystis 
pyrifera). The green ellipse denotes the 95% confidence region of community 
structure for all sites combined during the 2007-12 period, and the purple ellipse 
denotes the 95% confidence region of community structure for all sites combined 
during the 2014-2020 period.  
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Figure S5. NMDS 2D plots for 23 sampling locations in Carmel Bay and southern 
Monterey Bay, California. Each line represents the trajectory of the community 
within a given sampling location over the 14-year study period, and bubbles over the 
NMDS nodes are scaled to the relative abundance of the sunflower sea star 
(Pycnopodia helianthoides). The green ellipse denotes the 95% confidence region of 
community structure for all sites combined during the 2007-12 period, and the purple 
ellipse denotes the 95% confidence region of community structure for all sites 
combined during the 2014-2020 period.  
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Figure S6. NMDS 2D plots for 23 sampling locations in Carmel Bay and southern 
Monterey Bay, California. Each line represents the trajectory of the community 
within a given sampling location over the 14-year study period, and bubbles over the 
NMDS nodes are scaled to the relative abundance of encrusting red algae. The green 
ellipse denotes the 95% confidence region of community structure for all sites 
combined during the 2007-12 period, and the purple ellipse denotes the 95% 
confidence region of community structure for all sites combined during the 2014-
2020 period.  
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Figure S7. NMDS 2D plots for 23 sampling locations in Carmel Bay and southern 
Monterey Bay, California. Each line represents the trajectory of the community 
within a given sampling location over the 14-year study period, and bubbles over the 
NMDS nodes are scaled to the relative abundance of crustose coralline algae. The 
green ellipse denotes the 95% confidence region of community structure for all sites 
combined during the 2007-12 period, and the purple ellipse denotes the 95% 
confidence region of community structure for all sites combined during the 2014-
2020 period.  
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